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Preface

The purpose of this Manual of Practice (MOP) is to provide the user with a level of
detailed nitrogen- and phosphorus-related information. Nutrient removal (and recov-
ery) is fast becoming the standard in wastewater treatment. This MOP is focused on
providing practitioners a deep understanding of the principles and issues related to
nutrients.

This MOP has a more scientific (versus design) approach to nutrient removal in
wastewater treatment systems.

Chapters 1 and 2 set the background in which nutrient removal affects the envi-
ronment and the subsequent regulatory constraints put upon treatment facilities.
Chapter 3 integrates together the treatment issues of combined nitrogen and phos-
phorus removal. Chapters 4, 5, and 6 address ammonia and total nitrogen removal.
Chapters 7 and 8 address chemical and biological phosphorus removal, respectively.
Chapter 9 addresses the special considerations of nitrogen and phosphorus removal
in dewatering liquors treatment. Chapter 10 provides the basis on which the cur-
rent generation of nutrient removal simulation tools are derived from. Chapter 11
provides an approach to troubleshooting nutrient removal facilities, and Chapter 12
deals with nutrient removal from a natural treatment systems perspective.

This MOP was produced under the direction of Bruce R. Johnson, P.E., BCEE,
Chair. The principal authors of this MOP are as follows:

Chapter 1 Nancy Love, Ph.D.
Deborah A. Bronk, Ph.D.
Margaret R. Mulholland, Ph.D.
Chapter 2 Tom Dupuis, P.E.
Guy Jamesson, P.E., BCEE
Chapter 3 JB Neethling, Ph.D., P.E., BCEE
April Z. Gu, Ph.D.
Vikram M. Pattarkine, Ph.D.
Chapter 4 Venkatram Mahendraker, Ph.D., P.Eng.
Kartik Chandran, Ph.D.
Christine DeBarbadillo

xxxiii



XXX1V

Preface

Chapter 5

Chapter 6

Chapter 7

Chapter 8
Chapter 9
Chapter 10

Chapter 11

Chapter 12

Vikram M. Pattarkine, Ph.D.
Cindy Wallis-Lage

Kartik Chandran, Ph.D.
Venkatram Mahendraker, Ph.D., P.Eng.
Vikram M. Pattarkine, Ph.D.
Dipankar Sen, Ph.D., P.E.
Rhodes R. Copithorn, P.E.
Zeynep Erdal

Sudhir Murthy, Ph.D., P.E.
Scott Smith, Ph.D.

Samuel Jeyanayagam, Ph.D., P.E., BCEE
Dimitri Katehis

Imre Takacs

Evangeliina Belia, Ph.D.
Joshua P. Boltz, Ph.D., P.E.
Yves Comeau, Ph.D., P.E.
Peter Dold

Richard Jones, Ph.D., P.Eng.
Eberhard Morgenroth, Ph.D.
Oliver Schraa

Andrew Shaw, P.E.
Bernhard Wett, Ph.D.

Mark Steichen

James Barnard, Ph.D., D.Ing. h.c., BCEE
Christine DeBarbadillo
Edmund Kobylinski
Sock-Hoon Koh, P.E.
Andrew Shaw, P.E.

Andrew Kruzic, Ph.D., P.E.
James S. Bays, P.W.S.

Jim Jordahl, Ph.D.

In addition to the WEF Task Force and Technical Practice Committee Control Group
members, reviewers include Ni-Bin Chang, Lee Potts, and Hua Xu, Ph.D.



Preface XXXV

The following organizations support the efforts of authors and reviewers:

ARAconsult, Innsbruck, Austria

Bassett Engineering, Montoursville, Pennsylvania

Bernardin Lochmueller & Associates, Evansville, Indiana
BioChem Technology, Inc., King of Prussia, Pennsylvania
Black & Veatch, Overland Park, Kansas; Kansas City, Missouri
CDM, Cambridge, Massachusetts; Los Angeles, California

CH2M Hill, Boise, Idaho; Des Moines, Iowa; Englewood, Colorado; Redding,
California; College of William & Mary, Virginia Institute of Marine Science,
Gloucester Point, Virginia; Santa Ana, California; Tampa, Florida

City of Xenia, Xenia, Ohio

Columbia University, New York, New York

D.C. Water and Sewer Authority, Washington, D.C.

Dupont Engineering Company, Wilmington, Delaware

Earth Tech, Alexandria, Virginia; Barnsley, United Kingdom
Ecole Polytechnique of Montreal, Montreal, Quebec

Ekster and Associates, Fremont, California

Envirosim Associates Ltd., Flamborough, Ontario, Canada
GE Water & Process Technologies, Oakville, Ontario, Canada
GHD, Bowie, Maryland

Gold Star Water Consultants, Inc., Jenkintown, Pennsylvania
HDR Engineering, Inc., Folsom, California; Portland, Oregon; Tampa, Florida
Hydromantis, Inc., Hamilton, Ontario, Canada

Ion Exchange (Astha) Technical & Engineering Services, India
Koch Membrane Systems, Milwaukee, Wisconsin

Lee County Environmental Service, Fort Myers, Florida

Lombardo Associates, Inc., Newton, Massachusetts



XXXVi

Preface

Malcolm Pirnie, Inc., Columbus, Ohio

Mississippi State University

Northeastern University, Boston, Massachusetts
O’Brien and Gere Engineers, Alpharetta, Georgia

Old Dominion University, Norfolk, Virginia

PEACE USA, Mechanicsburg, Pennsylvania
Primodal US Inc., Kalamazoo, Michigan

Regional Municipality of Waterloo, Ontario, Canada
RK&K, Baltimore, Maryland

Rutgers University, New Brunswick, New Jersey
Santa Clara Valley Water District, San Jose, California
Stantec Consulting Ltd., Windsor, Ontario, Canada
Trussell Technologies, Inc., Pasadena, California
University of Central Florida, Orlando, Florida
University of Illinois, Urbana, Illinois

University of Michigan, Ann Arbor, Michigan
University of Minnesota, Minneapolis, Minnesota
University of Notre Dame, Notre Dame, Indiana
University of Texas at Arlington, Arlington, Texas
University of Utah, Salt Lake City, Utah

Veolia Water North America, Indianapolis, Indiana
Virginia Polytechnic Institute and State University, Blacksburg, Virginia
Wilfrid Laurier University, Waterloo, Ontario, Canada

Woodard & Curran, Cheshire, Connecticut; Dedham Massachusetts



NUTRIENT REMOVAL




This page intentionally left blank



Chapter 1

Nutrients and Their Effects
on the Environment

1.0 OVERVIEW

2.0 BIOGEOCHEMICAL CYCLES
OF NITROGEN AND
PHOSPHORUS

2.1 Nitrogen
2.1.1 Nitrogen Forms and
Oxidation States
2.1.2 Nitrogen Global Cycle
2.2 Phosphorus

Oxidation States

2.2.2 Phosphorus
Global Cycle

3.0 NITROGEN AND
PHOSPHORUS
TRANSFORMATIONS
IN THE ENVIRONMENT
3.1 Biotic Transformation

Processes

3.1.1 Ammonia and Nitrite
Oxidation

3.1.2 Denitrification

3.1.3 Ammonification

3

5 40
5

2.2.1 Phosphorus Forms and

5

7

7
11 5.0

12 6.0

3.1.4 Phosphorus
Accumulating
Organisms 12

3.1.5 Algal Transformations 13
3.2 Abiotic Transformations 15

3.2.1 Photochemical 15
3.2.2 Salinity Effects 15
EFFECTS OF NITROGEN
AND PHOSPHORUS IN THE

AQUATIC ENVIRONMENT 16
4.1 Eutrophication and Water
Quality 16
4.2 Gaseous Nitrogen
Emissions and
Atmospheric Quality 17

4.3 Domestic Wastewater

Treatment 19
4.3.1 Influent
Characteristics 19
4.3.2 Effluent
Characteristics 20
REFERENCES 21

SUGGESTED READINGS 32




Nutrient Removal

1.0 OVERVIEW

The objectives of this chapter are to

(1) Review nitrogen (N) and phosphorus (P) biogeochemical cycles with a focus
on aquatic systems.

(2)  Describe known environmental transformations (biotic and abiotic) of nitro-
gen and phosphorus.

(3) Describe known effects of nitrogen and phosphorus on the aquatic
environment.

(4) Describe the characteristics of nitrogen and phosphorus forms that exist in
domestic wastewater treatment systems.

The complete cycles of nitrogen and phosphorus are complex. The focus of this
chapter is on those aspects of nitrogen and phosphorus cycling that pertain most to
wastewater treatment systems that are designed to remove nutrients. First, however,
this chapter will introduce biological and abiotic transformation processes before
discussing the fate of nitrogen and phosphorus and their effects in natural envi-
ronments and engineered treatment systems. Nitrogen and phosphorus concentra-
tions in industrial wastewaters can be significant and are sometimes more refractory
than what is observed in domestic wastewater. It is beyond the scope of this book to
review the nitrogen and phosphorus and industrial wastewaters; the reader is, there-
fore, referred to the Water Environment Federation’s (WEF’s) Industrial Wastewater
Management, Treatment, and Disposal for more information (WEF, 2008).

2.0 BIOGEOCHEMICAL CYCLES OF
NITROGEN AND PHOSPHORUS

The two most prominent macronutrients in aquatic systems are nitrogen and phos-
phorus, which can act as limiting nutrients or result in phytoplankton production.
Excessive phytoplankton production can result in eutrophication, a condition that
causes decreased dissolved oxygen concentrations and a severe reduction in aquatic
life diversity. The limiting nutrient is the nutrient that exists in the lowest concentra-
tion relative to what organisms need. Many estuarine and freshwater systems, such
as rivers, streams, and lakes, tend toward phosphorus limitation, while marine water
systems tend toward nitrogen limitation (Doering et al., 1995; Fisher et al., 1999). The
limiting nutrient is the one that should be targeted for removal by wastewater treat-
ment systems to control eutrophication.
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2.1 Nitrogen
2.1.1 Nitrogen Forms and Oxidation States

Nitrogen exists in marine and freshwater aquatic systems at oxidation states from
-3 to +5 (Figure 1.1). There are four stable forms of inorganic nitrogen: ammonium
(NH,"), nitrate (NO;"), nitrite (NO,"), and Ny The first three forms are highly soluble,
although ammonium can also lose a proton as pH increases above neutral to become
ammonia (NH;), which exists primarily as an insoluble gas. The fourth form is gas-
eous (g), which is the most abundant form of nitrogen on earth. Although N, can be
biologically fixed to ammonia, the rate of fixation is slow. Because of this delay, N, is
considered relatively inert in many environments, including conventional wastewa-
ter treatment plants (WWTPs). Nitrate is the most oxidized form of nitrogen (+5). It
is often near the limit of detection in the surface water of ocean gyres (<0.5 pg N/L).
Mean surface ocean concentrations are 98 pg N/L primarily because of high con-
centrations of nitrate in upwelling coastal systems and from coastal eutrophication
(Paerl and Piehler, 2008; Wilkerson and Dugdale, 2008). Concentrations increase in
the deep ocean, with a mean of 434 pg N/L (Gruber, 2008).

Oxidation
state Ammonification
-3 “—— > NHz*
Assimilation

-2

-1

+1

Nitrification

+2

+3

o
Denitrification ———— e— N, fixation—»

+4

+5 NO3_

Ficure 1.1 Simplified version of the nitrogen cycle in the aquatic system. Nitrogen
species are aligned with their oxidation state and are soluble or gaseous (designated
with (g)). Metabolic processes are italicized.
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Rivers and estuaries can have elevated nitrate concentrations because of anthro-
pogenic and groundwater inputs (Boynton and Kemp, 2008; Howarth et al., 1996).
By far, however, the highest nitrate values are seen in urban or agriculturally influ-
enced streams, where concentrations can increase to 21 000 pg N/L (Mulholland et
al., 2008). Nitrite (+3) typically occurs at relatively low concentrations because it is an
intermediate in the processes of nitrification and denitrification. In the environment,
NH,* (-3) exists as the acid-base pair NH,*-NHj; the pK, (acid dissociation constant)
of the pair is 9.3. As a result, NH,* is the dominant species in natural waters, which
typically have a pH at or below 8.2. Concentrations of NH,* are highly variable but
tend to be near the limit of detection in marine surface waters, with higher concen-
trations inshore or in estuarine and freshwater environments. In this chapter, total
ammonia nitrogen (TAN) will be used when both NH; and NH,* contribute to the
application being discussed; otherwise, the specific chemicals will be listed when
only one form is known to be correct.

The largest pool of fixed nitrogen in estuarine, coastal, and marine surface
waters is typically dissolved organic nitrogen (DON). The DON pool is composed
of a suite of compounds, many of which are highly labile, or reactive. These com-
pounds include urea; dissolved amino acids, both free and combined; nucleic acids;
amino sugars; aromatic compounds; and humic substances. Humic substances are
a broad class of organic substances that are abundant in freshwater and estuarine
systems. There are three types of humic substances: humic acids, which are insol-
uble at a pH less than 2; fulvic acids, which are hydrophilic acids soluble under
all pH conditions (isolated using XAD-4 resin); and humin, which is insoluble at
any pH. Although many organic nitrogen compounds have been identified in nat-
ural waters, the bulk of the DON pool in any system typically is uncharacterizable
with routine methods and probably changes on small temporal and spatial scales
(Bronk, 2002).

Nitrogen in freshwater systems was thought to be primarily inorganic, but more
recent studies have shown that the nitrogen transported in rivers is largely organic
DON (Scott et al., 2007). Rivers can also carry substantial amounts of nitrogen from
fertilizers. Over the last 30 to 40 years, there has been a transition from NH,*~ and
NO;~-based fertilizers to urea-based fertilizers (Glibert et al., 2006). Urea is a highly
labile organic nitrogen form. As a result, the DON delivered to water bodies via riv-
ers and streams probably is much more bioavailable than it was a few decades ago.
This change affects the overall load of nitrogen to receiving streams and the receiving
capacity available for wastewater effluents.
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2.1.2 Nitrogen Global Cycle

In the global nitrogen cycle, nitrogen moves between oceans and freshwater systems,
the atmosphere, and terrestrial systems. Nitrogen can enter the aquatic or terrestrial
portion of this cycle through atmospheric deposition or N, fixation (the conversion of
N, to organic nitrogen and ammonia). This process occurs naturally by a specialized
group of microorganisms (i.e., nitrogen fixers) that live in surface waters and sedi-
ments and symbiotically with the nodulated root zones of selected plants. In marine
systems, the primary nitrogen fixer is the cyanobacteria Trichodesmium, although
recent studies suggest that single-cell nitrogen fixers may be more important than
previously believed (Montoya et al., 2004). Importantly, nitrogen fixation also occurs
in industrial processes. Currently the amount of nitrogen fixed by industrial pro-
cesses equals or exceeds that fixed by natural nitrogen fixation (Galloway et al., 2004).
Nitrogen fixation within the water column or in sediments of water bodies results in
the input of dissolved or particular organic nitrogen and NH,* to aquatic systems.

Nitrogen is removed from the aqueous cycle through deep sediment burial
or through N, loss to the atmosphere via denitrification or the recently discovered
anaerobic ammonium oxidation (anammox) metabolism, which is the conversion
of NH," + NO,™ to Ny, NO;7, and water (discussed in more detail in Section 3.1.1).
Indeed, the involvement of anammox in nitrogen loss from ocean environments to
atmospheric N, has recently been found to be much more significant than previously
thought (Dalsgaard et al., 2003; Kuypers et al., 2003; Thamdrup and Dalsgaard, 2002).

Groundwater flow through shallow aquifers can also transport nitrogen through
watersheds to coastal and estuarine systems (Paerl, 1997). The magnitude of nitro-
gen delivered via this mechanism is not well studied in most systems. Finally, atmo-
spheric deposition can deliver nitrogen compounds to surface waters in the form of
both wet and dry deposition (Kemp et al., 2005). The deposition of inorganic forms
of nitrogen has been the focus of much research on atmospheric deposition. There is
increasing recognition, however, of the importance of organic nitrogen, which is esti-
mated to compose 11-41% of total dissolved nitrogen deposition, depending on the
region (Cornell et al., 2003).

2.2 Phosphorus
2.2.1 Phosphorus Forms and Oxidation States

In the environment, phosphorus is bound up in particles or present as dissolved inor-
ganic and organic phosphorus (DIP and DOP). Inorganic phosphorus exists in various



Nutrient Removal

orthophosphate forms (H;PO,, H,PO,", HPO,*, and PO,*) (Sawyer et al., 1994). The rel-
ative abundance of these species varies with pH in aquatic systems although the oxida-
tion state of all of these phosphoric acids is +5. Because seawater is well buffered, pH is
fairly constant (approximately 8.2), and HPO,?* is the dominant form of DIP in seawater
(Bianchi, 2007). The pH in freshwater systems is more variable but lower than seawater
on average; therefore, H,PO," is the dominant species.

The dominant phosphorus groups found in the DOP pool in aquatic systems
are phosphonates (associated with phosphoproteins and phospholipids), phosphate
monoesters, orthophosphate, phosphate diesters, pyrophosphates, and tri- and tetra-
polyphosphates (Bianchi, 2007). In microbes and other organisms, phosphorus com-
pounds are found as phosphorylated sugars such as nucleic acids (ribonucleic acid
[RNA] and deoxyribonucleic acid [DNA]) and energy storage molecules (such as
adenosine triphosphate [ATP] or polyphosphate granules). These compounds are
also found in aquatic systems after being excreted or expressed from lysed cells but
are highly labile and short-lived.

2.2.2  Phosphorus Global Cycle

The global phosphorus cycle is much simpler than the global nitrogen cycle. Unlike the
global nitrogen cycle, phosphorus moves primarily between the earth’s crust and the
aquatic dissolved, particulate (including biota), and the sedimentary cycle. Although
gaseous forms of phosphorus, such as the highly toxic gas phosphine, exist, and its prev-
alence as a component of the global phosphorus cycle is thought to be small, it is most
often present in reduced environments and may be either produced or released through
wastewater treatment processes (Dévai et al., 1988, 1999; Glindemann et al., 2005).
Mineral phosphorus enters the hydrological cycle primarily through rivers, although
some can be delivered through windblown dust. The significant source of phosphorus
to rivers is from weathering of rocks or mineral material. Phosphorus is the tenth most
abundant element on earth, and apatite is the most abundant phosphate mineral in the
earth’s crust. Consequently, the delivery of phosphorus to rivers depends largely on the
geology of the watershed and the type of rocks being weathered in the vicinity.

During transport, phosphorus undergoes a variety of chemical and biological
transformations. For example, phosphorus is taken up by biota to meet their cellu-
lar demands. Phosphorus is a plant macronutrient and is present in cells as genetic
material (RNA and DNA), components of cell membranes (phospholipids), and
as energy molecules (nucleotides) and is essential for cell viability. The amount of
phosphorus necessary to meet the demand by biotic processes per year is greater
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than the amount delivered by rivers from weathering. Consequently, biotic pro-
cesses depend on phosphorus recycling in natural systems. Phosphorus is recycled
when organisms decay or can be regenerated from sediments through microbial
activity and redox reactions. Organic phosphorus compounds can be hydrolyzed
extracellularly by organisms that have alkaline phosphatases, and the inorganic
phosphates produced can be readily used by phytoplankton and bacteria. In this
and other ways, phosphorus is rapidly regenerated in the water column and the
sediments where regeneration rates are sensitive to temperature, salinity, and dis-
solved oxygen. Release of phosphorus from sediments is dependent on temperature,
microbial activity, salinity, and redox conditions. Upwelling of deep ocean water
also can return bioavailable phosphorus to the surface where it can fuel primary
(phytoplankton) production.

3.0 NITROGEN AND PHOSPHORUS
TRANSFORMATIONS IN THE ENVIRONMENT

3.1 Biotic Transformation Processes

Bacteria and algae are key contributors to the cycling of nitrogen and phosphorus in
natural and engineered treatment environments. Recent advancements in molecular
biology tools have shown that different groups of microorganisms are involved as
discussed below.

3.1.1 Ammonia and Nitrite Oxidation

Bacterial ammonia oxidation typically is an autotrophic (inorganic electron donor,
or energy source), aerobic process that occurs through a two-step metabolism
known as nitrification. In the first step, ammonia oxidizing bacteria (AOB) oxidize
NH,* to NO,™ in a process that consumes oxygen both for respiration (as a terminal
electron acceptor) and to support enzymatic ammonia monooxygenase reactions
(as a substrate in the oxidation of ammonia to the intermediate hydroxylamine).
The second step involves the continued oxidation of NO,™ to NO;™ via nitrite oxi-
dizing bacteria (NOB) with oxygen serving as the electron acceptor. Recent techno-
logical advances in process configurations that allow NH,* oxidation but prevent
NO, oxidation (to be discussed further below and elsewhere in this book), require
use of the term “nitritation.” Nitritation has been popularly used to refer to ammo-
nia oxidation without further oxidation of NO,™ to NO,~ (Van der Star et al., 2007).
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The stoichiometry of ammonium oxidation/nitritation is well established.
Assuming a biomass yield of 0.2 mg formed (as chemical oxygen demand [COD]) per
milligram of ammonium-N oxidized, the molar stoichiometry of this reaction is (Ahn
et al., 2008)

NH," +1.90, + 0.069CO, + 0.017HCO;
— 0.017C,H,O,N + 0.98NO, + 0.97H,0 + 1.8H" (1.D

Note that a substantial amount of acid is formed by nitritation, but that biomass yield
is relatively low. The other important feature of nitritation is that the oxygen demand
per mole of ammonium oxidized is high. Therefore, although nitrifying bacteria con-
stitute a small percentage of the overall bacterial community in a natural or biore-
actor environment, they must exert significant oxygen demand to function. These
stoichiometric features are important to understand when considering the design fac-
tors presented elsewhere in this book.

In conventional nitrification processes, nitrite formed by AOB is consumed by NOB,
which tend to exist in close proximity. Assuming a biomass yield of 0.1 mg formed
(as COD) per milligram of nitrite-N oxidized and ammonia as a nitrogen source for
growth, the molar stoichiometry of this reaction is (Ahn et al., 2008)

NO, + 0.0088NH," + 0.035CO, + 0.0088HCO,  + 0.460, + 0.0088 H,0
— 0.0088C,H,O,N + 1.ONO,"

(1.2)

The pH of environments containing ammonium is important because it deter-
mines if free ammonia (NHj;, the deprotonated form) is present and at what concen-
tration. Free ammonia is known to inhibit nitritation. Neufeld et al. (1980) determined
that free ammonia inhibits AOB according to substrate inhibition models. Anthonisen
et al. (1976) determined that free ammonia inhibited AOB at concentrations as low
as 10 mg/L N and NOB at concentrations as low as 0.1 mg/L N. The relationship
between free ammonia and pH is

[NH, (aq)] = e [Sljﬁ @) (1.3)

Where K, is the 1022 at conditions encountered at most WWTPs.

Free ammonia typically is not present in sufficient quantities to cause nitritation
inhibition in domestic WWTPs. It can, however, be present in wastes containing
high TAN concentrations, such as in industrial applications or in dewatered reject
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water where operation at pH values that typically avoid free ammonia inhibition in
the mainstream process could be inhibitory in sidestream processes. Therefore, the
theoretical free ammonia concentration in high TAN wastes must be considered if
nitrification is desired.

As noted previously, some treatment processes rely upon achieving nitritation
while preventing subsequent nitrite oxidation. The success of nitritation requires the
growth of NOB to be limited so that NO,™ is not oxidized to NO;~. Several methods
have been used to limit the growth of NOB, including controlling dissolved oxygen
concentrations and pH (to enhance free ammonia inhibition of NOB while prevent-
ing it in AOB), controlling reactor temperature, adding chemical inhibitors, or con-
trolling sludge age. Of these, dissolved oxygen control is among the easiest and most
cost-effective to achieve. The AOB have been shown to have a higher affinity for dis-
solved oxygen than NOB (Guisasola et al., 2005; Wyffels et al., 2004). Therefore, oper-
ating at low dissolved oxygen concentrations can help to reduce NOB growth and
allow for nitritation, where desired, while reducing the cost of aeration.

Over the last decade, AOB have been reclassified based on phylogenetic meth-
ods. The AOB that are found in freshwater or low salinity systems include those
strains in the Nitrosomonas (including Nitrosococcus mobilis) and Nitrosospira (includ-
ing Nitrosolobus and Nitrosovibrio) lineages and are members of the 8 subclass of the
proteobacteria (Purkhold et al., 2003). Different strains of ammonia oxidizers are
found in natural and bioreactor environments depending upon their affinity for
ammonium. Natural waters and drinking water environments tend to select for AOB
that predominate under low-ammonium conditions because of their high affinity for
the compound (e.g., Nitrosomonas oligotropha and Nitrosospira briensis) (Bollmann et
al., 2002, 2005; Eichler et al., 2006; Regan et al., 2003). In contrast, domestic WWTPs,
which are relatively rich in ammonium, tend to select for AOB that have a lower
affinity for ammonia, such as Nitrosomonas europaea (Koops and Pommerening-Roser,
2001).

Similar to the case of AOB, the type of NOB typically present in different environ-
ments have been elucidated more carefully with the assistance of culture independent,
molecular biology tools. There are two nonmarine genera of NOB: (1) the Nitrobacter
genus, which belongs to the a-proteobacteria and was historically identified as the
predominant NOB in many natural and engineered environments (Painter, 1977); and
(2) the phylogenetically distinct Nitrospira, which commonly are found in nitrifying
wastewater bioreactors, freshwater aquaria, and drinking water distribution systems
(Burrell et al., 1998; Hovanec et al., 1998; Juretschko et al., 2002; Regan et al., 2002, 2003).
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Recently, researchers have show that Nitrospira can be segregated into sublineages that
have different affinities for high versus low concentrations of nitrite (Daims et al., 2006;
Maixner et al., 2006). Therefore, the manner in which a bioreactor is operated and whether
itis a flocculant or attached growth system will dictate the type of NOB found.

Ammonium oxidation extends beyond the commonly studied nitrifiers discussed
above. Anaerobic ammonia oxidizers (anammox) were mentioned earlier and have
been highlighted in marine environments because of their role in producing N, while
oxidizing NH,*. In addition to the studies conducted in marine environments, these
organisms have also been enriched for and used beneficially in wastewater treatment
systems, especially in processes designed to treat waste streams with high concentra-
tions of ammonia (e.g., reject water streams from dewatering processes). The stoichi-
ometry of the metabolism performed by these unique microorganisms was proposed
by Strous et al. (1998) (eqs 1.1-1.4) and was found to be consistent with observed per-
formance during the startup of a single sludge NH,* oxidation-anammox sequencing
batch reactor system (Van der Star et al., 2007).

NH, +1.32NO, + 0.066HCO, + 0.13H*

14
— 1.02N, + 026 NO, + 0.066 CH,0,.N, . + 2.03H,0 (14)

Several acronyms and patented processes have been coined that involve the ana-
mmoXx metabolism. As parallel research efforts ensued, confusion over the differ-
ences between these processes occurred. In this book, anammox (lowercase letters)
will be used to describe the metabolism (defined in eqs 1.1 to 1.4), which is not pat-
entable. Process configurations that incorporate this metabolism, some of which are
patented, will be explicitly described as such. There are three distinguishing features
of reactor configurations that incorporate anammox as a primary metabolic process:
(1) whether the nitritation and anammox metabolisms are in the same reactor or sep-
arate reactors; (2) whether the process incorporates flocculant biomass or attached
growth; and (3) whether granulation is a key feature. Van der Star et al. (2007) sug-
gested universal terminology that should be incorporated to more clearly identify
reactor system differences. This terminology will be incorporated to this book when
anammox-focused treatment technologies are discussed.

More recently, archaeal (prokaryotic microorganisms that are of the domain
Archaea, not the domain Bacteria) nitrifiers that belong to the prolific marine
Crenarchaeota have been found in significant numbers in marine environments.
They are believed to be prolific and are probably important in ocean nitrogen metab-
olism (Francis et al., 2007). The nitrifying Crenarchaeota also have been found to be a
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significant fraction of the total Crenarchaeota in nitrifying activated sludge bioreac-
tors, although their relative contribution to NH,* oxidation in these reactors has not
yet been elucidated (Park et al., 2006). Using a recent isolate with a proposed name
of Nitrosopumilus maritimus, it was shown that the nitrifying marine Crenarchaeota
are chemolithoautotrophs that use inorganic electron donors (e.g., ammonium) and
an inorganic carbon source (e.g., CO,) and perform near complete NH,* oxidation
to NO,™ (Konneke et al., 2005). These organisms are significant contributors to nitro-
gen cycling in mesophilic marine and terrestrial environments, but their contribution
to wastewater treatment nitrification has yet to be determined (Horner-Devine and
Martiny, 2008; Nicol and Schleper, 2006).

3.1.2 Denitrification

Denitrification is a common process in natural environments and engineered bio-
reactors. Although denitrification was assumed to be the primary means of nitrogen
loss as N, in marine systems for years, the recent discovery that anammox is a prev-
alent metabolism in marine nitrogen metabolism has resulted in a view that reduces
(but does not eliminate) the relative role of denitrification in these environments. In
freshwater headwater streams, denitrification is an important process in transform-
ing dissolved inorganic nitrogen (DIN) into gaseous products, thereby reducing the
transport of nitrogen downstream to rivers, lakes, and estuaries (Mulholland et al.,
2008; Peterson et al., 2001). At the same time, Mulholland et al. (2008) have shown
that anthropogenic inputs of nitrate to freshwater streams are disproportionately
passed downstream because most streams do not have the capacity to denitrify this
additional load. This emphasizes the importance of removing nitrogen from efflu-
ents that discharge into freshwater systems upstream of estuaries.

Bacterial denitrification is performed by a diverse collection of microorganisms
fueled by reduced inorganic or organic compounds. As such, it is difficult to review
the genera responsible given the scope of this book. Because inorganically fueled
(e.g., H, gas) denitrification typically is not employed in domestic wastewater treat-
ment applications, the focus in this book will be with heterotrophic denitrification.

The stoichiometry of heterotrophic denitrification, assuming methanol as the
electron donor and a cell yield of 0.6 g cell biomass formed as COD per gram metha-
nol consumed as COD, is given in eq 1.5:

CH,OH + 0.48NO, + 0.18HCO, + 0.18NH," + 0.48H*
—2.05H,0 + 0.28CO, + 0.24N, + 0.18 C,H,O,N (1.5)

11
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The stoichiometry shows that there is a net generation of alkalinity and con-
sumption of acid (increase in pH) at the near-neutral pH of treatment systems. This
is in contrast to the loss in alkalinity and decreases in pH observed with nitritation.
Conveniently, nitrification and denitrification often are coupled to achieve nitrogen
removal, and, as a consequence, the net loss in alkalinity is moderate. It is also pos-
sible to couple nitritation (NH,* to NO,") and denitritation (NO,™ to N, gas) as a way
to reduce the amount of dissolved oxygen and exogenous carbon source needed to
fuel the reaction (Jetten et al., 1997). Heterotrophic denitrification typically has a sig-
nificant biomass yield that must be managed during solids handling when applied
in wastewater treatment. The enhanced interest in anammox-focused processes that
convert reduced nitrogen to gaseous products is motivated in part by the substan-
tial decrease in residual sludge, and competes directly with sludge-intensive het-
erotrophic denitrification processes. Although anammox-focused technologies are
growing in popularity as an alternative to denitrification for concentrated ammonia
wastewaters, it has not been applied to diluted wastewater typical of what is received
at centralized wastewater treatment systems.

3.1.3 Ammonification

Bacteria are involved in the regeneration of ammonium from soluble or particulate
organic nitrogen in a process called ammonification. This occurs when amino groups
are released from organic nitrogen compounds, either because of intracellular or
extracellular enzymatic activity. Ammonification is important in wastewater treat-
ment because it makes organic nitrogen bioavailable for nitrification (Grady et al., in
press).

3.14 Phosphorus Accumulating Organisms

Phosphorus accumulating organisms (PAOs) are bacteria that have the capacity to
store phosphorus as inorganic polyphosphate granules intracellularly. In enhanced
biological phosphorus removal (EBPR) wastewater treatment systems, the condi-
tions that enable this storage to occur allow for phosphorus to be moved from the
diluted liquid waste stream to the concentrated biosolids through solids separation
processes. In this way, phosphorus can be managed through biosolids management
methods.

Polyphosphate granule storage is an energy management feature of PAOs that
allow them to compete with non-PAO heterotrophs in appropriately configured
reactor systems. Under anaerobic conditions, PAOs expend energy by cleaving high
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energy phosphate bonds in the polyphosphate granules to fuel the storage of vola-
tile fatty acids (VFAs) into polyhydroxyalkanoate (PHA) granules. Reducing power is
also needed to support PHA formation and is provided in part by glycogen; however,
the amount of glycogen present in PAOs is not sufficient to provide all the reducing
power needed for PHA formation, and other sources must be available (Martin et al.,
2006). The ability that PAOs have to sequester VFAs into PHA is thought to be a com-
petitive benefit that leads to the proliferation of PAOs in EBPR systems. During the
anaerobic process, soluble COD concentrations decrease and phosphate concentrations
increase. Under subsequent aerobic treatment, the PAOs metabolize the PHA aerobi-
cally and direct the energy captured from that metabolism to growth, reestablishing
the polyphosphate granules and restoring glycogen pools. Phosphorus removal from
wastewater effluent occurs when sludge is wasted after the aerobic phase, resulting in
phosphorus accumulating in the biosolids.

Historically, Acinetobacter was thought to be the predominant microorganism
responsible for EBPR (Fuhs and Chen, 1975). Culture-independent methods did not
corroborate these early studies, however, leading researchers to look more carefully at
the microbial diversity of EBPR systems (Wagner et al., 1994). Recent ecological studies
of PAOs indicate that a predominant PAO believed to be important in EBPR systems
is Candidatus Accumulibacter phosphatis of the Rhodocyclus group (Martin et al., 2006).
Follow-up studies performed in full-scale EBPR treatment plants showed that although
accumulibacter-related bacteria were prominent, they accounted for only 40% to 70% of
the total PAO concentration. This indicated that other non-accumulibacter PAOs also
were important in the EBPR processes (He et al., 2008). Furthermore, He et al. (2008)
showed that accumulibacter-related PAOs appear to be more prevalent in systems that
have larger anaerobic zone volumes and do not incorporate pre-fermentation. They
hypothesized that this related to the apparent preference of accumulibacter-related
PAOs for low VFA concentrations that would use the high-affinity phosphate uptake
systems found in these organisms (Martin et al., 2006). Advances in knowledge of the
microbial ecology of EBPR systems show how molecular biology can be coupled with
whole-cell and full-scale performance data to enhance understanding of complex bio-
logical treatment processes. This understanding shows how design and operational
decisions can affect microbial ecology, which influences performance.

3.1.5 Algal Transformations

Algae can use a variety of nitrogen and phosphorus compounds available in nature
to support growth. Typically, nitrogen is taken up by cells, reduced intracellularly
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to NH,* and then assimilated into amino acids. A significant fraction of the nitro-
gen taken up during even short-term (hours) incubations can be released as NH,*
and amino acids. It is unclear why cells would release metabolites either before or
after their assimilation into organic matter; nitrogen release is highly variable among
systems. In addition to this passive release, nitrogen is released from phytoplankton
during cell death and lysis, viral infection and lysis, and sloppy feeding (i.e., when
a cell is damaged during grazing, resulting in the release of dissolved intracellular
pools). Nitrogen compounds often are produced as rapidly as they are consumed,
making it difficult to measure these processes separately.

Nitrogen uptake and assimilation by algae are stepwise processes that can result
in a distinctly regulated uncoupling between uptake and growth (Wheeler et al.,
1983). Furthermore, most of the enzymes involved in the uptake and assimilation
of nitrogen are tied to factors associated with energy management (light, oxygen,
metabolic cofactors). For example, uptake and metabolism of NO;-, NO,~, and urea
have been linked to the light supply in phytoplankton and is thought to proceed at
maximum rates only under light and in nutrient replete conditions. When nitrogen is
depleted, active uptake of these compounds occurs in the dark and at 10% to 100% of
the uptake rate measured in the light (Antia et al., 1991). There are significant diurnal
variations in nitrogen cycling in waterways that support algae growth. Therefore,
it is important to consider the influence of light-influenced diurnal cycles to get an
accurate picture of the water quality of receiving streams.

Traditionally, DIN was thought to be the primary source of nitrogen supporting
algal growth, and DON was thought to support bacterial growth. Recent research,
however, has shown that organic nitrogen, particularly urea, is an important source
of nitrogen for phytoplankton and that bacteria are strong competitors with phyto-
plankton for inorganic nitrogen, particularly NH,* (Bronk et al., 2007; Kirchman, 2000;
Mulholland and Lomas, 2008). DON can be rendered more or less available through
extracellular enzymatic reactions that degrade DON into usable components (Berges
and Mulholland, 2008; Bushaw-Newton and Moran, 1999; Chrost, 1991; Hoppe, 1983;
Hoppe et al., 2002; Mulholland et al., 1998; Palenik and Morel, 1990a, 1990b; Pantoja
and Lee, 1999; Pantoja et al., 1997) and through photochemical reactions. Although
poorly characterized, the aquatic DON pool that has been described consists of highly
reactive and relatively recalcitrant fractions (Bronk, 2002). The relative contribution
and characteristics of effluent-derived organic nitrogen is not well described relative
to background organic nitrogen compounds in natural waters. Fate of organic nitro-
gen in effluent is an important issue for effective removal by wastewater treatment
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systems. Effluent-derived organic nitrogen has been shown to be assimilated by
laboratory-cultured freshwater algae grown in the presence of bacteria that can pre-
sumably hydrolyze the organic nitrogen and make it bioavailable (Pehlivanoglu and
Sedlak, 2004). The bioavailability of this material by algae indigenous to both fresh-
water and estuarine receiving waters, however, has not been demonstrated (Urgun-
Demirtas et al., 2008). Finally, low DIN and high DON have been shown to selectively
favor the growth of harmful algal species (Anderson et al., 2002). In particular, DON
has been implicated as a nutrient source that may preferentially stimulate harmful
algal blooms (Anderson et al., 2002; Graneli et al., 1999). The contribution of wastewa-
ter effluents to this phenomenon has not been established.

3.2 Abiotic Transformations

Several abiotic processes influence the fate of nitrogen and phosphorus in aquatic
systems, including photochemical release and salinity.

3.2.1 Photochemical

Recent findings in freshwater and marine systems indicate that photochemical pro-
cesses can result in the release of low molecular forms of nitrogen and phosphorus
from dissolved organic matter (DOM), particularly those fractions that are aromatic
in character, such as humic substances (Mopper and Kieber, 2002). Exposure to wave-
lengths in the ultraviolet region (280-400 nm) results in the most efficient photopro-
duction. For nitrogen, NH,* and dissolved free amino acids are the most common
products (Buffam and McGlathery, 2003; Bushaw et al., 1996; Wang et al., 2000). The
global contributions of this phenomenon to nitrogen biogeochemical cycling is not
entirely known. It has been found, however, that photoproduction makes a small but
significant contribution in aquatic photic zones (Kitidis et al., 2006; Wang et al., 2000).
Studies also have shown the photoproduction of phosphate (Kieber, 2000). Rates of
photoproduction of both nitrogen and phosphorus can be highly variable and rela-
tively little is known about the mechanisms responsible.

3.2.2 Salinity Effects

Salinity increases along the length of an estuary. Salt significantly influences the
behavior, conformation, and reactivity of DOM as it moves through estuaries.
Changes in salinity are known to alter the reactivity and bioavailability of DON and
to affect photochemical reactions (Minor et al., 2006; See and Bronk, 2005). Salinity
can also result in conformational changes, which can influence both the abiotic and
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biotic reactivity of DOM, such as humic substances (Baalousha et al., 2006). Salinity
also may affect the transport of labile nitrogen on organic compounds. Recent studies
have shown that humic substances are capable of adsorbing NH,* from surrounding
waters to cation binding sites (See and Bronk, 2005). This adsorption makes humic
substances a potentially important mode of transport for nitrogen that is produced
upriver to the estuary and coastal ocean. As the humic materials move downriver
and encounter higher salinities, the salt ions can displace the loosely bound amino
groups on the humic structure, releasing them into the environment. The relevance of
this phenomenon to wastewater effluent—derived organic nitrogen is not well under-
stood and is discussed further in Section 4.3.2.

4.0 EFFECTS OF NITROGEN AND PHOSPHORUS
IN THE AQUATIC ENVIRONMENT

4.1 Eutrophication and Water Quality

Water quality in coastal areas is deteriorating as a result of population pressure and
consequent cultural eutrophication (Howarth et al., 2002; Nixon, 1995; Paerl, 1997;
Smetacek et al., 1991; Vitousek et al., 1997; Vollenweider et al., 1992). As previ-
ously noted, productivity in most marine and estuarine ecosystems is thought to
be limited by nitrogen. Over the past century, however, humans have significantly
increased nitrogen (and phosphorus) inputs through the use of synthetic fertilizers
in agriculture, expansion of fossil fuel combustion, and coastal urbanization (Beman
et al., 2005; Paerl and Piehler, 2008). A national survey of estuarine health across the
United States reported that high nitrogen loads into estuaries could be attributed
to the effects of coastal urbanization, and that the extent of eutrophication in estu-
arine systems was not decreasing compared to older studies (Bricker et al., 2007).
Total loads of phosphorus decreased following their ban from detergents in the mid-
1980s; total loads of nitrogen, however, have increased since World War II as a result
of increased use of nitrogen fertilizers (Howarth et al., 2002). For example, in the
Chesapeake Bay region, human activity has resulted in substantial increases in nitro-
gen loading that are intermediate relative to other heavily urbanized estuaries world-
wide (Boynton et al., 1995; Kemp et al., 2005).

In addition to the absolute amount of nitrogen input into coastal watersheds,
there has been a change in forms of nitrogen being released into coastal systems. In
the past few decades, inorganic nutrient loading has shifted to organic nutrient load-
ing, largely because of the increase in organic urea-based fertilizers (Glibert et al.,
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2005; Paerl and Piehler, 2008). Higher levels of DON selectively favor the growth of
harmful and nuisance algal species (Anderson et al., 2002).

There are substantial differences in the cycling of nitrogen and phosphorus along
the length of an estuary. Because freshwaters are often phosphorus-limited, phosphorus
introduced at the head of an estuary may be rapidly removed by phytoplankton result-
ing in a proportional decrease of nitrogen and increase in algal growth in freshwater
receiving waters. Phosphorus moves down-estuary either in dissolved or particulate
form and can be recycled en route or buried in the sediments. Nitrogen, however, has
a more complex cycle (see above). Nitrogen delivered at the head of an estuary may be
taken up by algal cells or, if in excess, can be nitrified in the lower salinity reaches and
then subsequently denitrified at mid-salinities as it moves through an estuary. Because
more saline waters tend toward nitrogen limitation, nitrogen delivered to the mouth of
an estuary can result in excess algal production in more saline waters.

Impairments to freshwaters because of high phosphorus loading resulted in
phosphate detergent bans in the 1980s. As a result of phosphorus reductions, there
has been an increase in nitrogen delivery downstream (it was no longer taken up
with the phosphorus), away from proximate receiving waters. An excellent example
of the unforeseen consequences of reducing phosphorus loading is the Neuse River
Estuary in North Carolina. As a result of the reduction in phosphorus, the chlorophyll
maximum moved down-estuary from the phosphorus-limited freshwater end to the
more nitrogen-limited saline end—a region where nuisance phytoplankton blooms
are now regular (Paerl et al., 2004). In short, the spatial and temporal extent of down-
stream nitrogen limitation is dependent on upstream nutrient management.

4.2 Gaseous Nitrogen Emissions and Atmospheric Quality

The primary form of nitrogen on earth is N, gas, which constitutes 78% of our atmo-
sphere. A predominant byproduct of microbiological metabolism, N, is largely inert
and stable. In contrast, partially oxidized gaseous nitrogen compounds are signifi-
cant contributors to global warming (nitrous oxide, N,O) and ozone depletion (nitric
oxide, NO, and nitric oxide chemically generated by stratospheric N,O). Of partic-
ular concern to global climate change is N,O, which has an atmospheric lifetime of
114 years and a global warming potential (100-year basis) nearly 300 times greater
than carbon dioxide (CO,) (Forster et al., 2007). Both N,O and NO are produced bio-
logically under conditions generated by many biological nitrogen removal wastewa-
ter treatment configurations including liquid treatment streams, biosolids treatment,
and incineration. Current estimates of the contributions of WWTP-generated N,O
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emissions to total global anthropogenic greenhouse gas emission are less than 0.5%
(Bogner et al., 2008). Similarly, the effect of gaseous emissions from constructed wet-
land treatment systems was found to be negligible (Mander et al., 2005). The esti-
mated global warming potential for wastewater treatment systems was based,
however, on N,O emissions data from a WWTP that used conventional activated
sludge treatment without intentional nitrogen removal. The N,O estimate for nitro-
gen removal treatment processes is expected to be higher. As worldwide interest in
implementing nitrogen removal technologies grows, reduced nitrogen loads into the
aquatic environment will be offset by increased release of partially oxidized nitrogen
gaseous products if current biological treatment technologies are used.

Nitrous oxide is produced as a gaseous intermediate during both heterotrophic
and autotrophic (AOB) denitrification. It has been known for quite some time that
AOB produce N,0O when performing denitrification. This typically has been observed
under low dissolved oxygen conditions (Beaumont et al., 2004; Lipschultz et al., 1981).
Chandran (2009) reports the metabolic condition controlling AOB gaseous emis-
sions. Varying dissolved oxygen conditions conducive to N,O production can form
in WWTPs because of aerobic/anoxic interfaces that exist within activated sludge
flocs. Production also can occur in wastewater treatment processes that achieve nitro-
gen removal using single sludge approaches that put the biomass through sequential
aerobic and anoxic conditions. Full- and laboratory-scale nitrogen removal systems
have shown detectable N,O gaseous emissions ranging from 0.1% to 1.4% of influent
oxidizable nitrogen load (Kampschreur et al., 2008; Tallec et al., 2006). One exception
to this showed that 30% of influent oxidizable nitrogen was converted to N,O when
the influent COD:N ratio fell below 3.5 (Itokawa et al., 2001). Studies suggest sev-
eral conditions contribute to the relative emissions of N,O generated by denitrifying
AOB: (1) mixed liquor dissolved oxygen concentrations; (2) the presence of nitrite
(which serves as the electron acceptor during AOB-based autotrophic denitrifica-
tion); (3) pH (which defines the partitioning between nitrite and nitrous acid); and
(4) the AOB microbial ecology (Bock et al., 1995; Jiang and Bakken, 1999; Shiskowski
and Mavinic, 2006; Tallec et al., 2006). Generation of NO by AOB also has been
observed in WWTPs, although it appears to be a smaller percentage of the final oxi-
dized gaseous emissions (Kampschreur et al., 2008).

Heterotrophic denitrifying bacteria produce N,O as an intermediate during rou-
tine metabolic process of reducing nitrogen to N,(g). It is unclear if AOB-based auto-
trophic denitrification is the predominant source in WWTPs as reported by Tallec
et al. (2006) or if heterotrophic denitrification is the predominant source as reported by
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Itokawa et al. (2001). Accordingly, the relative contribution between these two distinct
groups may be a function of the reactor configuration and other operating conditions.

4.3 Domestic Wastewater Treatment
4.3.1 Influent Characteristics

The most prevalent forms of nitrogen in domestic wastewater are organic nitrogen
and ammonium. The organic fraction exists both in soluble and in particulate forms.
It is uncommon for oxidized forms of soluble nitrogen (e.g., nitrate or nitrite) to exist
in domestic wastewater. These forms only occur if there is an upstream industry that
discharges wastewater containing these compounds. Phosphorus in domestic waste-
water typically exists as organic phosphorus or inorganic phosphorus (primarily
orthophosphate). The inorganic phosphorus fraction is the primary form (typically
at least 75%) of total phosphorus in wastewater. Typical concentrations for nitro-
gen and phosphorus constituents in domestic wastewater not under the influence of
upstream industries are given in Table 1.1.

Recently, attention has been directed toward the potential for decentralized waste-
water treatment. This would involve treating more concentrated wastewaters that are
not diluted by infiltration or inflow or that are comprised of source-separated wastes
where the urine and feces are collected separately (Etnier, 2007; Otterpohl et al., 1997;

TaBLE 1.1 Nitrogen and phosphorus in domestic wastewater
ranging from weak to strong (Tchobanoglous et al., 2003; WEF,

2009).
Concentration (mg/L as N or P)
Soluble Particulate
Nitrogen
Organic N 1-2 7-23
Ammonia/ammonium 12-45 N/A?
Phosphorus
Organic P b 1-5
Inorganic P 3-10 N/A

2N/A = not applicable.

bSoluble organic phosphorus is a minor constituent in most domestic
wastewaters.
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Wilderer and Schreff, 2000; Zeeman and Lettinga, 1999). Source separation could make
treatment of nitrogen and phosphorus from wastewater more efficient and could pos-
sibly enable opportunities for nutrient recovery (Maurer et al., 2006). Urine contains
roughly 50% of the phosphorus and more than 80% of the organic nitrogen (urea,
which hydrolyzes into ammonia) in municipal wastewater, but represents less than
1% of most wastewater flows (Larsen and Gujer, 1996). As more sustainable water
management practices are implemented, shifting practices could influence how nitro-
gen and phosphorus are controlled in wastewaters.

4.3.2 Effluent Characteristics

The concentration of nitrogen in liquid effluent from WWTPs is a function of the treat-
ment process configuration used, the disinfection process employed, and the com-
position of the wastewater received at the plant. Typically, treatment processes that
use nitrification have effluents that contain oxidized nitrogen (nitrate). Processes that
do not routinely achieve total nitrification but, instead, produce variable amounts of
nitrite will have significant problems using chlorination for disinfection because of
the preferred reactivity between free chlorine and nitrite. Treatment processes that
use biological or enhanced nitrogen removal will have effluent concentrations of total
nitrogen that vary from low (less than 3 mg/L as N) to moderate (8 mg/L as N). In all
cases, NH,*-N concentrations typically will be low (well below 1 mg/L) if the treat-
ment plant is fully nitrifying. Nitrogen removal plant effluents typically will contain
a combination of oxidized nitrogen, NH,*, and organic nitrogen.

A recent survey of the effluents from nitrogen removal plants was conducted to
characterize the organic nitrogen concentrations (effluent organic nitrogen). The aver-
age concentration was approximately 1 mg/L as nitrogen (Pagilla et al., 2006). The bio-
availability of effluent organic nitrogen is unknown, although regulators assume it is
bioavailable because it is included in the total nitrogen limit imposed upon treatment
plants located in nutrient-sensitive regions. Research using a bioassay and freshwater
algae has shown that up to 61% of the organic nitrogen contained in effluents is bioavail-
able (Pehlivanoglu and Sedlak, 2004; Urgun-Demirtas et al., 2008). The bioavailability
of effluent organic nitrogen released from WWTPs that discharge into nitrogen-limited
estuarine or marine environments is unclear (Mulholland et al., 2007).

Phosphorus concentrations in wastewater effluents that do not practice enhanced
phosphorus removal are typically 3 to 5 mg/L and primarily in the form of inorganic
P. Enhanced phosphorus removal processes are capable of achieving very low total
(< 0.1 mg/L as P) phosphorus levels in effluents when chemical precipitation is used,
either alone or in combination with EBPR.
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1.0 INTRODUCTION

This chapter reviews the various laws and regulations applicable to discharge of
nutrients in treated effluents from wastewater treatment facilities. This man-
ual of practice (MOP) does not, however, provide a comprehensive summary of
regulations—many of which may be expected to change during the useful life of
this publication. It is the responsibility of the wastewater treatment plant (WWTP)
owner/operator and its design engineer to understand the basis of regulatory
requirements and the specific requirements for each facility. WWTP professionals
should be proactive to ensure that applicable laws and regulations are appropriately
applied to their facility. Similarly, they should be aware of the changing nature of
laws and regulations and should anticipate, to the extent possible, the potential for
future requirements that may be different (typically more stringent) from existing
conditions.

This chapter does not attempt to provide all the details of all regulations that
control nutrients in effluent discharges from WWTPs. The most current informa-
tion can be found on the Web sites of the respective regulatory agencies. The U.S.
Environmental Protection Agency (U.S. EPA) has good information on its various
Web sites that explain the basis and history of relevant laws and regulations and
provide both details and links to federal and state laws and regulations. For specific
information for an individual WWTP, the regulatory agency that has jurisdiction
must be consulted. Links to several of the Web sites that may provide helpful infor-
mation relevant to regulation of nutrients are presented in the references at the end
of this chapter.

2.0 SUMMARY OF WATER QUALITY AND NUTRIENT
REGULATION IN THE UNITED STATES

2.1 Clean Water Act

Protection of surface water quality and regulation of pollutant discharges into U.S.
waters is governed by the Clean Water Act (CWA). The law in its current form
started with the Water Pollution Control Act Amendments of 1972. When amended
in 1977, this law became known as the CWA. Various additional amendments have
been enacted subsequently by the U.S. Congress to modify specific provisions. The
act as currently amended remains the cornerstone of surface water quality protection
in the United States.
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Section 101(a) of the act states that the primary objective is “to restore and maintain
the chemical, physical, and biological integrity of the Nation’s waters.” Accordingly,
the act established national goals to achieve fishable and swimmable waters (wher-
ever attainable) and a long-range goal to eliminate discharge of pollutants into U.S.
waters. To achieve these goals, the CWA established a program to define water qual-
ity standards (WQS) and to regulate and permit discharges into U.S. waters.

Designated uses, water quality criteria to protect the uses, and antidegradation
policies constitute the three major components of the WQS program established
under the CWA. Designated beneficial uses such as recreation, human health (drink-
ing water supply), and protection of aquatic life are determined for each water body.
Appropriate water quality criteria are established under the act consistent with each
use. Antidegradation policy establishes rules to address proposed activities that
would lower the quality of waters that have attained or are better than the criteria
for designated uses in a water body. In addition to these three major elements, the
CWA regulations also allow general policies to address implementation issues, such
as mixing zones, variances, and low-flow policies. These components and policies
of WQS, when implemented and attained in a specific water body, are intended to
assure viability of each designated use.

The CWA prohibits discharge of pollutants into U.S. waters unless a permit has
been issued to the discharger. The National Pollutant Discharge Elimination System
(NPDES) permit program provides the framework for issuance of these permits.
Dischargers without permits or that exceed their permit limits are violating the law
and may be subject to civil, administrative, or criminal penalties.

Authority to implement the CWA rests with the U.S. EPA. The U.S. EPA is
also allowed to delegate this authority to the various states (through the respec-
tive environmental agency or department within each state government) if the state
demonstrates that it has a program at least as stringent as U.S. EPA’s regulations.
Implementation of the CWA includes development of WQS and administration of
the NPDES program (which includes permit issuance, monitoring and inspection,
and enforcement).

2.2 National Pollutant Discharge Elimination System
Permit Program

The NPDES permit program regulates point sources of pollution discharging to sur-
face water bodies. Permit discharge limitations (limits) under the CWA are based on
two types of standards: (1) treatment technology-based and (2) water-quality-based.
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Technology-based limitations set a nationally uniform level of allowable dis-
charge for certain pollutants, regardless of receiving water quality. Both municipal
and industrial wastewater discharges must meet specified treatment performance
standards—that is, the discharge must not exceed specific levels of pollutant dis-
charge based on appropriate treatment technology. In accordance with the CWA, U.S.
EPA establishes the treatment technology basis for various categories of wastewater.

All treated effluent from a municipal WWTP must achieve the degree of reduction
attainable through application of secondary treatment technology, as defined by U.S.
EPA. Secondary treatment performance is specified in terms of five-day biochemical
oxygen demand (BOD:;), total suspended solids (TSS) removal, and pH, but does not
include nutrient removal. Alternatively, it may be specified in terms of carbonaceous
biochemical oxygen demand (CBOD), which includes only oxygen demand from
degradation of organic carbon compounds, and excludes oxygen demand from nitri-
fication; nitrification is biochemical conversion of ammonia to nitrate.

Industrial wastewater discharges to receiving waters must achieve technology-
based effluent limits developed by U.S. EPA for various specific industrial catego-
ries. Called “effluent guidelines,” these limits are derived from studies to determine
the effluent levels for various pollutants that are achievable using various levels of
available or cost-effective treatment technology appropriate for each specific indus-
trial source category. Typically, industrial effluent guidelines do not include nutrient
limits.

If the U.S. EPA or the states determine that the technology-based effluent lim-
its for municipal or industrial category wastewater discharges are insufficient to
meet WQSs of specific receiving waters, then water-quality-based effluent limits
(WQBELSs) are developed and applied in the respective NPDES permit(s). The
WOQBELSs are derived from the receiving water body WQS, setting allowable pol-
lutant levels in the effluent using a calculation that accounts for other point and
nonpoint sources to meet the instream water quality criteria for the local water
body (refer to Section 4.1 for further discussion of WQBEL derivation). If a total
maximum daily load (TMDL) has been established for pollutant(s) in any receiv-
ing water, the WQBEL(s) must be consistent with the wasteload allocation (WLA)
assigned to each source by the TMDL.

The NPDES permits must be reissued at least every five years. Although the reg-
ulatory agency can reevaluate permit effluent limitations at any time, it is typically
done only at the time of permit renewal. Accordingly, permittees should be aware of
changes to water quality criteria or regulations that may result in changes for future
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effluent limitations. Permittees should anticipate potential changes and their effects
on their wastewater treatment facility.

2.3 Water Quality Criteria

Under section 304(a) of the CWA, water quality criteria are based solely on scientific
data and judgments about the relationship of pollutant concentrations to environmen-
tal and human health effects. Water quality criteria do not consider economic or social
impacts. Social and economic factors, however, can be taken into account in estab-
lishing refined or subcategorized designated uses, which can occur via implementa-
tion of a “use attainability analysis.” Numeric water quality criteria were established
soon after enactment of the CWA related to the effects of “conventional pollutants”
(e.g., BOD and TSS). These early criteria of most importance included dissolved oxy-
gen, temperature, pH, and bacteria. The 1987 amendments focused on the control of
toxic pollutants (e.g., toxic metals or toxic organic pollutants). Subsequently, criteria
for many pollutants have been revised, and new criteria have been added for many
other pollutants.

At the time of publication of this MOP, however, numeric criteria typically have
not been established for nutrients, although efforts are under way to do so. The
delayed development of numeric nutrient criteria is primarily because the adverse
effects of excessive nutrients do not lend themselves to criteria development with
the traditional approach used for toxic pollutants. The adverse effects of nutrients
are influenced strongly by regional and local conditions, such as species diversity,
hydrology, soil conditions, and climate, which make one-size-fits-all criteria inappro-
priate. For most other (nonnutrient) pollutants, U.S. EPA is able to evaluate how a
particular chemical or compound affects aquatic life or human health, and the “safe”
level typically applies to waters nationwide. States do have authority to develop cri-
teria specific to conditions in their states or for individual water bodies. A defensible
scientific basis is needed for such site-specific criteria, but their use has been fairly
widespread and well accepted. However, in the case of nutrient pollutants, water
and soil chemistry and physical habitat and configuration of the water body affect
how nutrients may contribute to overenrichment. Because of this, the process of
developing numeric criteria for nutrients is significantly more complex than for other
types of pollutants.

In the absence of numeric criteria, narrative criteria have been used as the
primary WQS for nutrients. Narrative criteria are WQS that specify a clean
water goal, but essentially leave it up to the permit writer or TMDL developer to
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establish appropriate nutrient permit limits on a site-by-site basis. The following
are examples of typical narrative criteria established by two different states in
their WQS:

¢ Idaho’s regulations state that “Excess Nutrients. Surface waters of the state
shall be free from excess nutrients that can cause visible slime growth or other
nuisance aquatic growths impairing designated beneficial uses,” and

e Ohio’s regulations state that “[W]aters shall be ... free from nutrients entering
the waters as a result of human activity in concentrations that create nuisance
growths of aquatic weeds and algae.”

The respective narrative criteria also may be incorporated into each NPDES
permit issued by some states as a general effluent limitation or prohibition, either
directly or by reference to the narrative criteria section of the WQS, in addition to
whatever specific numeric effluent limits each permit may have. Narrative criteria
may result in subjectivity as well as uncertainty in their implementation, compliance,
and enforcement.

Although narrative criteria for nutrients have served as an interim regulatory
approach to control and reduce adverse effects on water bodies, development of
numeric criteria for nutrients has been determined by U.S. EPA to be a necessary
action and is ongoing in most states (see Section 3.1).

2.4 Total Maximum Daily Load Regulation of Nutrients

In the absence of numeric criteria for nutrients, many watersheds have had nutrient
discharge loads regulated by the TMDL program. When monitoring and assessment
indicate that a specific water body does not attain one or more of its WQS, it is placed
on that state’s “303(d) list,” named after the section of the CWA that requires creation
of such lists of impaired waters. The U.S. EPA or the state is required to develop a
TMDL, which is a strategy that is expected to result in attainment of WQS.

TMDLs are essentially pollutant budgets, which determine the total load of
a pollutant that a water body can receive and still meet WQS, and which allocate
allowable portions of this total pollutant load to each significant source. Sources
include both point and nonpoint sources and uncontrollable background sources.
One impediment to successful implementation of TMDLs is that the CWA does not
provide any legal authority for requiring nonpoint sources to reduce their loadings
of pollutants.
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Review of causes of impairment across the nation indicates that nutrients (phos-
phorus and nitrogen) have been identified as one of the most common causes of WQS
nonattainment, especially for lakes, rivers, and streams. As a result, many TMDLs
that have been developed to include TMDLs for nutrients. A majority of these is
for phosphorus, because phosphorus has been more commonly associated with
overenrichment in fresh water bodies. Nitrogen is a nutrient of concern for salt water
systems, however. As a result, nitrogen and phosphorus TMDLs have been devel-
oped for estuaries and coastal waters. Notable examples of coastal waters for which
TMDLs have been developed for nutrients include the Chesapeake Bay, the Northern
Gulf of Mexico, and Long Island Sound (see Section 3.2).

As noted, TMDLs are water basin or water body specific, and the specific nutrient
effluent limitations for WWTP sources within different TMDL watersheds can vary
considerably. Total phosphorus effluent limits have been established by TMDLs as
low as 0.01 mg/L, although many other TMDLs have established limits in the range
of 0.5 to 1.0 mg/L. Total nitrogen effluent limits have been established by TMDLs as
low as 3.0 mg/L, although many other TMDLs have established limits of 8.0 mg/L
or higher.

An important programmatic aspect of TMDL implementation that has occurred
fairly recently is the concept of water quality credit trading. Trading is one tool to
achieve watershed goals more economically. For nutrients in particular, it may be
more cost-effective to install nonpoint-source best management practices than to
treat point sources to increasingly stringent limits, or it may be more cost-effective
for larger point sources to remove nutrients than smaller point sources because of
economy of scale considerations. More detailed descriptions of concepts and ben-
efits of trading can be found in recent guidance from the U.S. EPA (2003). Credit
trading programs have been established for several water bodies affected by nutri-
ents, including the Chesapeake Bay, Tar-Pamlico Estuary, Neuse River Estuary,
Long Island Sound, Lower Boise River, Cherry Creek Reservoir (Colorado), and
others.

2.5 Development of Water-Quality-Based Effluent Limits

The actual numeric permit limits are established by the state regulatory agency (or
U.S. EPA for states that have not been delegated NPDES program authority). The
process starts with the establishment of WQS. The regulatory agency subsequently
collects relevant information about the receiving water body, including data from
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monitoring and assessment to determine whether it is attaining the established stan-
dards. Based on the water body data and information collected about the discharge,
the state determines what pollutant discharge controls or strategies are needed.
The state performs an analysis to determine whether the discharge has a “reason-
able potential” to cause nonattainment of any water quality criteria in the receiving
water. If effluent limits based on WQS are necessary, then the state determines WLAs
for each pollutant and each discharger and then determines pollutant effluent limits
based on WLAs. If a TMDL has been developed for the water body, then the effluent
limits need to reflect the WLAs included in the TMDL (for further information, see
Section 4.0).

If the WQS are in attainment, then the state’s antidegradation policy may be
applied. Antidegradation prohibits discharge of any new or increased pollutant load
unless a required review and assessment is performed and approved by the state,
which would authorize an additional discharge load because of significant social or
economic benefits. When no increase in discharge load is allowed, the previously
existing effluent concentration limits in the permit are reduced in proportion to the
increased flow so that the previously permitted discharge load is not exceeded.

The development of effluent limits in NPDES permits for WWTPs discharges
under the CWA is shown in a summary diagram in Figure 2.1.

Section 4.1 in this chapter provides further discussion of the development
of WQBELs in NPDES permits. Although the regulatory agency determines the
WQBELS for specific pollutants, the individual discharger does have an opportunity
to review and comment on the NPDES permit conditions—including effluent limits—
before final issuance of the permit. The regulatory agency is required to publish the
proposed permit for public comment before it is finalized and must prepare a formal
response to all comments received, including any from the treatment facility owner
or operator. In addition, the regulatory agency typically provides a preliminary ver-
sion of the draft permit to the permittee for informal review before the official public
comment period.

The WWTP owner or operator should avail themselves of the opportunity to
review any proposed effluent limits before they become final. Although the proce-
dures to calculate WLAs and WQBELSs must be followed in accordance with applica-
ble state or federal regulations, it is possible that specific assumptions or use of data
may be inappropriate or incorrect, and the permittee has the opportunity to address
any such defect with the agency.
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FIGURE 2.1 Development of WQBELs for CWA NPDES permits.

3.0 CURRENT SURFACE WATER QUALITY AND
GROUNDWATER STANDARDS FOR NITROGEN
AND PHOSPHORUS

Nitrogen and phosphorus are regulated via standards (criteria) in various forms and
at varying concentrations depending on the surface water and groundwater uses that
are being protected. In addition, they may be regulated using different permitting
vehicles depending on whether surface water or groundwater is being protected and
what the protected uses are. Table 2.1 summarizes these differences, and the remain-
der of this chapter is organized according to these broad categories of standards.

3.1 Surface Water Quality Standards Related to
Eutrophication and Dissolved Oxygen

The U.S. EPA published a National Strategy for Development of Regional Nutrient Criteria
in 1998, followed by a national action plan, Development and Adoption of Nutrient
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TaBLE2.1 Summary of water quality and groundwater standards for nitrogen and phosphorus.

Type of criterion

Water type and Purpose for Causal variables Response Nitrogen forms Phosphorus Wastewater per-
use protection variables regulated forms regulated mitting vehicle(s)
Surface water,  Eutrophication Nitrogen and/or Dissolved oxygen, = TN or TIN TP and/or NPDES
aquatic life phosphorus pH, chlorophyll a, soluble P

submerged aquatic

vegetation, turbidity,

secchi depth,

narrative nuisance

responses, algal

toxins
Surface water,  Toxicity Ammonia Whole effluent Ammonia NA NPDES
aquatic life toxicity
Surface water,  Low dissolved Nitrogenous Dissolved oxygen  TKN, NA NPDES
aquatic life oxygen oxygen demand ammonia,

organic N

Surface water, = Human health Nitrite and NA Nitrate and NA NPDES
drinking water nitrate nitrate,

sometimes TN
or TIN

[47
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Surface water, = Human health See Taste and odor,

drinking water eutrophication  chlorinated
organics, algal
toxins

Groundwater, = Human health Nitrite and NA
drinking water nitrate

Groundwater,  Potentially all Potentially all of Potentially all of the
with connection of the above the above above
to surface water

See See
eutrophication eutrophication

Nitrite and NA
nitrate

Potentially all Potentially all of
of the above the above

NPDES

NPDES, effluent
reuse (land
application)
permit, subsurface
disposal permit,
and/or SDWA
source water
protection

Potentially all of
the above

NPDES = National Pollutant Discharge Elimination Sywstem; TP = total phosphorus; TN = total nitrogen; TIN = total inorganic
nitrogen; TKIN = total Kjeldahl nitrogen; SDWA = Safe Drinking Water Act; and NA = not applicable.
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Criteria into Water Quality Standards (2001). The U.S. EPA issued a series of techni-
cal guidance documents for developing criteria for various water body types (lakes,
reservoirs, rivers, streams, estuaries, and coastal waters), as well as recommended
nutrient criteria for most ecoregional areas (the country was divided into 14 nutrient
ecoregions) (U.S.EPA, 2002). The objective of the nutrient policy is to have the states
develop and implement numeric nutrient criteria.

There are two different approaches for the development of numeric nutrient cri-
teria. One approach is referred to as “effects-based,” wherein a process-based (deter-
ministic) relationship between nutrient concentrations in water bodies and adverse
effects is used to determine an acceptable nutrient level for a water body type. This
typically is accomplished with a receiving water quality model. Another procedure is
to establish empirical or statistical relationships between nutrient concentrations and
effects. The effects of pollution may be indicated by levels of algae growth (measured
by chlorophyll ), turbidity or water clarity, aquatic species diversity (relative abun-
dance of desirable/sensitive species versus tolerant species), dissolved oxygen lev-
els, and magnitude of dissolved oxygen swings. Determination of criteria using this
approach requires a significant amount of field monitoring or modeling. The physical
attributes of the water bodies, such as shade/solar input, and stream/river bottom
conditions, also affect potential nutrient effects further complicating this approach.
In fact, in states that have established biological water quality criteria, the water body
will not attain its required WQS unless the physical habitat is adequate. Ideally, a
cause-and-response relationship would be determined with sufficient statistical con-
fidence that numeric nutrient criteria could be developed using this approach. In
practice, however, this may be difficult. In 2009, U.S. EPA developed a draft guidance
document for empirical approaches to determine stressor-response relationships to
derive numeric nutrient criteria. U.S. EPA’s Science Advisory Board reviewed the
draft guidance and concluded that the draft document needed significant revision
before release to appropriately use a weight-of-evidence approach to establish causal
relationships between nutrients and their effects for criteria derivation (U.S. EPA
SAB, 2010). Development of appropriate guidance for derivation of numeric nutrient
criteria remains a work in progress as of the publication date for this publication.

The U.S. EPA earlier recommended another approach for development of
numeric criteria that can be referred to as “reference-based.” In this approach, a sur-
vey of nutrient concentrations in water bodies unaffected by humanmade nutrient
inputs is used to determine nutrient levels at which no overenrichment or eutro-
phic conditions exist (U.S. EPA, 2002). Although this approach requires substantially
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less data collection and evaluation—at least in states or ecoregions for which exten-
sive data already exist to define reference concentrations with robust statistical
certainty—it ignores the question of what levels of nutrients cause adverse effects in
specific receiving water bodies. The U.S. EPA-recommended reference-based nutri-
ent criteria published in its technical guidance documents for each ecoregion are low
concentrations, which would in many cases result in effluent limits approaching or
even beyond a reasonable treatment technology capability.

As of the writing of this MOP, few if any of the states have adopted U.S. EPA’s
reference-based criteria recommendations. Most states are in the process of collecting
data, and a few states are developing criteria based on recent data collection using
the effects-based approach. Within a few years it can be expected that most states will
have developed effects-based numeric criteria for nutrients with a means of applying
them to specific watersheds or ecoregions. Nonetheless, it is expected that many of
the criteria values will be very stringent and in some cases may be below the capabil-
ity of available and reasonably affordable treatment technologies. Hence, implemen-
tation of future nutrient criteria may be challenging for the states to accomplish, and
may be especially difficult for small communities to afford.

The U.S. EPA has also recommended that development of nutrient criteria should
include both “causal” pollutants (nitrogen and phosphorus) and “response” pollut-
ants (chlorophyll 2 and transparency).

As described in Chapter 1, organic nitrogen and ammonia are nitrified (oxi-
dized) in aquatic environments. If concentrations of these forms of nitrogen are
high enough, then naturally occurring nitrification in water bodies may result
in dissolved oxygen sags below the numeric criteria for dissolved oxygen. This
nitrogenous oxygen demand typically is predicted with water quality models, and
WQBELS are established in permits such that the dissolved oxygen criteria will be
protected.

3.2 Regional Regulation of Nutrients

Nutrient regulations have been developed in some major regional areas with sig-
nificant nutrient-related water quality impairments. Four examples of such regional
regulations are outlined below.

3.2.1 Great Lakes Watershed

The United States and Canada signed the Great Lakes Water Quality Agreement of
1978 and subsequently agreed to the Phosphorus Load Reduction Supplement in
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1983 (U.S. EPA, 2008). One significant provision of this agreement includes the estab-
lishment of a total phosphorus effluent limit of 1.0 mg/L for all municipal WWTPs
discharging more than 3.8 ML/d (1 mgd). The agreement also calls for additional
measures as necessary to meet further phosphorus loading reduction goals.

Monitoring and assessment of Great Lakes water quality is ongoing. Depending
on future water quality and nutrient loadings, it is possible that there could be more
stringent effluent limits for WWTPs discharging into the Great Lakes watershed in
the future.

3.2.2 Chesapeake Bay Watershed

Maryland, Pennsylvania, Virginia, the District of Columbia, and U.S. EPA cre-
ated a regional partnership, the Chesapeake Bay Program (2010), by signing the
Chesapeake Bay Agreement of 1983. The original partner states were joined in 2000
by Delaware, New York, and West Virginia—states that include upstream tributar-
ies to the watershed. In 1987, the partner states agreed to reduce total annual nitro-
gen and phosphorus loads into the watershed from all sources (point and nonpoint)
by 40% from 1985 levels. Subsequently, under the 2000 Chesapeake Bay Agreement,
the partner states agreed to further reduce nutrient loads from all sources, including
WWTPs.

Under the current strategy, incorporated by the partner states to their respec-
tive regulations, dischargers to the Chesapeake Bay watershed receive total nitrogen
and total phosphorus technology-based effluent limits according to their installed or
required level of treatment technology. Permits typically have annual average load
limits, with discharge concentration and flow reporting requirements. Regulations
are similar for the various watershed partner states. Nutrient load goals have been
established for each of the sub-watersheds by state within the overall Chesapeake
Bay watershed. The states have established individual strategies to achieve overall
goals by reducing point and nonpoint source loads.

Maryland, Pennsylvania, and Virginia, with a combined contribution of
more than 90% of total nitrogen and phosphorus loads to the Chesapeake Bay,
have established somewhat different implementation strategies for WWTP efflu-
ent load limits. Maryland requires that the “significant dischargers” implement
enhanced nutrient removal (ENR) treatment technology to achieve effluent loads
based on effluent limits of 3.0 mg/L total nitrogen and 0.3 mg/L total phospho-
rus. Pennsylvania has established annual load caps based on effluent limits of 6.0
mg/L total nitrogen and 0.8 mg/L total phosphorus at existing design flow for all
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significant dischargers. Virginia has established slightly different load allocations
for its five tributary basins, varying from effluent loads based on 3.0 to 4.0 mg/L
total nitrogen, and 0.3 mg/L total phosphorus. Some flexibility is provided for spe-
cific treatment facilities within different tributary basins. In some instances, WWTPs
are required to enhance existing biological nutrient removal treatment to ENR tech-
nology; in others, the ENR technology requirement may be applied only to new
or expanded facilities. The Chesapeake Bay Program includes ongoing monitoring
and assessment, and depending upon future water quality and nutrient loadings,
it is possible that there could be more stringent future effluent nutrient limits for
Chesapeake Bay watershed WWTDPs.

3.2.3 Mississippi River/Gulf of Mexico Watershed

The Mississippi River/Gulf of Mexico Watershed Nutrient Task Force (2010), con-
sisting of members from federal and state agencies, was established in 1997 as part
of a plan to address hypoxia in the Gulf of Mexico. Following scientific assessment
of the causes and consequences of Gulf hypoxia, the task force developed an action
plan (Mississippi River Task Force, 2001). The plan proposed long-term goals and
strategies to reduce, mitigate, and control Gulf hypoxia. A second assessment report
was produced by the U.S. EPA SAB in 2007, which updated understanding of causes
and consequences and evaluated options for reducing the size of the hypoxia zone.
The 2007 SAB report concluded that WWTPs represent a more significant source
of nitrogen and phosphorus than previously identified. The report concluded that
making point-source effluent nutrient limitations more stringent may offer the
most certain short-term and cost-effective opportunities for nutrient reductions. It
recommended, however, further cost analysis for nonpoint source reduction. The
SAB panel report recommended that: “Tighter limits on N and P effluent discharge
concentrations for major sewage treatment plants, together with concomitant reduc-
tions in nutrient discharges from non-domestic sewer users, should be considered,
following an analysis of the cost and technical feasibility for a particular basin”
(U.S. EPA SAB, 2007).

The Nutrient Task Force also prepared an updated action plan in 2008 (Mississippi
River Task Force, 2008). Neither the 2001 nor 2008 plans proposed new regulations or
laws for the various actions recommended. The plan proposes that regulatory agen-
cies use existing laws and consider revision of existing regulations within the author-
ity of current laws. Hence, new regulatory controls or other requirements for WWTPs
have not been proposed.
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3.2.4 Long Island Sound

Long Island Sound, situated between the states of Connecticut and New York, has
experienced significant hypoxia caused by excess nitrogen loading, primarily from
point sources. A nitrogen TMDL developed by the two states and U.S. EPA was
approved in 2001, with a goal to reduce overall nitrogen loading to Long Island
Sound 58.5% by 2014 (relative to 1990 baseline). Both states are implementing strate-
gies to achieve their respective loading reductions allocated by the TMDL.

Connecticut’s control strategy includes a point-source to point-source trad-
ing program to reduce nitrogen loadings from the 79 publicly owned WWTPs that
discharge to Long Island Sound (2010). All treatment plants are required to comply
with their permitted annual mass loading, or they must purchase equivalent nitrogen
credits equal to the amount by which the facility’s discharge exceeds their allowable
load limit. An initial level of permit load limits was set for 2009, and more stringent
limits were set for 2014. The state established a nitrogen credit exchange as a mecha-
nism to implement this trading program and attain the TMDL goal. The exchange
sets the price of an equivalent nitrogen credit each year, based on total treatment
costs (capital plus operational) for all nitrogen removal facilities in the watershed.
Each treatment plant either generates credits to sell based on their nitrogen removal
to a level below their permit load limit, or must purchase credits equal to their dis-
charge in excess of their allowable limit. The cost of credits has increased as the cost
of nitrogen removal facilities has increased, and will continue to increase both with
rising operational costs and as more WWTPs construct additional facilities to attain
the more stringent 2014 load limitations.

3.3 Surface Water Quality Criteria Related to Ammonia

Ammonia can be toxic to most aquatic organisms. Accordingly, ammonia water
quality criteria were developed by U.S. EPA in 1984, and subsequently updated in
1992 and 1999 as new toxicological information became available. Ammonia criteria
are a function of both pH and temperature. Unionized ammonia (NHj;), and not the
ammonium ion (NH,*), is the principal toxic form of ammonia. Aqueous ammonia
equilibrium is affected by pH, causing the fraction of unionized ammonia in solu-
tion to increase as pH increases. Hence ammonia toxicity increases as pH increases.
Ammonia toxicity also has been shown to increase as temperature increases. Current
nationally recommended water quality criteria for ammonia are published on the
U.S. EPA Web site (U.S. EPA, 2009b).
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Nearly all states have adopted U.S. EPA criteria for ammonia toxicity, although
some still are using the 1984 or 1992 criteria, and have not yet adopted the 1999 ver-
sion. There are some significant differences between these versions of the criteria, as
illustrated in Table 2.2.

In 2004, U.S. EPA published in the Federal Register (2004) a Notice of Intent to
Re-Evaluate the Aquatic Life Ambient Water Quality Criteria for Ammonia. The U.S.
EPA sought submittal of additional scientific data on the toxicity of ammonia to a
certain family of freshwater mussels (known as “unionids”). This family has an early
parasitic larval life stage (glochidium) that floats in the water for a few seconds or
days until it attaches to gills or fins of fish. This short-duration glochidium stage has
been shown in recent studies to be most sensitive to ammonia. Based on these studies,
U.S. EPA proposed updated draft national recommended criteria for ammonia (U.S.
EPA, 2009a) that include different values applicable when freshwater mussels are
either present or absent. These draft values have not been finalized as of the publica-
tion date of this MOP. However, if these criteria are approved, they will likely have a
significant effect on some dischargers because chronic criteria applicable when mus-
sels are present are substantially more stringent than existing recommended criteria.
Refer to the values shown in Table 2.2.

TABLE 2.2 Comparison of U.S. EPA recommended ammonia toxicity criteria.*

Draft 2009
Freshwater Freshwater

Temperature, °C 1984 1992 1999 mussels present mussels absent

Acute criteria, mg/L as N
15 12.2 — 13.3 15.6 23.6
20 12.0 — 13.3 10.3 17.8

Chronic criteria, mg/L as N
15 1.7 2.1 42 0.88 6.3
20 1.2 1.5 3.1 0.63 4.6

*All values shown are at a pH of 7.5; 1999 values shown assume salmonids and early life
stages present.
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3.4 Drinking Water Criteria

Federal standards for drinking water quality are set by U.S. EPA under the author-
ity of the Safe Drinking Water Act (SDWA) and must be adopted and enforced by all
states. These standards apply at the tap. In addition, under the CWA, states promul-
gate ambient surface water criteria to protect water bodies for drinking water quality
where that is a designated use. These criteria apply in the water body, not at the tap.
As a result, drinking water criteria under the CWA are not necessarily the same as
SDWA standards.

For nitrogen, the primary concern historically has been with nitrite and nitrate
in relation to their potential to cause methemoglobinemia in infants up to six months
in age (also referred to as cyanosis or “blue baby syndrome”). The U.S. EPA’s rec-
ommended nitrate criterion for drinking water supplies under the SDWA and CWA
is 10 mg/L (as N). Nitrate, when ingested, is converted within the body to nitrite.
Nitrite reduces the amount of oxygen in the baby’s hemoglobin, which can cause
shortness of breath and blueness of the skin. Because approximately 10% of ingested
nitrate is converted to nitrite by infants, U.S. EPA has set the drinking water standard
for nitrite at 1.0 mg/L (as N).

All states have adopted these nitrate and nitrite criteria for surface waters des-
ignated for drinking water and for groundwater aquifers that are used for drinking
water. As indicated in Table 2.1, surface waters that are not directly used for drinking
water but that influence groundwater supplies and are used for that purpose may be
regulated accordingly. To date, this has occurred in several arid states in the western
United States.

For phosphorus, the primary concern historically has been related to the adverse
effects of eutrophication, including the taste and odor effects of algae, the formation
of chlorinated organics, and more recently the potential for algal-produced toxins.
Thus, the control of these effects on drinking water supplies is addressed by control
of eutrophication, as discussed elsewhere in this chapter.

4.0 NATIONAL POLLUTANT DISCHARGE
ELIMINATION SYSTEM PERMITS

In all but a few states, the NPDES program has been delegated to the respective state
water quality agency. The CWA defines the overall framework for each state pro-
gram, resulting in similarities between the various state processes and permits. A
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good overall reference for the basic components and procedures used for NPDES per-
mits is contained in the U.S. EPA’s Permit Writers Manual (U.S. EPA, 1996). But it is
important to recognize that there can be substantive differences between states, par-
ticularly in procedures for evaluating the need for and calculation of WQBELs. Thus,
the user of this MOP is cautioned to research and understand the permitting methods
specific to the applicable state in which the discharge is or will be occurring.

4.1 Water-Quality-Based Permit Limits

It is important to understand that WQBELSs are not automatically included in all
NPDES permits for all promulgated numeric criteria. Rather, the permitting agency
first evaluates the need for such limits in each individual permit. For nitrogen and
phosphorus parameters related to eutrophication and dissolved oxygen, this histori-
cally has been accomplished by receiving water quality modeling, either as part of
permit-specific WQBELs evaluation or via a TMDL process. If the model shows that
criteria would not be met at existing or proposed effluent quality, then WQBELs will
be needed and are established.

For potentially toxic pollutants, including ammonia, this evaluation includes
what is referred to as a “reasonable potential to exceed analysis.” This analysis typ-
ically includes a statistical projection of the maximum probable effluent concentra-
tion, and if that concentration exceeds the WLA, then a WQBEL is needed. In most
states, this analysis typically uses statistical methods contained in U.S. EPA’s (1991)
Technical Support Document for Water Quality-Based Toxics Control, often referred to
as the TSD, or similar procedures. This TSD methodology estimates the maximum
probable effluent concentration based on the coefficient of variation and number of
effluent samples in the database.

If the RPA demonstrates that WQBELs are needed, then the next step in deter-
mining the limits is to calculate the WLA to meet acute and chronic aquatic life and /
or human health criteria in the water body. The WLA is the pollutant concentration
in the effluent that could be discharged while still meeting the criteria. This is done
using mass balance equations. The general mass balance, steady-state equation used
for calculating the WLA of a conservative substance discharged to a river, stream, or
unidirectional reservoir is as follows:

WQC x (Q, +(Q, * M) - (C, xQ, xM))
Q. 2.1

WLA =
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Where,

WLA = wasteload allocation for a point-source discharge; calculated separately for
each type of WQC (i.e., acute, chronic, human health, etc.), concentration;
WQC = water quality criterion, concentration;
Q. = effluent design flow;
Q. = receiving water design flow;
C, = background concentration in the receiving water; and
M = fraction of receiving water flow allowed for mixing, as described in the
mixing zone policy within the state WQS.

Types of WLAs include

WLA, = WLA for aquatic life acute WQGC;
WLA. = WLA for aquatic life chronic WQC; and
WLA, = WLA for human health WQC.

For discharges to oceans, estuaries, lakes and multidirectional reservoirs, the
equation is:

WLA = (D + 1)(WQC) - D x C, 2.2)

Where,
D = dilution factor at mixing zone boundary, as described in the mixing zone
policy within the state WQS;

WQC = water quality criterion, concentration; and

C, = background concentration in the receiving water.

Derivation of WQBELSs for ammonia toxicity typically follows U.S. EPA’s TSD, or
similar procedures. This TSD methodology translates the WLAs calculated as shown
above into monthly, weekly, or daily average permit limits using statistical proce-
dures based on effluent variability and number of samples collected per month.

As noted above, the evaluation of the need for WQBELSs for eutrophication and
dissolved oxygen are typically from TMDLs or modeling exercises. The WQBELSs
themselves also are derived from this exercise. The averaging periods for these types of
WQBELSs are typically seasonal, monthly, or weekly, depending on the timeframe asso-
ciated with the water quality criterion to be protected. One important recent develop-
ment that has arisen as a result of litigation (U.S. Court of Appeals for the D.C. Circuit
in Friends of the Earth, Inc. v. EPA, et al., No. 05-5015.) is that TMDLs must include



Regulation of Nutrients in the Effluents of Wastewater Treatment Plants

an expression of allocations in daily units even if the TMDL is based on a seasonal or
annual average target, as is typically the case with nutrient TMDLs. The U.S. EPA (2006)
has made it clear, however, that NPDES permit limits derived from such TMDLs do not
have to be maximum daily limits, and thus annual, seasonal, monthly, or weekly limits
may be more appropriate. Statistical procedures described in the TSD can be used to
translate receiving water targets into permit limits of different averaging periods.
Whether permit limit averaging periods are established for one day or for longer
periods is significant because treatment process performance will vary significantly
in response to several factors, particularly seasonal temperature differences. Hence
a daily average load limit based on a specific concentration value would be signi-
ficantly more difficult to consistently achieve throughout the year than an annual
average load limit based on the same concentration value. Typically, regulatory agen-
cies have recognized this with respect to nutrients that total annual or seasonal loads
are of greater significance to receiving water body quality than a single daily load.

4.2 Monitoring, Reporting, Compliance, and
Enforcement Requirements

Routine monitoring is required for all parameters for which the permit contains efflu-
ent limits, whether water-quality- or technology-based. For nitrogen and phospho-
rus, the frequency of monitoring is highly variable depending on the policies and
procedures of the responsible permitting agency. Monitoring may be daily, weekly,
monthly, seasonal, or annual, depending on the averaging periods of the WQBELs
and other circumstances.

The NPDES permit reporting includes, at a minimum, monthly discharge moni-
toring reports. These reports include results of all sampling and analyses that occurred
during that particular calendar month. In addition, some permits may include other
specific reporting requirements or milestones such as an annual report summarizing
annual nutrient loading, seasonal, or annual water quality credit trading activity, or
progress toward meeting a schedule of compliance.

The U.S. EPA and every state have extensive CWA-related compliance and
enforcement programs. State authorities, penalties, and fines vary but may be assessed
in addition to federal penalties and fines. Thus, the cost of noncompliance given the
combination of federal and state enforcement authorities can be substantial.

In addition, the CWA authorizes third-party citizen suits that can be brought
against any entity that is violation of the CWA or its NPDES permit. This substan-
tially escalates the potential liability associated with noncompliance.
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50 WASTEWATER REUSE AND SUBSURFACE
DISPOSAL PERMITS

Municipal wastewater reuse via land application is a common practice today, partic-
ularly in the arid western United States. This practice is likely to become even more
prevalent as water becomes scarcer and landscape irrigation becomes an increasingly
attractive use of treated wastewater. In addition, subsurface disposal already is prev-
alent for smaller onsite community wastewater systems. This approach may become
even more prevalent as an alternative to costly surface storage during the non-
irrigation season in the arid West or as a way to provide hyporheic discharge oppor-
tunities in areas like the Pacific Northwest to mitigate the effects of warm effluents
on coldwater streams and rivers. The hyporheic zone is a subsurface region beneath
and adjacent to a stream or river bed where groundwater and surface water mix.
Land application and subsurface disposal permits are issued by the state water qual-
ity agencies, sometimes via NPDES or state-enabled permitting authority.

To protect groundwater supplies from excessive inputs of nitrogen (in large part
to prevent nitrate accumulation to levels greater than 10 mg/L), most states require
that wastewater be applied at or near agronomic rates associated with the crops and
soils at the application site. The agronomic rate is the application rate designed to
provide the amount of nutrients needed by the crop or vegetation grown on the land.
This practice minimizes the amount of nutrients that pass below the root zone of the
crop or vegetation and into the groundwater. The agronomic application of phos-
phorus has become more of an issue in some states and watersheds because of the
interconnection between some groundwaters and surface waters and the effects of
phosphorus on surface waters. In many cases, the size of the application site can be
adjusted to account for the nitrate concentration in the effluent, thus not necessarily
requiring low concentrations of nitrate in the effluent. Other land application sites
are size-constrained, however, or will be as population growth occurs.

Subsurface disposal practices typically are regulated such that nitrite/nitrate stan-
dards in groundwater supplies and aquifers will not be exceeded. This may be dem-
onstrated by technical analyses showing that standards will be met at the property
boundary or that dilution or attenuation will occur before effluent reaching an aquifer.

Wastewater reuse and subsurface disposal permits have many similarities to
NPDES permits in relation to monitoring, reporting, compliance, and enforcement. The
primary difference is that the groundwater resource is being protected, which means
that groundwater and soils monitoring typically is part of the permit, and hydraulic
and nutrient application rates and cropping practices also must be reported.
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1.0 NITROGEN REMOVAL

This chapter presents an overview of various nutrient removal processes. The reader
is referred to other chapters for a more detailed description of the theory and spe-
cific applications of the various processes. The processes described in this chapter are

grouped as follows:

e Target nutrient removed—nitrogen and phosphorus.

® Mechanism of removal—physical, chemical, and biological.

® Performance and selection of nutrient removal processes to achieve various

Table 3.1 summarizes various options for removing or converting nitrogen from one

treatment levels.

species to another. Five processes are available to remove nitrogen completely:

1)

2

3

Conversion of nitrogen to mostly nitrogen gas, N,(g), but also a small
amount of nitrous oxide, N,O(g), and nitric oxide, NO(g), which escapes
into the atmosphere. This is achieved in biological treatment systems (nitri-
fication followed by denitrification or simultaneous nitrification/denitrifica-

tion) or chemically (using breakpoint chlorination).

Biological uptake of nitrogen for the growth of biomass followed by efficient

solids removal.

Removal of ammonia from the water through NH;(g) stripping at a high pH.
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TaBLE 3.1 Nitrogen removal and conversion processes (courtesy of HDR

Engineering Inc.).

Initial species

Process

Ultimate species

Organic-N

Ammonia, NH,*-N

Nitrite, NO,~-N

Ammonia, NH,*-N
and Nitrite, NO,”-N

Nitrate, NO;~-N

rDON

Ammonification—biological conversion
of organic nitrogen to ammonia

Biological nitrification
Biological nitrition
Stripping at high pH

Biological uptake during bacterial
growth

Breakpoint chlorination

Ion exchange will exchange ammonia
for another cation

Denitritation

Anammox

Biological denitrification

Ion exchange will exchange nitrate for
another anion

Reverse osmosis
Chemical coagulation/filtration
Oxidize rDON

Ammonia, NH;*-N

Nitrate, NO;~-N
Nitrate, NO, -N
Ammonia gas, NH;(g)

Organic nitrogen (biomass)

Nitrogen gas, N,(g)
Chemically bound

Nitrogen gas, N,(g)
Nitrogen gas, N,(g)

Nitrogen gas, N,(g)
Chemically bound

Phase separation of rDON
Adsorb/filter

Convert to biodegradable
nitrogen

rDON = refractory dissolved organic nitrogen.

(4) Ion exchange to chemically exchange nitrogen ions as NH," or as NO;™ using

a cation or an ion-exchange resin, respectively. For example, the naturally

occurring zeolite clinoptilolite has a greater selectively toward ammonium

over competing cations.

(5)  Membrane separation processes such as nanofiltration or reverse-osmosis

membranes to remove particulate and dissolved nitrogen species. Efficiency

varies with the type of membrane and nitrogen species. lon separation
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membrane processes such as reverse osmosis will remove all particulate
and many soluble nitrogen species from water. Particulate nitrogen such as
organic particles, including bacteria, is removed with all solids separation
processes. Note that reject streams from membrane processes still contain
the nitrogen and needs to be treated or disposed.

1.1 Biological Nitrogen Removal

Nitrogen in raw wastewater consists mostly of organic nitrogen and ammonia.
Biological nitrogen removal (BNR) is achieved through a series of biochemical reac-
tions that transform nitrogen from one form to another. Figure 3.1 summarizes the
various processes that can be used to remove nitrogen from wastewater.

Nitrogen Removal
Biological Physical/Chemical

Hybrid 4Breakpoint Chlorination |
Nitrification * SBC Ammonia Stripping

* Trickling Filter * |FAS
*MBBR 4 lon Exchange

Suspended Growth

Nitrification only
* Activated sludge
* Extended Aeration

* Biologically Active Filter

* Oxidation Ditch

* Phased Operation
* Simultaneous NDN
*SBR

* Sharon

* Anammox

L\l {/t\//laﬁprlr:zzcatlon Denitrification LVI ﬁr;qbrane Separation
* Ludzack Ettinger * Submerged Biological Filter *RO

*MLE oMBBR ~|*EDR

* (4 stage) Bardenpho * Deplt_nfylng filter

* Step feed * Fluidized Bed

FiGure 3.1 Typical processes used for nitrogen removal (EDR = electrodialysis
reversal; IFAS = integrated fixed-film activated sludge; MBBR = moving bed bio-
film reactor; NDN = nitrification-denitrification; NF = nanofiltration; RO = reverse
osmosis; SBC = sequencing batch reactor; and SBR = sequencing batch reactor)
(courtesy of HDR Engineering Inc.).
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1.1.1 Biological Nitrogen Transformations

Biological processes can be described in terms of the nitrogen species consumed or
produced in the process. The key nitrogen species and transformations are shown
in Table 3.2. Oxidation and reduction of the nitrogen species often change the alka-
linity in the water. Nitrification consumes alkalinity (7.14 mg alkalinity /mg NH,-N
oxidized) and denitrification returns alkalinity (3.57 mg alkalinity/mg NO;-N
reduced). The consumption of alkalinity during nitrification can lead to a reduction
in pH in the liquid, which, in turn, could affect the biological nitrification rate.

1.1.1.1 Organic Nitrogen
Organic nitrogen is present in wastewater in particulate or dissolved form.
Particulate organic nitrogen includes biomass grown in the process and other

TaBLE 3.2 Biological nitrogen removal and conversion processes (courtesy of HDR
Engineering Inc.).

Initial species Process Ultimate species

Organic-N Ammonification—biological conversion =~ Ammonia, NH,*-N
of organic nitrogen to ammonia decay
products from biological treatment

A fraction of the DON is not Dissolved organic
biodegradable in the process and nitrogen, both bDON and
appears in the effluent as rDON rDON

Ammonia, NH,*-N Biological ammonia oxidation, first step Nitrate, NO,” -N
in nitrification using AOB

Biological nitrification—in reality the Nitrate, NO,™ -N
sum of ammonia and nitrite oxidation

Biological uptake during bacterial growth Organic nitrogen (biomass)

Anammox—direct oxidation of Nitrogen gas, Ny,
ammonia to nitrogen gas using nitrate

Nitrate, NO, -N Nitrite oxidation using NOBs Nitrate, NO;~-N
Denitrification of nitrite Nitrogen gas, Ny,

Nitrate, NO;~-N Biological denitrification Nitrogen gas, N,(g)
Biological uptake during bacterial Organic nitrogen (biomass)
growth

AOB = ammonia oxidizing bacteria; bDON = biodegradable dissolved organic nitrogen;
rDON = refractory dissolved organic nitrogen; and NOB = nitrite oxidizing organism.
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particulate organic nitrogen in the influent. Dissolved organic nitrogen (DON)
is present in the influent and can also be produced as a byproduct of biological
treatment.

DON is often more challenging. A portion of soluble organic nitrogen is typically
degradable in biological treatment systems and is considered “biodegradable DON”
or bDON. Nevertheless, the remaining portion of the DON is not readily removed
through biological processes and remains in the effluent following biological treat-
ment. This remaining DON fraction is sometimes referred to as “refractory dissolved
organic nitrogen” (rDON) or “non-biodegradable DON” (non-bDON). Both rDON
and non-bDON species often are present in the influent to the WWTP but also can be
formed as a byproduct of the biological process (Pehlivanoglu-Mantas and Sedlak,
2006). The “biodegradability” referred to above refers to microbial communities in
the biological wastewater treatment processes. Another important aspect related to
rDON is its bioavailability to receiving aquatic ecosystems. Although some earlier
studies have indicated that wastewater-derived rDON can potentially be utilized by
phytoplankton (e.g., algae), its impact on stimulated algal growth, species selection,
and succession is still largely unknown (Bronk, 2002; Koopmans and Bronk, 2002;
Minor et al., 2006; Pehlivanoglu-Mantas and Sedlak, 2006) (see also discussion in
Chapter 1).

Organic nitrogen poses a significant challenge to achieving low total nitrogen
concentrations. Particulate organic nitrogen can be removed through solids sepa-
ration processes such as clarifiers, filters, and membrane processes. Biodegradable
organic nitrogen (both particulate and dissolved) can be removed through biological
treatment by hydrolyzing the organic nitrogen to ammonia. A portion of the organic
nitrogen is resistant to biological treatment and cannot be removed in a typical bio-
logical wastewater treatment process and will appear in the effluent. Chemical coagu-
lation with subsequent solids separation can remove some colloidal organic nitrogen
that appears to be part of the rDON fraction.

1.1.1.2 Ammonia

Ammonia is readily oxidized to nitrate in a biological nitrification—the conversion of
ammonium, NH,?, to nitrite, NO,", and finally to nitrate, NO,™. Nitrition, the conver-
sion of ammonia to nitrite, is performed by ammonia oxidizing bacteria (AOB). The
main AOB grown in activated sludge are represented by Nitrosomonas sp. Further
oxidation of nitrite to nitrate is carried out by nitrite oxidizing organism (NOB),
typically Nitrobacter sp. (converting nitrite to nitrate). Modern molecular-based
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technology allowed identification of diverse groups of AOB and NOB: AOB include
the beta and gamma subclasses of proteobacteria (B- and y-AOB, respectively), and
NOB of the genera Nitrobacter, Nitrococcus, Nitrospira, and Nitrospina. Only three
major groups, however, are expected to be found in wastewater treatment—AOB
within betaproteobacteria and NOB of the genera Nitrospira and Nitrobacter (Koops et
al., 2003; Purkhold et al., 2000; Schramm, 2003). Typically, autotrophic nitrifying bac-
teria are more sensitive to environmental conditions such as temperature, pH, and
toxins than heterotrophic bacteria. In typical nitrification systems, the kinetics of the
overall process are limited by the ammonia oxidation step, and nitrite is rapidly con-
verted to nitrate by NOB. As a result, minimal nitrite (<0.2 mg/L) typically is found in
full-scale facilities when nitrification is stable.

1.1.1.3 Nitrite

Nitrite is not typically found in raw wastewater but is produced by oxidation of
ammonia by AOB and during incomplete nitrate denitrification. Typically, nitrite is
rapidly oxidized to nitrate by NOB. These organisms are sensitive to environmental
changes (pH and dissolved oxygen in particular), and nitrite oxidation can be limited
under adverse environmental conditions. Nitrite is an undesirable product because it
interferes with chlorine disinfection (Neethling et al., 1997).

Nitrite can be reduced to nitrogen gas through denitrition. BNR via the nitrite
pathway is desirable because the elimination of nitrite oxidation reduces the oxy-
gen requirement by approximately 25% and decreases the external carbon source
demand (for subsequent denitrification) by approximately 40%. In addition, it has
been reported that denitrition rates with nitrite are 1.5 to 2 times greater than with
nitrate (Abeling and Seyfried, 1992). Furthermore, less sludge is produced (0.8 to
0.9 versus 1 to 1.2 kg dry weight/kg-N, according to Mulder, 2003). The realiza-
tion of stable nitrite formation by selecting AOB is based on differences in growth
rate, oxygen affinity, or inhibition characteristics between AOB and NOB. Among
these approaches is the single reactor high activity ammonia removal over nitrite
(SHARON) process (Hellinga et al., 1998). This approach is designed to achieve sta-
ble nitrification/denitrition over nitrite and is in operation at several full-scale reac-
tors. Partial nitrification and denitrition over nitrite has gained attention lately. The
SHARON reactor is operated at a high temperature (30—40°C), a neutral pH (approx-
imately 7.0), and a short solids retention time (SRT) of less than 1 to 2 days. Under
these conditions, NOB grow slower than AOB, so that they are washed out from the
reactor (Mulder et al., 2006).
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1.1.1.4 Nitrate

Nitrate is the stable product of complete nitrification. In the absence of dissolved
oxygen, bacteria will use nitrate as a terminal electron acceptor and convert nitrate
to nitrogen gas through a process commonly called denitrification. Denitrification
requires nitrate, a carbon source, the right bacteria, and absence of dissolved oxygen.
The denitrification rate depends primarily on the availability of an electron donor
(carbon source) to drive the biological reaction.

Denitrification occurs under two distinct conditions:

(1) Rapid denitrification is achieved when an external substrate (such as bio-
chemical oxygen demand [BOD] in wastewater or methanol) is available
for bacterial growth. Substrate level denitrification is relatively rapid and
proceeds typically at 0.03 to 0.11 kg NO;~N/kg VSS-d (Soap and Detergent
Association, 1989). The concentration of available substrate (food-to-
microorganism ratio) and the type of substrate will affect the denitrifi-
cation rate. The chemical oxygen demand (COD) requirement to remove
each unit amount of NO;-N (COD/NO;) depends on the yield and the
SRT.

(2)  Slow denitrification occurs when bacteria use nitrate under conditions when
the external substrate is low; commonly referred to as “endogenous-level
denitrification.” Microbial decay and lysis provide an external carbon source
for denitrification under endogenous-dominated conditions. Endogenous-
level denitrification is slow and proceeds typically at rates between 0.01
and 0.03 kg NO;~-N/kg VSS-d (Stensel, 1981). Endogenous-level denitrifica-
tion rates are related to mean cell residence time (MCRT), or the active mass
fraction.

Nitrate can also be used as a nutrient to support biological growth when ammo-
nia is not present in significant amounts.

1.1.2 Nitrogen Removal in Nonbiological Nutrient Removal Processes

Nitrogen is an essential nutrient for biological growth. Ammonia and nitrate often
are used by bacteria (and other organisms) for growth. Biological treatment pro-
cesses that are not designed for nutrient removal will, therefore, remove nitro-
gen as part of the normal biological growth. Biomass typically contains 7% to
10% nitrogen (on volatile solids basis) (Water Environment Research Foundation
[WERF], 2003).
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1.1.3 Suspended-Growth Processes

The activated-sludge process is a typical suspended-growth system, where bacteria
are kept in suspension under appropriate conditions to allow them to grow and con-
sume pollutants from the water. Nitrification can be separated from carbon oxidation
(BOD removal) in activated-sludge plants in a two-stage process by using a high-rate,
first-stage activated-sludge process for BOD removal followed by a low-rate nitrifica-
tion stage. Denitrification was added as a tertiary biological treatment stage, typically
with addition of an external carbon source such as methanol.

Many current suspended growth processes rely on simultaneous BOD removal,
nitrification, and denitrification integrated into one process. Suspended growth sys-
tems are designed to provide the appropriate environment and nutrients by adjust-
ing aeration intensity and recycling nutrients. Aeration intensity is used to create
aerobic conditions for nitrification and BOD oxidation; anoxic conditions (no aera-
tion) for denitrification; micro-aerobic conditions (very low dissolved oxygen) for
simultaneous BOD and ammonia oxidation and denitrification; or phased operation
(turning aeration on and off sequentially) to nitrify and denitrify in separate phases
(Neethling, et al., 2007; WERF, 2004).

For a suspended-growth system, it is important to maintain a sufficiently high
MCRT to allow the slow-growing nitrifiers to reproduce in the aeration basin and
prevent them from being wasted out of the system. The minimum required MCRT
for nitrification is determined by temperature, pH, and other operating conditions.
When estimating the MCRT of nitrifier sludge mass, the total MCRT must be reduced
by considering only the sludge mass that is kept under aerobic conditions. This is
because nitrifiers are obligate aerobes and do not grow under anoxic or anaerobic
conditions. Those zones used for denitrification or anaerobic zones should, therefore,
not be included when calculating the nitrifier MCRT.

After nitrification is established, most activated sludge processes can achieve
effluent ammonia concentrations of less than 0.2 mg NH,*-N/L. The design and
operation of a nitrification activated-sludge system is similar to a “normal” activated-
sludge system operated for BOD removal only. Oxygen demand is significantly
higher, however, and the operator must consider the effects of decreases in alkalinity
and a possible drop in pH. Because the nitrifier growth is affected by pH, alkalin-
ity supplementation may be required. Suspended-growth plants readily can achieve
gentrification through creation of oxygen-depleted zones by replacing aeration with
mixing in some areas. If these zones, without dissolved oxygen, are created at the
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feed end of the aeration basin, then the presence of BOD in the feedwater provides
substrate for denitrification and substrate level denitrification will occur. If the zone
is created toward the end of the basin where the substrate level is low, then endoge-
nous level denitrification can occur. An external substrate, such as methanol, also can
be added to the denitrification basin to increase the denitrification rate.

Denitrification in activated-sludge secondary clarifiers potentially can lead to
the flotation of solids because the gaseous N,(g) produced in the process becomes
entrapped in the activated-sludge flocs and floats to the tank surface. Most full-scale
facilities do not experience this problem because of the low nitrate concentration in the
effluent and the low denitrification rate in the clarifier. Several methods can be used
to control rising solids: reducing NO; before the clarifier by denitrifying in the reactor,
producing a stable sludge with a long SRT, increasing the mixed-liquor dissolved oxy-
gen before the water enters the clarifier, and removing solids more rapidly from the
clarifier to reduce SRT (Siegrist et al., 1995).

1.1.4 Biofilm Processes

Biofilm (or fixed-film) processes—such as trickling filters, biological active filters
(BAFs), moving bed bioreactors (MBBRs), and rotating biological contactors—have
been used effectively for BOD removal, nitrification, and denitrification. By operating
these processes in sequence, the desired biological transformation can be achieved in
the appropriate environment.

Achieving simultaneous BOD removal, nitrification, and denitrification in a
biofilm system is more complex than in suspended growth systems because bacte-
ria are in direct competition for oxygen with heterotrophic bacteria and limited by
their attachment on the fixed media (Okey and Albertson, 1989a, 1989b). Because the
heterotrophic bacteria typically outgrow the nitrifiers, heterotrophic activity tends to
dominate in areas where the BOD is high. If the BOD loading is reduced, however,
then oxygen becomes more available for nitrifiers and nitrification starts.

Trickling filter effluent ammonia concentrations of 1 mg/L are achievable under
favorable conditions. To achieve less than this concentration, however, the confidence
level of the process decreases and additional facilities may be required to ensure that
effluent limits are met consistently. Pilot testing for specific applications should be
considered to determine process performance under site-specific conditions. At the
Reno-Sparks, Nevada, WWTP, effluent ammonia levels below 1 mg NH,*-N/L were
consistently achieved, even when the temperature of the water fell to 2°C (Parlin and
Peel, 1990). Snails scavenging the biomass remain an operational problem with nitri-
fying trickling filters.
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Nitrification in BAFs and MBBRs occurs in a more controlled environment with
aeration providing oxygen and scouring the biofilm to maintain an active layer.
These processes will produce less than 2 mg/L effluent ammonia and consistently
have demonstrated effluent below 0.5 mg/L (WERF, 2000).

Because denitrification requires the absence of oxygen, denitrification can be
achieved in biofilm reactors in a deep film or by operating in a submerged mode.
Biofilm model calculations show that the denitrification is slow in the biofilm (Sen
and Randall, 2008). Both upflow and downflow modes of operation can be used. An
external carbon source, such as methanol, is often added to increase the denitrifica-
tion rate and reduce the reactor size.

Denitrification can be achieved in filters and fluidized-bed reactors following any
nitrification process. An external substrate such as methanol typically is added to
increase denitrification rates. Koopman et al. (1990) found that complete denitrifica-
tion (effluent nitrate plus nitrite <1 mg/L) can be achieved with addition of 3.3 to
3.5 g methanol/g N. Madireddi et al. (1994) achieved nitrate concentrations below
1 mg/L in an upflow fluidized-bed reactor receiving nitrified trickling filter effluent
and adding methanol as a carbon source.

1.1.5 Hybrid Processes

Integrated fixed-film activated sludge (IFAS) processes can be used for nitrification
and denitrification (WERF, 2000). The main advantages of an IFAS system include
(1) higher capacity with a smaller footprint because of higher biomass inventory and
the decoupling of SRT and growth rates of slow growers such as nitrifiers that accu-
mulate on fixed film; (2) inherently more stable performance and resistant to loading
changes; and (3) increased capacity without increasing solids loading to the secondary
clarifiers. Many IFAS systems use a medium-bubble aeration system that requires less
maintenance than fine bubble systems. This process can be used to upgrade plants
because approximately 20% to 60% additional treatment capacity can be gained by
adding fixed-media material to existing aeration tanks. Onnis-Hayden et al. (2007)
studied a full-scale IFAS process with two stages of nitrification in series and showed
that the majority of the nitrification occurs in biofilm on the media, which allows for
retention of the slow-growing nitrifiers. Sustaining nitrification in the system depends
on both the attached and suspended mixed liquor. Incorporation of media in the sus-
pended mixed liquor increased nitrification capacity by 155% in stage 1 and by 25%
in stage 2. Benisch et al. (2009) showed that the suspended SRT is a key parameter to
sustain reliable nitrification in an IFAS system, specifically during variable loading.
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1.1.6 High-Purity Oxygen Systems

High-purity oxygen (HPO) activated sludge processes typically are used to treat
high strength wastewater or to provide compact treatment plants for BOD removal.
When used for nitrogen removal, HPO processes struggle because of the suppressed
pH and low SRT of the systems. Low pH is typically the result of CO, entrainment
associated with HPO systems and can be partially alleviated by stripping the CO,
from the water. For wastewaters with high pH, using HPO systems may provide an
advantage resulting from acid reduction for pH correction. The nitrifier population
in the HPO system can be increased by increasing MCRT. This, however, requires
additional basins and negates the benefit of compact treatment associated with using
pure oxygen. Nitrification can be achieved in a HPO system by seeding it from a
fully nitrifying system or operating a separately grown seed as used in the In-Nitri®
process (Kos et al., 2000; Neethling et al., 1998).

1.1.7 Biological Nitrogen Removal Schemes

Figure 3.2 shows several BNR schemes used to take advantage of the biological
nitrogen transformations. This is by no means a complete listing of all possible pro-
cess schemes, but it demonstrates the variety of possible ways to achieve nitrogen
removal. The columns to the right of the diagrams indicate the way by which various
schemes achieve nitrogen removal:

® Separate processes—schemes 1 to 5 show processes that can be designed to
remove a particular nitrogen species. Some modification to these basic pro-
cesses can achieve multiple objectives (e.g, some nitrification and denitrifica-
tion (NDN) in a BAF). These processes can also be added to existing facilities
to achieve nitrogen removal.

¢ Staged processes—schemes 7, 8,9, 10, and 11 show staged, sequential processes
using separate basins to create aerobic and anoxic conditions for nitrification
and denitrification. Denitrification is through substrate level or endogenous
level.

¢ Integrated nitrification/denitrification processes—schemes 12 and 13 illustrate
processes where nitrification and denitrification occur within the same reactor
by manipulating the environmental conditions.

e Emerging processes—scheme 14 showing the Sharon/anammox process; typi-
cally used for return stream treatment.
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FIGURE 3.2 Typical biological nitrogen removal schemes (NDN = nitrification—
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added for single objective (i.e., nitrification). "Phased operation to generate sequential
nitrification and denitrification in the same reactor (i.e., biodenitro, SBR) (courtesy of
HDR Engineering Inc.).
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1.2 Physical/Chemical Nitrogen Removal Processes

Nitrogen can be removed chemically by converting it to nitrogen gas, N,(g) using
breakpoint chlorination, by stripping NH;(g), by an ion-exchange process; or by
using membrane separation. Physical/chemical nitrogen removal processes typi-
cally are not used, and many of the earlier full-scale systems have been decom-
missioned. Biological processes have replaced physical/chemical nitrogen removal
systems. A brief overview of these processes is included in the following sections.

1.2.1 Breakpoint Chlorination

In breakpoint chlorination, ammonium is oxidized to nitrogen gas. The process is effi-
cient and follows a series of complex reactions where ammonia reacts with chlorine
to form monochloramine (NH,Cl), dichloramine (NHCl,), and ammonium trichlo-
ride (NCl,). In addition to nitrogen gas, other nitrogen oxidation species also form,
primarily nitrate, NO;~. Although the actual mechanisms for these reactions are quite
complex, the stoichiometry of the breakpoint reaction is simply

2NH; + 3Cl, - N, (g) + 6C1" + 8H" (3.1)

According to eq 3.1, 7.6 mg Cl,/mg NH,*-N is required to oxidize ammonium to
nitrogen gas. Because some ammonia is converted to nitrate and other oxidized nitro-
gen species, the actual practical chlorine dose is often approximately 10 mg Cl,/mg
NH,*-N. The breakpoint process produces a significant amount of acid (hydrochloric
acid [HCl]), however, which will consume alkalinity at a ratio of 10.7 mg as CaCO;/mg
NH,-N. For a typical WWTP, oxidizing a 20-mg NH,*N/L stream by breakpoint
chlorination will therefore require 152 mg Cl,/L and consume 214 mg/L as calcium
carbonate of alkalinity.

Chlorine is a highly reactive oxidant and produces other byproducts of concern.
Ammonium trichloride typically is produced during breakpoint, resulting in the
release of noxious ammonium trichloride gas. Reactions with organic compounds in
the water lead to formation of many halogenated organics, primarily trihalomethanes
such as chloroform, CHC1;. Chlorinated organic compounds are recognized as poten-
tial human carcinogens. Although monochloramine has been implicated in some
health effect and is known to cause fish toxicity, it has been used for potable water
disinfection.

Safety aspects of storage and dispensing of chlorine gas are major health and
safety concerns, making the use of large quantities of chlorine gas unacceptable for
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many public utilities. Fire and safety code requirements have placed severe restric-
tions on its use. Sodium hypochlorite is used to alleviate most safety concerns.

Full-scale applications of breakpoint chlorination as the primary means of nitro-
gen removal have largely been discontinued. Some utilities maintain the ability to
breakpoint chlorinate as an emergency backup process.

1.2.2  Air Stripping

Ammonia nitrogen can occur in water as ammonium ion, which is in equilibrium
with its conjugate base, ammonia. The equilibrium has a pK, value of approximately
9.5, as follows:

NH; =NH,,, +H' pK, =9.5 3-2)
Aqueous ammonia exists in equilibrium with its gaseous counterpart in accor-

dance to Henry’s law:
[NH3(aq)] = KH' [NHs(g)] (3.3)

The equilibrium in eq 3.2 is shifted toward the right-hand side as pH increases,
with significant amounts of unionized ammonia [NH;,] forming when the pH
exceeds the pK, value (pH > 9.5). This means that to remove ammonium ions, the
ammonium nitrogen is first converted to unionized ammonia by raising the pH and
then stripped from the liquid according to Henry’s law (eq 3.3).

Ammonia stripping can be achieved using these principles. It typically requires
a large air-to-water (A:W) ratio to achieve a high degree of nitrogen removal, with a
minimum A:W ratio for ammonia removal on the order of 1 600 m*/m?. A high safety
factor typically is used with practical attainable levels of 1 to 3 mg NH;-N/L.

Full-scale ammonia-stripping towers at South Lake Tahoe, California; at Water
Factory 21 of Orange County Water District, California; and in South Africa have
been decommissioned because of operational problems and cost. The three most sig-
nificant problems with air-stripping plants are listed below:

(1) The process is highly temperature-dependent and has failed during cold
weather; freezing has been a problem.

(2)  Scaling occurs on the tower packing, specifically with use of lime to raise pH.

(3)  The process has failed to consistently achieve a low ammonia concentration.

Although some stripping plants remain in operation, most have been replaced by
more economical BNR systems.
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2.0 PHOSPHORUS REMOVAL PROCESSES

Unlike nitrogen, there is no gaseous form of phosphorus through which it can be
removed from wastewater. Consequently, phosphorus must be converted to a par-
ticulate (solid) form and removed as a particulate by sedimentation, filtration, or
some other solids removal process. Or phosphorus can be concentrated into a side-
stream using membrane ion separation treatments, such as reverse osmosis. Table
3.3 summarizes the various options for removing or converting phosphorus species.

The different chemical species must be considered when considering National
Pollutant Discharge Elimination System (NPDES) permit requirements and evaluat-
ing process options. Typically, phosphorus limits are stated in terms of total phos-
phorus, which includes all species, dissolved and soluble. In such cases, removal of
the chemical or biological bound solid-phase phosphorus is critical in meeting efflu-
ent standards. If the discharge limit is based on orthophosphate only, then suspended
solids removal is less critical. Chemically and biologically bound phosphorus, how-
ever, will be released during the orthophosphate analysis and then will show up in
the reading, creating a false measurement (Neethling, et al., 2007).

There are three basic phosphorus removal processes: chemical, biological,
and nano. Figure 3.3 gives a basic overview of typical phosphorus removal used in
wastewater treatment. The selection of the specific process must be based on a case-
by-case evaluation of the system economics, including both capital and operating costs.

TABLE 3.3 Phosphorus species and reactions (courtesy of HDR Engineering Inc.).

Species Common conversion or removal process

Organic-P Organic phosphorus can be converted to orthophosphate and
polyphosphate; some organics degrade very slowly

Orthophosphate Most abundant phosphorus species
Reactive species in chemical reactions and consumed in
biological growth

Polyphosphates Condensed orthophosphates

Possibly reacts with metal salts
Can be used for biological growth

Chemical phosphorus Precipitated phosphates formed by reacting orthophosphate
with metal salts, or precipitates as phosphate hydroxides

Biological phosphorus Phosphorus incorporated into the biomass for growth
Excess phosphorus may accumulate under certain conditions
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| Phosphorus Removal |
I

Biological | Physical/Chemical |

|| Chemical Addition
Phosphorus only * Metal Salts
—1* Phoredox (AO) * Lime
* Phostrip

— Sedimentation/Clarification
* Conventional Sedimentation

Phosphorus and Nitrogen

|_|* Three-stage Phoredox (A20) z Ballasted Sedimentation
* Modified (five-stage) Bardenpho Tube settlers
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*VIP | Filtration
* SBR * Granular Filtration
* Two Stage Filtration
— Membrane Separation
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*EDR
— lonic

* lon Exchange
* Iron Oxide-Coated Sand

Adsorption

FIGURE 3.3 Overview of typical phosphorus removal processes (EDR =
electrodialysis reversal; MUCT = modified the University of Cape Town;

NF = nanofiltration; RO = reverse osmosis; and VIP = Virginia Initiative Plant;
SBR = sequencing batch reactor) (courtesy of HDR Engineering Inc.).

(1) Convert phosphorus to a chemical species by adding a metal salt or lime. The
efficiency of phosphorus removal is dependent on two factors: the chemical
equilibrium between the phosphorus liquid and solid phases and the effi-
ciency of the solids removal process. Typically, the latter process controls
the removal efficiency.

(2) Incorporate the phosphorus into the biomass. Typically, biomass contains
1.5% to 2.5% (w/w) phosphorus per volatile solids. Under certain condi-
tions, the biomass will accumulate phosphorus levels far in excess of the
nutritional requirements of 6% to 8% phosphorus, or up to 20% to 30%—a
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process referred to as enhanced biological phosphorus removal (EBPR)
(Metcalf and Eddy, 2003). The phosphorus removal efficiency for biological
systems depends on the phosphorus content of the sludge removed and the
efficiency of the solids separation process.

(3) Nano processes that will remove specific or all pollutants from water at the
ion or molecular level, such as reverse osmosis, electrodialysis reversal, or
nanofilters, can be used to remove phosphorus. Nano treatment is expen-
sive and has not been used for mainstream phosphorus removal, but could
become popular as the limits of both phosphorus and nitrogen are lowered
below conventional technology capabilities.

2.1 Chemical Phosphorus Removal

Phosphorus removal by chemical addition is attractive for its simplicity of operation
and ease of implementation. It can cause, however, increased sludge production and
additional operation and maintenance costs. Chemicals are added to the wastewater at a
well-mixed location, followed by flocculation and solids removal by sedimentation, fil-
tration, membrane separation, or similar processes. The chemical reactions favor phos-
phorus partitioning from the aqueous phase to the solid phase, and will produce low
residual phosphorus levels. Phosphorus levels less than 0.1 mg P/L can consistently be
achieved with chemical addition at well-designed filtration facilities. Lower concentra-
tions can be achieved with optimal chemical application and complete solids removal.

Chemical phosphorus removal uses reactions between phosphorus in water and
other chemical species or compounds, usually multivalent metal ions, to form pre-
cipitates of sparingly soluble phosphate that subsequently can be removed from the
liquid using a solids separation process. The commonly used chemicals are alumi-
num [AI(IID)], ferric [Fe(III)], and calcium [Ca(II)].

The chemical reaction of phosphorus with aluminum and ferric salts in a liquid
environment is complex. The classic model of a metal reacting with a phosphate to
produce a metal-phosphate precipitant (AIPO,, or FePO,,) does not occur under the
conditions in a wastewater treatment plant (Smith et al., 2008). The precipitant is a
complex structure. Several fundamental reactions occur simultaneously:

* The metal reacts with water to produce metal hydroxides. These metal hydrox-
ides (typically shown as the basic chemical form of AI(OH),, or Fe(OH); )
actually form hydrated forms and precipitate as an amorphous complex that
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will change structure and form with time. These reactions consume alkalinity
in the water. Alternative aluminum compounds such as polyaluminum chlo-
ride or sodium aluminate significantly reduce the alkalinity demand.

e Phosphate forms a bond with the metal hydroxyl complex. These bonds are
strong and bind the phosphate to the structure. The amount of phosphate that
binds to the metal hydroxide is still a topic of discussion. Current research
suggests that the stoichiometric ratio of metal:phosphorus (Me:P) in the pre-
cipitant depends on many factors, including the phosphate concentration in
the liquid, chemical dose, age of the hydroxyl complex, mixing, and many
other factors (de Haas et al., 2000; Szabo et al., 2008; Yang et al., 2006).

* When the residual phosphorus concentration is high (greater than 1 mg/L),
the net Me:P ratio approaches 1:1 mol:mol. As phosphate concentration is
reduced, however, the ratio of Me:P increases indicating that more metal salt
is required for phosphorus removal (Neethling et al., 1991; Szab6 et al., 2008).

The complex metal hydroxides/phosphate chemistry makes it difficult to predict
the net chemical reactions and their results. First, the formation of hydroxy-metal
complex is not only dependant on the chemical dose and factors such as pH and tem-
perature, but it also depends on mixing intensity, age of the precipitant, and other
factors. The dose must therefore often be determined from practical experience for
a given application. Second, the reactions produce a significant amount of sludge
(approximately 2.9 mg solids/mg Al for alum and 1.9 mg solids/mg Fe for ferric)
that must be processed through dewatering and disposal. Third, the reactions con-
sume a significant amount of alkalinity (approximately 5.8 mg as CaCO;/mg Al and
2.7 mg as CaCO;/mg Fe).

Lime also can be used to precipitate phosphorus; however, lime is messy to han-
dle and difficult to use compared to metal salts. A variety of calcium phosphates will
form when calcium reacts with phosphate and hydroxide.

A WERF report (1980) showed that the precipitation of hydroxyapatite
[Cas(PO,);OH], the thermodynamically stable calcium-phosphate precipitant, pre-
dicts equilibrium phosphate levels far lower than those found in natural waters.
Equilibrium with B-tricalcium phosphate shows orders-of-magnitude higher phos-
phate concentrations, but they still are low. These calculations indicate that the solid
precipitant that forms in practical situations is often not the thermodynamically most
stable form, but some other metastable chemical compound. In addition, the kinet-
ics of precipitation are slow and some reactions may never quite reach equilibrium.
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Even so, for practical application, equilibrium calculations can be used to predict the
ultimate equilibrium phosphorus concentration and provide a boundary for dose
requirements to meet treatment objectives.

Practical experience with lime addition demonstrates that the treatment becomes
effective when pH is raised to approximately 10.0 or higher; pH levels of 10.5 are
used to achieve low phosphate levels. Lime dose requirements typically are deter-
mined by the bicarbonate alkalinity of the water because, in effect, the wastewater
must be titrated to a pH of 10.5 as follows:

Ca(OH), + HCO; — CaCO,, + H,0 + OH (3.4)

Successful chemical phosphorus removal requires an efficient solids removal pro-
cess and often includes filtration to achieve low phosphorus concentrations. Because
the chemical sludge quantities are high, sedimentation typically is added to reduce
the solids loading onto the filters. Chemical clarification processes such as contact
clarifiers or sludge blanket clarifiers have been used successfully in chemical phos-
phorus removal schemes.

2.2 Biological Phosphorus Removal

In the 1950s, Greenburg et al. (1955) proposed that activated sludge could take up
phosphate at a level beyond its normal microbial growth requirements. Srinath et al.
(1959) reported batch experiments in which soluble phosphorus concentrations could
be reduced to below 1 mg/L following vigorous aeration. Levin and Shapiro (1965),
however, were the first to report EBPR, in an activated-sludge plant in Washington,
D.C. Follow-up work in the United States and South Africa clearly demonstrated that
EBPR can occur (Barnard, 1974). Since then, great progress has been made in under-
standing the fundamentals of EBPR process, especially with the tools of modern
microbiology and biotechnology.

The group of microorganisms that are largely responsible for phosphorus
removal are known as polyphosphate accumulating organisms (PAOs). The can-
didate PAOs identified include Accumulibacter phosphatis in the Rhodocyclaceae
group of the Betaproteobacteria, Actinobacteria, and Malikia spp. (Crocetti et al., 2000;
Hesselmann et al., 1999; Kong et al., 2005; Oehmen et al., 2007; Spring et al., 2005).
Enrichment of PAOs requires alternating anaerobic carbon-rich conditions and
aerobic conditions. Under anaerobic conditions, PAOs uptake carbon sources such
as volatile fatty acids (VFAs) and store them intracellularly as carbon polymers, or
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poly-b-hydroxyalkanoates (PHAs). Under aerobic conditions, these organisms use the
internally stored carbon source (PHAs) for growth and excessively store phosphate
as intracellular polyphosphate. This results in phosphorus removal from the bulk
liquid phase via PAO cell removal in the waste activated sludge (WAS). Typically,
biomass in the activated sludge process contains 1.5% to 2.0% phosphorus based on
dry weight. In the EBPR process, however, the phosphorus content in sludge can be
much higher (Metcalf and Eddy, 2003).

A simplified model of EBPR is shown in Figure 3.4. Acetate and other VFAs are
produced from fermentation reactions by facultative organisms in the anaerobic zone,
enter the anaerobic zone with wastewater feed, or are deliberately added to the anaer-
obic basin. The fermentation products are assimilated readily by unique PAOs and
stored as poly-B-hydroxybutyrate (PHB) and glycogen. The assimilation and storage
is aided by the energy available from the hydrolysis (and release) of polyphosphates
previously stored in the cells, thus causing an increase in the soluble phosphate con-
centration. This accumulation of storage products gives the PAOs a competitive edge
for growth and survival. Thus, the anaerobic stage serves two important purposes.
First, it provides a fermentation zone to produce simple VFAs used by PAOs. Second,

Cell
Growth

Anaerobic Aerobic

FIGURE 3.4 Simplified mechanism for phosphorus release and uptake (ATP =
adenosine triphosphate; NAD = nicotinamide adenine dinucleotide; NADH = reduced
form of NAD; and PHB = poly-B-hydroxybutyrate; TCA = tricarboxylic acid cycle)
(adapted from Comeau et al., 1986; Mino et al., 1998; Oehmen et al., 2007).
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it provides an environment that gives PAOs the ability to gain carbon substrate for
subsequent growth, giving them a competitive edge to ensure their survival in the
system.

During the aerobic phase, PHB stored inside the cells is depleted and soluble
phosphate is taken up, with excess amounts stored as polyphosphates inside the
cells. The PAO population increases during this time because of substrate use and
growth. According to this model, the level of polyphosphate accumulation in the
cells is, therefore, related to the amount of substrate assimilated and stored in the
anaerobic phase.

Another group of microorganisms that often co-occurs in EBPR process is
glycogen-accumulating organisms (GAOs), which also proliferate under alternat-
ing anaerobic and aerobic conditions. The main difference with GAOs is that they
use glycogen as an energy source instead of polyphosphate. As a result, they com-
pete with PAOs for carbon sources under anaerobic conditions without contribut-
ing to phosphorus removal. Deterioration of phosphorus removal performance was
attributed to the proliferation of GAOs in laboratory- and full-scale EBPR reactors
(Cech and Hartman, 1990, 1993; Gu et al., 2005, 2008; Satoh et al., 1994; Saunders
et al., 2003). Recent studies of EBPR stability at many full-scale facilities in the
United States, however, have demonstrated that effluent phosphorus concentra-
tion, the amount of phosphorus removed, and process stability in an EBPR system
are not directly related to high abundance of PAO, or mutually exclusive with a
high GAO fraction.

Many different process configurations exist where both phosphorus and nitro-
gen can be removed. The commonly used processes include anaerobic—anoxic—oxic
(A20), the University of Cape Town (UCT), the modified University of Cape Town
(MUCT), Virginia Initiative Plant (VIP), and Bardenpho. When operated success-
fully, the EBPR process is a relatively inexpensive and environmentally sustainable
option for phosphorus removal; however, process reliability varies among WWTPs,
which can experience from periodic upsets (Blackall et al., 2002; Gu et al., 2004, 2005;
Stephens et al., 2004; WERF, 2005). Overextended anaerobic or aerobic hydraulic
retention time can negatively affect phosphorus removal. Secondary phosphorus
release as a result of an overextended aerobic period has been observed (Gu et al.,
2005; Stephens et al., 2004). Process configurations such as UCT or VIP were devel-
oped to minimize the amount of nitrate and oxygen entering the anaerobic zone,
which was shown to affect the phosphorus removal process negatively for weaker
wastewater. In a full-scale study, the advantage of UCT over A20 was demonstrated
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by observing the plant phosphorus effluent, uptake, and release kinetic and PAO/
GAO populations (Gu et al., 2005). The higher oxygen uptake rate at the front may
lead to lower dissolved oxygen and dissolved oxygen-limiting conditions, which
would then result in a compromised phosphorus uptake rate at the front of the basin
(Drury, 2004; Narayanan et al., 2007).

All biological phosphorus removal schemes include an anaerobic zone in the
process. Proper functioning of the anaerobic zone requires the absence of dis-
solved oxygen and nitrate. Including denitrification in the process reduces the
potential for nitrate effects on the anaerobic zone. Various processes use differ-
ent approaches to eliminate oxygen and nitrate from the anaerobic zone. Some
process schemes include a fermentation step to generate VFAs and feed the VFA-
rich stream to the anaerobic zone. Chemical addition also can be used to supple-
ment VFAs. Figure 3.5 shows typically used biological and chemical phosphorus
removal processes.

3.0 RETURN STREAM EFFECTS

Solids treatment processes are designed to stabilize biosolids and reduce the volume
of the solids. Stabilization of solids, specifically through anaerobic digestion, results
in the destruction of solids and generates ammonia and phosphorus. The ammonia
and phosphorus concentration in the liquid stream is typically high. Ammonia con-
centrations of 500 to 1 500 mg/L and phosphorus concentrations of 50 to 500 mg/L
are not uncommon, with higher phosphorus concentrations found at biological phos-
phorus removal plants. In addition, return streams from dewatering processes are
often intermittent, resulting in a high peak load to the process. Streams originating at
anaerobic digestion are typically warm (30-35°C).

In addition to the peak loading, return streams also affect the influent compo-
sition of the wastewater, which can alter both biological and chemical processes.
Biological processes are sensitive to the composition of wastewater, and high load-
ing can change the characteristics of the influent. In particular, high concentrations
can change the BOD/N and BOD/P of the influent. Chemical processes are likewise
affected to meet variable demands for the chemical dose.

Attenuating the return streams is critical to achieving low effluent limits. The
dynamic loading not only leads to deterioration of the process performance, but
could also lead to a process upset as the biological and chemical systems must adjust
to changed conditions.
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FiGURe 3.5 Typical phosphorus removal processes (courtesy of HDR

Engineering Inc.).
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FIGURE 3.5 (Continued)

Many treatment processes are applicable for attenuating return stream effects,
including integrated, treatment, and nutrient recovery processes. Figure 3.6 presents
an overview of the typically used sidestream processes.

The processes can be divided into three groups: (1) processes to attenuate the
peak loading, (2) processes providing dedicated treatment, and (3) processes that are
integrated into the mainstream process (see Chapter 9 for more information).

Load attenuation processes typically are cost-effective. These processes simply
reduce the instantaneous loading to the mainstream process. Treatment plants often
use equalization of the return flows using abandoned or excess basins available
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Side Stream Treatment
[

Separate Treatment | Integrated Treatment |
Nutrient Recovery

Load Attenuation

Flow Equalization Biological Processes | Grow seed
| _|* SHARON * InNitri
* Anammox
Recycle Management * Dedicated BNR Integrate into BNR
* Continuous operation * BABE
- || * Prenitrification/Denitrification
Chemical Processes

L_|* Struvite precipitation

* Ammonia recovery

* Ammonia stripping

* Co-precipitation in dewatering

FIGURE 3.6 Overview of typical sidestream treatment processes (BABE =
bioaugmentation batch enhanced; BNR = biological nutrient removal; InNitri =
inexpensive nitrification; and SHARON = single reactor high activity ammonia
removal over nitrite) (courtesy of HDR Engineering Inc./J.B. Neethling).

onsite. Sometimes, the return stream must be treated to prevent precipitation of
struvite and other nuisance precipitants. Management options such as continuous
operation of the dewatering equipment also will attenuate the return loading.

Many dedicated treatment processes are emerging, designed to treat the high
strength load or to recover nutrients from the stream for beneficial use. All processes
listed earlier for mainstream nutrient removal can be used for dedicated treatment.
In addition, some processes take advantage of typical return stream characteristics
(high temperature and high concentrations).

The SHARON process is well suited for reducing the nitrogen load of streams
with a high ammonium content (>500 mg NH,*-N/L), but not for obtaining strict
effluent standards. Stable nitrogen removal via nitrite was achieved in a single-
stage, fixed-film, pilot-scale reactor treating high-ammonia strength recycle stream
from sludge dewatering at room temperature (20-25°C) and at pH 6.5 to 8.3, sug-
gesting another potential application of denitrification over nitrite. Another relatively
new nitrogen removal process is the deammonification processes, such as anaero-
bic ammonium oxidation (anammox). Special groups of anammox microorganisms
are able to oxidize ammonia using nitrite as an electron donor and, therefore, carry
out nitrification and denitrification simultaneously. Most identified anammox bacte-
ria belong to Planctomycetes. The anammox activity requires partial nitrification (to
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produce nitrite), low dissolved oxygen (<0.6-0.8 mg/L), higher pH (>7.6), long SRT,
and adequate NH,-N/NO,~.

Chemical treatment opens up opportunities for nutrient recovery. In par-
ticular, controlled struvite precipitation processes, such as DHV’s Crystalactor®
(Netherlands), Paques’ PHOSPAQ® (Netherlands), and Ostara Nutrient Recovery
Technologies’ PEARL™ process, are emerging processes to recover nutrients. Struvite
precipitation is effective for phosphorus control but cannot substantially reduce
ammonia loading from a typical return stream. Chemical addition directly to solids
treatment processes, such as dewatering, can reduce phosphorus loading. Ammonia
recovery using ammonia stripping and capture is used at the Tahoe Truckee Water
Reclamation Facility, Reno, Nevada.

Integrated processes are emerging that link return flow treatment with the
mainstream process. Two fundamentally different processes are used. A dedicated
return stream process can be used to grow nitrifying organisms that can be sent to
the mainstream process for seeding (e.g., the In-Nitri® process). This process takes
advantage of higher ammonia concentrations and temperatures in the sidestreams.
Return streams from solids processing, especially digestion and dewatering, contain
relatively high concentrations of NH,*-N. Anaerobic digester supernatant is typically
warm (30-35°C). The InNitri process consists of a nitrifying system to exclusively treat
these sidestreams. The WAS from this system is fed into the mainstream aeration tank,
where NH,*-N can be nitrified by the constant supply of nitrifiers. The prenitrifica-
tion and bioaugmentation batch enhanced (BABE) process directs the return flow to a
dedicated nitrification basin, where the stream is mixed with biomass from the main-
stream process. In this case, the biomass is grown in the mainstream process to pro-
duce a stable nitrifier population, and then used to treat the intermittent return flows
(Drury et al., 1995; Salem et al., 2002; Sova et al., 2004).

4.0 SELECTION OF NUTRIENT REMOVAL
PROCESSES

Nutrient removal requirements typically are plant-specific. Historically, nutrient lim-
its were placed on treatment plants discharging to sensitive water bodies (such as
Lake Tahoe, Chesapeake Bay, and others) or for groundwater protection. Nutrient
limits can apply to either nitrogen or phosphorus, depending on the location and
limiting nutrient. Early nutrient limits set phosphorus to 1 to 2 mg/L and nitrogen to
10 mg/L. A few plants had much lower limits.
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Recently, nutrient limits have become more restrictive with implementation of
the EPA Ecosystem Nutrient Criteria (U.S. EPA, 2000) and development of total max-
imum daily loads. In addition, limits for both nitrogen and phosphorus are becoming
increasingly more common. Limits often are expressed in terms of total phosphorus
or total nitrogen, as opposed to a specific species such as orthophosphate or nitrate or
total inorganic nitrogen.

The owner, designer, and operator are challenged to select the most appro-
priate process. Many application-specific criteria must be considered in the selec-
tion of the treatment process:

¢ Permit requirements and design objectives. Permit requirements could include
nitrogen, phosphorus, or both. In addition, the limits could apply to specific spe-
cies, although total nitrogen and total phosphorus limits are becoming more com-
mon. Some permits are seasonal and pose opportunities and challenges to meet.

e Facilities, cost, and operation. The treatment technology often must fit with
an existing plant, both liquid processes and solids management. Economical
factors (construction and operation and maintenance costs) and client prefer-
ences (operator capabilities, complexity, startup and shutdown, redundancy,
etc.) must be considered.

¢ Future requirements. Selecting the process may require considering options
to meet a more restrictive permit in the future. Considerations for service area
expansion and changing characteristics of wastewater, permit requirements,
and solids management should be evaluated.

4.1 Nutrient Removal Levels

The degree of nutrient removal varies with locations, season, and discharge locations.
Many regions (e.g., the Chesapeake Bay) or states (e.g., Maryland) have proposed levels
of treatment to be accomplished using common terminology such as BNR or enhanced
nutrient removal to describe a nutrient limit. Instead of selecting a particular set of nutri-
ent limits that has specific significance to a particular region or state, a general set of
treatment levels or objectives are used to describe process selection based on technol-
ogy. These limits, shown in Table 3.4, form the basis for discussion and identifying pro-
cess performance for treatment technologies in this section.

The reliability of a technology must be considered when assessing perfor-
mance. Neethling et al. (2009) introduced a method for using a statistical approach
to describe process performance. In this approach, the treatment plant or technology
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TABLE 3.4 Nutrient removal levels (WERF, 2010; HDR Engineering Inc.)*.

Level Total nitrogen  Total phosphorus Comment

1 8 1 Nominal nutrient removal achievable
with conventional technologies

2 3 0.1 Enhanced removal requires additional
treatment to achieve limits

3 1 0.01 Very low limits require best practice and
enhanced treatment. May or may not
be feasible for certain plants, especially
requiring both limits at the same time

*Modifier “N” or “P” are used in the text to denote limits for nitrogen or phosphorus only.
For example, Level 2P is only phosphorus limit of 0.1 mg/L TP (total phosphorus), with no
nitrogen limit.

performance is tied to the statistical rank to express the probability of achieving a
certain performance. This statistic includes the conditions under which the data is
collected. Factors such as permit limit, season, interruptions from construction or
process upsets, and other conditions that would affect performance must be noted in
the performance statistic.

Building on this statistical approach, the term technology performance statistic
(TPS) was used at a Water Environment Federation (WEF) Technical Exposition and
Conference workshop to assess the performance of full-scale WWTPs (WEF, 2009). The
“best achievable” performance is described as the “TPS-14d” value, which is the best
performance sustained for a 14-day period and is calculated as the 3.83th percentile
rank (14/365 performance) of the three-year data set. This value is considered to be the
best the technology can perform under operation conditions and the best achievable
on a short-time basis. This is not an appropriate permitting limit because it is exceeded
more than 96% of the time. Parker et al. (2009) suggested that the “reliable process”
performance, calculated as the number of exceedances in a five-year period, should be
used as a measure to evaluate process performance and permit limits. If the 95% value
(which can be calculated as the TPS-95% value) is as a monthly limit, then the limit is
statistically exceeded three times (months) in a five-year period (5% of 60 months).

These approaches underscore the importance of considering the duration or aver-
aging of performance data when assessing technology capabilities and setting permit
limits. Longer averaging periods (monthly or annual) provide significantly greater
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opportunity for meeting an effluent limit. Short recurrent limits (daily) provide no
room to account for variability and will require large safety factors in design.

The technology presented in this section is based on typical monthly performance
achievable.

4.2 Level 1 Nutrient Removal

Many conventional nutrient removal processes can achieve Level 1 removal (see Table
3.4). Most WWTPs designed for nominal biological or chemical nutrient removal can
achieve these limits, unless the influent wastewater is unique, containing, for exam-
ple, elevated nitrogen or phosphorus concentrations or a significant industrial input.
Biological processes typically can be designed to meet Level 1 limits without filtration.

Nutrient removal Level 1 can be achieved with various well-established treat-
ment processes. These are summarized in Table 3.5. Many of these can be designed
to include primary treatment or not—the table indicates the most commonly used
option for a particular process. Primary clarifiers provide an avenue for phosphorus
removal by chemical addition.

4.2.1 Level IN Nitrogen Removal

Level 1N nitrogen removal (8 mg/L total nitrogen) can be achieved using various
conventional BNR processes or adding nitrification and denitrification processes to
existing secondary treatment (BOD) facilities. These processes include the following;:

® Mainstream NDN processes, such as the modified Ludzack-Ettinger (MLE),
step feed, simultaneous NDN, and others, can achieve Level 1N limits. A sec-
ondary anoxic zone is typically not required and an external carbon source is
not typically needed.

e Nitrification and denitrification can be added following existing secondary
(BOD removal) processes using biofilm or suspended growth processes. An
external carbon source typically is required for denitrification.

4.2.2 Level 1P Phosphorus Removal

Level 1P phosphorus removal (1 mg/L total phosphorus) can be achieved with con-
ventional technologies or by adding polishing processes to existing secondary or NDN
facilities:

* The EBPR processes such as AO, A20, Bardenpho, MUCT, VIP, and others
can achieve Level 1P limits as a mainstream process.
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TaBLE 3.5 Level 1 treatment process trains (8 mg/L total nitrogen/1 mg/L total
phosphorus (courtesy of HDR Engineering Inc./].B. Neethling).

Post Chemicals
Process Primary Secondary  Filter nitrogen
Primary with metal salt, secondary Yes BOD removal NDN MeOH
treatment, post NDN metal
Primary with metal salt, Nitrification Yes Nitrification DN MeOH
activated sludge, post DN, filter metal
Secondary treatment with chemical No BOD removal Filt NDN MeOH
addition, post NDN, filter metal
Nitrification activated sludge with No Nitrification ~ Filt DN MeOH
chemical addition, post DN, filter metal
Primary with metal salt, two-stage Yes NDN Metal
NDN (without post anoxic)
Two-stage NDN (without post No NDN Filt Metal
anoxic), filtration
Primary with metal salt, four-stage Yes NDN Metal
Bardenpho
Four-stage Bardenpho, filtration No NDN Filt Metal
Three-stage BNR process Yes/no NDN Metal
EBPR
Five-stage Bardenpho No NDN/EBPR Metal
MBR with chemical addition to MBR Yes/no MBR/NDN Metal
MBR with EBPR No MBR/NDN/ Metal
EBPR

Primary = likely to include primary treatment, usually with chemical addition. Primary can be
avoided for most designs if tertiary system can achieve phosphorus limits (typically at higher
chemical dose). Biological = biological treatment process, for BOD removal, nitrification,
nutrient removal, including solids separation with clarifier. Filt = filtration, typically with
chemical (metal salt) addition for phosphorus removal. Post nitrogen = process to remove or
polish for nitrogen post secondary treatment, biological, or other. MeOH = methanol or other
carbon source added for gentrification. Metal = metal salt (alum, ferric) or other chemical
added for phosphorus removal.

BNR = biological nutrient removal; BOD = biochemical oxygen demand; DN = denitrification;
EBPR = enhanced biological phosphorus removal; MBR = membrane bioreactor; and
NDN = nitrification and denitrification.
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¢ Chemical phosphorus removal can be implemented. Metal salts can be added
to a primary clarifier or direct filtration can be used to achieve Level 1P limits.
Some facilities add chemicals directly to the activated sludge process. If a high
chemical dose is required for the filter, then a solids separation process (clari-
fier) can be added to reduce the solids loading to the filter.

4.2.3 Level 1 Nitrogen and Phosphorus Removal

Level 1 nitrogen and phosphorus removal can be achieved with conventional tech-
nologies or by adding polishing processes to existing secondary facilities. Processes
outlined above can be combined to achieve both nitrogen and phosphorus removal:

* The EBPR processes such as A20, Bardenpho, MUCT, VIP, and others that
include denitrification can achieve Level 1 limits as a mainstream process.

¢ Filters can be designed for simultaneous denitrification and chemical phos-
phorus removal for Level 1 limits.

e Combinations of Level 1N and 1P processes can be used sequentially.

4.3 Level 2 Nutrient Removal

Level 2 nutrient removal (3 mg/L total nitrogen and 0.1 mg/L total phosphorus)
is more challenging and typically requires additional treatment to meet objectives
(Table 3.6). Level 1 processes can be enhanced to achieve Level 2 limits.

4.3.1 Level 2N Nitrogen Removal

Level 2N nitrogen removal limits (3 mg/L total nitrogen and no total phosphorus
limit) typically will require adding an external carbon source. This can be added to a
second anoxic zone in a mainstream process, or to a tertiary polishing process.

* Mainstream NDN processes that will meet Level 2N requirements will require
a secondary anoxic zone with external carbon addition as used in a four-stage
Phoredox process. A second anoxic stage can be added to conventional processes,
such as MLE, step feed, simultaneous NDN, and others, to achieve Level 2N
limits.

e Biofilm or suspended growth processes can be added to existing second-
ary (BOD removal) processes for NDN. An external carbon source typically
is required to provide efficient denitrification. This is similar to Level 1N
requirements, but requires more robust design and increased carbon doses.
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TABLE 3.6 Level 2 treatment process trains (3 mg/L total nitrogen/0.1 mg/L total
phosphorus) (courtesy of HDR Engineering Inc./J.B. Neethling).

Process Primary Biological Filter Post nitrogen Chemicals
Primary with metal salt, Yes BOD removal Sed/Filt NDN MeOH
secondary treatment, filter, Metal

post nitrogen removal

Primary with metal salt, Yes Nitrification Sed/Filt DN MeOH
nitrification activated sludge, Metal
post denitrification, filter

Two-stage NDN (without Yes NDN Sed/Filt DN MeOH
post anoxic), sedimentation/ Metal
filtration, post denitrification

Four-stage Bardenpho, Yes NDN Sed /Filt MeOH
sedimentation/filtration Metal
Three-stage BNR process;  Yes NDN Sed/Filt DN MeOH
sedimentation/filtration; EBPR Metal
post gentrification

Five-stage Bardenpho with No NDN/ Sed /Filt MeOH
sedimentation/filtration EPBR Metal
Membrane bioreactor MBR) Yes/No MBR/ DN MeOH
with chemical addition, post NDN Metal
denitrification

MBR with EBPR, post No MBR/ DN MeOH
denitrification NDN/EPBR Metal

Primary = likely to include primary treatment, usually with chemical addition. Primary can
be avoided for most designs if tertiary system can achieve phosphorus limits (typically at
higher chemical dose). Biological = biological treatment process, for BOD removal,
nitrification, nutrient removal, including solids separation with clarifier. Sed = sedimenta-
tion or clarification, typically with chemical (metal salt) addition for phosphorus removal;
include conventional or ballasted sedimentation. Filt = filtration, typically with chemical
(metal salt) addition for phosphorus removal. Post nitrogen = process to remove or pol-

ish for nitrogen post secondary treatment, biological, or other. MeOH = methanol or other
carbon source added for gentrification. Metal = metal salt (alum, ferric) or other chemical
added for phosphorus removal.

BNR = biological nutrient removal; BOD = biochemical oxygen demand; DN = denitrification;
EBPR = enhanced biological phosphorus removal; and NDN = nitrification and denitrification.
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4.3.2  Level 2P Phosphorus Removal

Level 2P phosphorus removal (no total nitrogen limit and 0.1 mg/L total phos-
phorus) typically requires multiple barriers. This can be achieved with Level
1P technologies by adding polishing facilities to lower soluble phosphorus and
capture particulate phosphorus. Level 2P requires essentially complete removal
of particulate phosphorus using very effective and reliable solids separation
processes.

e Level 1P EBPR technologies can be used with enhanced tertiary phosphorus
removal. Tertiary removal typically will include coagulation/separation/
filtration. In some cases, where biological phosphorus consistently produces
soluble phosphorus concentrations below 0.02 to 0.05 mg/L, direct filtration
can meet Level 2P limits.

® Level 1P chemical phosphorus removal technologies can be enhanced by add-
ing tertiary processes. Tertiary removal typically will include coagulation/
separation/filtration or membrane filtration. Chemical addition can be opti-
mized between the multiple dose points to meet limits.

* Very efficient solids separation is required for the final stage to remove virtu-
ally all particles, typically with a combination of sedimentation/filtration or
membrane filtration.

4.3.3 Level 2 Nitrogen and Phosphorus Removal

Level 2 nitrogen and phosphorus removal (3 mg/L total nitrogen and 0.1 mg/L total
phosphorus) can be achieved by a combination of Level 2N and 2P processes.

4.4 Level 3 Nutrient Removal

Level 3 nutrient removal (1 mg/L total nitrogen and 0.01 mg/L total phosphorus) is
at the current limits of technology and below the reliable limits of currently demon-
strated processes. These limits at and below technology capability are not appropriate
for permit compliance. Some pilot and full-scale examples are known to meet 1 mg/L
TN and 0.01 mg/L TP. Except for reverse osmosis, however, there are no known full-
scale facilities that meet Level 3 limits for nitrogen and phosphorus consistently. A
fraction of the dissolved nonreactive (organic) phosphorus is also nonbiodegradable
(the nonbiodegradable dissolved organic phosphorus, nBDOP) and not readily cap-
tured in chemical treatment either.
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4.4.1 Level 3N Nitrogen Removal
Level 3N nitrogen removal limits (3 mg/L total nitrogen and no total phospho-
rus limit) are challenging because a fraction of the DON is nonbiodegradable (the
nonbiodegradable dissolved organic nitrogen, nbDON). There is no reliable method
for removing nbDON except reverse osmosis. Meeting Level 3N nitrogen limits
requires all of the following (Table 3.7):

* Level 2N capability, designed to produce effluent ammonia and effluent
nitrate/nitrite concentrations near detection.

e A low nbDON in the effluent. This fraction cannot be removed with established
techniques.

* Molecular exclusion processes such as reverse osmosis.

TABLE 3.7 Potential level 3N unit processes for nitrogen removal (1 mg/L total
nitrogen/no total phosphorus limit) (courtesy of HDR Engineering Inc./].B. Neethling).

Unit Process NH, NO,; DbDON rDON pON Comment

Separation processes - - - - Varies See Table 3.8

Nitrification +4+++ - +++ - - Nitrification very efficient;
other bacteria degrade
bDON

Suspended growth - +++ o+ - - External carbon addition

denitrification (mixed) strongly influence
denitrification efficiency

Fixed growth - +H++ + - - External carbon addition

denitrification (plug strongly influence

flow) denitrification efficiency

Breakpoint chlorination ++ - - - - Rarely used process

Ammonia stripping +H++ - - - - Rarely used process

Oxidation - - + + - Strong oxidant, hydroxyl
radical, UV show promise to
reduce rDON

Reverse osmosis + F+++ ++++ ++++ ++++ Very efficient molecular
exclusion

Scale: + = effective and — = not effective.

bDON = biodegradable dissolved organic nitrogen (biodegradable within timescale of
wastewater treatment); pON = particulate organic nitrogen; rDON = refractory or non-
biodegradable dissolved organic nitrogen [within timescale of wastewater treatment]; total
DON = BDON + RDON; total organic nitrogen = DON + pON.
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4.4.2 Level 3P Phosphorus Removal

Level 3P phosphorus removal limits (no total nitrogen limit and 0.01 mg/L total
phosphorus) are challenging because of the presence of nBDOP. There is no reliable
method for removing nBDOP except reverse osmosis. Meeting Level 3N phosphorus
limits requires all of the following (Table 3.8):

® Level 2P with enhanced removal efficiency to produce effluent reactive phos-
phorus (orthophosphate) near detection. Some processes have been shown to be
able to approach very low limits (less than 2 ug/L). These include high chemi-
cal dose treatment, iron-coated sand dual reactive filtration, and two-stage
filtration.

TABLE 3.8 Potential level 3P unit processes for phosphorus removal (no total
nitrogen limit/0.01 mg/L total phosphorus) (courtesy of HDR Engineering Inc./].B.
Neethling).

Unit Process sRP  sNRP pP Comment
Metal salt +HH+ ++ Reactions with orthophosphate and metal
(aluminum/iron) hydroxide complexes are very efficient

sNRP and pP are coagulated and removed
with precipitant

Sedimentation - - + Effective removal of high solids

and ballasted concentration. Effective to improve

sedimentation filtration

Direct filtration - - ++ Removal of particulates depends on filter
design. Add polymer for more efficient
capture

Sedimentation/ - - +++  Sedimentation allows higher chemical

filtration doses and increased removal efficiency

Two-stage filtration ++++  Effective particle removal with dual barrier

Reactive filtration (iron +++  ? ++++ Reactive removal of sRP and filtration of pP
oxide—coated sand) Unknown efficiency for sNRP removal
Membrane - - ++++ Very efficient particle separation

Reverse osmosis t+++  ++++  ++++  Very efficient molecular exclusion

Scale: + = effective and — = not effective.

pP = particulate phosphorus (difference between TP and sTP); sSNRP = soluble nonreactive
phosphorus (difference between total soluble phosphorus and sRP); sRP = soluble reactive
phosphorus.
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* High-efficient particle removal to reduce particulate phosphorus to very
low limits (<2 ug/L). Some processes capable of highly efficient particle
separation are two-stage filtration, multibarrier filtration, and membrane
separation.

* A low nBDOP in the effluent. This fraction cannot be removed with estab-
lished techniques and appears to be resistant to chemical treatment.

* Molecular exclusion processes such as reverse osmosis.

4.4.3 Level 3 Nitrogen and Phosphorus Removal

Level 3 nitrogen and phosphorus removal (1 mg/L total nitrogen and 0.01 mg/L
total phosphorus) requires a combination of Level 3N and 3P processes (see Tables
3.5-3.8).
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1.0 INTRODUCTION

Nitrogen (N) is a key element involved in biogeochemical cycles. Its oxidation state
can vary from -3.0 for organic nitrogen to +5.0 for nitrate. The important nitrogen
species are ammonium-nitrogen (NH,*-N, -3), dinitrogen gas (N,, 0), nitrite-nitrogen
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(NO,™-N, +3) and nitrate-nitrogen (NO;™-N, +5). Continuous interconversion between
various nitrogen species in the environment is the basis of the nitrogen cycle. The
principal reactions involved in the nitrogen cycle are nitrogen fixation, ammonifi-
cation, nitrification, denitrification, and assimilative nitrogen uptake. Because of
the various transformations they undergo, nitrogen species are converted rapidly
from one oxidation state to another. The various nitrogen species are summarized in
Table 4.1.

Although nitrogen is an essential component of the building blocks of life, such
as amino acids, excessive deposition of nitrogen species such as ammonium-nitrogen
(NH,*-N) and nitrate-nitrogen (NO,™-N) in terrestrial and oceanic ecosystems causes
eutrophication and groundwater pollution (Robertson and Kuenen, 1992). Increasing
industrialization has resulted in an increase in the global nitrogen flux. Nitrous oxide
(N,O), which is a purported intermediate in both nitrification and denitrification, is a
greenhouse gas and, though not as abundant in the atmosphere as CO,, it significantly
contributes to global warming. The deleterious effects of NH,*-N include toxicity to
aquatic fauna, depletion of dissolved oxygen in receiving waters because of nitrifica-
tion, and a reduction in chlorine-disinfection efficiency at water treatment facilities
(U.S. Environmental Protection Agency [U.S. EPA], 1993). Nitric acid (HNO;) can be
a principal contributor to acid rain. In addition to the well-documented damage to
infrastructure, acid rain can increase soil and water acidity. In freshwater, the nitrous
and nitric acids produced by nitrification can mobilize toxic aluminum ions and can

TaBLE 4.1 Oxidation states of nitrogen (Madigan et al., 1997).

Species Oxidation state
Organic nitrogen (R-NH,) -3

Ammonia (NH;) -3

Nitrogen gas (N,) 0

Nitrous oxide (N,O) +1 (average per N)
Nitrogen oxide (NO) +2

Nitrite (NO,") +3

Nitrogen dioxide (NO,) +4

Nitrate (NO;) +5
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be lethal to flora and fauna (Robertson and Kuenen, 1992). Further, the colonization
of building surfaces by nitrifying microorganisms can lead to corrosion and eventual
destruction of structures because of the production of nitrous and nitric acids. Yet
another problem is the undesirable succession of the natural flora on nutrient-poor
land that is exposed to increased mineral nitrogen loadings. Nitrogen pollution of
environmental systems is caused by both anthropogenic and nonanthropogenic
sources.

Because eutrophication and aquatic toxicity can result from the discharge
of nitrogen-containing waters in aquatic environments, it is desirable to remove
nitrogen species from wastewater before they flow into sensitive water bod-
ies. Though nitrogen removal from waters is possible using physico-chemical
methods (e.g., air-stripping at high pH and breakpoint chlorination for NH,*-N
removal), biological nitrogen removal (BNR) presents a more cost-efficient and
environmentally benign alternative. The biochemical processes of nitrification
and denitrification, acting in concert, channel different nitrogen species through
a part of the nitrogen cycle. The product is dinitrogen (N,) gas, which can be
stripped rapidly from the BNR reactor. This chapter presents an overview of BNR
processes. A detailed discussion on nitrification and denitrification is presented
in Chapters 5 and 6, respectively. In addition, sidestream nitrogen removal is pre-
sented in Chapter 9.

2.0 SOURCES AND SINKS OF NITROGEN
IN WASTEWATER TREATMENT

2.1 Influent Nitrogen Species

Nitrogen species in typical domestic wastewater are predominantly in the reduced
state with an average oxidation state of -3, corresponding to that of ammonia (inor-
ganic) or amino acids (organic). Based on an acid-base dissociation constant (pKa)
value of 9.3 for the ammonia—ammonium pair, most reduced inorganic nitrogen is
in the form of protonated ammonium ion (NH,*-N) rather than free ammonia (NH;)
(Stumm and Morgan, 1996). Ammonium/ammonia and organic nitrogen collectively
are referred to and measured as total Kjeldahl nitrogen. Total Kjeldahl nitrogen can
be further classified depending upon whether the reduced nitrogen species are solu-
ble or particulate and biodegradable or nonbiodegradable. Free ammonia rather than
ionic ammonium is the true substrate for nitrification.
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2.2 Ammonification

Ammonification is a process by which organic reduced nitrogen (in the -3 oxidation
state) is converted to inorganic ammonium/ammonia. Heterotrophic bacteria carry
out ammonification, which is a prerequisite to nitrification (Grady et al., 1999). The
rate of ammonification is a function of the organic nitrogen containing substrate con-
centration, the heterotrophic biomass concentration catalyzing the ammonification
reaction, and the ratio of the carbon to reduced nitrogen concentration of the waste
stream (Grady et al., 1999).

2.3 Ammonia Assimilation

Ammonia-nitrogen (NH;-N) is the preferred assimilative nitrogen source for bacteria
(nitrifying or nonnitrifying) in activated sludge because it is in the same oxidation state
(=3) as in biomass (approximated empirically by C;H,O,N) (Grady et al., 1999; Hoover
and Porges, 1952; Rittmann and McCarty, 2001). This means that bacteria do not need
to reduce ammonia, unlike all other more oxidized nitrogen species such as dinitrogen
gas, nitrite, or nitrate (Grady et al., 1999, Rittmann and McCarty, 2001). The relative
nitrogen content of biomass and the corresponding amount of ammonia assimilated is
0.0875 g-N /g of particulate COD formed (Grady et al., 1999). In the absence of ammo-
nia or reduced organic nitrogen (assimilated after ammonification), activated sludge
can assimilate more oxidized sources such as nitrite or nitrate but at a significant expen-
diture of energy (or electron equivalents) required to reduce these species to the -3 oxi-
dation state (Rittmann and McCarty, 2001). The growth of microorganisms or biomass
represented by CsH,O,N can be shown in a simplified manner as follows:

Organic matter + O, — CO, + C;H,0,N (New biomass)

(4.1)
+ Energy + Other products

Biomass present in the wastewater treatment system is oxidized through endog-
enous respiration, which can be represented by:

GsH;O,N (Biomass) + 5 O, — 5 CO, + NH; + 2 H,O + Energy + Other products 4.2)
Thus, endogenous respiration releases some of the nutrients back in to the waste-

water treatment process.

2.4 Stripping

Nonionized free ammonia, NHj, is significantly volatile and could be removed by
stripping from activated sludge in the aerated zones. Typical activated sludge
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plants, however, operate at a pH close to 7.0. At this pH value, the liquid phase NH,
concentration is more than two orders of magnitude lower than the ionized
(nonvolatile) ammonium NH,* form. Thus, stripping is expected to contribute
minimally to the overall ammonia removal from activated sludge trains.

2.5 Denitrification

As shown above, nitrogen can be removed through incorporation into new biomass
growth and by limited stripping that might occur under suitable conditions. The
other major route of nitrogen removal from wastewater treatment processes is the
biological reduction of nitrate and nitrite to primarily nitrogen gas, N,, in the denitri-
fication reaction. The atmosphere acts as a nitrogen sink where nitrogen in gaseous
form is the principal form of nitrogen.

The overall amount of total nitrogen removed through the system depends on
the amount of waste activated sludge (WAS) generated and the denitrification occur-
ring in the process. The amount of WAS, in turn, depends on the solids retention time
(SRT) of the activated sludge process.

3.0 NITRIFICATION

Chapter 5 provides the details of nitrification in wastewater treatment. The following
sections, however, provide an overview of the nitrification process.

3.1 Biochemistry and Microbiology

Nitrification is the process of biological oxidation of ammonia (which exists mostly
as NH;-N in typical wastewater) to nitrite (NO,-N) and further oxidation of nitrite
to nitrate (NO;™-N). Ammonia oxidizing bacteria (AOB) carry out the oxidation of
ammonia to nitrite, and nitrite oxidizing bacteria (NOB) carry out nitrite conver-
sion to nitrate. Both these reactions should operate at optimal rates for production of
nitrate. Ammonia and nitrite oxidizers are referred to as “nitrifiers.” Although classi-
fied together, AOB and NOB are not related phylogentically (Bock et al., 1991).

Most nitrifiers found in typical wastewater treatment systems are autotrophic
because they synthesize cellular material from inorganic carbon (HCO;") under
typical operating conditions. Oxidation of ammonia or nitrite provides the energy
needed for cell synthesis. These bacteria are obligate aerobes, as they grow only when
dissolved oxygen is available. The absence of dissolved oxygen for prolonged periods,
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however, is not lethal as these organisms adapt and survive under low dissolved
oxygen as well as low ammonia concentrations (Geets et al., 2006; Painter, 1970). In
typical BNR systems, nitrifiers successfully survive anaerobic (absence of oxygen and
oxidized nitrogen species) and anoxic (absence of oxygen but the presence of oxi-
dized nitrogen species) conditions. The relative abundance and diversity of nitrifying
organisms in wastewater treatment systems depends on influent characteristics and
operating conditions (Ahn et al., 2008; Siripong and Rittman, 2007).

Heterotrophic nitrification has been reported by some researchers (Joo et al., 2005,
2007; Lin et al., 2006; Su et al., 2006). The microorganisms capable of heterotrophic nitri-
fication include Thiosphaera pantotropha, Bacillus, Pseudomonas, Alcaligenes, Pseudomonas
denitrificans, and Paracoccus denitirficans. These bacteria typically carry out aerobic den-
itrification and contribute to simultaneous nitrification and denitrification (SND). The
heterotrophic nitrification process requires a readily available organic substrate, such
as acetate, which typically is limited in aerobic zones. As a result, heterotrophic nitri-
fier population is likely to be insignificant in most municipal wastewater treatment
plants (WWTPs) (van Loosdrecht and Jetten, 1998). Ammonia can be used as an inor-
ganic electron donor in the presence or absence of oxygen. In the absence of oxygen,
the reaction occurs with nitrite as the electron acceptor in the anammox (anaerobic
ammonia oxidation) process. Electrons from ammonium are transferred to nitrite pro-
ducing nitrogen gas and water (Egli, 2003; Egli et al., 2001; Strous et al., 1999):

NH,"+ NO, > N, + 2 H,0O (4.3)

The anammox process adds a significant amount of gaseous nitrogen to the
atmosphere (Arp and Bottomley, 2006). To date, anammox bacteria have not been
obtained in pure culture. The bacteria capable of anammox include Candidatus
Brocadia anammoxidans, Candidatus Kuenenia stuttgartiensis, Candidatus Scalindua
brodae, Candidatus Scalindua wagneri, and Candidatus Scalindua sorokinii (Egli et al.,
2001; Kuypers et al., 2003; Schmid et al., 2000, 2003). These organisms are classified
under phylum Planctomycetes, class Planctomycetacia, and order Planctomycetales
(Perxas, 2005). The anammox process is slow—the doubling time of the anammox
bacteria is 10.6 days with the maximum specific growth rate estimated to be 0.003/h
(Jetten et al., 2001). Recent research, however, indicates that by providing suitable
seed biomass and reactor operating conditions, it is feasible to oxidize ammonia at
high rates using the anammox process (Tsushima et al., 2007). The main advantages
of the anammox process include (1) significant reduction in nitrification oxygen
requirement because only one-half of the influent nitrogen needs to be nitrified, and
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only to NO,™-N; (2) reduction in chemical oxygen demand (COD) or supplemental
organic carbon requirement for denitrification; (3) substantial reduction in produc-
tion of WAS; and (4) elimination of CO, emissions that occur during conventional
denitrification.

To overcome the slow growth and consequent washout of nitrifiers from high-
rate systems, especially at low temperatures, a process named “In-Nitri®” (inexpen-
sive nitrification) has been proposed (U.S. EPA, 2007a). The In-Nitri® process consists
of a nitrifying system to exclusively treat sidestreams in treatment plants. Nitrifiers
are grown using ammonia from digested sludge, sludge dewatering liquid, or a com-
mercial source. The WAS from this system is fed into the mainstream aeration tank,
where NH,*-N can be nitrified by the constant supply of nitrifiers. The In-Nitri® pro-
cess is operated at short SRT and takes advantage of higher ammonia concentrations
and temperatures in sidestreams, for example, treatment of warm anaerobic digester
supernatant of 30°C to 35°C.

Several new processes have been developed to oxidize ammonia: SHARON (single-
reactor high-activity ammonia removal over nitrite); CANON (completely autotrophic
nitrogen removal over nitrite); and OLAND (oxygen-limited autotrophic nitrification-
denitrification). In the SHARON process, ammonia is oxidized to nitrite rather than
nitrate and denitrified, which saves 25% of the oxygen requirement for nitrification and
40% of the external carbon (as methanol) in denitrification, as shown in eqs 4.4 and
4.5 (Jung et al., 2007). The key to success of the SHARON process is the elimination
of NOB from the system by operating at low SRTs (1-2 days) and high temperatures
(>25°C), where AOB out-compete NOB (Paredes et al., 2007; Van Hulle et al., 2005):

NH,*+1.50,+2 HCO;—> NO, + 2 CO, + 3 H,0O (4.4)

6 NO, + 3 CH,OH + 3 CO, — 3N, + 6 HCO; + 3 H,0 (4.5)

The CANON process is completely autotrophic and does not require organic car-
bon for denitrification (Third et al., 2001). In this process, ammonium is first con-
verted to nitrite under aerobic conditions, and then the nitrite is converted to nitrogen
gas in the absence of oxygen (eq 4.6). In the OLAND process, AOB are able to convert
ammonia to nitrogen gas under oxygen-limited conditions in a single reactor (eq 4.7)
(Kuai and Verstraete, 1998).

NH, + 0.850, — 0.11NO," + 0.44N, + 0.14H* + 1.43H,0 (4.6)

2NH,* + 1.50, — N, + 3H,0 + 2H* 4.7)
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Anammox, SHARON, CANON, and OLAND processes are suitable for treating
wastewaters with high ammonia concentrations (e.g., leachate from landfills, anaero-
bic digestion dewatering liquors), typically operating at warm temperature (>25°C).
The flow rate of supernatant from digesters is relatively small; however, it can con-
tribute 10% to 20% of the total nitrogen load to the treatment plant in a BNR system.
In other words, in a conventionally operated activated sludge plant (without BNR),
the recycle from the digesters can increase effluent ammonia-nitrogen by 50% or
more. This stream is an ideal source to implement novel nitrogen removal processes.
Additional details on sidestream nitrogen removal are presented in Chapter 9.

3.2 Stoichiometry

The first step of ammonia-oxidation to nitrite-nitrogen in the overall nitrification pro-
cess can be written as follows:

NH,* + 1.50, » NO, + 2 H* + H,0 (4.8)

This is an energy reaction and does not include the production of cell mass. The
nitrite produced is then oxidized as follows:

NO, +0.5 0, - NO; 4.9)
The overall energy reaction can be written by summing the above two equations:
NH,*+20,—>NO; +2 H* + H,0O (4.10)

Based on the stoichiometry of the overall energy reaction, 2 moles of oxygen
are required to oxidize 1 mole of nitrogen to nitrate, which is equivalent to 4.57 g
O,/g NH,*-N oxidized. It should be noted that these reactions do not take biosyn-
thesis into account, and additional equations that include biosynthesis are provided
in Chapter 5.

3.3 Kinetics

AOB typically grow slower than NOB, making the first step in nitrification as the
rate-limiting step. In the past, kinetics of nitrification was modeled in a single step
(NH,*-N — NO;-N). Recent research suggests, however, that this is not appropriate,
and modeling of individual oxidation reactions in two steps is necessary (Chandran
and Smets, 2000). At higher temperatures (25-35°C) and low SRTs (1-2 days), AOB
indeed grow faster than NOB. As a result, NOB are washed out of the system and
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only the first step of nitrification can be accomplished, which is exploited in the
SHARON process.

3.4 Toxicity

Nitrifiers are less robust than heterotrophs, and their performance is sensitive to sev-
eral heavy metals and synthetic organic chemicals, as summarized in Table 4.2.

TaBLE 4.2 Organic compounds and heavy metals reported as
inhibitory to nitrification (Blum and Speece, 1991; Christensen
and Harremoés, 1977; Hockenbury and Grady, 1977; Martin et al.,
2005; Painter, 1970; Payne, 1973; Richardson, 1985; Sharma and
Ahlert, 1977).

Name mg/L
Acetone 2000
Acid black dye 1 (AB1) 24
Allyl alcohol 19.5
Allyl chloride 180
Allyl isothiocyanate 1.9
Allyl thiourea 1.2
AM (2-amino-4-chloro-6-methylprimidine) 50
Amino acids 1-1000
Aminoethanol 12.2
Aminoguanidine 74.0
2-Aminophenol 0.27
4-Aminophinol 0.07
Aminopropiophenone 43
Aminotriazole 70.0
Ammonium 1000
Aniline 7.7
1-Arginine 1.7
Benzene 13.0
Benzidine dihydrochloride 50.0

(continued)
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TaBLE 4.2 Continued

Name mg/L
Benzocaine 100
Benzothiazzole disulphide 38.0
Benzylamine 100
Benzyldimethyldodecylammonium chloride 2.0
Benzylthiuronium chloride 40.0
2.2’ Bipyridine 10.0
Bisphenol A 100
Bromodichloropropane 84.0
2-Bromophenol 0.35
4-Bromophenol 0.83
n-Butanol 8200
Cadmium 14.3
Carbamate 2
Carbon disulphide 35.0
Chlorine 1
Chlorobenzene 0.71, 500
Chloroform 18.0
2-Chloronaphthol 14.3
2-Chlorophenol 2.70
3-Chlorophenol 0.20
4-Chlorophenol 0.73
5-Chloro 1-pentyne 0.59
2-Chloro-6-trichloromethyl-pyridine 11.0
Chromium (IIT) 10
Copper 230
m-Cresol 01.-100
0-Cresol 11.4
p-Cresol 12.8

Cyanide 16.5
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Name mg/L
Cyclohexylamine 0.500
Di-allyl ether 100
1,2-Dibromoethane 50.0
Dibromethane 60
1,2-Dichlorobenzene 100
1,1-Dichloroethane 0.91
2,4-Dichloroethane 0.79
1,5-Dichloropentane 13.00
2,3-Dichlorophenol 0.42
2,3-Dichlorophenol 0.61
2,6-Dichlorophenol 8.10
3,5-Dichlorophenol 3.00
1,3-Dichloropropene 0.67
1,3-Dichloropropene 0.48
Dicyandiamide 250
Dicyclohexylcarbodiimide 10.0
Diethyl dithiothiosemicarbazide 0.1
Diguanide 50.0
Dimethylgloxime 140
Dimethylhydrazine 19.2
Dimethyl p-nitrosoaniline 19.0
Dimethyl p-nitrosoaniline 30
2,4-Dinitrophenol 37.0
Diphenylthiocarbazone 7.5
Dithio-oxamide 1
Dodecylamine <1
Erythromycin 50.0
Ethanol 2400

(continued)
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TaBLE 4.2 Continued

Name mg/L
Ethanolamine 100
Ethyl acetate 18
Ethylenediamine 100
Ethyl urethane 1000
Ethyl xanthate 10
Flavonoids 0.01
Guanidine 4.7
Hexamethylene diamine 85
Histidine 5
Hydrazine 58.0
Hydrazine sulfate 200
Hydrogen sulfide 50
8-Hydroxyquiniline mercaptobenzothiazole 1
Lauryl benzenesulphonate 118
Lead 0.500
1-Lysine 4.0
Mercaptobenzothiazole 3
Methanol 160
Methionine 9.0
n-Methylaniline <1
Methylhydrazine 12.3
Methyl isothiocyanate 0.800
Methyl mercaptan 300
Methyl pyridines 100
2-Methylpyridine 100
4-Methylpyridine 100
Methylthiourea 0.455
Methyl thiuronium sulfate 1
Methylamine hydrochloride 100
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TaBLE 4.2 Continued

Name mg/L
Methylene blue 30
Monethanolamine >200
N-serve 10
Napthylethylenediamine dihydrochloride 23
Nickel 5.0
Ninhydrin 10.0
p-Nitroaniline 10.0
p-Nitrobenzaldehyde 50.0
Nitrobenzene 50.0
4-Nitrophenol 2.60
2-Nitrophenol 11.00
2-Nitrophenol 50.0
Nitrourea 1.0
Panthothenic acid 50
Pentachloroethane 7.90
Perchloroethylene phenol 5.6
Phenolics (substituted) 100
Phenolic acids 0.01
p-Phenylazoaniline 100
Potassium chromate 800
Potassium chlorate 2500
Potassium dichromate 6.0
Potassium thiocyanate 300
n-Propanol 20.0
Purines 50
Pyridine 10.0
Primidines 50
Pyruvate 400
Resurcinol 7.80

(continued)
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TaBLE 4.2 Continued

Name mg/L
Skatole 7.0
Sodium azide 23.0
Sodium azide 20
Sodium arsenite 2000
Sodium chloride 35000
Sodium cyanate 100
Sodium cyanide 1
Sodium dimethyl dithiocarbamate 13.6
Sodium methyl dithiocarbamate 0.90
Sodium pluoride 1218
Sodium methyldithiocarbamate 1

ST (sulfathiazole) 50
Strychnine 100
Sulphides 5.0
Tannin 0.01
Tetrabromobisphenol 100
1,2,3,4-Tetrachlorobenzene 20.0
1,2,4,5-Tetrachlorobenzene 9.80
1,1,1,2-Tetrachloroethane 8.70
1,1,2,2-Tetrachloroethene 1.40
12,3,5,6-Tetrachlorophenol 1.30
Tetramethylammonium chloride 2200
Tetramethyl thiuram disulfide 5
Thiamine 0.530
Thioacetamide 500
Thiocyanates 0.180
Thiosemicarbazide (Aminothiourea) 0.760
Thiourea 1

Thiourea (substituted) 3.6
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TaBLE 4.2 Continued

Name mg/L
1 -Threonine 5
Threonine 50.0
2,4,6-Tribromophenol 7.70
2,4,6-Tribromophenol 50
2,4,6-Tribromophenol 2.5
2,2,2-Trichloroethanol 2.00
1,1,2-Trichloroethane 1.90
Trichloroethylene 0.81
Trichlorophenol 100
2,3,5-Trichlorophenol 3.90
2,3,6-Trichlorophenol 0.42
2,4,6-Trichlorophenol 7.90
Triethylamine 100
Trimethylamine 118
2,4,6-Trimethylphenol 30.0
1-Valine 1.8
Vitamins riboflavin, A-lipolic acid, B-pyridoxine HCL 50
Zinc 11.0

The effects of the substances can be either inhibitory or fatal depending on the
compound, its concentration, the duration of exposure, and other environmental
conditions in the nitrification reactor. Special mention should be made of the inhibi-
tory effect of gaseous (free or unionized) ammonia [NH;(g)] and unionized nitrous
acid (HNO,). Nitrosomonas and Nitrobacter are inhibited by free ammonia (150 mg/L)
and nitrous acid (Anthonisen et al., 1976; Turk and Mavinic, 1986). Table 4.3 sum-
marizes the range of ammonium and nitrite concentrations that may inhibit nitrifi-
cation. Nitrobacter appears to be more sensitive to free ammonia than Nitrosomonas.
Turk and Mavinic (1986) found that nitrite oxidation was inhibited at 0.1 to 1.0
mg/L NH;(g)-N (free ammonia) and that ammonia oxidation was inhibited at 5 to
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TABLE4.3 Ammonium-nitrogen and nitrate-nitrogen concentration range for
Nitrobacter inhibition as a function of pH (T = 20°C) (reprinted from Water Science
and Technology, Vol. 25, Randall, C. W. et al., Nitrification Kinetics in Single-Sludge
Biological Nutrient Removal Activated Sludge Systems, p. 195, Copyright 1992,
with permission from the copyright holders, IWA Publishing).

pH NH,*N (mg/L) NO,-N (mg/L)
6.0 210-2100 30-330

6.5 70-700 88-1050

7.0 20-210 260-3320

7.5 7-70

8.0 2-20

20.0 mg/L NHs(g)-N. Ford et al. (1980) found that nitrite oxidation was inhibited at
10 to 150 mg/L NH;(g)-N.

At low pH, ammonia oxidation is more sensitive to nitrite than nitrite oxidation.
Inhibition by nitrite at low pH is likely caused by the presence of free nitrous acid
(Beccari et al., 1979). Turk and Mavinic (1986) also found that nitrite-nitrogen levels
as high as 100 mg/L caused no discernible inhibition to the treatment process. The
conclusion again is that free nitrous acid, rather than nitrite, is likely inhibiting the
process.

Alleman (1984) observed elevated nitrite concentration of 27 mg/L in batch nitri-
fication systems and concluded that Nitrobacter is more susceptible than Nitrosomonas
to environmental stresses. He (1984) proposed that reduced temperature, limited
oxygen and carbon dioxide, elevated pH, presence of free ammonia, and excess sol-
ids wasting reduce Nitrobacter growth and nitrite oxidation. He also reported that
shock ammonium loading and reduction of nitrate induce nitrite accumulation.
Shock loads of ammonium can cause nitrite accumulation because Nitrosomonas can
adapt its population more quickly than Nitrobacter. Mines (1983) observed nitrite con-
centrations ranging from 19 to 210 mg N/L at free ammonia concentration from 9.5
to 73 mg/L in continuous-flow studies treating high-strength nitrogenous wastewa-
ter. Tanaka and Dunn (1982) found that oxygen concentrations approaching zero led
to nitrite concentrations of 36 mg/L in a laboratory-scale fixed-film batch nitrification
system. They also found that when the dissolved oxygen concentrations increased,
the nitrite levels decreased to below 10.0 mg/L.
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Salinity can affect nitrification rates. Panswad and Anan (1999) reported a
decrease in specific ammonia-nitrogen uptake rate (SAUR) of nitrifying sludge accli-
mated to varying levels of NaCl. They operated BNR systems acclimated to 0 to
30 g/L of NaCl. After dosing the systems with 70 g/L of NaCl for four days, they
observed the SAUR. For sludge not acclimated to NaCl, SAUR dropped from 4.76 to
0.48 mg NH,*-N/g MLSS-h within three days. After recovery, SAUR came back up to
4.33 mg NH,*-N/g MLSS-h. Sludge acclimated to 30 g/L of NaCl showed a decrease
in SAUR from 2.14 to 1.02 mg NH,*-N /g MLSS-h but recovered to 2.13 mg NH,*-N/g
MLSS-h. Sludge acclimated to 5 and 10 g/L NaCl recovered to better SAURs than
before the shock. This suggests that nitrifiers are affected by salinity but are capable
of recovering from the salinity shock. A summary of salt effects on nitrification is pre-
sented in Table 4.4 (Paredes et al., 2007).

Inorganic substances such as cadmium, chromium, cyanide, arsenic, fluoride,
nickel, and zinc can lead to nitrification inhibition (Fox et al., 2006; Hu et al., 2002,
2003). Fox et al. (2006) concluded that significant inhibition occurred at 10 mg/L
of Zn, whereas complete inhibition occurred at 50 mg/L of Zn. In the same study,
only slight inhibition was observed at 1 mg/L of Zn. Hu et al. (2002) found that free
cation concentration of nickel and cadmium, and not the total aqueous concentra-
tion of the metal, correlated with nitrification inhibition. In addition, it was observed
that the addition of chelating agent such as ethylenediamine tetraacetate reduced
the inhibitory effect. Excessive use of chelating agents, however, can be inhibitory.
Therefore, care needs to be exercised in the selection of chelating agent concentration.
Typically, the free ion concentration in activated sludge processes is reduced because
of production of exocellular polymers, which bind some of the metals, reducing the
overall inhibition capacity of the metals. Hu et al. (2003) investigated the impact of
copper, cadmium, nickel, and zinc on nitrification. The objectives of this study were
to (1) evaluate the relationship between metal partitioning and metal inhibition for a
mixed nitrifying consortium; (2) determine metal internalization kinetics after tran-
sient exposure of metals; and (3) develop a mathematical model to describe nitrifica-
tion inhibition that captures both metal transport and biological toxicity effects. The
results of this study indicated that in short-term batch assays (approximately one
hour), the specific ammonium oxidation rate decreased as the applied metal dose to
nitrifying biomass increased for all metals. The metal molar inhibitory effect toward
ammonium oxidation was cation-specific and followed Cu?* Zn?* > Cd** > Ni*". It
also was observed that nitrification inhibition increased with exposure time; how-
ever, sorbed metal concentrations were not good predictors of the effect of metal on
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TasLeE 4.4 Effect of salt on nitrification (adapted from Paredes et al., 2007).

System examined  Salinity Observed effect Reference
Activated sludge 10% sea water No effect on nitrogen Abughararah and
removal Sherrard, 1993

SBR

Salt adapted sludge
in fluidized bed

reactor

Salt acclimated
nitrifying activated
sludge

SHARON reactor
(35°C)

70 g NaCl/L

70 g NaCl/L

78 g NaCl/L

40gCl-/L
33 g NaCl/L

56 g NaCl/L

13.7 g NaCl/L
19.9 g NaNO,/L
8.30 g Na,SO,/L

12 g NaCl/L

<50 g NaCl/L

55% Inhibition on
nitrification
recovery when salt

concentration reduced

30% Inhibition on
nitrification with salt
acclimated sludge

No inhibition for acclimated

sludge

Inhibition of AOB and NOB

Stable nitrification

Stable ammonium oxidation
and nitrite accumulation
when a carrier material was

used

100% Full nitrification with
applied loads between 1

and 4 g NH,*-N/L

Higher salt concentration

caused ammonium

(10%) and nitrite (20%)

accumulation

Nitrite accumulation

increased 30% with salt

addition

Stable partial nitrification

Panswad and Anan,
1999

Panswad and Anan,
1999

Dahl et al., 1997
Moussa et al., 2006

Vredenbregt et al.,
1997

Vredenbregt et al.,
1997

Campos et al., 2002

Mosquera-Corral
et al., 2005

Mosquera-Corral
et al., 2005

AOB = ammonia oxidizing bacteria; NOB = nitrite oxidizing bacteria and SBR = sequencing

batch reactor.
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nitrification kinetics. On the contrary, inhibition of ammonium oxidation kinetics
correlated well with the intracellular Zn, Ni, and Cd concentrations. The results for
copper, however, showed no direct correlation between intracellular or sorbed con-
centrations and nitrification inhibition. Copper is characterized by high complexation
potential, high degree of partitioning to nitrifying biomass, and fast internalization
kinetics. It was suggested that the difference in physicochemical behavior of copper
compared to other metals studied is because of different biological response. The
precise method of copper inhibition on nitrification was not understood, and further
research is needed to better understand the mode of copper toxicity or inhibition to
ammonia oxidation.

3.5 Biofilm Systems

In addition to suspended-growth systems, a variety of attached-growth or fixed-film
systems are used to nitrify domestic and industrial wastewater. In these systems,
biomass is attached to solid support media contained within a reaction vessel. The
wastewater to be treated is brought in contact with the biofilm, where the local mix-
ing and turbulence determine the transfer of nutrients to the biofilm. The growth of
biofilm needs to be balanced from excessive detachment to avoid clogging the reac-
tor while maintaining activity within the bioreactor (Henze et al., 2008). Although
the kinetic (growth and oxidation) relationships used in the design of suspended-
growth reactors are still valid, the design of attached-growth systems is complicated
by mass-transfer limitations of substrate within the biofilm system. The biofilm sys-
tem can be described by four components consisting of bulk liquid, boundary layer,
biofilm, and substratum, as shown in Figure 4.1 (Eberl et al., 2006). In the past, the
design of fixed-film processes was mainly based on empirical data derived from pilot
or full-scale system; however, recent advances in biofilm modeling has made these
models available in commercial process simulators to facilitate design of fixed-film
processes (Eberl et al., 2006). Many different types of media (shape, size, and mate-
rial of construction) are available commercially, and the choice depends on reactor
design. Factors that should be considered in the selection of media include specific
surface area, density, material of construction, attrition resistance, and suitability for
biofilm attachment (Lazarova and Manem, 2000). The larger media have more void
spaces and reduced risk of clogging but have lower specific surface area, increas-
ing the overall size of the reactor volume. Smaller-size media are characterized by
higher specific surface area, higher risk of clogging, and smaller reactor volume. A
balance must be struck between the potential for clogging and reactor size for a given
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Lemmmee o - Bulk liquid

Substratum

FIGURE 4.1 Four compartments typically defined in a biofilm system: bulk liquid,
boundary layer, biofilm, and substratum, where EPS is the extracellular polymeric
substance (Eberl et al., 2006).

application. Other features that should be considered in the design of fixed-film reac-
tors include aeration, flow distribution, biofilm control, and solids removal.

In fixed-film nitrification reactors, the competition or interactions between het-
erotrophic and autotrophic bacteria may be more important than in suspended-
growth systems. The presence of significant amounts of organic substrate in the
fixed-film reactor can allow the heterotrophic biomass to overwhelm the autotrophs
and effectively prevent their growth until the carbon substrate concentration in the
bulk liquid is reduced to approximately 20 mg/L or less soluble biochemical oxygen
demand (sBOD:s) (Boller et al., 1994). Boller et al. (1994) presented an overview of the
important parameters that affect nitrification.

Mass transfer of nutrients and competition for dissolved oxygen between het-
erotrophic and autotrophic bacteria becomes more critical in attached-growth sys-
tems. The concentration of substrates such as ammonia-nitrogen and dissolved
oxygen within the biofilm and external liquid layer can be significantly lower than
in the bulk liquid because of transport limitations. Low concentrations within the
biofilm can result in lower rates of nitrification. A diffusion-reaction model that
considers both external (liquid film) and internal (biofilm) mass-transfer resistances
can be used to accurately describe the processes occurring in biofilms. Previously, it
was understood that the external (liquid film) mass-transfer resistance is negligible in
comparison to the internal resistance. More recent work, however, suggests that the
mass-transfer within the external liquid layer or the boundary shown in Figure 4.1 is
equally important to the process (Eberl et al., 2006).
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Traditional examples of attached-growth systems include trickling filters,
rotating biological contactors, submerged packed-bed reactors, and fluidized bed
reactors. Immobilized cells or high-biomass processes also rely significantly on
attached-growth biomass. Trickling filters, in which 5- to 20-cm rocks or plastic
material are used as static support media, are one of the oldest type of biofilm reac-
tors. The height of the tricking filter may range from 1 to 3 m for rock media and 4
to 12 m when using plastic media (Henze et al., 2008). Typically, attached-growth
systems tend to be more resistant to shock loads. When the reactors are enclosed,
they are also protected from excess loss in temperature aiding the process. An addi-
tional advantage of attached-growth systems is that there is no need for sludge
recirculation to maintain the necessary biomass for treatment because the biomass
is attached to the solid support in the reactor. From a practical design viewpoint,
this means process efficiency is not dependent on the settleability of the biomass,
unlike for suspended-growth systems. Short detention times in some of the fixed-
film reactors, however, may result in breakthrough of ammonium-nitrogen at peak
flows. As with suspended-growth systems, nitrification may be accomplished in
a separate unit process or in combination with carbonaceous removal in a single
reactor.

During the past decade, the effluent ammonia-nitrogen limits have become
more stringent. As a result, many existing plants have been upgraded with the
addition of synthetic media to increase nitrification capacity of the system. These
integrated fixed-film activated sludge (IFAS) systems are hybrid reactors that use
synthetic media completely submerged into water (either fixed in the aeration tank
or suspended in the mixed liquor) and recycle sludge from the secondary clarifier.
When sludge is not recycled, which is typically the case for separate-stage nitri-
fication processes, suspended media are used in moving bed biological reactors
(MBBRs). These systems allow growth and retention of additional biomass in the
reactor without the need for an increase in clarification capacity of the system. The
additional biomass results in higher SRT, improving carbon removal and nitrifica-
tion rates. A similar concept is used in a biological aerated filter. The biological
aerated filter system provides both biological treatment and solids filtration. In a
submerged aerated filter, rigid, corrugated, structured polypropylene media are
installed in an aeration tank to provide a high surface area for biomass attachment
(500-1150 m?/m? or 150-350 sq ft/cu ft). The media are arranged into cells-in-series
in which effluent is contacted with the fully submerged media in the presence of
co-current aeration.
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4.0 DENITRIFICATION

Denitrification or reduction of nitrate to nitrogen gas under anoxic conditions
depends on nitrate being produced in the nitrification process under aerobic condi-
tions. For total nitrogen removal, first nitrification and then denitrification should
occur efficiently to achieve the desired effluent quality. Nitrification requires aero-
bic conditions and consumes alkalinity. Denitrification does not require aerobic con-
ditions and generates NO;-N as the alternate electron acceptor, which reduces the
overall oxygen requirement of the process. Denitrification also returns part of the
alkalinity consumed during nitrification. Thus, where feasible, denitrification should
be incorporated to reduce total energy footprint and external alkalinity addition. The
potential disadvantage is the cost of adding external carbon (e.g., methanol) when
wastewater does not contain sufficient amounts of readily biodegradable carbon to
meet the effluent total nitrogen limits.

4.1 Biochemistry and Microbiology

Most denitrifiers are facultative, which means that they can use either oxygen or
oxidized nitrogen (NO,-N or NO;™-N) as the terminal electron acceptor in respira-
tion. The use of oxygen as the electron acceptor is called “aerobic respiration,” and
the use of nitrate or nitrite as electron acceptor is termed “anoxic respiration.” These
microorganisms use similar metabolic pathways. A major difference between aerobic
respiration and anoxic respiration is the enzyme catalyzing the final electron transfer
occurring in the electron transport chain. Oxygen must be excluded to promote dis-
simulatory denitrification, which is the process in which nitrate is used as an alterna-
tive electron acceptor (Madigan et al., 1997). If both oxygen and nitrate are present,
then microorganisms preferentially use oxygen as the terminal electron acceptor
because it yields more energy than nitrate or nitrite. There are several advantages of
removing wastewater COD through denitrification: (1) reduction in aeration require-
ment for the process; (2) a slight reduction in the overall sludge production as biomass
yield in anoxic conditions is less than the yield in aerobic conditions; (3) recovery of
alkalinity; (4) effluent with low nitrates, which reduces negative effects on the receiv-
ing water; and (5) a reduction in filaments thus better settling solids.

Microorganisms require nitrogen for protein synthesis. The preferred source of
nitrogen is NH,*-N because this form is used directly in synthesis. Nevertheless, if
sufficient NH,*-N is unavailable, some microorganisms can reduce nitrate to ammo-
nium (Gayle and Benoit, 1989). This process is referred to as “assimilatory nitrate
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reduction” (NO; - NO,”— NH,0OH — organic nitrogen), indicating that nitrogen
is incorporated to the cell. This reaction can proceed successfully even under aerobic
conditions (Madigan et al., 1997). It is, therefore, distinguished from dissimulatory
nitrate reduction (denitrification), which is a respiratory process whereby the micro-
organism obtains energy. Four steps are involved in dissimulatory biological denitri-
fication (Grady and Lim, 1980):

NO; - NO,” - NO (g) > N,O (g) - N, (g) 4.11)

The NO,7, NO, and N,O are intermediates in the process. Each step involves a
particular reductase enzyme that catalyzes the transfer of electrons to nitrogen.
Nitrate reductase, a molybdenum-containing enzyme, converts NO;~ to NO,~, and
nitrite reductase catalyzes the conversion of nitrite NO,” to NO. Nitric oxide reductase
converts NO to N,O, and in the final step, nitrous oxide reductase produces gaseous
nitrogen. The NO and N,O are both nonionic gaseous forms of nitrogen, and N,O is
especially important in that it is a significant greenhouse gas released from waste-
water treatment.

The electrons originate from the substrate, that is, the electron donor. Either
inorganic (e.g., hydrogen or sulfur) or organic waste compounds can serve as sub-
strate for denitrification. As a result of denitrification, the electron donor is oxidized
while nitrate is reduced. In addition to organic material present in the wastewater,
external carbon sources frequently are used to provide a source of electron donors
for denitrification. The possible electron transport system of the dissimulatory deni-
trification is:

e Donor - NAD — FAD — Quinone — Cytochrome

. 4.12)
— Nitratereductase — NO;~

where NAD is nicotineamide adenine dinucleotide and FAD is flavin adenine
dinucleotide.

At least 14 bacterial genera are known to contain denitrifying species (Drysdale
etal., 1999; Gayle and Benoit, 1989). These include Bacillus, Pseudomonas, Methanomonas,
Paracoccus, Spirillum, and Thiobacillus. Denitrification can be accomplished by both
heterotrophic and autotrophic organisms (Zumft, 1997). Most of the denitrifying bac-
teria are heterotrophic, however, meaning that they use carbon from organic com-
pounds for cell synthesis and energy. There are relatively few species of autotrophic
denitrifying bacteria, which obtain carbon for cell synthesis from inorganic com-
pounds. One example is Thiobacillus denitrificans. This organism oxidizes elemental
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sulfur for energy and obtains carbon for cell biosynthesis from dissolved carbon
dioxide or bicarbonate (HCO;").

Denitrification can be accomplished using the carbon from influent organics by
creating an anoxic zone or separate anoxic reactor at the head end of the process and
recycling nitrified mixed liquor into it. This process often is called “preanoxic deni-
trification.” In postanoxic denitrification, an external carbon source can be added to
the mixed liquor after the ammonia in the wastewater has been oxidized to nitrate
or endogenous respiration is used to reduce the nitrates. When very low total nitro-
gen levels are desired in the final effluent, a combination of pre- and postanoxic
gentrification is often used. External carbon sources include methanol, acetate, ethanol,
sugar, butanol, corn syrup, molasses, methane, and industrial wastes such as from
food processing, breweries, and biodiesel. The advantage of using methanol over
other sources in wastewater is that it is free of contaminants such as nitrogen and
phosphorus, has the lowest cost, and can lead to improved process control and oper-
ation. The disadvantage of using methanol intermittently appears to be the initial lag
period (several days to weeks) for the growth of methanol using denitrifiers (Ginige
et al., 2004; Hallin and Pell, 1998; Hallin et al., 1996; Nyberg et al., 1992; Purtschert
et al., 1996). The other disadvantage of using methanol is that unlike acetate it cannot
be used by the phosphorus accumulating organisms in enhanced biological phospho-
rus removal when both nitrogen and phosphorus removal are desired (deBarbadillo
et al., 2008).

SND can occur in systems operated at low dissolved oxygen concentrations in
the bulk mixed liquor. At the outer periphery of the bioflocs, dissolved oxygen is
available for heterotrophs for carbon removal and nitrifiers for nitrification. Inside
the floc, however, dissolved oxygen may not penetrate and anoxic conditions can
exist, leading to denitrification and to SND within the aerobic environment. Under
these conditions, potentially, neither nitrification nor denitrification may proceed at
optimum rates, as low dissolved oxygen can slow down nitrification and the pres-
ence of dissolved oxygen can inhibit denitrification.

In the SHARON process, NH,*-N is oxidized to NO,™-N in a chemostat reactor
(no recycle, SRT = hydraulic retention time) and the NO,™-N is reduced to nitrogen
gas by adding a carbon source under anoxic conditions. The net result of this process
is a reduction in theoretical oxygen requirement as NO,™-N is not oxidized to NO;™-N.
There is also a reduction in external carbon source requirement because the reduc-
tion step from NO;™-N to NO,™-N is eliminated. As discussed earlier, denitrification
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can also occur in the anammox process where ammonium provides electrons for the
denitrification of nitrite to nitrogen gas:

NH,* + NO; — N, + 2H,0 4.13)

4.2 Stoichiometry

The stoichiometric equations for denitrification depend on the carbon substrate and the
source of nitrogen. The energy equations using wastewater and methanol as the carbon
substrates and nitrate as the terminal electron acceptor can be written as follows:

Wastewater: 10 NO; + C,,H,;;O;N — 5N, + 10 CO, + 3 H,0O

+ NH, + 10 OH- (4.14)

Methanol: 6 NO,~ + 5 CH,OH — 3N, + 5 CO, + 7 H,0

+6OH- (4.15)

The hydroxide ion formed during denitrification reacts with carbon dioxide in
the water to create bicarbonate ions according to the following equation:

OH- + CO, —» HCO; (4.16)

The oxidation-reduction half reactions using oxygen, NO,™-N, and NO;™-N as
electron acceptors can be expressed as follows:

0250,+H*+e - 05H,0 4.17)
0.33NO, +1.33 H* + e —> 0.17 N, + 0.67 H,0O (4.18)
0.20NO; +1.2H*+e —> 0.1 N, + 0.6 H,0O (4.19)

The significance of the conversion of nitrate to nitrogen gas is that the overall
process oxygen demand is reduced by 2.86 g oxygen/g NO;-N reduced [(0.25 x 32)/
(0.20 x 14)]. When nitrite is converted to nitrogen gas, oxygen demand is reduced by
1.73 g oxygen/g NO,™-N reduced [(0.25 x 32)/(0.33 x 14)]. Also, for each equivalent
of NO;™-N reduced, one equivalent of alkalinity is produced, which is equivalent to
3.57 g of alkalinity as CaCO;/g NO;-N reduced. The stoichiometric relationships for
frequently used carbon sources are presented below (Sorensen and Jorgensen, 1993):

Acetic acid: 5 CH;COOH + 8 NO,” — 4 N, +10 CO, + 6 H,0 + 8 OH-  (4.20)

Dextrose: 0.208 C,H,,0O, + NO;- — 0.5 N, + 1.25 CO, + 0.75 H,O (4.21)
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Ethanol: 5 C,H;OH + 12 NO;- — 6 N, + 10 CO, + 9 H,0 + 12 OH~- (4.22)
Glycol: 0.50 (CH,0OH), + NO;— 0.5 N, + CO, + H,0 + OH- (4.23)
Formaldehyde: 1.25 HCHO + NO;”— 0.5 N, + 1.25 CO2 + 0.75 H,O + OH~ (4.24)
Isoproponol: 0.278 C;H,OH + NO;~— 0.5 N, + 0.833 CO, + 0.5 H,O + OH~  (4.25)

Fusel oil (amyl alcohol): 0.167 CsH;;OH + NO;~

(4.26)
— 0.5N, +0.833 CO, + 0.5 H,0 + OH"

Methane: 8 NO,+5CH, > 4N, + 5 CO, + 6 H,O + 8 OH"- (4.27)

As with nitrification, the inclusion of biosynthesis changes the stoichiometry. The
overall result is an increase in the electron donor (carbon substrate) required per unit
mass of nitrate or nitrite reduced.

4.3 Substrate Requirements

Several factors influence substrate consumption in biological denitrification. The first
factor is the concentration levels of the electron acceptors present, including nitrate,
nitrite, dissolved oxygen, and sulfate (5O,%). Most of the dissolved oxygen present
must be reduced before denitrification can proceed. Nitrate and nitrite compete on
approximately an equal basis for electrons from the substrate. Sulfate can be reduced
biologically, but only after almost all the dissolved oxygen, nitrate, and nitrite have
been consumed. Hence, nearly complete denitrification can be obtained without
appreciable sulfate reduction.

A second factor affecting electron donor requirements is the nature of the donor
molecule. Organic compounds are used by bacteria as the source of electrons for energy
metabolism, as well as the source of carbon for cell biosynthesis. Inorganic compounds
such as molecular hydrogen and sulfur only supply electrons for energy metabolism.

A third factor that affects electron donor requirements is the extent of the deni-
trification reaction. A shortage of electron donor can cause the conversions depicted
in eq 4.15 to stop before nitrogen gas is produced, so that the quantity of NO;~-N
removed exceeds the quantity of nitrogen gas produced. The electron donor require-
ment, expressed in terms of the mass of substrate consumed per unit mass of NO,™-N
removed, will then vary directly with the percentage removal of nitrate, up to the
point of complete conversion. The total concentration of substrate (as methanol)
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required to reduce the nitrate, nitrite, and dissolved oxygen present without biosyn-
thesis (C,,) is (McCarty et al., 1969):

C, = 2.47 NOsN + 1.53 NO,-N + 0.87 DO (4.28)

Where,
C,, = methanol required (mg/L);
NO:;-N = initial nitrate nitrogen concentration (mg/L);
NO,-N = initial nitrite nitrogen concentration (mg/L); and
DO = dissolved oxygen concentration (mg/L).

Another parameter for evaluating substrate requirements (including the carbon
required for growth) is the substrate consumption ratio (SCR) presented below:

SCR = ﬁj_z\,— (4.29)
Where,
AC = corresponding change in substrate concentration expressed as
(g COD/md); and
ANO;~N = equivalent nitrate concentration consumed, based on:
(g NOseq-N/m?) (4.30)

The oxygen equivalent of the substrate required (COD) can be calculated using
the following equation (Metcalf and Eddy, 2003):

g bsCOD/g NO; -N = 2.86/(1-1.42Y ) (4.31)

Where,
bsCOD = biodegradable soluble COD (g/d); and
Y,

0

s = net biomass yield (g biomass volatile suspended solids [VSS]
produced/g bsCOD removed).

The SCR of methanol varies from 3.2 to 6.0 g COD/g NO,,-N. Substrate
consumption ratios reported by Monteith et al. (1980) for industrial organic wastes
ranged from 2.2 t0 10.2 g COD/g NO,-N. Typically, a carbon-to-nitrogen ratio (C/N)
of 1.5 to 5 may be required for denitrification to occur effectively. A C/N greater than
4 may be required, however, to obtain more than 95% nitrate removal in municipal
wastewater treatment systems. Table 4.5 presents a range of C/N optimal for differ-
ent carbon substrates (Sorensen and Jorgensen, 1993). Table 4.6 presents information
on supplemental carbon sources used for denitrification (deBarbadillo et al., 2008).
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TaBLE 4.5 Carbon-to-nitrogen ratio for different carbon sources for denitrification
(adapted from Sorensen and Jorgensen, 1993).

Organic substrate C/N optimum Unit
As internal source 3.0-3.50 kg BOD;/kg N
4.0-5.0 kg COD/kg N
In sludge 1.5-2.5 kg BODs/kg N
29-32 kg COD/kg N
Methanol 2.3-2.7 kg MeOH/kg N
3.5-4.1 kg COD/kg N
Acetic acid 2.9-3.5 kg HAc/kg N
3.1-37 kg COD/kg N

BOD = biochemical oxygen demand and COD = chemical oxygen demand.

TABLE4.6 Information on supplemental carbon sources (adapted from
DeBarbadillo et al., 2008.).

Carbon source Chemical formula Specific gravity Estimated COD content
(mg/L)

Methanol CH,OH 0.79 1188 000

Ethanol CH,CH,OH 0.79 1649 000

Acetic acid (100% CH,;COOH 1.05 1121000

solution)

Acetic acid (20% CH,COOH 1.026 219 000

solution)

Sugar (sucrose) C,H»,044 1.22 685 000

(50% solution)

MicroC™ Proprietary product 1.16 630 000

includes 5% methanol

UnicarbDN Glycerin based 1.09 600 000-1 000 000

Primary sludge VFAs (primarily acetic 1.0 400-800 soluble COD

Fermentate and propionic acids) (depending on elutriant)

COD = chemical oxygen demand and VFA = volatile fatty acid.
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4.4 Alkalinity Production

The quantity of base produced by denitrification can be calculated from the following
balanced reaction, as modified from McCarty et al. (1969):

NO,~ + 1.08 CH,OH = 0.065 CsH,O,N + 0.47 N,

+0.76 CO, + 1.44 H,0 + OH- (4.32)

Therefore, 3.57 mg/L of alkalinity are produced per milligram per liter NO,;~N
reduced when NO;™ is used by the denitrifying bacteria for cell synthesis. This alka-
linity production is beneficial to the overall process to reduce the external addition of
alkalinity where required.

4.5 Kinetics

The rate of denitrification has been found to vary depending on the type and concen-
tration of compound used as the carbon source. The availability of soluble and read-
ily biodegradable substances results in higher denitrification rates. Denitrification is
affected by the dissolved oxygen concentration, pH, temperature, and reactor configu-
ration. Researchers have developed several mathematical models for predicting deni-
trification rates based on Monod kinetic expression shown below (Henze et al., 1987):

1-Y, S Svo S,
T, o = X
e (2'86 XYy )IumH (Ks +5s J(KNO +Sy0 N\ Ko +50 Mo (4.33)
Where,

"o = denitrification rate (g NOs-N reduced /m®-d);

Hmp = maximum specific growth rate for heterotrophs (d™);
N, = fraction heterotrophs using nitrate for electron acceptor;
X, = concentration of heterotrophs (mg/L COD);
S, = concentration of readily degradable organic substrate (mg/L COD);
K, = half-saturation coefficient for readily degradable substrate (mg/L COD);
So = concentration of dissolved oxygen (mg O,/L);
K, 1 = half-saturation coefficient for dissolved oxygen in heterotrophic growth
(mg O,/L);
Sno = concentration of nitrate (mg N/L);
Kyo = half-saturation coefficient for nitrate (mg N/L); and
Yy = heterotrophic yield (g biomass COD/g substrate COD).

The values for the biokinetic coefficients for Monod-type expressions are not well
defined. Table 4.7 summarizes recommended values from two references. The current
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TaBLE 4.7 Monod kinetic coefficients for denitrification (Henze et al., 1986).

Coefficient Symbol Typical range  Suggested
Maximum specific growth rate of My 3-3 4.0-6.0
heterotrophs (per day)

Heterotrophic biomass yield (g cell Yy 0.46-0.69 0.67
formed/g COD oxidized)

Half-saturation coefficient organic substrate K, 10-180 10.20
(g COD/md)

Half-saturation coefficient nitrate-nitrogen Kyo 0.06-0.5 0.2-0.5
(g NOs;-N/m?)

Correction factor for y;; under anoxic Mg 0.5-1.0 0.8
conditions (dimensionless)

Half-saturation coefficient for dissolved Kou 0.10-0.28 0.1-0.2
oxygen for heterotrophic biomass (g O,/m?)

Mass nitrogen per mass of COD in biomass iyp 0.06-0.12 0.06-0.086
(g N/g COD in biomass)

Decay coefficient for heterotrophic biomass by 0.05
(per day)

COD = chemical oxygen demand. Baillod and Boyle, 1970.

practice is to use process-simulation models to design denitrification systems, which
in the past were based on empirical rate expressions for a given type of substrate.

Temperature has a significant influence on maximum growth rate of denitrifying
population, which can be expressed for methanol using denitrifying bacteria by an
Arrhenius equation (Nichols et al., 2007):

(o)t = (i) np (0)T20 (4.34)

Where,
(Mmp)r = maximum specific heterotrophic growth rate at any temperature, T;
(Mmep)20 = maximum specific heterotrophic growth rate at 20°C; and
0 (Arrhenius coefficient) = 1.13.

The denitrification rate is strongly affected by the kinetic regime of the reactor.
Plug-flow reactors and reactors in series will produce higher denitrification rates
when the reaction order is greater than zero. This typically will happen when the
availability of substrate limits the denitrification reaction.
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Denitrifying bacteria grow well under the conditions typically experienced in
wastewater—pH between 7 and 8 and temperature between 5°C and 25°C. The max-
imum rate of denitrification is temperature-dependent, roughly doubling for every
10°C increase in temperature between 5°C and 25°C. Reported values for the temper-
ature coefficient are given in Table 4.8.

TABLE 4.8 Denitrification temperature coefficients (Sutton et al., 1975).

Temperature
©® Values Substrate range, °C Type of system Reference
1.09 Methanol 6-25 Suspended growth Sutton et al., 1975
6-16 6-day SRT
10-20
1.07 Methanol 5-25 Upflow packed column  Sutton et al.,
5-15 1975
10-20
1.094 Wastewater 17-25 Suspended growth Barnard, 1975
(exogenous carbon)
1.20 Endogenous (no 17-25 Suspended growth Barnard, 1975
external carbon)
1.12 Methanol 5-27 Laboratory batch Dawson and
Murphy, 1972
1.10 10-20
1.06 15-25 Batch activated sludge,  Stensel, 1970
SRT =2 days
1.13 10-20 Continuous activated Stensel, 1970
sludge
1.15 Methanol 10-20 Suspended growth, Mulbarger, 1971
SRT=7.6
10-20 Activated sludge Johnson and
Vania, 1971
Wastewater 6-25 Separate sludge Murphy and

Sutton, 1975

(continued)
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TaBLE 4.8 Continued

Temperature
© Values Substrate range, °C Type of system Reference
Wastewater 6-25 Single sludge Murphy and
Sutton, 1975
1.08 Raw and settled 12-24 Suspended growth (first Ekama et al.,
wastewater anoxic; SRT = 10-25 days) 1984
1.03 Raw and settled 12-24 Suspended growth (first Ekama et al.,,
wastewater anoxic; SRT = 10-25 days) 1984
1.06 — — Dawson and

Murphy, 1972

SRT = solids retention time.

Soluble, readily degradable substrates support the highest rates of denitrification.
Although methanol is the most typically used soluble substrate, it is not the best on
a kinetic basis. Kinetic coefficients for denitrification obtained from reported studies
are presented in Tables 4.9 and 4.10.

The New York City Department of Environmental Protection evaluated metha-
nol and ethanol addition to improve denitrification (Fillos et al., 2007). In this study,
the following expressions were determined for specific denitrification rate (SDNR)
for acclimated biomass, where ethanol had a higher SDNR value:

Methanol: (SDNR); = 0.0738 (1.11)7-20 (4.35)

Ethanol: (SDNR); = 0.161 (1.13)720 (4.36)

Where,
SDNR = mg NO;-N removed/mg VSS/d and
T = temperature, °C.

Hallin et al. (2006) studied the metabolic profiles and genetic diversity of deni-
trifying population in activated sludge by feeding 10 different carbon sources. They
observed changes in the community of denitrifiers depending on the carbon source. A
preferred carbon source could not be identified based on their study because the final
outcome depends on conditions specific to operation, including the costs of supplying
the carbon source. A different study examined the effect of acetate addition on deni-
trifying population and found that the activity improved rapidly with the addition of
acetate; however, the biomass settleability was adversely affected (Ginige et al., 2005).
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TaBLE 4.9 Denitrification kinetic coefficients.

Carbon Y (g VSS/g kp (mg N/g
source COD/N COD) Fimax (d7) VSS:-h) Reference
Methanol 3 Nyberg et al., 1996
COD: 8.7-13.3  Beccari et al., 1983
1188 000
mg/L 4.28 Bilanovic et al., 1999
5-6 Bailey et al., 1998
0.52 (10°C)-1.86 (20 °C) Stensel et al., 1973
47 0.4-0.5 (13°C)-1 (19 °C) Mokhayeri et al.,
2006
0.56 (13°C)-6.29 (20 °C) Dold et al., 2008
4.1-4.5 0.23-0.25  0.77 (15°C)-2 (20 °C) 32 (15°C) 91 Christensson et al.,
(20°C) 1994 (pure culture)
0.18 0.52 (10°C)-1.86 (20 °C) Metcalf and Eddy,
2003
48 0.29 0.34 (10°C)-1.2 (20 °C) 6.07 Onnis-Hayden
and Gu, 2008
Acetate 4-7 Naidoo, 1999
2.08-3.53 Isaac and Henze,
1995
7.95-10.6 Tam etal., 1992
3.2 Karlsson et al., 1990
9.89 Bilanovic et al.,
1999
0.32 Muller et al., 2003
0.46 3.6 Kujawa and
Klapwijk, 1999
0.22 Lee and Welander,
1996
3.5 1.2 (13°C)-3.5 (19 °C) Mokhayeri et al.,
2006
0.35 13.6 Onnis-Hayden

and Gu, 2008

(continued)
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TaBLE 4.9 Continued

Carbon Y (g VSS/g kp (mg N/g
source COD/N COD) Finax (d7 VSS-h) Reference
Glucose 27 Akunna et al., 1993
0.38 Muller et al., 2003
Ethanol 0.25-0.28  1.89 (15°C)—4.8 (25°C) 46 (15°C) Christensson et al.,
139 (20°C) 1994 (pure culture)
(pure culture)
10 Nyberg et al., 1996
0.22 Hallin et al., 1996
Acetic 27 Akunna et al., 1993
acid 2225  Gerberetal., 1987
Butyric 2.0-2.1
acid
Propionic 1.7-2.1
acid
Formic 0.9-1.5
acid

COD = chemical oxygen demand and VSS = volatile suspended solids.

TABLE 4.10 Industrial byproducts, industrial waste, and fermentation products.

Carbon source

Y (g VSS/g

COD/N COD)

kp (mg N/g

Hn (A1) VSS-h)

Reference

Hydrolyzed sludge

6.9

0.27

49-75 (BH) Hoffmann and

6.1-7.3 Klute, 1990

(BH/PA)

3.9-5.7 (CH)

0.67-3.09 Isaac and
Henze, 1995

11.9-15.9 Barlindhaug

(TH) and Odegaard,

1996
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Y (g VSS/g kp (mg N/g
Carbon source COD/N COD) Pmax (d1)  VSS:h) Reference
4.5 0.61 23.6 (BH) Asoy and

Qdegaard,
1994

Hydrolyzed molasses 43-5.8 29-3.6  Quanetal,
2005

Corn syrup 4.5 1.3 Mokhayeri

(13°C)- et al., 2006
3.7 (19°C)

Olive oil mill 4.6-5.4 Tsonis, 1997

Dairy waste 3.6-3.8 0.22-0.38 3.4-8 Sage et al.,
2006

Winery waste 32.6 Bernet et al.,
1996

Distillery fusel oils 222 13.8 Monteith et al.,

Pea blanch water 5.71 10.8 1980

Wines sludge concentrate 7.3 8.6

Brewery waste 5.48-6.17 7.8-8.2

Methanol still bottoms 3.66 7.1

National starch 3.26 6.6

Tomato sludge 2.54 6.6

Distillers fuel oils 5.32 6.6

Organic acid waste 5.14 59

Methanol heads 2.45 5.3

Acetic acid waste 1.71 52

Fibers glycol waste 5.98 4.3

Waste dextrose 8.19 2.9

Formaldehyde waste 6.21 1.7

(continued)
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TaBLE 4.10 Continued

Y (g VSS/g kp(mg N/g

Carbon source COD/N COD) Pmax (d)  VSS:h) Reference
MicroC 5.8 0.52 1.2 4.7-6.37  Onnis-Hayden

(10°C)- and Gu, 2008

3.66

(20°C)
Dairy waste 4.7 1.91 6.21
Brewery waste 42 1.08 8.18
Winery waste 34 143 6.8
Beet-sugar production 3.4 1.89 5.83
waste
Methane 4.0-5.9 25 Thalasso et al.,

(maximum) 1997
42 2.48-9.47 Houbron et al.,

1999

2.46 Raghoebarsing
et al., 2006

COD = chemical oxygen demand.

Therefore, it is important to consider other effects on process operation when selecting
the carbon source for denitrification.

4.6 Toxicity

The heterotrophic bacteria that perform denitrification are typically less sensitive to
inhibition from toxic chemicals compared to nitrifiers; however, toxicity is still a con-
cern. Oxygen has been found to inhibit nitrite reductase to an even greater extent
than nitrate reductase, slowing the rate of nitrite reduction. Hernandez and Rowe
(1987) found that nitrite began to accumulate when oxygen was added to a batch
denitrifying system and stopped accumulating when the oxygen supply was termi-
nated and the system was flushed with argon gas.

Hochstein et al. (1984) conducted experiments to understand the influence of oxy-
gen on denitrification, using a culture Paracoccus halodenitrificans, pure oxygen, and a
laboratory-scale reactor operating at 30°C. They found that, in the absence of dissolved
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oxygen concentration, the nitrate-limited culture produced nitrogen gas, which
confirmed effective denitrification. As the oxygen supply was increased, however,
P. halodenitrificans first produced nitrous oxide and then nitrite, indicating the inacti-
vation of nitrous oxide reductase by oxygen and diversion of electrons from nitrite to
oxygen, ultimately leading to complete loss of denitrification. This study also noted
that although nitrate reductase was least sensitive to dissolved oxygen, it was com-
pletely inhibited after 3.3 mg/L of dissolved oxygen concentration in the medium.

Excess nitrite concentration can suppress denitrification rates. Rowe et al. (1979)
reported that NO,-N concentrations greater than 14.0 mg/L at a pH of 7.0 inhibited
active transport of carbohydrates and amino acids in Pseudomonas aeruginosa. They
also found that concentrations greater than 350 mg/L completely inhibited active
transport by microorganisms in both anoxic environment with NO;™ as the terminal
electron acceptor and oxic environment with oxygen as the terminal electron accep-
tor. Beccari et al. (1979) suggested that inhibition by nitrite is caused by free nitrous
acid (HNO,). They found that nitrite reduction rates drop sharply for pH values less
than 7.5 in contrast to nitrate reduction rates.

4.7 Biofilm Systems

Like nitrification, denitrification can be accomplished in biofilm systems. In fact,
denitrification is one of the easiest applications for a wide range of biofilm processes
because oxygen transfer will not be a limiting factor, allowing for higher volumetric
loadings (Rittmann and McCarty, 2001). The first filter for denitrification was pat-
ented in 1970 (U.S. EPA, 2007b). A list of denitrifying filter manufacturers and equip-
ment is summarized elsewhere (U.S. EPA, 2007b). Any of the biofilm systems can
work efficiently, as long as oxygen transfer is controlled and plugging of the reac-
tor is avoided. The various systems applied for denitrification include (Rittmann and
McCarty, 2001)

¢ Rotating biological contactors in which the air ventilation is controlled;

® Submerged fixed beds of rocks, sand, limestone, or plastic media;

¢ Fluidized beds of sand, activated carbon, and pellets of ion-exchange resin;
¢ (Circulating beds of range of lightweight particles; and

* Membrane reactors in which the membrane supplies hydrogen and supports
the biofilm media.
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All of the denitrification biofilters are submerged in water. When RBC or
packed filter media such as plastic or loose carriers are involved, sludge produc-
tion is removed via secondary settling. For filters with sand or gravel, backwash
is used to remove the excess sludge. The most widely used reactor configura-
tions for denitrification include MBBR, biological anoxic filter, and IFAS. Fixed-
bed IFAS use media such as Ringlace®, Bloweb®; moving-bed IFAS use media
such as Captor®, Linpor® (sponge), Kaldnes®, Hydroxyl®, Entex (plastic). The
MBBR reactors use media such as Kaldnes®, Entex®, or other plastic media (Sen
and Randall, 2008). Recently, the town of Cheshire, Connecticut (13 200 m?/d,
or 3.5 mgd) implemented an upflow biological anoxic filter with methanol addi-
tion to achieve less than 3 mg/L of effluent total nitrogen (Pearson et al., 2008).
The MBBR and IFAS technologies were pilot-tested at Norman Cole Jr. Water
Pollution Control Plant in Fairfax County, Virginia (Motsch et al., 2007). Both
technologies were capable of reducing NO,-N levels from 7 mg/L to less than 2
mg/L when operating between 18°C and 20°C. Five parts of methanol per part
of nitrate-nitrogen were added, which was an intentionally maintained over-
dose. The nitrate removal rate in the MBBR was equal to 2.5 to 3.0 g NO,-N/
m?d at 18.5°C to 20°C, resulting in an average effluent NO,-N concentration of
0.6 mg/L. The IFAS system was slightly less effective, achieving effluent NO,-N
of 0.86 mg/L.
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1.0 INTRODUCTION

This chapter focuses on suspended growth and attached growth nitrification in acti-
vated sludge and presents simplified nitrification design equations as applied to
biological nutrient removal (BNR). Nitrification is discussed in detail in this chapter
because it is often the rate-determining step in BNR owing to low specific growth
rates, growth yields, and high sensitivity of nitrifying bacteria to a wide range of
physical, chemical, and environmental disturbances (Grady et al., 1999).

2.0 ACTIVATED SLUDGE NITRIFICATION SYSTEMS
2.1 Single-Sludge Nitrification-Denitrification
This section discusses single-sludge nitrification—denitrification suspended-growth
systems. Single-sludge systems are those in which nutrient removal is achieved in
a single basin and clarifier. The basin may be divided into several zones to achieve
anaerobic or anoxic conditions depending on the treatment goal. Several configura-
tions have been used including predenitrification, postdenitrification, and combined
pre- and postdenitrification systems. The more commonly used single-sludge pro-
cesses are presented in the Design of Municipal Wastewater Treatment Plants (Water
Environment Federation [WEF] and American Society of Civil Engineers, 2009).
Various procedures have been developed for designing nitrogen removal systems
(Barnard et al., 1992; Bidstrup and Grady, 1988; Soap and Detergent Association,
1989; TREEO, 1988; WEF, 2009). The objective of these processes is to remove nitro-
gen from wastewater via microbiological pathways and mechanisms.

A single-sludge system using one anoxic zone can achieve an effluent total nitro-
gen concentration of 4 to 11 mg/L as nitrogen. Oxidation ditches preceded by anaer-
obic/anoxic selectors have achieved effluent total nitrogen concentrations of less than
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3 mg/L as nitrogen (Mines and Woods, 1994). Typically, supplemental carbon is only
needed when postdenitrification systems are used.

2.2 Separate-Sludge Suspended Growth Nitrification

Activated sludge systems in which the removal of biodegradable carbonaceous mate-
rial and nitrification are promoted in distinct reactors, each subjected individually to
secondary clarification, are called separate-sludge nitrification systems. In these sys-
tems, the biochemical oxidation of organic matter is achieved upstream in a low solids
retention time (SRT) or a high-rate reactor. The operating SRT of this reactor is lower
than the minimum SRT required to sustain nitrifying bacteria. As a consequence, the
predominant mechanism for removing ammonia in this low-SRT reactor is assimilation
into heterotrophic nonnitrifying biomass. Clarified effluent from the low-SRT reactor
is subsequently nitrified in a downstream high-SRT (or low-rate) reactor, which results
in a high fraction of nitrifying bacteria. Although more complicated to operate than a
single-sludge nitrification system, the separate-sludge nitrification system has several
positive attributes. These attributes include lower susceptibility to shock loads of both
carbonaceous and nitrogenous matter in the influent wastewater (because each reac-
tor is optimized independently for carbon or ammonia oxidation); lower susceptibility
of the nitrification process to organic toxicants (because these might be subject to deg-
radation or physical removal in the carbon removal process); and maintenance of an
enriched nitrifier inventory, which could be used to “seed” other process reactors in
case of nitrification failure (Michael, 2003). Furthermore, separate-sludge systems also
maximize ammonia assimilation in the low-SRT reactor leading to reduced ammonia
loading to the nitrification sludge and reductions in oxygen and alkalinity consump-
tion. Differences between single-sludge and separate-sludge systems are especially
apparent at lower operating temperatures when the kinetic differences between
heterotrophic and nitrifying bacteria are much higher (Grady et al., 1999).

2.3 Attached Growth Nitrification

In addition to suspended-growth systems, nitrification can be engineered in attached
growth or biofilm systems. Attached growth systems are used to sustain nitrification
in wastewater treatment plants because of the inherently lower biokinetics and yield
coefficients of nitrifying bacteria relative to heterotrophic bacteria. Growth in biofilm
mode affords nitrifying bacteria increased potential against toxic shock loads based
on the higher “apparent” SRT of organisms in biofilms compared to bulk-phase SRT.
In addition, it is now well-established for several other bacteria that the biofilm mode
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of growth renders them intrinsically more resistant to toxicity, inhibition, and starva-
tion (Hengge-Aronis, 2000). It is, therefore, conceivable that similar principles could
apply for nitrifying bacteria.

Previous work on characterization of attached growth nitrifying reactors has mostly
focused on in-situ microbial ecology and their ecophysiology (Daims et al., 1999; Gieseke
et al., 2001, 2005; Hoshino et al., 2001; Manz et al., 1993; Montras et al., 2008; Pynaert
etal., 2003; Schramm et al., 2000; Tanaka and Dunn, 1982; Tijhuis et al., 1994). From these
studies it has been found that, in most cases, nitrifying bacteria are restricted to the outer
reaches of the biofilms. Additionally, a close spatial correspondence between the ammo-
nia (AOB) and nitrite oxidizing bacteria (NOB) also has been revealed (Manz et al., 1993;
Schramm et al., 2000). The dominance of nitrifying organisms on the outer fringes of bio-
films is consistent with the fact that nitrifying bacteria favor environments with higher
dissolved concentrations and that nitrite, as occurring near the regions of the biofilm
exposed to the bulk liquid. Further, the close spatial orientation of the AOB and NOB is
explained by their link to nitrite, which is produced by the former and consumed by the
latter. In more recent studies, however, uniform distribution of AOB has been found in
anaerobic biofilms even in regions with little to no dissolved oxygen, thereby indicating
active anaerobic metabolism of AOB in such environments (Pynaert et al., 2003).

3.0 FUNDAMENTALS OF NITRIFICATION
3.1 Microbiology and Microbial Ecology

Nitrification is the process of biological oxidation of ammonia (which exists mostly as
NH,*-N in typical wastewater) to nitrite (NO,-N) and the further oxidation of nitrite
to nitrate (NO;™-N). The oxidation of ammonia to nitrite is carried out by AOB and
nitrite conversion to nitrate is carried out by NOB. Both of these reactions should
operate at optimal rates for the production of nitrate. The most common ammonia-
oxidizing organisms in wastewater treatment plants belong to the genus Nitrosomonas.
Other genera with similar capability include Nitrosococcus, Nitrosospira, Nitrosolobus,
and Nitrosorobrio (Painter, 1970). Nitrobacter spp. are believed to be the most common
nitrite oxidizers in wastewater treatment systems. Recent research, however, sug-
gests that nitrospira-like bacteria are the main NOB in wastewater treatment systems
(Schramm et al., 1998). Other genera capable of oxidizing nitrite to nitrate for energy
include Nitrococcus, Nitrospina, and Nitrocystis (Metcalf and Eddy, 2003). Ammonia and
nitrite oxidizers collectively are referred to as nitrifiers. Although classified together,
AOB and NOB are not related phylogenitically (Bock et al., 1992).
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The microbial ecology of AOB and NOB relevant to activated sludge is given in
Figure 5.1, which highlights the relationships between AOB. In addition, the recent
discovery of ammonia oxidizing archaea in activated sludge suggests that knowl-
edge of ammonia oxidizing organisms is not yet complete and that activated sludge

maybe a repository of several novel nitrifying organisms (Francis et al., 2005; Nicol
and Schleper, 2006).

Nitrosospira multiformis ATCC 25196
Nitrosospira multiformis
Nitrosospira multiformis (T)
Nitrosovibrio tenuis
Nitrosovibrio tenuis
Nitrosovibrio tenuis, Nv12
Nitrosospira briensis
Nitrosomonas europaea ATCC 19718
Nitrosomonas europaea ATCC 19710
— Nitrosomonas europaea, M103, N11
Nitrosomonas europaea (T)
Nitrosococcus mobilis, M93, N6
Nitrosococcus mobilis, M93, Nc2
Nitrosomonas halophila AOB
Nitrosomonas halophila, Nm1
Nitrosomonas eutropha C91
Nitrosomonas eutropha, Nm57
Nitrosomonas sp., 74
Nitrosomonas oligotropha, AS1
Nitrosomonas oligotropha
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FIGURE 5.1 Microbial ecology and phylogenetic diversity of ammonia oxidizing
bacteria (AOB) and nitrite oxidizing bacteria (NOB) relevant to activated sludge.
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3.2 Biochemical Pathways and Reactions

Ammonia oxidation to nitrite can be described by the following reactions (White, 1995):

2 H* + NH, + 2 e + O, —» NH,OH + H,0 (5.1)
NH,OH + H,0 - HNO, + 4 H* + 4 & (5.2)
2H*+050,+2e — H,0 (5.3)

The key enzymes involved in the reactions are ammonia monooxygenase, which oxi-
dizes ammonia to hydroxylamine, and hydroxylamine oxidoreductase, which catalyzes
the oxidation of hydroxylamine (see Figure 5.2). The first step of ammonia conversion to
hydroxylamine does not yield significant energy; the second step of hydroyxlamine con-
version to nitric acid provides the energy for metabolic reactions (Hooper et al., 1997).
The nitrite oxidation process is shown in Figure 5.3 and eqs 5.4 and 5.5:

NO, + H,O 5 NO; + 2 H + 2 & (5.4)

2H"+2e + NAD(P)" > NAD(P)H + H* (5.5)

Most nitrifiers found in typical wastewater treatment systems are autotrophic
because they synthesize cellular material from inorganic carbon (HCO;™ under typ-
ical operating conditions). Oxidation of the ammonia or nitrite provides the energy
needed for cell synthesis. These bacteria are obligate aerobes because they grow only
when dissolved oxygen is available. The absence of dissolved oxygen for prolonged
periods, however, is not lethal because these organisms adapt and survive under
low dissolved oxygen and low ammonia concentrations (Geets et al., 2006; Painter,
1970). In typical BNR systems, nitrifiers must survive anaerobic (molecular oxy-
gen and oxidized nitrogen absent) or anoxic (molecular oxygen absent but oxidized
nitrogen present) conditions, which they do successfully. The relative abundance
and diversity of nitrifying organisms in wastewater treatment systems depend on
influent characteristics and operating conditions (Ahn et al., 2008; Siripong and
Rittman, 2007).

3.3 Stoichiometry

The stoichiometry of ammonia and nitrite oxidation are described in detail in Chapter 4
and are not repeated herein. Briefly, two moles of oxygen are required to oxidize
1 mole of nitrogen to nitrate, which is equivalent to 4.57 g O,/g NH,*-N oxidized.
Two equivalents of H* are produced in the process, which, in turn, reacts with two
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FIGURE 5.2 Biochemical pathways for ammonia oxidation in Nitrosomonas europaea
(Hooper et al., 1997; With kind permission of Springer Science+Business Media).
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FIGURE 5.3 Biochemical pathways for ammonia oxidation in Nitrobacter (Bock et al.,
1992; With kind permission of Springer Science+Business Media).

equivalents of bicarbonate in the wastewater. As a result, 7.14 g of alkalinity (as
CaCQ,) are destroyed per gram NH,*-N oxidized.
Because of the predominantly autotrophic mode of growth for nitrifying bac-

teria, the biomass yield coefficient for nitrification is considerably lower than
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that for heterotrophic bacteria (Grady et al., 1999). On the positive side, the low
yield results in lower nitrifying biomass production per unit nitrogen oxidized.
However, the low yield contributes in part to the high oxygen demand for nitri-
fication. Considering a yield of 0.17 g of nitrifying bacteria per gram NH,*-N oxi-
dized, the overall nitrification reaction can be summarized as follows (Gujer and
Jenkins, 1974):

1.02 NH,* + 1.89 O, + 2.02 HCO,~ — 0.021 C;H,O,N + 1.06 H,O
+1.92 H,CO; + 1.00 NO,~ (5.6)

The oxygen requirement and alkalinity consumption in nitrification change lit-
tle even after considering biosynthesis because of low bacterial mass yield. The
oxygen requirement decreases to 4.3 g O,/g NH,*-N oxidized, whereas alkalinity
consumption increases to 7.2 g as CaCO;/g NH,*-N oxidized. In design, however,
the values derived from the energy reactions (4.57 g O, consumed and 7.14 g alkalin-
ity destroyed per gram NH,*-N oxidized) typically are used.

Considering synthesis and oxidation by AOB and NOB separately, Haug and
McCarty (1972) reported that oxidation of 100 mg of NH*-N to NO;™-N resulted in the
production of 14.6 mg of AOB biomass and 2.0 mg of NOB biomass, as follows:

55 NH," + 76 O, + 109 HCO, — C,;H,NO, (AOB) + 54 NO,"
+ 57 H,0 + 104 H,CO, (.7)

400 NO, + NH,* + 4 H,CO, + HCO; + 195 O, — C;H,NO, (NOB)
+3H,0+400NO,  (5.8)

The overall electron flow for energy synthesis and biosynthesis for AOB and NOB
are summarized in Figures 5.4a and 5.4b (Chandran and Smets, 2000b, 2001).

3.4 Kinetics

Nitrification typically limits overall biological nitrogen removal because nitrifying
microorganisms have lower specific growth rates than their heterotrophic counter-
parts and are more susceptible to environmental factors such as temperature, pH,
and the presence of synthetic organic chemicals and heavy metals (Grady et al., 1999).
Further, the nitrifying microorganisms can also be inhibited by their own substrates
and the intermediates and products of the nitrification process. Therefore, it is essen-
tial to obtain accurate estimates of the biokinetics of nitrification to ensure proper
design and operation of bioreactors for nitrogen removal.
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2001).

(Chandran and Smets, 2000b,
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The first step in nitrification is the rate-limiting step because AOB typically have
lower specific growth rates than NOB. Kinetics of nitrification have, therefore, been
modeled in the past as a single step (NH,*-N — NO;™-N). Recent research suggests,
however, that when both reactions are limiting at different stages of the process, the
single-step representation may be inappropriate, and characterization of individual
oxidation reactions is necessary (Chandran and Smets, 2000a, 2000b, 2005). At higher
temperatures (25-40°C) and very low SRTs (1-2 days), AOB grow faster than NOB.
As a result, NOB are washed out of the system and only the first step of nitrification
can be accomplished, which is the basis of the SHARON process.

The Monod equation is used to describe the effect of limiting substrates on micro-
bial growth (Monod, 1949). Both ammonium and dissolved oxygen are substrates
for AOB growth. The concentrations of either or both of these substrates could be
low enough to limit the specific AOB growth rate in wastewater treatment systems.
Assuming no alkalinity limitation, the growth rate of AOB can be expressed as:

S, So
i " (5.9)
ILlAOB ll'lmaX,AOB |:th + Kns,AOB }[SO + KO,AOB }
Where,

Haop = specific growth rate of AOB biomass (g biomass formed per g biomass

present per day), d;
Hinax a0 = Maximum specific growth rate of AOB, d;
S.» = NH,*-N concentration, mg N/L;
K, s aop = half-saturation coefficient for AOB, mg N/L;
S = dissolved oxygen concentration of bulk mixed liquor or wastewater,
mg O,/L; and
Ko a0s = 0xygen half-saturation coefficient for AOB, mg O,/L.

The above equation is a simplification because it does not explicitly consider free
ammonia, the true substrate for AOB. When necessary, alternate expressions that con-
sider pH-dependent speciation of free and ionized ammonia can be used to describe
ammonia oxidation (Flora et al., 1999). Figure 5.5 shows specific growth as a function of
NH,*N concentration, when dissolved oxygen is not limiting. The specific growth rate
increases almost linearly (approximating first-order kinetics) with respect to NH,*-N
concentration near the origin of the plot, where the NH,*-N concentration is low. At
higher NH,*-N concentrations, the specific growth rate approaches an asymptotic
value (the maximum specific growth rate), thus exhibiting zero-order behavior. The
NH,*-N half-saturation coefficient is the NH,*-N concentration at which the specific
growth rate is one-half of its maximum value. A similar plot could be drawn to depict
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FIGURE 5.5 Relationship between specific growth rate of ammonia-oxidizing bacte-
ria and ammonia-nitrogen concentration as predicted by the Monod equation (dis-
solved oxygen is assumed to be nonlimiting).

the relationship between specific growth rate and dissolved-oxygen concentration,
when NH,*-N is not limiting. The oxygen half-saturation coefficient is the dissolved-
oxygen concentration where the specific growth rate is one-half of its maximum value.

NOB can use both ammonia and nitrite (nitrous acid) as nitrogen sources.
Considering NH,*-N as the nitrogen source, the specific growth rate equation can be
written as follows:

S, 5o Sz
) ; no 5.10
Hon = Hmew s [th + Kns,NOB :||:So + KO,NOB :||:SM + KnoZ,NOB ( :
Where,

Inog = specific growth rate of NOB biomass (g biomass formed per g biomass

present per day), d;
Umaxnop = Maximum specific growth rate of NOB, d7';
S,» = NH,*N concentration, mg N/L;
K, nop = half-saturation coefficient for ammonia for NOB, mg N/L;
So = dissolved oxygen concentration of bulk mixed liquor or wastewater,
mg O,/L;
Konos= 0xygen half-saturation coefficient for NOB, mg O,/L;
S, = NO,-N concentration, mg N/L; and
K.sono8=NO,™-N half-saturation coefficient for NOB, mg N/L.
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When nitrous acid is the only source of nitrogen, the following kinetic expression
can be used:

— SO SnaZ
Hnos = Hiyax NoB S+ KO/NOB S 4+ [ (B.11D)

no2

If AOB kinetics solely limit overall nitrification kinetics (as opposed to both AOB
and NOB kinetics), then overall nitrification process can be described using single-
step nitrification models (Chandran and Smets, 2000b). In such a scenario, eq 5.12 can
be used to describe the overall nitrification process by modifying the suffix “AOB” to
“A” to refer to autotrophic nitrifying bacteria.

Under such conditions, the specific growth rate of nitrifying bacteria is approxi-
mately related to the specific rate of NH,*-N or NO,™-N oxidation in a wastewater
treatment process by the following expression:

g, = % u, (5.12)
Where,
q4 = specific NH,*N or NO,-N oxidation rate, g N oxidized per g biomass per
day and

Y, = yield of AOB or NOB, g biomass produced per g N oxidized.

The yield coefficient in eq 5.12 is the true growth yield, representing the quantity
of biomass that would be formed if all of the energy captured by the bacterial cells
were used in cell synthesis.

A decay coefficient (b,) is used to account for the consumption of cell energy
reserves for maintenance requirements and the effects of predation and cell lysis. An
overall mass balance on the nitrifying biomass results in the following equation as
described in Grady et al. (1999):

0C,A = (5.13)

Where,
0. 4= mean cell residence time, d!, and
b, = endogenous decay coefficient for nitrifiers (g biomass destroyed per g
biomass present per day), d'.

The combined nitrifier decay rate was initially thought to be negligible (Downing
and Hopwood 1964). Nevertheless, recent work sponsored by the Water Environment
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Research Foundation (WEREF, 2003), suggests that the decay rate could be signifi-
cantly higher in the range of 0.17 d-' at 20°C. The WERF study results correspond
with previous results. Kopp and Murphy (1995) reported a b, value of 0.15 d! at
20°C using pure cultures. Nowak et al. (1994) and Siegrist et al. (1999) reported decay
rates of 0.20 to 0.21 d-'. The WERF study also resulted in the following expression for
decay rate variation with temperature for combined nitrifiers:

b, =0.17(6)"* (5.14)

Where,
b, r = autotrophic decay rate at temperature T (d™);
0 (temperature dependency factor) = 1.029; and
T = temperature in degrees Celsius.

Table 5.1 presents a brief comparison of decay rates found by Manser (2006) in a
study where conventional activated sludge (CAS) and membrane bioreactor (MBR)
systems were operated in parallel. This table also indicates that the decay rates of
heterotrophic organisms determined in the study and shows that the AOB and NOB
decay rates are similar and within the range of values reported by other researchers
(Kopp and Murphy, 1995). The intent of Table 5.1 is to show that the decay rates of
AOB and NOB in MBR system are similar to CAS under similar operating conditions.

3.5 Values of Biokinetic Coefficients

The reported values for nitrification growth rates and half-saturation coefficients
fall in a wide range. Several reasons have been proposed for this variability beyond
the effects of pH, temperature, and toxins (Atkinson and Rahman, 1979; Baillod
and Boyle, 1970; Bakti and Dick, 1992; LaMotta and Shieh, 1978; Mueller et al., 1968;
Stenstrom and Poduska, 1980; Stenstrom and Song, 1991). These include the effects
of organic loading in single-sludge systems, the concentration of dissolved oxygen

TaBLE 5.1 Estimated aerobic decay rates at 20°C in conventional activated sludge
(CAS) and membrane bioreactor (MBR) systems (adapted from Manser, 2006).

Decay rate for
System Decay rate for AOB (d™) Decay rate for NOB (d')  heterotrophs (d™)

CAS 0.15 +0.02 0.15 + 0.01 0.28 + 0.05
MBR 0.14 = 0.01 0.14 = 0.01 0.23 +£0.03

AOB = ammonia oxidizing bacteria; NOB = nitrite oxidizing bacteria.
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within the mixed liquor floc, and simultaneous double substrate limiting kinetics.
Work by several researchers has shown that the resistance of the floc particle to the
mass transfer of oxygen into the floc particle or through the layers of a biofilm can
make the rate of oxygen diffusion the rate-limiting step to the overall nitrification pro-
cess (a more detailed overview of fixed-film nitrification is presented in Chapter 4).
Several parameters can affect the concentration of dissolved oxygen within the floc:
floc shape and size, mixing intensity, and growth rate of the bacteria within the floc.
According to Hanaki et al. (1990), the heterotrophic bacteria in a single-sludge system
may assimilate ammonia faster than nitrifiers, thus reducing the ammonia available
for the nitrifiers. The heterotrophic biomass also may hinder the transport of ammo-
nia and dissolved oxygen within the floc. This would help explain why nitrification is
slower in combined systems for carbon and ammonia oxidation. This concept is illus-
trated in Figure 5.6 (Monod, 1949). Regardless of the specific mechanism, the appar-
ent effect of mass-transfer limitations is to increase the half-saturation coefficient and
increase the minimum dissolved oxygen required for nitrification.

Table 5.2 presents the kinetic parameters and Table 5.3 presents yield data for
AOB and NOB from the literature, in CAS processes (Ahn et al., 2008; Chandran

s 2 g%
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< ) o| €
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Ammonium
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FIGURE 5.6 Illustration of substrate concentration profiles within a microbial floc
showing simultaneous nitrification and denitrification.




TaBLE 5.2 Comparison of major kinetic parameters for ammonia oxidizing bacteria (AOB) and nitrite oxidizing

bacteria (NOB).
Chandran
and Smets,
2000a,
Magri Hellinga Hellinga Carrera Wett and 2000b, 2005; Iacopozzi
Para- etal.,, etal, etal., etal, Rauch, VanHulle Guisasola Pynaert, Chandran etal,
meter  Unit 2007 1998 1999 2004 2003 etal., 2004 etal., 2005 2003 etal., 2008 2007
AOB
HPmaxaop 7! 4.55 2.10 2.10 4.04 1.0£0.2 0.3-2.2 0.2-0.6 0.6313
baog  d? 0.08 1.00 0.061
Kosos Mg 0.75 145 0.40 0.94+0.091 0.74+0.02 0.03-1.3 0.50
O,/L
K mgN/L 0.88 0.50-7.00 0.468 0.20 0.13 0.75+0.052 0.06-27.5 0.5 2.0
NOB
Poaenop d7! 120  0.02-0.17 1.05 - 3.21 - 02-25 06 1.0476
bnos d- 0.007 - - - 0.87 0.061
Konos  mg 1.22 - 1.10 - 1.00 - 1.75+0.01 0.3-2.5 0.50
O,/L
Koo mgN/L 0.004 0.26 0.0014 0.00012 0.30 - 0.1-15 1.5 0.50
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TABLE 5.3 Ammonia oxidizing bacteria (AOB) and nitrite oxidizing bacteria (NOB) biomass yield
values.

AOB yield = Y, (g CODx/g NOB yield = Yyos(g

Reference NH,*-N) CODx/g NO,-N) Y. 08/YnoB
Chandran and Smets, 2000a, 2000b 0.28 0.11 2.61
Guisasola et al., 2005 0.21 0.08 2.62
Wiesmann, 1994 0.147 0.042 3.50
Knowles et al., 1965 0.05 0.02 2.50
Sheintuch et al., 1995 0.14 - -
Gee et al., 1990a 0.43 0.132 3.25
Gee et al., 1990b 0.40 0.114 3.50
Kopp and Murphy, 1995 0.015 -
Hellinga et al., 1999 0.15 0.041 3.65
Pynaert, 2003 0.04-0.13 0.02-0.08 -

TABLE 54 Ammonia half-saturation constants for ammonia oxidizing bacteria (AOB) (Ky; ) and
nitrite half-saturation constants for nitrite oxidizing bacteria (NOB) (Ky,) in three different
processes (SBR = sequencing batch reactor; CAS = conventional activated sludge;

MBR = membrane bioreactor; and OUR = oxygen updake rate) (adapted from Manser, 2006).

K, (mg/L) for AOB K,,, (mg/L) for NOB
SBR CAS MBR SBR CAS MBR Remarks
990 +0.50 0.14+0.07 0.13+0.05 920+1.1 0.28+0.20 0.17 +0.06
14.1 £ 0.6 290+0.3 Estimated from concentration profiles
6.0+0.3 0.11+0.01 0.10 152 +23 0.21+0.02 0.21 +0.05
42+3.0 024 +0.02 Estimated from OUR profiles

et al., 2008; Manser, 2006). Fluorescent in situ hybridization analysis showed no sig-
nificant differences between AOB and NOB populations in the CAS and the MBR sys-
tem (Manser, 2006). Differences in the kinetics, however, were considerable between
CAS, sequencing batch reactor (SBR), and MBR systems, suggesting potential influ-
ence of the type of process on the kinetic parameters, as shown in Table 5.4. The oxy-
gen half-saturation concentration for an MBR system is lower than for the CAS system
(Table 5.4), likely because of improved mass transfer in smaller flocs generated by high
level of turbulence within the MBR as a result of operating conditions. Fundamentally,
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the basic biokinetics of nitrifying bacteria in different reactor configurations need to be
related to the microbial ecology of nitrifying bacteria present, which could govern the
measured rates of nitrification (for more discussion on this topic, refer to Ahn et al.,
2008). The reader is refererred to the original works by Manser (2006) and Chandran
and coworkers for more details on the biokinetics of nitrification obtained from a wide
variety of systems (Ahn et al., 2008; Chandran et al., 2008).

Of the kinetic parameters that describe nitrification (or any other process according
to Monod kinetics), the half-saturation constants (for ammonia, nitrite, or oxygen) are
among the most difficult to estimate with a high degree of precision (Bates and Watts,
1988; Chandran and Smets, 2000a, 2005). This is because these half-saturation constants
depend on the intrinsic affinity of the bacteria for these respective substrates and are gov-
erned by mass transfer limitations that exist in microbial aggregates, flocs, or biofilms.
Consequently, any physical, chemical, or environmental factors that affect floc size dis-
tribution or biofilm thickness also affect the “apparent” lumped half-saturation constants
(Grady et al., 1999). However, there are techniques to determine experimentally the local
transport to diffusivity constants in biofilms and flocs (Bryers and Drummond, 1998).

Any published value of the maximum specific growth for AOB should be
used with caution because toxic chemicals in wastewater can inhibit their growth.
Wherever possible, wastewater-specific values of this coefficient should be deter-
mined experimentally.

The optimum temperature for nitrification is between 30°C and 36°C, with growth
possible between 4°C and 50°C (Focht and Chang, 1975; Painter, 1970). At greater
than 15°C, AOB grow faster than NOB; at 25°C, AOB can outcompete NOB (Brouwer
et al., 1998; Van Dongen et al., 2001).

The optimum pH range is 7.9 to 8.2 for Nitrosomonas and 7.2 to 7.6 for Nitrobacter
(Alleman, 1984; Antoniou et al., 1990). The following expression can be used to relate the
maximum growth rate of nitrifiers to pH in the 6.8 to 7.10 range (Blackburne et al., 2007).

Uy = 0.72 (3.3)PH-710 (5.15)

3.6 Nitrification Biokinetic Estimation Techniques

In a typical assay designed to determine the kinetics of a biological process, the
key parameters of interest are the maximum specific growth rate, i, the half sat-
uration coefficient, K;, and if applicable, the self-inhibition coefficient, K|, pertain-
ing to the growth-limiting substrate. Conventional biokinetic assays involve the
evaluation of the specific growth rate at different initial substrate concentrations.
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Alternatively, substrate depletion or biomass synthesis is monitored during a batch
growth experiment and the resulting data are used to characterize the growth pro-
file. The principal drawback to these approaches is the analytical effort involved.
Numerous initial rate experiments are required to fully delineate a single growth
profile. Further, low specific growth rates that occur at low substrate concentra-
tions are difficult to determine accurately, and repetitive sampling in itself can be a
major source of error.

In recent years, batch respirometry and titrimetry have emerged as facile and
robust tools for measuring nitrification kinetics. The fundamental basis of respirome-
try and titrimetry are the stoichiometric link between the substrate consumption and
biomass synthesis with oxygen consumption (respirometry) or alkalinity consump-
tion (titrimetry). There are several reports and treatises devoted to the estimation of
nitrification biokinetics via direct substrate measurements, measurement of surrogate
analytes such as oxygen, alkalinity consumption, or a combination of both surro-
gates and nitrogen species (Brouwer et al., 1998; Chandran and Smets, 2000a, 2000b,
2005; Chudoba et al., 1985; Gee et al., 1990; Gernaey et al., 1998; Jones et al., 2005;
Knowles et al., 1965; Mauret et al., 1996; Ossenbruggen et al., 1991, 1996; Petersen,
2000; Surmacz-Gorska et al., 1996; WERF, 2003).

Based on the initial conditions imposed, a batch biokinetic assay can be either
“intrinsic” or “extant” (Grady et al., 1996). The intrinsic assay creates considerable
growth and change in physiological state during the assay itself. The obtained kinet-
ics are, therefore, representative of the maximum capability of the fastest growing
members of the microbial consortium and are independent of the biomass concen-
tration and reactor configuration in which they are measured (Grady et al., 1996).
In the extant kinetic assay, there are minimal changes in the physiological state of
the test microorganisms, and information regarding microbial activity reflects that
of the biomass immediately before the assay (Grady et al., 1996). Extant respiro-
metric assays are robust, simple tools for estimating nitrification kinetics that yield
nitrification kinetic parameter such as u,,,, Ks, Y, and b estimates comparable to
those obtained by laborious measurement of ammonia or nitrite depletion meth-
ods (Chandran et al., 2008). A recently developed variant of the commonly used
respirometric assay allows biokinetic estimation of both nitrification steps (ammo-
nia and nitrite oxidation) in one experiment (Chandran et al., 2008; Chandran and
Smets, 2005).

The main limitation of these estimates is that they rarely measure the specific
nitrifying biomass concentrations, specifically X,z and Xyop (Chandran et al., 2008;
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Chandran and Smets, 2000a, 2000b, 2001, 2005). Recently, molecular tools target-
ing 16S rRNA, 16S rDNA, ammonia monooxygenase subunit A (amoA) gene DNA,
and amoA mRNA have emerged as powerful alternates to measure the presence and
activity of AOB in natural and engineered systems (Bollmann et al., 2005; Ebie et al.,
2004; Egli et al., 2003; Gieseke et al., 2001; Harms et al., 2003; Hoshino et al., 2001;
Juretschko et al., 1998; Kowalchuk et al., 1997; Mobarry et al., 1996; Okano et al., 2004;
Schramm et al., 1998, Wagner et al., 1998). Similar characterization for NOB has also
been conducted using 16S ribosomal ribonucleic acid (rRNA) and 165 recombinant
deoxyribonucleic acid (rDNA) and more recently by targeting the nitrite oxidoreduc-
tase (nxr) gene (Burrell et al., 1998, Daims et al., 2001, Dionisi et al., 2002, Gieseke
et al., 2005, Juretschko et al., 1998, Kim and Kim, 2006; Poly et al., 2008; Schramm et
al., 1998). However, there are only a handful of studies that actually use such molec-
ular measures for the estimation of nitrification kinetics such as i, b, and Y (Ahn et
al., 2008; Blackburne et al., 2007; Kindaichi et al., 2006).

3.7 Estimating Maximum Specific Growth Rate Using
Respirometry and Molecular Techniques

The maximum specific growth rate, y,,,,, estimates for both AOB and NOB can be
computed using independent measures of ammonia or nitrite oxidation rate (by res-
pirometry) and AOB or NOB abundance (by quantitative polymerase chain reac-
tion, qPCR) (eq 5.16a and 5.16b, after Grady et al., 1999). Estimates of Y05 have
already been determined experimentally, and a widely reported value was adapted
from literature (see Table 5.5) (Chandran and Smets, 2000a, 2000b; Pirsing et al., 1996;
Rittmann and McCarty, 2001; Sharma and Ahlert, 1977; Wiesmann, 1994).

do,

IleaX/AOB _ Ytrue,AOB « dtmax,r\h (5 16 a)
(1 - Ytrue/AOB ) XAOB
do,

Y dt__ 5.16b

# max,NOB = R X — ( )
(1- Ytrue,NOB ) XNOB

Where,
Y\ruenop = true yield of ammonia oxidizing bacteria (mass of AOB COD/mass
of ammonia—nitrogen oxidized);
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TABLE 5.5 Summary of biokinetic parameter estimates describing a partial nitrification bioreac-
tor obtained by a combination of respirometry, mass balances and quantitative polymerase chain
reaction (QPCR)-based molecular determination of ammonia oxidizing bacteria (AOB) and nitrite
oxidizing bacteria (NOB) concentrations (COD = chemical oxygen demand)(Ahn et al., 2008)*.

Parameter estimated in this

study (average + standard Additional parameters Type of reactor or

deviation) needed for estimation  Source biomass

Unaxnos (1/d)  1.08 = 1.03 Y e nos = 0.24 mg X Chandran and Smets, Complete nitrifying
COD/mg N oxidized 2000a, 2000b enrichment culture

Y psaos (Mg X 0.15 + 0.06 None

COD/mg N

oxidized)

bpop (1/d) 0.32 +0.34 fo=0.2mg debris COD/ Grady et al., 1999 Activated sludge
mg COD X, Y gps ao0p:

estimated above

Haxnos (1/d) 2.6 £2.05 Yruenos= 0.1 mg X Pirsing et al., 1996; Complete nitrification
COD/mg N oxidized Rittmann and McCarty, enrichment culture,
2001; Sharma and Ahlert, including activated
1977; Wiesmann, 1994 sludge

Y psnop (Mg X 0.04 +0.02 None

COD/mg N

oxidized)

bnos (1/d) 0.75+0.80 fo=0.2mg debris COD/ Grady et al., 1999 Activated sludge
mg COD X, Y s noB

estimated above

* Uy a0 = Maximum specific growth rate of ammonia oxidizing bacteria, d'; Y, rop =0bserved yield of
ammonia oxidizing bacteria (mass of AOB COD/mass of ammonia-nitrogen oxidized); b,op = specific decay
coefficient of ammonia-oxidizing bacteria (d™"); f, = fraction of decayed biomass resulting in biomass debris
(COD/COD); Y 1y a08 = true yield of ammonia-oxidizing bacteria (mass of AOB COD/mass of ammonia-
nitrogen oxidized); ., nop = Maximum specific growth rate of nitrite-oxidizing bacteria, d™'; Y, nop = true
yield of nitrite-oxidizing bacteria (mass of NOB COD/mass of nitrite-nitrogen oxidized); Y ;s nop = Observed
yield of ammonia-oxidizing bacteria (mass of AOB COD/mass of nitrite-nitrogen oxidized); byop = specific
decay coefficient of nitrite-oxidizing bacteria (d™'); and X = biomass concentration (mass COD/volume).

Y\rue nos = true yield of nitrite oxidizing bacteria (mass of NOB COD/mass of
nitrite-nitrogen oxidized);
dO,/dt,., = maximum volumetric oxygen uptake associated with ammonia (sub-
script, nh) and nitrite (subscript, NO,), respectively;
X 0 = ammonia-oxidizing bacteria concentration (mass COD/volume); and
X,op = nitrite-oxidizing bacteria concentration (mass COD/volume).
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3.8 Calculation of Observed Biomass Yield Coefficient

The observed biomass yield coefficients (Y, for AOB and NOB can be estimated
based on respective biomass concentrations (X,o5 and Xyop), HRT (1), SRT (6.), and
extent of ammonia or nitrite oxidation (eq 5.17a and 5.17b, after Grady et al., 1999).

XAOBT
R X G172
Xnos?
Yope nos X (5.17b)
Where,
Y, = observed yield coefficients, for AOB and NOB, as previously
defined;

X = biomass concentrations, for AOB and NOB, as previously defined;

T HRT (d);

0.=SRT (d); and
Szt aNd 5,3 e = nitrite and nitrate concentrations in the effluent, respectively
(mass-N/volume).

3.9 Calculation of Autotrophic Biomass Decay Coefficient

Specific decay coefficients (v) for AOB and NOB were estimated based on their
respective true yield and observed yield coefficients, SRT and f;, (fraction of bio-
mass decayed that results in biomass debris = 0.2 mg COD debris produced per
milligram COD active biomass decayed (eqs 5.18a and 5.18b, after Grady et al.,

1999).
(‘Ytrue,AOB } _ 1
Yobs,AOB

bpos = Y (5.18a)
9 1 _ f true, AOB J
¢ l ° [ Yobs,AOB
( Ytrue,NOB ) _ 1
Yobs,NOB

byos = Y. o (5.18b)
o]

Yobs, NOB

173



174

Nutrient Removal

Based on this methodology, the following kinetic and stoichiometric parameters
were estimated for a partial nitrification reactor treating synthetic anaerobic diges-
tion centrate (Table 5.5, influent ammonia = 500 mg-N/L). The reactor relied upon
selective enrichment of AOB and washout of NOB from the reactor and conse-
quently, the parameter estimate values reported are distinct from that of typical
activated sludge.

4.0 SIMPLE STEADY-STATE SUSPENDED GROWTH
DESIGN EQUATIONS

4.1 Effluent Ammonia

The effluent ammonia—nitrogen concentration from a nitrifying activated sludge
reactor is governed primarily by nitrification kinetics and the aerobic operating SRT.
If the operating SRT is significantly higher than the minimum SRT, then the effluent
ammonia—nitrogen concentration is not a function of the influent ammonia concen-
tration (Grady et al., 1999; Rittmann and McCarty, 2001). In such a case, the efflu-
ent ammonia-nitrogen concentration from a nitrifying reactor configured as a single

1
b
(ecrA " A}

1 (5.19)
- b
lumax,ﬂ (GC’A + A )
Where,

Sunee = effluent ammonia—nitrogen concentration from a completely mixed nitri-

completely mixed tank is given by:

th,eff = KS,nh

fication activated sludge reactor (mg-N/L);
0c A = aerobic solids retention time (d);
Himax 4 = Maximum specific growth rate of nitrifying bacteria (1/d);
K, = half-saturation coefficient of nitrifying bacteria (mg-N/L); and
b, = specific decay constant of nitrifying bacteria (1/d).

For reactors configured in plug-flow mode, or as completely mixed tanks in
series, the above equation needs to be combined with mass balances around each tank
in series or each zone in a plug-flow reactor to describe the effluent concentrations.
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Alternately, process simulators that capture these and additional activated sludge
reactions can be used to determine reactor effluent concentrations.

4.2 Nitrogen Incorporated to Waste Sludge

As mentioned earlier, ammonia is the preferred assimilative nitrogen source for
bacteria growth. Under ammonia limitation, alternate assimilative sources such as
nitrite and nitrate can be used, but these typically lead to a reduction in the bio-
mass yield coefficient (Grady et al., 1999; Rittmann and McCarty, 2001). Ammonia-—
nitrogen is assimilated broadly by several bacterial classes in activated sludge,
under aerobic, anoxic, and anaerobic conditions to support biomass synthesis, a
fraction of which is discharged in waste activated sludge. For typical domestic
wastewater, the nitrogen assimilated by nitrifying bacteria in activated sludge is
negligible (Grady et al., 1999). In such a case, the amount of nitrogen incorporated
into heterotrophic biomass (assuming completely aerobic conditions) is given by
(Grady et al., 1999):

(+ fpb16c)Y (Sso + X0 = Ss) | .
N, =F
was { (1 + bHGC ) ZN/XB (520)
Where,
N, = nitrogen incorporated in waste sludge (mg N/d);

F = wastewater flow rate (L/d);
fp = fraction of decayed biomass resulting in biomass debris (COD/COD);
by, = specific decay constant of heterotrophic bacteria (1/d);
0. = overall solids retention time (d);

Ss, = influent soluble biodegradable organic substrate (mg COD/L);

X, = influent particulate biodegradable organic substrate (mg COD/L);
S = effluent soluble biodegradable organic substrate (mg COD/L);

injxp = Nitrogen content of biomass (X), (mg N/mg X-COD); and
Yy = true biomass yield of heterotrophic bacteria (mg X-COD/mg S COD).

This equation is simplified to represent completely aerobic-activated sludge oper-
ation. Appropriate changes in kinetic and stoichiometric parameters and operating
SRT should be included to account for operation under a combination of aerobic,
anoxic, and anaerobic conditions.
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4.3 Nitrifier Sludge Mass
The total mass of nitrifying (AOB and NOB) bacteria in activated sludge is given by

(1 + beAeC,A )YA (SN,A B th)

XparV =0, ,F
(1+048c.4)

(5.21)

Where,
X3 a7 = total nitrifier biomass concentration (mg COD/L);
V = aerobic volume of activated sludge reactor (L);
F = wastewater flow rate (L/d);
b, = specific decay constant of autotrophic nitrifying bacteria (1/d);
0. 4= aerobic solids retention time (d);
S .4 = nitrogen available for nitrification (mg N/L);
S, = effluent ammonia nitrogen concentration (mg N/L); and
Y, = true biomass yield of autotrophic nitrifying bacteria (mg X-COD/mg N
oxidized).

The amount of nitrogen available for nitrification is obtained by subtracting the
nitrogen assimilated for biomass synthesis from the influent TKN and is given by
(Grady et al., 1999):

(5.22)

(1+ f,b ,0.)Y. (Sep + Xy —So) |
SN,A =TKN—|: fD HYC H SO SO S IN/XB

(1+0b,6.)

4.4 Oxygen Requirements

Nitrification is an extremely oxygen-intensive process, and each unit of ammonia—ni-
trogen by mass consumes approximately 4.33 units (accounting for nitrifier biomass
growth) of oxygen by mass for oxidation to nitrate (Grady et al., 1999). In high nitro-
gen-load systems, it may be challenging to supply adequate oxygen for nitrification,
for instance, in the influent end of plug-flow reactors or in the influent zones of highly
modular reactors-in-series system. In such cases, step-feed configurations may be a
viable alternate to redistribute the oxygen requirement over a higher volume of the
reactor (Grady et al., 1999). See Chapter 7 for additional discussion on this topic. The
oxygen consumption associated with nitrification is given by (Grady et al., 1999):

1 b,6,
(1+ foby C,A)Y

R,,=F@S,,-S 457 —
0,A ( N,A nh) 1+bA9C,A A

(5.23)
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Where,

Ro 4 = oxygen requirement for nitrification (mg O,/d);

Sn.4 = nitrogen available for nitrification (mg N/L);
S, = effluent ammonia nitrogen concentration (mg N/L);
fp = fraction of decayed biomass resulting in biomass debris (COD/COD);
b, = specific decay constant of autotrophic nitrifying bacteria (1/d);

0 4 = aerobic solids retention time (d); and
Y, = true biomass yield of autotrophic nitrifying bacteria (mg X COD/mg N

oxidized).

4.5 Alkalinity Consumption

Nitrification consumes 7.07 g alkalinity (as CaCO;) per gram ammonia—-nitrogen
consumed by nitrifying bacteria or 7.23 g alkalinity (as CaCOs) per gram nitrate-
nitrogen formed, accounting for ammonia assimilation and biomass growth (Grady
et al., 1999). The amount of alkalinity consumed during nitrification is given by
(Grady et al., 1999):

Ry, =7.23F(Sy, =S, =S,

nhoTns (5.24)
Where,
F = wastewater flow rate (L/d);
Sn,4 = nitrogen available for nitrification (mg N/L);
S, = reactor ammonia concentration (mg N/L); and
S, = soluble biodegradable organic nitrogen (mg N/L).

In addition to providing alkalinity to offset consumption by nitrification, residual
alkalinity of 50 mg/L (as CaCQO;) typically is provided to ensure adequate buffering
(Grady et al., 1999).

5.0 CONSIDERATIONS FOR DIFFERENT NUTRIENT
REMOVAL CONFIGURATIONS

5.1 Accounting for Unaerated Zones or Clarifiers

Overall BNR by single-sludge systems is achieved by combined nitrification (under
aerobic conditions) and denitrification (under anoxic conditions). From a wastewater
treatment design perspective, under completely anoxic conditions, nitrifying bacteria
cannot sustain their activity. Thus, the only governing process for nitrification in
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anoxic zones of a BNR reactor or clarifiers is anoxic decay. For this reason, the ele-
mentary design equations above only account for nitrification in the aerobic section
of the activated sludge reactor.

5.2 Single-Sludge Versus Separate-Sludge Systems

Typically treatment of separate-stage nitrification systems is more straightforward
compared to single-sludge systems. This is because single-sludge systems are dom-
inated by nitrification in the nitrification stage with minimal heterotrophic activity.
Therefore, the elementary equations can be simplified to account solely for nitrifica-
tion associated substrate consumption and biomass growth and decay. Additional
considerations of single- and separate-sludge systems is provided in Section 2.0 of
this chapter.

6.0 DYNAMIC BEHAVIOR

The equations provided in this chapter are based on steady-state solutions of
differential equations that govern substrate consumption and biomass growth and
decay. Steady-state solutions often are used to formulate the initial design of an acti-
vated sludge system because of their simplicity. It must be recognized, however,
that activated sludge systems are subject to constantly varying influent flow volume
and composition, in addition to variations in factors such as temperature and pH.
These variations can be described adequately only by using dynamic state modeling.
Dynamic states can be described by using the concept of peaking factors for analytical
or spreadsheet-based calculations or simulator packages including BioWin, WEST,
GPS-X, Aqua-Sim, or custom packages. The specific dynamic variations in effluent
ammonia and oxygen requirements are considered next.

6.1 Effluent Ammonia

Dynamic-state modeling is especially important for nitrification since nitrifying bac-
teria have inherently low kinetics and are inhibited by many physical, chemical, and
environmental effects (Chandran and Love, 2008; Grady et al., 1999; Hockenbury and
Grady, 1977; Painter, 1970; Sharma and Ahlert, 1977). As a result, the effect of dynam-
ically changing wastewater flow and composition is especially apparent on nitrifica-
tion performance and associated oxygen or alkalinity consumption.

During peak influent load events at nitrifying wastewater treatment plants,
there is a strong correlation between the magnitude and timespan of variables in the
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influent and effluent ammonia-N concentrations because of low nitrification kinetics.
In contrast, more rapid processes associated with aerobic heterotrophic growth are
minimally or not at all affected. Further, the variability in effluent ammonia concen-
trations is especially severe for nitrification tanks configured as a single completely
mixed reactor as opposed to several reactors in series. In the former case, the entire
dynamic loading is subjected upon a single reactor, resulting in higher effluent
ammonia concentrations. In the latter case, the extent of nitrification shifts to down-
stream reactors, thereby dampening some of the dynamic variability effects (Grady
et al., 1999).

6.2 Spatial and Time-Varying Oxygen Demand

The variability in the degree of nitrification is mirrored in oxygen consumption.
Based on the high oxygen consumption associated with nitrification during peak-load
events, there simply may not be enough aerator capacity (or number of diffusers)
to handle the additional ammonia loading. Therefore, it is common to have periods
of high influent load correspond with low dissolved oxygen concentrations in the
activated sludge reactors. For a reactors-in-series configuration, the overall oxygen
uptake may simply be redistributed with increased oxygen consumption down-
stream to parallel higher extents of nitrification (Grady et al., 1999).
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1.0 NITROGEN REMOVAL PROCESSES

There are two types of nitrogen removal processes—biological and chemical.
Biological processes include autotrophic nitrification and heterotrophic denitrifica-
tion as in biofilms and activated sludge, and autotrophic nitrification and autotrophic
denitrification as applied in certain sidestream processes (i.e., anammox).

1.1 Heterotrophic Denitrification for Nitrogen Removal

Heterotrophic denitrification can occur at three locations in the wastewater treatment
process:

(1) In separate-sludge denitrification processes that treat effluent from a nitri-
fying activated-sludge, biofilm reactor (i.e., biological aerated filter, mov-
ing bed with plastic or sponge media) or in integrated fixed-film activated
sludge (IFAS) processes. An external organic carbon source is added as the
carbon source for heterotrophic denitrification.

(2) In unaerated zones of single-sludge activated sludge systems, predenitrifica-
tion filters, and biofilm reactors. Nitrates are either recycled from the down-
stream aerobic zone to the predenitrification zone or flow to a downstream
anoxic zone. The organic carbon in the influent to the reactor (primary efflu-
ent or raw influent) or endogenous respiration is used for the carbon source.
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(3) In biological flocs and biofilms in the aerobic zone of an activated sludge
process. This depends on the operating dissolved oxygen levels in the
aerobic zone.

1.2 Autotrophic Denitrification for Nitrogen Removal

Autotrophic denitrification occurs at long mean cell residence times (MCRTs) of typ-
ically greater than 20 days and under conditions where organic carbon is limited.
This process can be used to treat wastewaters from sidestreams generated following
anaerobic digestion (Rosenwinkel and Cornelius, 2005; Rostrom et al., 2001; Seyfried
et al., 2001). Autotrophic denitrification results in significant savings in external car-
bon and sludge production. The ability to use nitrites as an electron acceptor instead
of oxygen to oxidize ammonia to nitrogen gas, as in the anammox autotrophic deni-
trification process, helps reduce oxygen and organic carbon requirements. The down-
side to this process is the need for accurate control over dissolved oxygen and pH to
create conditions that are optimal for the bacteria.

This chapter presents the separate-sludge and single-sludge biological nitro-
gen removal processes in which heterotrophic bacteria carry out denitrification. The
nitrogen removal process includes the steps for nitrification and denitrification and
for the synthesis of nitrogen in the biomass. Process kinetics and kinetics-based equa-
tions are presented to explain the details of each step of the nitrogen removal pro-
cess. In some instances, a full-scale example is included to provide the reader with
a better context of the material for the kinetics-based equations. This chapter does
not cover the mixing, aeration, shear, or hydraulics criteria that need to be integrated
with kinetics to develop a complete design approach.

2.0 SEPARATE-SLUDGE (SEPARATE-STAGE)
DENITRIFICATION

The purpose of a separate-sludge (in some instances, referred to as separate-stage)
denitrification process is to remove nitrate from wastewater, typically by treating
effluent from a nitrifying activated-sludge process. When carbon oxidation and nitri-
fication are performed in one stage, the addition of separate-sludge denitrification
creates what is known as a two-sludge (two-stage) nitrification—denitrification pro-
cess. Each sludge system is operated independently. The division of carbon oxida-
tion, nitrification, and denitrification into three separate stages is referred to as a
three-stage process.
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Separate-stage heterotrophic denitrification processes have some advantages
and disadvantages. The biggest advantage is that low effluent total nitrogen concen-
trations are attainable primarily because the denitrification stage can be optimized
separately. Also, separate-stage denitrification is needed for some industrial waste-
water that is high in nitrogen but deficient in carbon. This process requires, how-
ever, two sets of clarifiers and return sludge pumping systems. In addition, if there
is no denitrification in the first stage (as in the modified Ludzack-Ettinger, or MLE,
configuration discussed below), then most of the nitrates have to be denitrified with
supplemental carbon. This adds to the operating cost.

This section focuses on nitrogen removal process kinetics for single-sludge, sepa-
rate-stage denitrification processes.

2.1 Characteristics

There are four types of separate-sludge denitrification processes: suspended-growth,
moving-bed attached growth, packed-bed attached growth, and fluidized-bed
attached growth systems. A flow schematic diagram of each is shown in Figure 6.1.
There are some characteristics that all separate-stage denitrification processes share.
Specifically, denitrification rates are lower at colder temperatures, at low phosphorus
levels that inhibit growth (less than 0.1 mg/L ortho-P), at extreme pH levels, and
in the presence of inhibitory chemical compounds. The kinetics-based methodol-
ogy that follows can account for the effect of temperature. The effect of pH is not
clear, however, because of conflicting reports in the literature. The pH effects typi-
cally can be ignored if near-neutral pH (6.5-7.5) is maintained (Randall et al., 1992).
Denitrification reactions can produce alkalinity, which typically elevate the pH. This
may be important if the nitrified effluent has a pH of less than 6.5.

2.2 Suspended Growth

Figure 6.1a shows a schematic diagram of the separate-stage, suspended-growth
denitrification process. The process is a variation of the activated-sludge process,
which consists of a suspended-growth reactor followed by a clarifier. The primary
operational difference (besides methanol addition) in suspended-growth denitrifica-
tion compared to standard activated sludge is that either the majority of the reac-
tor or the entire reactor is not aerated but instead mixed, typically by mechanical
means. Either complete-mix or plug-flow reactors can be used for the anoxic reactor.
The schematic in Figure 6.1a shows the anoxic reactor divided into sections, which
simulates plug flow. An aeration zone with a short retention time (15-60 minutes)
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typically is provided directly before clarification to strip any remaining nitrogen gas
(also strips carbon dioxide); to add dissolved oxygen and help prevent denitrification
(and possible rising sludge because of nitrogen gas bubbles adhering to the sludge
floc) in the clarifier; and to oxidize any excess methanol that remains. Some settled
sludge is wasted to maintain the desired solids retention time (SRT) or mixed liquor
suspended solids (MLSS) concentration, and the rest is recycled to the anoxic portion
of the reactor.

Mixing is required in the anoxic reactor. Proper intensity of mixing is needed to
maintain the solids in suspension without mixing in too much dissolved oxygen and
to ensure good contact of the denitrifying biomass with nitrates and carbon. Mixing
intensity required will vary from system to system, but it is reasonable to assume that
4 to 10 W/m? (20-50 hp/million gal.) is required (Randall et al., 1992). Another cri-
terion is to provide complete tank contents turnover every 20 minutes based on the
pumping rate of the submersible mixer and the tank volume.

2.2.1 Process-Sizing Criteria

The volume of a suspended-growth denitrification reactor can be determined based
on denitrification kinetics or on full-scale or pilot experience. Hydraulic retention
time (HRT), SRT, denitrification rate, and methanol requirements typically are the
most important considerations for the process.

The sizing of suspended-growth denitrification reactors typically is based on
either SRT considerations or a denitrification rate approach. The SRT approach uses
basic kinetic information for a rational approach to sizing (Randall et al., 1992). In
the SRT approach, the kinetic coefficients should be expressed on a chemical oxygen
demand (COD) basis rather than a nitrate basis. This accounts for the fact that COD,
rather than nitrate, is typically the limiting factor for denitrification (McClintock
et al., 1988; Stensel et al., 1973). The half-rate constant for nitrate is low, approxi-
mately 0.1 mg/L; therefore, nitrate does not become limiting until it approaches very
low concentrations. McClintock et al. (1988), in a study treating synthetic wastewater,
reported that yield coefficients and decay rates were approximately 25% lower when
nitrate was used as an electron acceptor compared to when oxygen was used. Stensel
et al. (1973) have reported basic denitrification kinetic coefficients on a COD basis
using methanol. These coefficients will be used in the design example (see Table 6.1).

The gentrification-rate approach historically has been the most widely used
approach. Although it is a relatively simple approach, it requires a specific denitrifi-
cation rate (SDNR). Reported rates using methanol vary widely (0.10-1.2 g NO,-N/g

193



194

Nutrient Removal

TABLE 6.1 Denitrification kinetic coefficients using methanol (Stensel et al., 1973).

Parameter Units 20°C 10°C
Synthesis yield coefficient, Yy .., g VSS*/g COD 0.18 0.17
Endogenous decay coefficient, K .. d! 0.04 0.05
Maximum specific substrate g COD/g VSS-d 10.3 3.1

removal rate, g1 .oy

Half-saturation constant, K g COD/m? 9.1 12.6

COD = chemical oxygen demand; VSS = volatile suspended solids.

total suspended solids [TSS]-d) because of different temperature conditions and
organic substrate concentrations used during the denitrification studies. These
design approaches are discussed in detail by Metcalf and Eddy (2003) and in the U.S.
Environmental Protection Agency’s (U.S. EPA’s) Nitrogen Control Manual (1993).

2.2.2 Design Equations

The design equations used for the SRT design approach using kinetic coefficients on a
COD basis are illustrated here. The kinetics equations used are based on organic sub-
strate removal in complete-mix systems and are used in the kinetic approach to design
for carbon oxidation activated-sludge processes (Lawrence and McCarty, 1970).

The specific substrate removal can be found from the maximum substrate
removal rate according to the following:

_ Sanx,eff
Qranx = Gmanx [m) (6.1)
Where,
Jranx = Specific substrate removal rate, d/;
Jmianx = Maximum substrate removal rate, d;

S = effluent soluble biodegradable COD concentration out of the anoxic

anx,eff

zone, mg/L; and
K, = half-saturation constant, mg/L;

Denitrification is adversely affected by colder temperatures. Specific substrate
removal rates (and denitrification rates) can be corrected for temperature using the
following equation:

Gr= g0 T 6.2)
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Where,
0 = temperature correction coefficient, and
T = temperature, °C.

The minimum SRT required can be calculated from the temperature-corrected g using
the equation:
1
SRT,

anx

= (YH,anx )(qH,anx ) - bH,anx (63)

Where,
Y .nx = anoxic synthesis yield coefficient, g volatile suspended solids (VSS)/g COD
used, and
by .y = anoxic endogenous decay coefficient, d-'.

Use of a safety factor between 1.25 and 2.0 is recommended to account for reduc-
tions in gy ,,, that may occur when some oxygen is introduced. A peaking factor also
may be used to account for diurnal peak loads.

SRT = SRT,,, (SF)(PF) (6.4a)

anx,design anx

The design SRT for the reactor includes the anoxic zone and a reaeration zone.
The reaeration zone removes any excess biodegradable soluble COD that remains
after the postanoxic zone. The volume of the reaeration zone is small, and its HRT
ranges from 10 to 30 minutes. An HRT of 15 minutes may be used for the design.

V,

SRTdesign = SRTanx \;Otal (64b)
Where,
V.. = anoxic volume as determined below.

anx

Vo = total of anoxic and reaeration zone volume. The reaeration volume can
be assumed to provide an HRT of 15 minutes. The SRT ., can be deter-
mined after the anoxic volume as described below.

The concentration of COD from methanol maintained in the anoxic reactor must
be selected, typically 3 to 5 mg COD/L. This amount will be oxidized easily in the
postaeration part of the reactor. The denitrification rate could be increased by using
higher methanol concentrations, if desired, resulting in a smaller anoxic basin. There
is a tradeoff, however, between costs of higher methanol doses (and increased sludge
production) and capital costs for a larger reactor.
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The supplemental COD that has to be added as methanol can be computed as

follows:
Supplemental COD =[2.86(NOyN, ; —NO,N )
+1.71(NO,N,)+ DO, ]J[COD Factor,,]+8S,, ., (5
Where COD Factor,,, is the amount of COD consumed for the electron acceptor (dis-

solved oxygen and oxidized N forms) used in the anoxic process.

Because COD is used for biomass production (sludge yield) and for COD oxida-
tion, it helps determine the amount of COD required based on the electron acceptors
consumed.

COD Factor,, = Yl
1-1 42 H,anx,methanol (65b)
+ by SRT,, +Db

H,anx H, aer reaer

Where,
NOy-N,,¢= influent nitrate and nitrite-nitrogen (NO, and NO;-N) concen-
tration, mg/L;
NO;-N, = effluent NO;-N concentration, mg/L;
NO,-N;,¢ = influent NO,-N concentration, mg/L (effluent is assumed to be 0);
DO, = influent dissolved oxygen, mg/L; and
COD Factor,,, = a conversion factor to determine mg of COD uptake per mg of
uptake of electron acceptors.

The SRT,c.er
computed. For the first pass of the iteration, it can be assumed to be two days.

has to be determined iteratively after the anoxic volume has been

The anoxic volume can be determined using the following equation which is
based on a mass balance on solids (Lawrence and McCarty, 1970):

YH anx,methanol YH anx,inf VSS

V, S -S + Sy
ot [ bH anx SRT + bH acrs reaer ( PPl COD et ) 1 + bH,anx SRT + bH aerS reaer ( Vot )
Y aer Q SRT esign
= (Sanx,eff - seff )] s
bH anx SRT + bH ach reaer XVSS
Svesme = 142 VSS, (6.6)

Where,
V = volume of tank, m3;
Q = influent flow rate, m®/d;
Xyss = denitrification reactor VSS concentration, mg/L;
Suppi cop = supplemental COD added for denitrification, mg/L;
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Svssnt = 1.42 times the VSS in the influent to the reactor (secondary effluent);
S = reaeration zone effluent soluble COD, mg/L;
Y anxinfvss = 0.3 mg VSS/mg COD present in the VSS; and
by e = aerobic zone decay rate, assumed to be 33% higher than the anoxic
zone decay rate.

The concentration of S can be assumed to be one-half of S, . It can be com-
puted in an iterative calculation using a mass balance and substrate utilization kinet-
ics across the aerobic cell (Sen and Randall, 2008a). Complex multicell simulation
models can automate these calculations.

In some instances, the anoxic volume is sized-based on the SDNR (mg NO;-N
denitrified per mg VSS per day) obtained from pilot studies or from the literature.
This is computed as follows:

— (NOSNinf — NO3Neff)(Q)

anx (67)
Xyss SDNR

2.3 Attached Growth Biofilm Reactors

Attached growth biofilm reactors for denitrification include moving-bed or cross-
flow reactors (Figure 6.1b) and packed- (Figure 6.1c) and fluidized-bed (Figure 6.1d)
reactors. This section discusses packed-bed technology.

There are two types of packed-bed processes: gas filled and liquid filled (Soap
and Detergent Association [SDA], 1989). In the gas-filled reactor, the enclosed vessel
is filled with structured or random media as the growing site for denitrifying micro-
organisms. Open space is maintained with a nitrogen-enriched atmosphere that is
essential for denitrification. The nitrate-bearing wastewater is distributed evenly
throughout the media in the same way as in the trickling filter process. Because of
constant sloughing of biomass from the media during operation, a clarifier is required
to remove excess TSS from the denitrified effluent.

The liquid-filled reactor may further be divided into two categories depending
on whether they use high- or low-porosity media. In the high-porosity reactor, 10%
to 20% of the liquid volume is displaced by the media and its biofilm. In the low-
porosity (packed-bed) reactor, more than 50% of the liquid volume is displaced by
the media and its biofilm.

The high-porosity reactor typically is operated in an upflow or cross-flow (hori-
zontal) mode. (The cross-flow reactor previously was known as a moving-bed reac-
tor, and then subsequently called a moving-bed biofilm reactor, or MBBR, which was
trademarked by Kaldnes [Reardon, 1993]). Because a constant discharge of excess
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biomass is unavoidable, a subsequent clarification step such as clarifier, dissolved air
flotation thickener, or filter is required to produce a clear effluent with low TSS.

A low-porosity reactor typically is operated in a downflow mode (i.e., Tetra Tech
denitrification filters and IDI Biofor filters) or in an upflow mode (Kruger Biostyr fil-
ters). A periodic backwash of the reactor is required to prevent clogging. The use of
fine media allows this type of bioreactor to achieve both denitrification and filtration.
Therefore, the treated effluent will be low in TSS and oxidized nitrogen. In down-
flow mode, however, the fine media will retain not only the removed suspended
solids and biomass but also the nitrogen gas that is generated. A periodic nitrogen
gas release operation (bumping) and filter backwashing will have to be performed to
relieve the buildup of head loss caused by trapped gas and solids.

A popular low porosity packed-bed reactor is the downflow deep-bed filter for
both denitrification and filtration. This filter, as shown in Figure 6.2, will be used to
illustrate the attached growth denitrification.

Filtration Cycle (99%)
Filter

Influent
Backwash \

Cycle (1%)

Backwash
Recycle

Gravel

Layers i
Bottom Filtrate
Blocks Backwash Air

10 psig

Backwash Water
From Backwash

Backwash Pumps

Air Laterals

FIGURE 6.2 Cross section of a downflow dentrification filter (psi x 6895 = Pa).
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2.3.1 Process-Sizing Criteria for Attached Growth Biofilm Reactor

Because the denitrification filter serves both as a filter for removing TSS and as a
biological reactor for denitrification, some special considerations must be made
(Chen and Slack, 1991). First, a nozzleless filter underdrain system should be
used for the denitrification filter application. At the Howard F. Curren Advanced
Wastewater Treatment Plant in Tampa, Florida, a nozzle-type filter bottom caused
biofouling, clogging, and breakage and eventually led to short-circuiting of back-
wash air and water and loss of filter media (Pickard et al., 1985). After conversion
to a nozzleless underdrain, these undesirable problems were eliminated. Second,
a coarse (effective size 1.8-2.3 mm), uniform (uniformity coefficient at 1.35), and
spherical (sphericity of 0.8-0.9) media should be used for this application. Again
the Tampa plant experience proved that replacement of angular media with round
media significantly reduced the frequency of gas bumping and backwashing. Third,
air and water backwash is required to keep the denitrification filter clean and free
of biosolids accumulation. The degree of filter cleaning, however, should be con-
trolled carefully to avoid excessive scouring of biomass and the resulting long lag
time for the denitrification reaction to be established when the filter is put back into
operation. Otherwise, a reseed of biomass with backwash water may be required.
Fourth, the influent to the filter vessel should be introduced with the least amount
of turbulence to minimize the increase of dissolved oxygen in the filter influent,
which will affect consumption of the carbon source used for denitrification. A spe-
cially designed weir block for the influent trough has been used successfully for
this purpose.

Figure 6.2 shows the cross-section of a deep-bed filter and depicts the essential
elements of a downflow denitrification filter. Three parts methanol is added per part
NO;-N to provide sufficient carbon for complete denitrification (Savage and Chen,
1975). If complete denitrification is not a requirement, then the quantity of methanol
as depicted in Figure 6.3 can be reduced (Redd et al., 1992).

The method of distributing nitrified flow to the filter cells is important to the
performance of the denitrification filter system. The HRT in every filter cell should
be equal at any given time. Therefore, even distribution of filter influent is impor-
tant. The incoming flow may vary, but the flow should be split evenly to every
individual filter in operation. It is not desirable to use a declining rate filter system
for denitrification because of the resulting uneven filtration rate through individual
filters.
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Residual NO3-N

Methanol to NO3-N

FIGURE 6.3 Nitrate removal efficiency at various methanol dosages.

2.3.2 Design Equations

There are two different but related methods available to engineers for sizing a deni-
trification filter system: the volumetric nitrogen loading approach and the hydraulic
contact time method.

The volumetric approach is probably the most typically used method of the two.
In this approach, the denitrification reactor size is calculated based on an appropriate
NO;-N loading per unit reactor volume. A “rule of thumb” approach is used when
denitrification kinetic information is lacking or a conservative design is tolerable. The
range for the unit volumetric loading rate varies between 240 and 3200 kg NO,-N/
1000 m?-d (15 to 200 Ib NO,-N/d /1000 cu ft). The selection of a loading rate for the
reactor sizing will be dictated by the type of reactor and media used, characteristics
of the nitrified water, and reaction temperature.

The hydraulic contact time method is based on the principle that, for a biological
system to remove NO;-N from water, removal efficiency is directly proportional to
the HRT in the reactor until a maximum denitrification is approached, at which time
the rate of removal levels off. Typical denitrification design curves for a deep-bed fil-
ter using coarse sand as the filter media are shown in Figure 6.4 (Savage, 1983). These
design curves are only applicable to a specific type of reactor or media and within a
certain range of NO;-N levels. It is advisable that for different types of reactors or for
various ranges of nitrate levels, separate design curves may have to be derived from
a pilot study to determine their specific denitrification applications.
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FIGURE 6.4 Typical design curves using hydraulic contact time for a downflow
deep-bed filter (Savage, 1983).

Occasionally, the size of a denitrification filter system will not be determined by
reaction kinetics but by the hydraulic limitation according to site-specific regulations.
For example, in California, Title 22 regulations require that the maximum filtration
rate for a water reclamation filter system should not be more than 294 m?*/m?*d (5
gpm/sq ft) with one of the filter cells out of service (State of California, 1978). The
kinetic rate may allow a filtration rate to be more than 294 m®/m?.d (5 gpm/sq ft);
however, the Title 22 regulations dictate the size of the filter system.

Other factors that may affect the sizing of a filter system are the limitation of the
filter backwashing and gas bumping frequency. Although backwashing and bump-
ing operations will not affect significantly the denitrification efficiency of a deep-bed
filter, in practice, the frequency of filter backwashing should be limited to no more
than once per day and gas bumping to no more than once per hour (Savage and
Chen, 1972). For a deep-bed denitrification filter, the filter will require backwashing
after the solids loading exceeds 5 to 10 kg/m?*cycle (1-2 1b/sq ft-cycle). When the
NO;-N removal exceeds 0.25 to 0.5 kg/m?*cycle (0.05-0.1 1b/sq ft-cycle), the filter will
need bumping. Filter sizing should be reviewed with these limitations in mind when
treating a nitrified stream with high TSS or nitrate concentrations . It is possible that
filter size may have to be increased beyond that required strictly for nitrate removal
to accommodate excessive solids buildup.
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A kinetics-based approach to modeling filters can be undertaken as a second
method. In this approach, the filter is segmented into multiple compartments in
series. Denitrification is computed within each segment. The denitrification is
based on bulk liquid dissolved oxygen and oxidized nitrogen entering each seg-
ment and their consumption by biofilm growth. This is used to compute the dis-
solved oxygen and oxidized nitrogen entering the following segment. Removal in
each segment also depends on the biofilm surface area, which is a function of the
media and hydrodynamic conditions (liquid velocities in the interstitial space) that
prevent agglomeration of particles. The approach has been taken by Choudhury
et al. (2010) and Crosswell et al. (2009) for simulating COD removal and denitrifi-
cation in a deep-bed recirculating denitrification filter. The method gives a better
perspective of where the denitrification is taking place in the filter and whether the
kinetics in the biofilm will be inhibited by nutrient starvation (i.e., phosphorus) in
some segments of the filter.

3.0 SINGLE-SLUDGE NITRIFICATION-
DENITRIFICATION

3.1 Characteristics

Single-sludge systems are those in which nutrient removal is achieved in a single
basin and clarifier. The basin may be divided into several zones to achieve anaerobic
or anoxic conditions depending on the treatment goal. Several configurations have
been used including predenitrification, postdenitrification, and combined pre- and
postdenitrification systems. The more commonly used single-sludge processes are
presented in the Design of Municipal Wastewater Treatment Plants (WEF and ASCE,
2009) and U.S. EPA (1993). Various design procedures have been developed for
designing nitrogen removal systems (Bidstrup and Grady, 1988; Randall et al., 1992;
SDA, 1989; TREEO, 1988; U.S. EPA, 1993; WEF, 2009). The objective of these processes
is biological removal of nitrogen from wastewater.

For nitrogen removal, a nitrifying population of microorganisms must first be
established for the oxidation of ammonium-nitrogen (NH,*-N) to nitrate-nitrogen
(NO;™-N). The design MCRT can be determined by running a simulation model or
by using a safety factor and a peaking factor on the minimum MCRT required for
nitrification.

As with any type of biological process, a significant amount of nitrogen is removed
from the wastewater through incorporation into the biomass. Based on the empirical
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formula C;H;O,N for biomass, nitrogen makes up approximately 12% by weight
(Hoover and Porges, 1952). Therefore, the maximum amount of nitrogen that can be
removed by wasting of the activated sludge (increases with yield which increases
with lower SRT) ranges from approximately 7.4 mg/L for high-rate activated-
sludge systems to approximately 3.7 mg/L for extended aeration facilities based
on the total nitrogen influent loading. The remaining 15 to 25 mg/L is nitrified to
NO,-N.

Biological denitrification systems using one or more anoxic zones are required to
meet more stringent effluent requirements for total nitrogen removal. A single-sludge
system using one preanoxic zone can achieve an effluent total nitrogen concentra-
tion of 4 to 11 mg/L as nitrogen. Both a pre- and a postanoxic zone (aerobic zone in
between) are required to reduce the total nitrogen concentration in the effluent to
3 mg/L as nitrogen (Morales et al., 1991; SDA, 1989; U.S. EPA, 1993). Typically, sup-
plemental carbon is needed only when postanoxic zones or postdenitrification sys-
tems are used.

This section presents the kinetics-based equations for three types of single-sludge
systems: predenitrification systems (MLE), pre- and postdenitrification systems, and
oxic-postanoxic. For activated sludge (suspended solids) systems, the method pre-
sented here is based on the International Water Association Activated Sludge Model
(IWA-ASM). It allows for use of a one-pass and an iterative-calculation process. The
iterative process can be implemented in a spreadsheet. The spreadsheet implementation
shown here, however, is limited to a single cell (complete mix) anoxic zone followed by
a single cell (complete mix) aerobic zone. The spreadsheet can also be combined with a
postanoxic and reaeration zone in a separate stage postdenitrification system.

Most plants today include multiple cells within the anoxic and aerobic zones. For
the multicell configuration, one of the commercially available process models that are
based on the IWA-ASM can be used.

A number of models can be used for IFAS systems, which combine biofilm and
suspended solids systems in the same reactor (zone and tank). Design of Municipal
Wastewater Treatment Plant (WEF et al., 2009) discusses application and verification
of the models for an IFAS and MBBR nitrogen removal system design. The IFAS
models listed, however, have significant limitations because they do not account for
differences in types of media surfaces, shape of carrier particles, or location and mix-
ing factors, which can lead to significant errors (Boltz et al., 2008). Chapter 11 of the
manual evaluates results of steady-state and dynamic simulation models for 31 days
of plant data taken during December 2006 that were collected at the IFAS system at
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Broomfield, Colorado, WWTP. For a more in-depth analysis of differences between
media and biological system response, it is necessary to adjust the inputs into model-
ing tools available on the market (free and commercial) (Sen et al., 2009). These tools
allow evaluation of IFAS applications at various temperatures of industrial waste-
waters, and differing media types. Also, these tools enable understanding and rep-
lication of the differences between fixed-bed media biofilm and moving-bed media
(Brown, 2009; Copithorn, 2009; Copithorn and Sen, 2010; Huhtamaki and Huhtamaki,
2009; Smith, 2009).

3.2 Process Kinetics-Based Equations

Figure 6.5 is a schematic of a typical predenitrification system. For the predenitrifica-
tion (anoxic/oxic) mode of operation, an anoxic zone precedes the aerobic or oxic
zone. The carbonaceous oxygen demand is met in the anoxic and aerobic zones. The
nitrogenous oxygen demand of the wastewater is primarily met in the aerobic zone.
After the nitrates have been formed, the nitrified mixed liquor must be recycled back
to the anoxic zone to allow the heterotrophic denitrifiers to accomplish denitrification.
Predenitrification systems are economical single-sludge systems to operate because a
supplemental carbon source typically is not required. The recycle rates and detention
times are dependent on the strength of the wastewater and the temperature. Typical
range of values is shown in Table 6.2.

3.2.1 Process Kinetics Equations for Predenitrification

The process volume of the anoxic zone depends on the amount of nitrogen to be
removed from the wastewater, the mixed liquor volatile suspended solids (MLVSS),

Nitrate Recycle

l 1

Anoxic | Anoxic Aerobicj Aerobic J Aerobic

M N, ..

Return Sludge

Primary ——
Effluent

© o o o © © O

\

WAS

FIGURE 6.5 Preanoxic, aerobic modified Ludzack-Ettinger configuration in
suspended growth activated sludge system (WAS = waste activated sludge).
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TABLE 6.2 Typical criteria for nitrification/denitrification systems (20°C MLSS tem-
perature).

Combined pre- and

Parameter Predenitrification Postdenitrification postdenitrification
System SRT, days HRT, hours  6-30 6-30 840

First anoxic zone 2-8 - 2-6

First aerobic zone 6-12 6-12 6-12

Second anoxic zone - 2-6 2-5

Reaeration zone - - 0.5-1.0

MLSS, mg/L 1500-4000 15004000 2000-5000
Nitrate recycle 2-4 Q¥ 2-4Q

RAS flow 0.5-1Q 05-1Q 100% (Q design)
Dissolved oxygen, mg/L

Anoxic zones 0 0 0

Aerobic zones 1-4 1-4 14

Mixing requirements

Anoxic zones, kw/10° m*® 4-10 4-10 4-10

Aerobic zones, kw/10° m3 20-40 20-40 20-40

Airflow, aerobic, m*/min 10° m®* 10-30 10-30 10-40

*Energy input is an important parameter; however, the manufacturer should be consulted for
determining the number and placement of mixers. Propeller and turbine mixers have been
used successfully.

HRT = hydraulic retention time; MLSS = mixed liquor suspended solids; RAS = return acti-
vated sludge; and SRT = solids retention time.

and the denitrification rate. Although this is best computed using activated sludge
models, if there are multiple anoxic cells in series, then a single-cell anoxic zone can
be computed using equations presented in this section. The anoxic zone typically
represents approximately 20% to 40% of the total volume (anoxic plus aerobic). It is
imperative that the biomass in the anoxic zone be kept in suspension without entrain-
ing dissolved oxygen, which inhibits the process. The nitrate recycle pump intakes
should be located in such a way that they reduce the return of dissolved oxygen to
the anoxic zone.
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3.2.1.1 Anoxic Zone Process Kinetics and Kinetics-Based Equations that Control the
Nitrogen Removal Process
The anoxic zone kinetics-based method is outlined in the steps below.

(1) Estimate the oxidized nitrogen concentration in the effluent and nitrate recy-
cle returned to the anoxic zone using the following equation:

No, - NON Q) 65
(Q+ NR+RAS)

Where,

NO,-N = nitrate-nitrogen concentration in the effluent and nitrate recycle,

mg/L;
NR = mixed liquor recycle flow, m*/d;
RAS = return activated sludge flow, m?*/d;
Q = influent wastewater flow rate, m*/d; and
NO,-N,., = amount of oxidized nitrogen generated by nitrification.

Alternatively, eq 6.8 can be used to determine the nitrate recycle for a specified
RAS and NO,-N,.

(2)  Estimate the COD uptake in the preanoxic zone and the effluent soluble bio-
degradable COD from the preanoxic zone.
(a) Dissolved oxygen enters the preanoxic zone through the influent
(primary effluent), the nitrate recycle, and the RAS. Calculate the
dissolved oxygen load entering the preanoxic zone (kg/d).

1000 L/m’
1000000 kg/mg (6.9a)

(DO)p preanx = [(DO;1)(Q) + (DO 55 )(RAS) + (DO JINR)] {

If there is no data for DOj,, then assume a value of 2 mg/L at 15°C or less; 1 mg/L
at 15°C to 20°C; and 0.5 mg/L at temperatures greater than 20°C. The DOy can be
assumed to be equal to the dissolved oxygen of the mixed liquor in the vicinity of
where the nitrate recycle pump is located. This may be equal to the dissolved oxygen
at the end of the aerobic zone. The dissolved oxygen of the RAS is difficult to deter-
mine without sampling the RAS or the clarifier blanket. In the absence of any data,
it may be assumed that it is half the dissolved oxygen level at the end of the aerobic
zone.

(b) Calculate the nitrite-nitrogen and nitrate-nitrogen load entering the

preanoxic zone (kg/d).
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(NOZN)L,Preanx = [(NOZNinf )(Q) + (NOZNRAS )(RAS)

1000 000 mg/kg

+ (NOZNNR)(NR)]|:

(NO;N)L pream = [(NO3 N )(Q) + (NO, Ny )(RAS)

1000 L/m’ (6.90)
1000 000 mg/kg

+ (NOSNNR)(NR)][

In the absence of data on nitrite-nitrogen, it may be assumed that all of the oxidized
nitrogen forms exist as nitrate-nitrogen. In the MLE configuration, nitrate-nitrogen
concentration in the nitrate recycle can be computed using eq 6.8. For the purposes
of design, it may be assumed that all of the oxidized nitrogen is nitrate—nitrogen. The
concentration of nitrite-nitrogen is 0 mg/L. For the RAS, it may be assumed that the
oxidized nitrogen forms in the RAS equals that in the nitrate recycle. This is a conser-
vative assumption because there is some denitrification in the sludge blanket and in
the RAS lines.

Equations 6.9a, 6.9b, and 6.9c are summed to determine the COD uptake in the
preanoxic zone (kg/d). The calculations are similar to eqs 6.5a and 6.5b.

COD Uptake,, . =[2.86(NO; N )+ 1L.7INO,N, o) q
. ’ 6.9
+ DOy reanx 1[COD Factorpreanx] ( )
COD Factor,, = 1
anx - 6-9
1-1.42 Yitan (6.9¢)
1 + bH,anx SRTpreanx + bH,aer SRTaer

The factor 1.42 represents the milligram of COD incorporated to the biomass per mil-
ligram of VSS generated in the anoxic zone.

The effluent COD (S
(in mg/L):

S

¢ from the preanoxic zone can be computed as follows

anx,ef|

kg/d = [(Smf - CODanx,unhydolyzed - SCODnbiO)

1000 L/m’
Q( 000 L/m ]_COD Uptakepreanx:|(

preanx,bio,eff /

1 ) (6.10a)

1000000mg/kg Q+RAS+NR
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S . ,m __ “preanxbio,eff, kg/d |
et 8 / Q 1000 L/m? (6.10b)
preanx,eff S preanx,bio,eff SCODnbio,eff (6 ) OC)

Where, COD,, unnydrolyzed = fraction of particulate COD present in the influent that is
not hydrolyzed in the anoxic zone. In the absence of running the detailed simulation
models, one can assume this fraction to be 0.5.

COD, . unhydrolyzed = (PCOD,)(1 — Fraction anoxic hydrolysis) (6.10d)

PCODinf = Sinf - SCODinf (6.106)
Where SCOD,; is the SCOD in the influent to the reactor.

The COD Factor,,,, is used to compute the COD uptake in milligrams of dis-
solved oxygen, NO,-N, or NO;-N denitrified. For example, with NO;-N, it includes
the COD taken up in cell synthesis. This is typically between 0.5 and 2.3 mg per mg
NO:-N (actual number is based on the anoxic sludge yield after adjustment for decay
in the cell). It also includes the COD oxidized (2.86 mg COD per mg NO;-N).

The factor of 2.86 is determined through stoichiometry of the denitrification reac-
tion as follows:

® Valence state of nitrogen (charge) in NO;~=5;

e Number of valence states to change to convert it to N, (denitrification) = 5;
¢ Equivalent weight of each charge on O = 8;

e Equivalent weight of denitrification = 5 x 8 = 40;

¢ Atomic weight of nitrogen = 14; and

¢ Oxygen equivalents per mg of N denitrified = 40 + 14 = 2.86.

High levels of nitrate recycle are observed in oxidation ditches where it may be 50 to
200 times the influent flow rate. This will dilute the S

anx,eff*

(3) Compute the specific COD uptake and SDNR in the preanoxic zone.
The specific COD uptake rate and the SDNR for the anoxic zone are computed as
follows:
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q - q Spreanx,bio/eff NO x Npreanx K DO/ (6 1 1a)
o e KS,H,anx + Spreanx,bio,eff KNOXN + NOX - Npreanx KDO,i + DO '

preanx

ql—l anx
SDNR = = -
rvamnoan 2.86*COD Factor,, (6.11b)
Where,
Sanxbioett = computed in eq 6.10b;
Jt1.anx = SUbstrate (COD) uptake rate under anoxic conditions; and
SDNR = specific denitrification rate.

Equation 6.11 can be simplified as follows:

q ,anx
SDNR = JH,anxNOSN = H5 (6.11¢)

For an actual Yy,,, = 0.3 and with 1.42 mg COD/mg VSS, the milligram COD used
per milligram NO,-N denitrified determined through stoichiometry is 4.98. This is
close to the value of 5 recommended above. The value of 1.42 is the milligram of COD
per milligram VSS incorporated to the biomass for each milligram of VSS generated:

* COD of biomass generated per milligram of COD consumed in denitrification =
Y Hany, actuar X 1.42 = 0.3 x 1.42 = 0.426 mg;

* COD oxidized in denitrification = 1 - 0.426 = 0.574 mg;
¢ Nitrate-nitrogen consumed = 0.574 + 2.86 = 0.2007 mg; and

¢ COD consumed per milligram of nitrate-nitrogen consumed = 1 + 0.2007 = 4.98.

The observed range of values for S ¢ in municipal facilities operated with

anx,bio,ef
nitrate recycle rates of 1 to 3Q is 20 to 40 mg COD/L. Higher nitrate recycle rates, as
achieved in oxidation ditches, will lower it.

The value of S, pioer Can be measured by taking a sample of the mixed liquor,
filtering it and measuring the soluble BOD;. The soluble biodegradable COD is deter-
mined by determining the filtered COD for the mixed liquor in the anoxic zone and
subtracting the filtered COD of the mixed liquor at the end of the aerobic zone. The
soluble, readily biodegradable COD may be determined by adding a coagulant (alum)
to the filtered COD and refiltering the solution (Mamais et al., 1993; WERF, 2002).

When using a computational model, the value of S is computed. The user will have
to enter the quantity of flocculated filtered COD in the influent, the nonbiodegradable
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COD in the effluent, and the rate of hydrolysis of biodegradable particulate COD to
generate the soluble, readily biodegradable COD that drives the denitrification reac-
tions (WERF, 2002). If biological excess phosphorus removal is included, then the rate
of denitrification in an anoxic cell downstream of the anaerobic cell also may be con-
trolled by the rate of poly-beta-hydroxybutyrate use when the soluble, readily biode-
gradable COD is low.

Where
Influent COD equals 300 mg/L,
Influent SCOD =150 mg/L;

Anoxic dissolved oxygen = 0.25 mg/L (typical range in plants that are not oxida-
tion ditches is 0.1 to 0.5 mg/L);
Anoxic NO,-N = 0.5 mg/L (typical concentration of sum total of NO,N
and NO;-N);
Ksianx=70 mg/L at 25°C (anoxic half-saturation constant
expressed in terms of soluble biodegradable COD);
Kpo, .= 0.5 mg/L (half-inhibition constant for dissolved oxygen
on denitrification);

Kyosn =1 mg/L (anoxic half-saturation constant in terms of
nitrate-nitrogen);

Nitrate recycle = 2.5;
RAS =0.5;
Q=1.0;and
SDNR = 0.16 mg NO,-N/mg VSS-d.
The value of SDNR at 25°C is adjusted with an Arrhenius temperature adjustment

coefficient. A value of 1.035 can be selected for heterotrophs for the preanoxic zone
(observed range of 1.03-1.07):

SDNR at T °C = SDNR (1.035)™2 (6.12)
Where T is temperature (°C).

(4) Estimate the anoxic volume required to remove the mass of nitrates and
nitrate equivalence of dissolved oxygen calculated in step 2b using the
following equation:

_ (NO,N,,, —~NO,N) ( 1000000 mg/kg
e (@m0 ) (Xyss ) [ 1000L/m” )

(6.13a)
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Vpreanx,d = (Vpreanx )(SFpreanx )(PF preanx) (6'13b)
Where,
Voreanx = Preanoxic volume, m’;

Xyss = VSS of the mixed liquor (assumed to be the same as the aerobic zone);
and
Vreanxa = design volume for the preanoxic zone. This includes a safety and a peak-
ing factor for the preanoxic zone. Because heterotrophs are less sensitive to shock
loads of inhibitors as compared to nitrifiers, a safety factor could be used that is half
the value for the aerobic zone. The peaking factor should be similar to that used for
the aerobic zone.
The value of preanoxic volume fraction, Z;, can be computed as follows:
V.
L=y (6.130)
(5)  The sum total of aerobic and anoxic MCRT (SRT) to be used for the design is
calculated as follows:

SRT,,. = SRT,,, Lot
target — aer,t V (61 4&)
aer,t
Vtotal,d = Vpreanx,d + Vaer,d (614b)

Where,
SRT 4eyign = design SRT of the biological system, d; and
Vot = sum total of preanoxic and aerobic design volumes.

3.2.1.2 Oxygen Requirements
Oxygen is required to meet both the carbonaceous and the nitrogenous oxygen demand.
The total kilogram of oxygen required can be estimated using the following equations:

Oxygen required, mg/L = (COD,4i,eq + NOD — CODp; 66 5y — denmit credit) (6.15a)

Oxygen required, kg/d = (oxygen required, mg/L)(Q, m?/d) (1/1000)

Where,
COD,idized = (COD;y¢ = SCOD,g);
NOD =4.57 (NO,-N,,,); the NO,-N,,, is computed based on the ammonia
that is actually nitrified (Benefield et al., 2010).

gen
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CODpgiomass syn = 1.42 x Biomassgyy (based on 1.42 mg COD per mg VSS as biomass);
and
Denit credit = 2.86 (NO-N,, = NO,-N4); NO,-N effluent is computed in eq 6.8.

3.2.1.3 Alkalinity Requirements

Sufficient alkalinity must be maintained so that the pH does not drop during nitri-
fication, thereby inhibiting the process. Typically, 60 to 75 mg/L of alkalinity as cal-
cium carbonate (CaCO;) is maintained in the secondary clarifier effluent. The pH of
the activated sludge tank is typically 6.5 or higher. The effluent alkalinity can be cal-
culated as follows from the anoxic/oxic process (Sen et al., 1990):

Alk = Alk,+ 3.57(TKN, . — NH,N, , — SorgN ;) — 3.57(Ng)
—7.14(NO, — Ngen)+ 3.57(NO, — Ngen— NO,_— N ) (6.16)
— Alk Consumed + Alk

P precipitation supp

Where,
ALK, = effluent alkalinity, mg/L as CaCO;;
ALK, = influent alkalinity, mg/L as CaCOj;
SorgN, = soluble organic nitrogen in the effluent (SKN — NH, - N);
Ngyn = nitrogen in biomass synthesized, as computed in
eq 6.25a;

ALK consumed = alkalinity consumed in the chemical precipitate forma-

P precipitation
tion associated with phosphorus removal;
ALK, = supplemental alkalinity added to achieve a target for the

effluent alkalinity.

The equation is based on the following stoichiometric coefficients (derived below):
nitrification consumes 7.14 mg of alkalinity per mg of nitrogen nitrified; denitrification
gives back 3.57 mg of alkalinity per mg of nitrogen denitrified; conversion of organic
nitrogen to ammonia-nitrogen (ammonification) generates 3.57 mg of alkalinity per
mg of nitrogen ammonified; deammonification (synthesis) of ammonia—nitrogen to
biomass consumes 3.57 mg of alkalinity per mg of nitrogen nitrified.

Stoichiometry of nitrification:

NH,*+ CO;* +2 O, =NO; + CO, + 2 H,0O

This equation shows that 100 mg/L alkalinity (equivalent alkalinity of CO,?) and
64 mg/L of oxygen are consumed for 14 mg/L of nitrogen nitrified. This is equiva-
lent to 4.57 mg/L of oxygen and 7.14 mg/L of alkalinity consumed in nitrification.
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Stoichiometry of denitrification:
2NO; +2H"+C¢H,;;, Os=N, + 2 H,0 + 6 CO,

The equation shows that for 28 mg/L (14 x 2 = 28 mg/L) of nitrogen in nitrate,
two hydrogen ions (2 x 50 = 100 mg/L) of alkalinity are consumed. This is equivalent
to 100 + 28 = 3.57 mg/L of alkalinity generated per mg/L of nitrogen denitrified.

The supplemental alkalinity required, if the secondary effluent alkalinity falls
below a certain alkalinity required to maintain the desired pH in the activated sludge
tank (i.e., 65 mg/L), can be computed as follows:

ALK, = target effective alkalinity — ALK without supplement

3.2.2 Additional Equations for Enhanced Nitrogen Removal Configuration

This section presents the design criteria and equations and an example and a case
history for a combined pre- and postdenitrification system. Figure 6.6 is a schematic
of a typical combined pre- and postdenitrification system to achieve low levels of
nitrogen removal (enhanced nitrogen removal, or ENR). This layout is typical of an
MLE—a postanoxic zone fed with some external substrate such as methanol, etha-
nol, waste alcohols, or a carbon-rich industrial waste. It is similar to a Bardenpho™
configuration except for the addition of methanol, which increases the denitrifica-
tion kinetics in the postanoxic zone. The preanoxic zone precedes the aerobic zone.
As shown in the example, the MLE portion removes approximately 60% to 75% of
the oxidized nitrogen. The postanoxic zone follows the aerobic zone. The postanoxic
zone is sized to remove oxidized nitrogen to satisfy a more stringent total nitrogen
permit (such as 3-5 mg/L). A reaeration zone with a detention time of 10 to 30 min-
utes follows to remove some of the supplemental carbon that remains in solution at
the end of the aerobic zone and to prevent additional denitrification in the secondary
clarifiers.

3.2.2.1 Preanoxic and Aerobic Zone Calculations
The equations for the preanoxic and aerobic zones of the ENR process are similar to
those applied for MLE configuration (Benefield et al., 2010).

3.2.2.2 Postanoxic Zone Calculations

The structure of the equations for the postanoxic zone of a combined pre and
postdenitrification ENR process are similar to the equations for the preanoxic zone.
These equations are used in addition to the equations presented earlier for the preanoxic
and aerobic portions of the ENR process. The computational steps are listed below.
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FIGURE 6.6 Combined pre- and postanoxic (enhanced nitrogen removal configura-
tion in suspended growth activated sludge system (WAS = waste activated sludge).

(1) Estimate the dissolved oxygen load that has to be removed in the postanoxic
zone:

(DO postans = (DO, )(Q + RAS)]

aer

(6.17a)

1000 L/m’
1000000 mg/kg

Where,
(DO),, = dissolved oxygen concentration in the mixed liquor leaving the aerobic
zone, mg/L.
(2) Calculate the nitrite-nitrogen and nitrate-nitrogen loads that have to be
removed in the postanoxic zone:

1000 L/m’
1000000 mg/kg (6.17b)

(NOZ - N)L,postanx = [(NOZ - NMLSS,aer )(Q+ RAS)][

1000 L/m’

NO,-N
NO, =N 1000000 mg/kg:| (6.170)

L,postanx

= [(NO3 - Naer - NOS - Npostfanx)(Q-’_ RAS)]|:

Where,
(NO3-N)postanx = allowable nitrate-nitrogen in the effluent from the postanoxic
zone (typically 1 mg/L); and
(DO),,, = dissolved oxygen in the effluent upstream from the aerobic zone;
(NO,N),,, = nitrite-Nitrogen in the effluent upstream from the aerobic zone; and
(NO;-N),; = nitrate-Nitrogen in the effluent from the upstream aerobic zone.
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(3) Calculate the total mass of nitrates to be removed in the anoxic zone:

COD Uptakepostanx = [2'86(N03NL,preanx ) + 1 71 (NOZNL,postanx )
+ DO posan JICOD  Factor,, ..., 1 (6.18a)
1
COD Factor, .. = Y
1-1.42 H,postanx (6 1 8b)

1+b, ..SRT, . +b, SRT_+b, . SRT _ +b, SRT

H preanx preanx H postanx postanx Heaer reaer

The supplemental COD required in the postanoxic zone can be computed as follows
(in mg/L):

COD Uptake 1000 000 mg/kg
Q 1000 L/m’

The value of the soluble COD in the effluent from the postanoxic zone (Sostanx,etr) 18

Spostanx/ suppl = Spostanx,eff + ( ] - S aer,eff (619)

determined in step 4 below. It has to be high enough to maintain a satisfactory SDNR.
(4) Calculate the specific COD uptake rate and SDNR in the postanoxic zone.
This is shown below.

One of the biggest challenges is correctly estimating the SDNR in an ENR
system and its temperature sensitivity, which depend on the type of sup-
plemental carbon used. There are two approaches that can be used to com-
pute the SDNR. In the first approach, rate tests are conducted at actual ENR
plants with the bacterial population that has acclimatized to the supplemen-
tal carbon source. Without acclimatization, the rates measured will be lower.
In the second approach, rates are determined from kinetic coefficients mea-
sured in separate-stage denitrification systems.

The second method must be used carefully. Unlike in separate-stage deni-
trification systems, where the heterotrophic biomass is synthesized princi-
pally to denitrify the nitrates, the heterotrophic biomass in ENR systems is
also generated in the preanoxic and aerobic zones. Depending on the type
of substrate used in the postanoxic zone, some of the biomass generated in
upstream zones may not be able to denitrify at the same rates using the exter-
nal substrate added. The bacteria may not have as many active sites or the
enzymes to use the supplemental carbon. Therefore, the rates determined
from separate-stage systems have to be adjusted before applying them to the
ENR mode of operation.

215



216 Nutrient Removal

The following example uses methanol. When methanol is used as the supplemental
carbon source, the g, 11 .. (see Table 6.1) for separate-stage denitrification can be used to
determine SDNR. Unlike separate-stage denitrification, however, not all of the bacteria
undertaking denitrification do so with methanol. Therefore, it is unlikely that a g, 1 1ny
of 10 d™* at 20°C will occur, which is essentially equivalent to the rate observed with the
COD in the primary effluent. This rate must be corrected for an ENR application.

One conservative approach for correction is to use the ratio of NO;-N or NO,-N
denitrified in the postanoxic zone to the denitrification across the entire plant to
determine a fraction for postanoxic denitrification to total denitrification.

POStAnX Denit ( Spostanx,bio,eff J

qH,postanx,ENR = qm,H,anx,Separate Stage

Overall Denit | Kg;;,. + S,

postanx,bio,eff

NOX_ Npostanx/eff KDO,i (620)
Kyow+NO,-N Kpoy + DO

postanx,eff

overall denit= (NO, - N, - NO, - N )(Q)

(6.21)

postanx denit= (NO, = N, = NO, = N_ ... )(Q+ RAS) 6.22)
Spostanx/eff = Spostanx,bio,eff + SCODnbio,eff (623)

SDNR = (qm,H,postanX,ENR) - 5 (624)

SDNR at T °C = SNUR (1.10)7-2 (6.25)

Where,
Spostanxbicetf = 10 mg/L (soluble BOD; or soluble readily biodegradable COD
remaining in solution at the end of the postanoxic zone);
DO = 0.25 mg/L in the postanoxic zone;
NO,-N = 1.0 mg/L (typical target concentration);
Ks 1100 = 10 mg/L (anoxic half-saturation constant expressed in terms of solu-
ble biodegradable COD as methanol as per Table 6.1);
Kpo,anx = 0.5 mg/L (half-inhibition constant for dissolved oxygen on denitrifi-
cation); and
KNO3-N =1 mg/L (anoxic half-saturation constant in terms of nitrate—nitrogen).

For the first pass of the iteration, one may assume that the postanoxic denitrifica-
tion is 25% of overall denitrification. This value can be refined in the second pass of
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the iterative calculation. The factor of 5 in eq 6.24 represents the milligrams of COD
uptake per milligrams of NO,-N denitrified. It was discussed in the preanoxic zone
computations presented earlier.

Incorporating these values, results in an SDNR of 0.12 d™* at 20°C. If we assume
that postanoxic denitrification with methanol has a higher temperature sensitivity
coefficient of 1.10 as compared to 1.06 for denitrifiers present in the preanoxic zone,
the rate drops to 0.055 d™" at 12°C.

The denitrification rate is sensitive to dissolved oxygen. Process design must
incorporate good dissolved oxygen control in the aerobic zone upstream and where
possible, two postanoxic cells in series to ensure dissolved oxygen uptake in the first
postanoxic cell. The methanol dosing should be paced with the diurnal flow pattern
and should incorporate bounds to avoid overdosing during wet weather high flows.
The pacing may be improved with a feed forward signal from an automated nitrate—
nitrogen analyzer and a dissolved oxygen probe and a feedback signal from a nitrate
probe. As with any analyzer, however, maintenance and reliability need to be con-
sidered. For small plants, it may be more effective to have a slightly larger HRT to
ensure adequate denitrification rather than several types of analyzers.

(5) Calculate the postanoxic volume required:

_ COD Uptake i, ( 1000000 mg/kg]

postanx

(qH,postanx,ENR )(XVSS ) 1000 L/m3 (626)
VPOStaHXd = (Vpostanx )(SFpostanx )(PFpostanx ) 6.27)
Where,
V postanx = POstanoxic volume, m?;

Xyss = VSS of the mixed liquor (assumed to be the same as the aerobic zone),
specified by the user; and

Vostanx,a = Postanoxic design volume, including a safety and a peaking factor.

(6) Calculate the biomass synthesized as a result of postanoxic COD addition.
This can be done by modifying the equation for biomass synthesis in MLE
configuration as follows:

Biomassgyy ; =
YH,anx (Sinf - Spreanx,eff )+ YH/aer (Spreanx,eff - Saer,eff )+ YH,pcslanx (Ssuppl postanx - Spostanx,eff )+ YH,aer (Sposlanx,eff - Sreaer,eff )
1+ bH,anx SRTpreanx,d + bl—l,aer SRTaer,d + bH,anx SRTpostanx,d + bH,aer SRTreaer,d

(6.28)
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Where,
S = secondary effluent SCOD (use 2 x filtered BOD; if COD data are not
available);
SRT postanxd = Vpostanxd T Vaer, ) (SR ser,a)
SRT epert = (Vieaer + Vaera) SRT o)
Y postans = depends on the substrate used. For methanol, the values are shown

in Table 6.1.

reaer,eff

For the ENR configuration, the effluent oxidized nitrogen levels in the RAS flow
entering the preanoxic zone should be used. The denitrification of oxidized nitro-
gen in the postanoxic zone reduces the oxidized nitrogen levels in the RAS. This
will reduce nitrate-nitrogen levels in eq 6.28b; it can be assumed that it is equal to
1 mg/L. The specific denitrification rate should be estimated using the methodology
described by Benefield et al. (2010).

3.3 Extending Understanding of Integrated Fixed-Film Activated
Sludge Systems

3.3.1 Basics of Media

The IFAS analysis can be initiated by first considering a high-rate conventional acti-
vated sludge system operated at the plant where an IFAS upgrade is being consid-
ered. The analysis goes through a sequence of steps shown in Figure 6.7 to select the
correct type of IFAS media and achieve the effluent quality desired.

The IFAS system can be used for BOD removal, for BOD removal and nitri-
fication, for BOD and nitrogen removal in MLE or ENR modes (ENR mode has
a postanoxic zone with methanol feed and a reaeration zone), and or in combi-
nation with enhanced biological phosphorus removal. Media may be added to
aerobic cells and to anoxic cells if the biomass in the MLVSS is not sufficient for
denitrification.

An element of the IFAS process selection is to determine which media fits where.
Figure 6.8, which is used in conjunction with Table 6.3, shows how the biofilm spe-
cific surface area (biofilm SSA, m?/m?) of fixed- and moving-bed media work with
maximum fill fractions (mf), resulting in the maximum applied specific surface area
(applied SSA, m?/m?®) that can be achieved.

Applied SSA = Biofilm SSA x mf
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Method to Convert CAS to IFAS & MBBR

Start with a
non-nitrifying CAS

1l

Determine
upper limit of MLSS
(maximum MLSS MCRTwithout media)

Iy

Make a preliminary selectionof type of media
Based on MLSS and extent of nitrification

1l U

Plant nitrifies seasonally
without media at 2500 mg/L MLSS
Can increase MLSS further
Evaluate fixed bed
Biofilm SSA = 25 to 66 m?/m?®.

In MLE or Bio P configuration,
fixed bed may also lower SVI;
allows one to increase MLSS MCRT

Plant cannot nitrify in winter
at 2500 mg/L MLSS
Cannot increase MLSS further
Evaluate moving bed
Biofilm SSA = 100 to 330 m?/m?®
In winter, most nitrification
Will be supported on media

Several factors Optimize IFAS design Convert to MBBR
determine upper Select di Lower MLSS MCRT
limit of fill fraction: . e e I? . to nominal HRT

media transfer, tank access ) Install media one or more aerobic and/or anoxic cells = May need more tank
media type, tank config, Select and optimize operating dissolved oxygen in cells volume compared but
wet weather peak, If fill fraction < max, increase media fill until less clarifier space
forward flow with recycles T ] n compared to IFAS
nitrification achieved

FIGURE 6.7 Method to convert a high-rate conventional activated sludge (CAS)
system design to integrated fixed-film activated sludge (IFAS) and moving-bed
biofilm reactor (MBBR) (DO = dissolved oxygen; MCRT = mean cell residence
time; MLE = modified Ludzack-Ettinger; MLSS = mixed liquor suspended solids)
(Copithorn et al., 2008).

The biofilm SSA is a characteristic of the type of media and the environment in
which the media is applied. Although there is a reasonable upper limit for each type
of media, higher soluble biodegradable COD (or soluble and colloidal BOD; concen-
trations) in the mixed liquor outside the biofilm can increase the thickness of the bio-
film and lower the biofilm SSA. Therefore, to keep the biofilm operating optimally,
it is important to include certain physical characteristics such as mixing and dilution
through recycles. The design method and model used have to account for the effect
of aerobic and anoxic mixing and recycles.
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TABLE 6.3 Biofilm specific surface area of various types of media for integrated
fixed-film activated sludge (IFAS) and moving-bed biofilm reactor (MBBR) systems
(Sen et al., 2006).

Media fill Biofilm specific Minimum

volume surface area® Recommended aerobic HRT
Type of system Media percentage* (m*m?) MLSS (mg/L) (h) at 12°C
Activated None 0 0 3000 7
sludge
IFAS-fixed Bioweb, 70-80 50-100 3000 5
bed Accuweb
IFAS-moving Linpor, 20-40 100-150 2500 4
bed-sponge  Captor
IFAS—moving K1 (Kaldnes), 30-60 150-300? 2500 4
bed-plastic Entex,

Hydroxyl

MBBR-K12 K1 Kaldnes  40-67 200-3352 <1000 3

aExternal volume of frame for cord-type fixed-bed media; external volume of cuboids or
cylinders with biofilm for moving-bed media. Fill volume fraction is not the fraction of liquid
volume in the activated sludge tank displaced by the media.

PMedia with a biofilm specific surface area of 500 m?/m? for 100% fill volume has been used as a
reference. Different manufacturers have different volume-specific surface area

HRT = hydraulic retention time; and MLSS = mixed liquor suspended solids.

The biological portion of the IFAS simulation incorporates the interaction between
the biofilm and the mixed liquor. This interaction is not as important in MBBR and
pure biofilm models. In an IFAS model, however, the biofilm is continuously seeding
the mixed liquor in the activated sludge system with heterotrophs, nitrifiers, and inert
suspended solids. Particulates from the mixed liquor are trapped and hydrolyzed by
the biofilm. The mixed liquor enhances the rate of organics (soluble biodegradable
COD) removal, which helps reduce the COD concentration outside the biofilm. This
enhances the nitrifier fraction in the first few layers of the biofilm. Several IFAS mod-
els take this into account.

3.3.2 Addressing Limitations in the Current Generation of Integrated
Fixed-Film Activated Sludge Simulators

Several of the simulators available use the equations developed for biofilms in pure
biofilm systems. Full-scale testing of the simulators show that these equations have
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Maximum Biofilm SSA, Fill Fractions, Applied SSA

for CAS, IFAS, and MBBR Max Biofilm SSA (In m2/m3) Max Applied
Fill SSA
Reactor Influent | [ Effluent Fraction | m?/m®
1A. Activated Sludge 0 0
1A
RAS N
1, i
IB. IFAS - Fixed Bed 066 | 66
1B Eg: Ringlace (50);
Bioweb (100)
N
= @Screge[‘ IC.IFAS —-Moving Bed | 066 | 330
5@ ==} Eg: Linpor sponge (200)
1C Kaldnes K1 plastic (500)
Hydroxyl plastic (350)
N Bioportz plastic (550)
Scree!

1D — = i ID. MBBR 0.66 | 330
% : Same media as 1C
Clarifier is not used in some
From 1A to 1D tertiary and side stream applications

- Clarifier size requirements decrease - Operating MLSS decrease
- HRT requirements decrease (except 1C to 1D) - Biofilm surface area
requirements increase 8

FIGURE 6.8 Understanding the relationship between maximum biofilm SSA (m?/m?),
maximum fill fraction, and applied SSA (m?/m?). HRT = hydraulic retention time;
IFAS = integrated fixed-film activated sludge; and MBBR = moving-bed biofilm
reactor (Sen et al, 2006).

limited accuracy when simulating (1) behavior of fixed-bed media; (2) behavior of
moving-bed media at higher specific surface areas; (3) effect of locations and mixing;
(4) effect of higher substrate concentrations as in industrial wastes; (5) performance
in multiple aerobic cells; and (6) performance at low temperatures (Boltz et al., 2008;
Copithorn, 2009; McGehee et al., 2009). Further, fixed-bed cord media systems can-
not be verified at bench scale because it is not possible to simulate accurately the
hydrodynamics. Reviews of models from various manufacturers and designers have
shown inaccuracies in the assumptions made by the users while attempting to over-
come the limitations in the applicability of equations used in the model (Copithorn,
2009). Copithorn and Sen (2010) discuss the differences in biofilms growing on fixed-
bed, moving-bed sponges, moving-bed plastic, and other types of media; their effect

221



222

Nutrient Removal

on IFAS design; and method and techniques for improving accuracy of IFAS simula-
tions that look at a combination of simulators and design and operations tools.

The difficulties in IFAS modeling using the various commercial simulators led
to the development of a Microsoft. NET module (2009) that can be run in conjunction
with various simulators to improve accuracy (Copithorn et al., 2009). The module
accounts for the differences in types of media (fixed and moving bed) in terms of sur-
face roughness (M,) and hydrodynamic forces (G) and modifies the biofilm detach-
ment coefficients. It extended the applicability of commercial simulators to lower
temperatures (3-10°C) and media with higher specific surface areas (greater than
1000 m?/m?).

In summary, to accurately simulate an IFAS, it is often necessary to take the bio-
film diffusional model found in the simulators and incorporate corrections for hydro-
dynamic considerations associated with media shape; soluble biodegradable COD in
the bulk liquid; location within the reactor; mixing patterns (aerobic and anoxic); and
differences in the density of the biofilm that sloughs off and its effect on the SVI of
the mixed liquor.
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1.0 PRINCIPLES OF CHEMICAL PHOSPHORUS
REMOVAL

The basic principle of chemical phosphorus (P) removal relies on the transformation
of soluble phosphorus to a particulate form, which is then by solid-liquid separation
processes, typically sedimentation, filtration, or membrane separation. The separation
could occur at single or multiple locations with the aid of coagulants or flocculants.

Some phosphorus is removed in a conventional secondary wastewater treatment
plant WWTP) in primary and secondary treatment processes without the aid of coagu-
lants and flocculants. Primary settling removes a fraction of the particulate form based
on the efficiency of the primary clarifiers. In secondary treatment, phosphorus is incor-
porated into biomass and removed from wastewater through secondary sedimentation
with waste biomass. As such, the quantity of phosphorus removed by a conventional
secondary treatment process is a function of biomass yield and production.

The process total effluent phosphorus concentration, Crp ., can be estimated as

Crp, et = Copeti + XesilTlpx (7.1)

Where,
Cspege = concentration of soluble phosphorus from a process (mainly soluble
orthophosphate), mg/L;

X = process effluent suspended solids concentration, mg/L; and

mpy = phosphorus content in suspended solids dry mass, mg P/mg suspended
solids in the process.
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For conventional activated sludge, mpy is 20 to 25 mg P/g volatile suspended sol-
ids (VSS) (2-2.5%). For chemical phosphorus removal, .y varies between 40 and 100
mg P/mg suspended solids (4-10%). Equation 7.1 emphasizes the contribution of
suspended solids to the process total effluent phosphorus concentration and the need
for effective solids removal. For example, if the process effluent suspended solids con-
centration is 20 mg/L with a phosphorus content of 5% (50 mg P/g suspended solids),
then a total phosphorus concentration less than 1 mg P/L cannot be achieved. Several
cations typically are used for the precipitation of phosphorus from wastewater:

e Aluminum,
e [ron,
e Calcium, and

¢ Magnesium.

Under the right conditions, calcium will precipitate phosphorus, and the hydrous
oxides of aluminum and iron will either sorb or coprecipitate orthophosphate.
The International Union of Pure and Applied Chemistry (IUPAC) definition of
coprecipitation is adopted here. “The simultaneous precipitation of a normally solu-
ble component with a macro-component from the same solution by the formation of
mixed crystals, by adsorption, occlusion or mechanical entrapment” (IUPAC, 1987).
The term “simultaneous precipitation” used by IUPAC is a mechanistic definition
and should not be confused with the process description of simultaneous precipita-
tion used by practitioners and described in greater detail in a subsequent subsection.
For this reason, soluble orthophosphate is the primary phosphorus species affected
by chemical addition. Soluble orthophosphate is the colorimetryically determined
phosphorus using the standard assay after filtration and without digestion, according
to Standard Methods, 4500-P (American Public Health Association et al., 2005). This
analytical quantity primarily is the actual orthophosphate molecular species (H,PO,~
and HPO,* at circum-neutral pH) but could also include nanoparticulate phosphorus
associated with tiny colloids that potentially pass through 0.45 pm filters. Accurate
analysis of its removal can be carried out only if its concentrations are measured and
reported. Unfortunately, soluble orthophosphate rarely is determined in practice. All
other phosphorus species (such as condensed polyphosphates, colloids, and particu-
lates containing phosphorus) are removed by mechanisms including adsorption, coag-
ulation, flocculation, sedimentation, or filtration or via biologically mediated removal.
These mechanisms will not be discussed in detail in this chapter.
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Table 7.1 lists examples of chemical solids that may be formed during phosphate
removal. Ferric phosphate is not known to form within the pH ranges typical for
wastewater treatment (Smith et al., 2008). The researchers used chemical equilibrium
calculations and electron microscopy images to demonstrate that FePO,(s) is only sta-
ble at pH values of less than 4 for iron and in the range found in typical domestic
wastewater for phosphorus. The nature of the precipitates formed during chemical
phosphate removal depends on the cation used, the oxidation-reduction potential,
and the overall efficiency of the phosphorus removal process. There are many factors
that will affect this efficiency as will be described in a subsequent subsection. Exact
stoichiometric composition of phosphate coprecipitates involving Al or Fe is not
fully known, the metal:P stoichiometry in solids has been measured with values
close to 1 (Smith et al., 2008). Some authors have suggested that all three cations

TABLE 7.1 Possible precipitates and coprecipitates formed during phosphate
removal.

Cation Precipitate

AL(IID) Aluminum phosphate [AIPO,]*
Aluminum hydroxide [AI(OH);], hydrous aluminum oxide (HAO)
[ALO,;xH,O]

Fe(II) Vivianite [Fe;(PO,),-8H,0]

Ferrous hydroxide [Fe(OH),]"
Fe(TII) Strengite [FePO,-2H,0]'

Ferric hydroxide [Fe(OH);], hydrous ferric oxide (HFO) [Fe,O;-xH,0],
magemite [y-Fe,O;]

Ca(Il) Tricalcium phosphate [Ca;(PO,),]
Hydroapatite [Cas(OH)(PO,),]
Dicalcium phosphate [CaHPO,]
Calcium carbonate [CaCOs]

Mg () Struvite [MgNH,PO,-6H,0]

*These precipitates are not common at typical pH ranges of 6 to 8 used in wastewater
treatment.
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(aluminum, iron, and calcium) can be present in a coprecipitate with other ions
such as magnesium, sulfate, and bicarbonate (Arvin and Petersen, 1980; Hsu, 1973).
Variability in precipitate composition led to suggestions that phosphate ion also is
removed by adsorption on other chemical precipitates (Leckie and Stumm, 1970).
Even though exact metal:P stoichiometry is not known, this chapter will explain the
factors that can help optimize this ratio and guide the practitioner through design
examples.

2.0 PHOSPHORUS SPECIES IN WASTEWATER

Phosphorus species found in wastewater are summarized in Table 7.2, which was
adapted from Sedlak (1991) and the Water Environment Research Foundation
(WERF) (2007). As indicated, various forms of phosphorus are present in typi-
cal municipal wastewater, and the speciation varies depending on the commercial,
industrial, and municipal components; the collection system design; and the dura-
tion of travel before it reaches the treatment facility. Some of the listed species, such as
polyphosphates and organic phosphates, are also produced during biological treat-
ment. The species of phosphorus in the wastewater must be known to use chemical
addition for removal.

Contribution of total suspended solids (TSS) concentration of the biological
treatment effluent to the effluent total phosphorus concentration is illustrated in
Figure 7.1 (Water Environment Federation [WEF] et al., 2006). The figure also illus-
trates the significance of the phosphorus content of the mixed liquor and the effluent
TSS on the effluent total phosphorus concentration. This figure emphasizes the need
for properly operating solids-liquid separation systems for reliable phosphorus
removal. Although the soluble phosphate concentration may be less than 0.1 mg/L,
if the TSS in the effluent is 10 mg/L and the phosphorus content of the mixed liquor
is 0.06 mg/mg-VSS, then effluent total phosphorus concentration is expected to be
approximately 0.5 to 0.6 mg/L.

The minimum achievable orthophosphate concentration is still undetermined
and is quite controversial and depends on theoretical, state of practice, and permit-
limit considerations. The U.S. Environmental Protection Agency (U.S. EPA) (2007)
and Smith et al. (2008) have suggested that the minimum orthophosphate concen-
tration ranges from 0.002 to 0.005 mg/L with considerable sampling and analytical
uncertainty. In theory, even lower concentrations are likely achievable. In practice,
however, the minimum achievable orthophosphate is likely in the range reported by
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TaBLE 7.2 Phosphorus species in wastewater (adapted from Sedlak 1991 and

WERF 2007).

Category Species Solid/liquid Comment

Orthophosphate PO, HPO,*, H,PO,-, Liquid pK,=2.15,7.2,12.35,
H,;PO, respectively. Most

dominant form of
phosphorus, hence, term
“orthophosphate” often
used interchangeably with
“soluble phosphorus”

Polyphosphates/  Pyrophosphate, Liquid/solid Large orthophosphate

condensed tripolyphosphate, chains. Precipitate in

phosphates metaphosphate, condensed complex

intracellular molecule form. Hydrolysis

polyphosphate results in orthophosphate

granules release. Hydrolysis and
polyphosphate formation
release and capture high
energy (phosphate bonds)
most common in biological
systems (e.g., biological
phosphorus removal
systems)

Organic phosphate Sugar phosphates, Solid/liquid Can be in particulate
phospholipids, or soluble form. Can be
nucleotides, other released through decay of
cellular material organic material

Chemically bound Phosphorus Solid /liquid Includes both precipitates

phosphorus precipitates containing and phosphorus

Fe, Al, Ca; struvite;
vivianite; phosphorus
adsorbed onto metal
hydroxides, other
complexation species

coprecipitated or adsorbed
onto precipitates and metal
hydroxides. Dependent

on pH and temperature.

If the particulate matter

is colloidal in nature and
can pass through a 0.45 n
filter, it will be measured as
soluble phosphorus
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FiGure 7.1 Contribution of effluent total suspended solids (TSS) to total phospho-
rus in the effluent for different phosphorus contents in the mixed liquor suspended
solids (assuming that the VSS/TSS ratio is 75%) (Water Environment Federation

et al., 2006).

these authors after considering sampling and analytical artifacts inherent to such low
measurements and the molar ratios required. Likely the reliable range of residual
orthophosphate that could be attained consistently for advanced technologies is an
order of magnitude greater (0.01-0.05 mg/L) after accounting for considerable pro-
cess variability of full-scale chemical removal plants. The total phosphorus achiev-
able will also depend on other phosphorus species as discussed earlier. Particulate
phosphorus has to be completely removed using technologies such as microfiltra-
tion or ultrafiltration membranes. If effluent total phosphorus levels are lower than
what could be achieved by filtration technologies, then adsorption technologies
using media or reverse osmosis need to be used. The U.S. EPA Region 10 (2007),
WEREF (2007), and Neethling et al. (2007) have shown that available technologies and
approaches could be combined to meet the permit requirements and achieve aver-
age effluent total phosphorus concentrations as low as 0.07 mgP/L as in the case of
Breckenridge S. D. Farmers Korner WWTP, Colorado. The challenge is that chemical
phosphorus removal needs to complement biological phosphorus removal to ensure
that chemical consumption could be minimized and other biological processes are
not limited because of nutrient deficiency.
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3.0 CHEMICAL REMOVAL OF PHOSPHORUS

Phosphorus removal mechanisms include

(1) Precipitation,
(2) Surface complexation (coprecipitation and adsorption), and
(3) Solid-liquid separation.

Overall, precipitation tends to be a lesser mechanism in Fe and Al chemical treat-
ments, although it is the dominant mechanism in Ca-mediated removal. In Fe and Al
treatment, the predominant mechanism is coprecipitation. In these systems, phosphate
removal is thought to occur simultaneously with hydrous metal hydroxide precipita-
tion via a surface complexation mechanism. Essentially, the phosphate complexes to
the surfaces of the hydrous metal oxide as the metal precipitates. In this way, phos-
phate is occluded into the bulk structure of the solid phase. It is possible, however, to
form colloidal metal oxide precipitates; therefore, the solid-liquid separation step is
crucial for achieving low-level residual phosphorus. The mechanisms of removal are
presented further for the different chemicals used in phosphorus removal.

3.1 Chemicals Used in Phosphorus Removal
3.1.1 Calcium

Phosphate precipitation with lime was the earliest used method of phosphorus
removal. Calcium forms several insoluble compounds with phosphate (see Table
7.1), among which hydroxyapatite Cas(PO,); (OH) appears to be the most important
(Menar and Jenkins, 1972). Additionally, calcium carbonate can form, depending on
pH, wastewater alkalinity, and calcium dose. Figure 7.2 shows that significant phos-
phate removal can be achieved only at higher pH values. Most reports indicated that
removal of phosphate to values less than 1 mg P/L requires values of pH of 10.5 to
11 (Buzzell and Sawyer, 1967; Menar and Jenkins, 1972; Spiegel and Forrest, 1969).
For this reason, lime is used either in primary treatment or following biological
treatment. The dose of lime and the amount of solids produced are functions of total
alkalinity of wastewater according to the following reaction:

Ca(OH), + HCO; = CaCO, + H,0 + OH" (7.2)

These factors do not depend significantly on phosphate concentration. According
to eq 7.2, the required lime dose (in mg Ca(OH),/L) is approximately 1.5 times the
total alkalinity (as mg CaCO;/L). The U.S. EPA (2007) describes the operation of a
high-lime process at the Upper Occoquan Sewage Authority (UOSA), Occoquan,
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apatite

apatite + calcite

log dissolved P (mol/l)

FIGURE 7.2  Equilibrium solubility for calcium phosphate system (adapted with
permission from Jenkins, D., and Hermanowicz, S.W. [1991] Principles of Chemical
Phosphorus Removal. In Phosphorus and Nitrogen Removal from Municipal Wastewater:
Principles and Practice. Sedlak, R. L., Ed. Copyright CRC Press, Boca Raton, Florida).

Virginia, to reduce phosphorus to less than 0.10 mg/L, to capture organics from sec-
ondary treatment, to precipitate heavy metals, and to serve as a barrier for viruses.
This process has been in operation for three decades. In this process, lime slurry is
added to rapid mix basins (to achieve pH of 11) and anionic polymer is added in floc-
culation basins followed by chemical clarification, first-stage recarbonation to lower
pH to 10, recarbonation clarifiers to collect precipitated calcium carbonate, second-
stage recarbonation to lower pH to 7, and storage in ballast ponds.

3.1.2 Magnesium

Magnesium can be an important precipitant of phosphorus in an anaerobic digester.
Magnesium in the presence of ammonium ions and orthophosphate can precipitate
as magnesium ammonium phosphate (MAP) or struvite [MgNH,PO,-6H,O]. When
sludge from the biological phosphorus removal process enters an anaerobic digester,
polyphosphates associated with the biomass are released as orthophosphate. If this
orthophosphate is not precipitated, then it would represent a significant phospho-
rus recycle stream. This typically does not happen if magnesium is present in suffi-
cient stoichiometric quantities because “struvite,” or MAP, forms in or downstream of
the digesters (1 mole of magnesium removes 1 mole of phosphate in the presence of
ammonium ions). Several processes are being developed to recover MAP, which will
be discussed in a subsequent subsection.
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3.1.3 Ferrous Iron

The main source of ferrous iron [Fe(I)] is spent pickle liquor containing FeCl, or
FeSO, and originating from metal-processing operations. It is a potentially convenient
and economical source of precipitating agent, but it may contain hazardous materials
(such as heavy metals) that can either pass through with the effluent or accumulate in
the sludge. Commercially available technical-grade iron salts (both Fe(II) and ferric
iron, or Fe(IlI)) may also contain a certain amount of heavy metals.

Recht and Ghassemi (1970) conducted an extensive study of phosphate precipi-
tation with Fe(II) in the absence of dissolved oxygen. They concluded that optimum
removal occurred at pH 8, with residual orthophosphate at 0.4 mg P/L. On either side
of the optimum pH, orthophosphate residual concentrations were much greater: 8
mg P/L at pH 7 and 3.5 mg P/L at pH 9. At pH 8, a reaction time of two hours was
required to achieve maximum removal. Although the initial iron:phosphorus molar
ratio was 1:1, not all Fe(II) was removed from the solution. The precipitate formed in
their experiments was identified as vivianite, Fe,(PO,);-8H,0. Theoretically, orthophos-
phate precipitation with Fe(II) provides a more advantageous stoichiometry. Results of
two full-scale applications of Fe(Il) to raw wastewater in Mentor, Ohio, and Texas City,
Texas, however, showed that the majority of removal occurred in the aeration tanks
where Fe(Il) likely was oxidized to Fe(Ill) (Recht and Ghassemi, 1970). Low phosphate
removal in primary treatment was attributed to inadequate reaction time of Fe(II),
formation of poorly settling precipitate, or complexation of Fe(Il) by organic matter.

Fe(II) also is dosed to an aeration tank containing activated sludge, which allows
for its conversion to an oxidized Fe(III) species. The dosing of iron or aluminum to an
aeration tank is referred to as “simultaneous precipitation” (simultaneous chemical
removal of orthophosphate along with biological processing of wastewater). Frossard
et al. (1997) used X-ray diffraction, ’Fe Mossbauer spectroscopy, and scanning elec-
tron microscopy to investigate phosphorus species in one activated sludge sample
subject to simultaneous precipitation with FeSO,. They determined that 43% of the
total iron was accounted for as vivianite [Fe;(PO,),-8H,0O]. The amount of reduced
versus oxidized species of iron present likely depends upon the overall aerobic con-
ditions present in the aeration tank. If exposed to sufficient aerobic conditions in an
aeration tank, Fe(Il) oxidizes to Fe(III). Leckie and Stumm (1970) indicated that ferric
iron Fe(IIl) formed by oxidation of Fe(Il) is more effective for phosphate precipitation
than Fe(IIl) added directly from a stock solution. Recht and Ghassemi (1970) found
that the speed of phosphate precipitation increased significantly in the presence
of oxygen as Fe(Il) was oxidized to Fe(IIl). Similarly to Leckie and Stumm (1970),
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they claimed that phosphate removal efficiency with oxidized Fe(II) was better than
that for an equivalent dose of Fe(Ill) from stock solution. The practical efficiency of
phosphorus removal, however, is also affected by the settling characteristics of the
coprecipitate. Leckie and Stumm (1970) reported that the coprecipitate formed by
oxidized Fe(Il) in clean water was inferior to those from Fe(III).

When the sludge from chemical phosphorus removal is sent to an anaerobic
digester, much of the coprecipitated phosphate can remain in the anaerobically
digested solids. The predominant species of iron in the anaerobic digester is Fe(II).
Any oxidized species of iron likely is converted microbially to the reduced form,
and the phosphate can be precipitated as vivianite (Stabnikov et al., 2004; Zhengkai
et al., 2006). The amount of phosphate that redissolves versus the amount that
remains in the solids depends upon the amount of iron initially added, the solubility
product of ferrous phosphate, and the competing counterions (mainly sulfide) that
are also precipitated by the Fe (II). Wild et al. (1997) suggested that the amount of
iron available for precipitating phosphate depends on the amount of iron used to ini-
tially remove sulfide as FeS. The precipitation reactions in an anaerobic digester are
important because they can constitute the presence or absence of orthophosphate in
the recycle stream from anaerobic digestion, the presence of which is an input vari-
able for chemical or biological phosphorus removal in the liquid stream.

3.1.4 Ferric Iron and Aluminum

Because there are many similarities between the chemistry of orthophosphate
coprecipitation or sorption with Fe(Ill) and aluminum [AI(IID], these two agents will
be discussed together. Ferric iron is used as ferric chloride (FeCl,) or ferric sulfate
[Fe,(SO,);]. Aluminum for phosphate removal is used as either alum [AL(SO,);- 18H,0],
sodium aluminate (NaAlO,), or polyaluminum chloride (PAC). The last chemical is
often used when enhanced solids removal is also a treatment objective because their
orthophosphate removal efficiency is lower than the nonpolymerized constituents
(Fettig et al., 1990; Gillberg et al., 1996; Ratnaweera et al., 1992; Szab¢ et al., 2008). More
recently, polymeric aluminum or iron silicate sulfates have been discussed (Boisvert
et al., 1997; Sagberg et al., 2006; Wang and Tang, 2001; Zouboulis and Moussas, 2008).
Polyaluminum silicate sulfate (PASS) and polyferric silicate sulfate (PFSiS) have been
referred to as polymeric flocculants that, although inferior as coagulants compared to
nonpolymerized constituents, resist shear stress, enhance aggregation, form larger flocs,
and enhance flocculation and clarification of the chemical sludge formed. Sagberg et al.
(2006) demonstrated significant reductions in overall chemical costs using a combination
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of ferric chloride and PASS. Ferric chloride was added where mixing was maximized,
and PASS was added at a location where conditions for flocculation were more opti-
mal in a downstream section of a tapered aeration grit chamber. Regardless of the form
used, Fe** or AI** cations are the coprecipitating or sorption agents.

The addition of acidic ferric iron or aluminum solution to wastewater in the
presence of sufficient alkalinity results in the rapid precipitation of hydrous ferric
or aluminum oxides (HFO or HAO). Soluble orthophosphate is removed simulta-
neously with the HFO/HAO precipitation by either precipitation of iron phos-
phates, coprecipitation, or adsorption of phosphate onto existing HFO particles.
The removal of phosphate can occur via many different pathways:

(1)  Adsorption of phosphate onto HFO or HAO or coprecipitation into the HFO
or HAO structure;

(2) Coprecipitation of phosphate into the HFO or HAO structure;

(3) Precipitation of ferric or aluminum phosphate; and

(4) Precipitation of mixed cation phosphates (i.e., Ca, Mg, Fe, or Al phosphates,
or hydroxyphosphates).

In the case of ferric iron, Smith et al. (2008) indicated that ferric phosphate precipi-
tation only occurs near pH of 3.5 with no evidence of occurrence greater than pH of 5.
In the pH range of 6 to 8 typical of wastewater treatment, surface complexation domi-
nates, and phosphate either sorbs onto preformed HFO or it coprecipitates simulta-
neously as the formation of HFO occurs. The basis of the phosphate complexation
model is that iron and phosphorus share a surface oxygen (see eq 7.3). The overall
reaction is presented symbolically (charges omitted) for a reaction at a metal oxide
surface in eq 7.3. The surface oxygen, which is underlined in eq 7.3, take part in surface
binding and oxygen sharing. This type of reaction can be termed a “ligand exchange
reaction” where phosphate exchanges for hydroxide, or water, at the mineral surface.
This arrangement can be pictured as O,P-O-Me, where Me can be either Al or Fe(III).

~MeOH + HOPO, —> =MeOPO; + H,0 (7.3)

Water must be a byproduct of the reaction to account for the extra oxygen
released during ester bond formation. The three solid lines (=) are the standard sym-
bol for a surface reactive site (Dzombak and Morel, 1990).

Equation 7.3 presents one possible reaction. The exact reaction depends on the
nature of oxygen at the surface, in particular, the number of Me atoms sharing each
oxygen. Each Me that is bound to an oxygen draws some of the electron density from
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the oxygen atom. The reactivity of the surface oxygen depends on how much of its
valence electron density it shares. This aspect is summarized by the multisite sur-
face complexation (MUSIC) model as applied to phosphate/goethite interactions by
Geelhoed et al. (1997) (Hiemstra et al., 1996). The MUSIC model assumes a crystalline
oxide. In applying these concepts to amorphous oxides, which occurs when minerals
are precipitated rapidly as in wastewater, the assumption is that the short-range order
in an amorphous material is similar to the long-range order in a crystalline substance.

Modeling can be performed to predict the speciation of the metal and phosphate
chemical equilibrium. The first step of equilibrium modeling is to solve for the solu-
tion and solid-phase species present. A set of possible reactions and associated equi-
librium constants are given in Table 7.3. Reaction 1 in Table 7.3 can be used to test
for precipitation of amorphous hydroxide precipitate. Reactions 2 to 5 determine
the minimum solubility for the hydroxide mineral phase; the “U-shaped” solubil-
ity diagram. For aluminum and Fe(III), most wastewater systems will be super-
saturated compared to the mineral phase, and HAO or HFO will precipitate. Fe(II)

TaBLE 7.3 Chemical reactions of PO,*, AI(III), Fe(IlI), and Fe(II) (from National
Institute of Standards and Technology [NIST], 2001).

Log equilibrium constants®

Reactions® Al (IID) Fe(IID) Fe(ID)
(1) Me" + nOH =Me(OH),(s) 33.7 38.6-42.7 14.43
(2) Me"™ + OH = Me(OH)"! 9.0 11.81 4.6
(3) Me" +20H = Me(OH)"-2 17.9 234 7.5
4) Me" +30H = Me(OH)"-3 252 NA 13
5)  Me" +40H = Me(OH)"-* 33.3 344 10
(6) Me" + HPO, = Me(HPO,)" -2 6.12 8.3 2.46
(7)  Me" + H,PO, = Me(H,PO,)" ! 2.71 347 0.55
8 Me™ + 2H,PO, = Me(H,PO,)," 2 4.82 6.03 1.82
9 Me™ + 3H,PO, = Me(H,PO,);" 3 NA 8.1 NA

(10)  (7-2m)Me"* + (4 - PO = Me,,,(H,PO,), _ ,(s) 18.34 21.76-26.4 37.76

aFor the reactions n = 3 for AI(III) and Fe(IIl), n = 2 for Fe(II).

"Where appropriate ranges are indicated for the equilibrium constant values. The ionic
strength of the values given is zero if possible or the lowest ionic strength listed in NIST if
zero is not available.
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is much more soluble, and hydroxides should not tend to precipitate under reducing
conditions. The other possible solid phase is the metal phosphate (Reaction 10). In
wastewater systems, Fe(III) and AI(III) are expected to exist only at low pH, but Fe(I)
POA4(s) is likely to be supersaturated under reducing conditions.

In terms of soluble phosphate, the complexation tends to keep phosphate in the
solution. In supersaturated systems the residual metal concentrations are low because
most metal has precipitated, and most of these aqueous phosphate complexes tend to
occur at low concentration reactions (i.e., Reactions 6-9, Table 7.3).

There are many possible approaches to evaluating surface complexation at oxide
surfaces. An example method for HFO-phosphate surface complexation is given here.
Once HFO is found to precipitate, a surface complexation model calculation is run to
determine how much phosphate is bound to the surface and other available oxygen
binding sites as the precipitate is formed. The surface complexation model, shown in
Table 7.4, shows the stoichiometry of the surface reactions based on Geelhoed et al.
(1997). These possible surface reactions are based on spectroscopic studies and the-
oretical surface structural considerations (i.e., MUSIC model). The stoichiometries of
the reactions are not curve-fit exercises but are based on physical and chemical con-
straints. These possible reactions on known goethite are assumed to be valid reactions
possible on the HFO surface. Even though the iron oxide formed here is amorphous
and not crystalline, it is reasonable that similar types of binding arrangements (Fe to
O) will occur at their surface (Smith and Ferris, 2001). These are the active phosphate
binding sites. The values for the equilibrium constants in Table 7.4 are given as a range
of values between those determined by Geelhoed et al. (1997) and Smith et al. (2008).

TABLE 7.4 Possible reactions (charges omitted) and equilibrium constants for
surface complexation of phosphate (adapted from Geelhoed et al. 1997 and
Smith et al. 2008).

Reaction’ Log K
(1)  2H*+ PO + 2(=FeO) <> (=Fe0),H,PO4 27.6-30
(2)  3H* + PO, + 2(=Fe;0) <> (=Fe0),H,PO4 33.8-35.5
(3)  H*+ PO +=FeO « =Fe;OHPO4 15.5-20.5
4) H* + PO,* + =FeO « =FeOH 9.2

(5) H*+ PO +=Fe,0 <> =Fe,OH 9.2

*=FeO is a singly coordinated surface oxygen, meaning that the surface oxygen is
bound to only one iron whereas =Fe,O represents a surface oxygen bound to three irons.
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Soluble phosphorus is the sum of all phosphorus species not bound to the iron
oxide surface or precipitated. To quantify a value for this, it is necessary to determine
how much phosphate capacity exists. Using the same assumptions as Geelhoed et al.
(1997), the concentration of these binding sites is assumed to have the same value. These
need to be related to the total iron concentration (FeT) in the precipitate, as follows:

S1T = S2T = ASF x (FeT in HFO) (7.4)

Where,

S1T = binding capacity for Site 1;

S2T = binding capacity for Site 2; and

AST = active site factor (ASF).

The ASF, a critical factor, is related to available binding sites before, after, and
during precipitation and represents a fraction of the reactive surface oxygen per bulk
Fe in the HFO. Best-fit values for ASF tend to range from 0.2 to 1.2.

The value of the area factor parameter is linked to the mixing conditions (G value)
and the age of the floc (HRT) through a kinetic function:

ASF = f(G, HRT) (7.5

When combined with expressions describing diffusion limitations within the floc,
this function forms the kinetic part of the model. The exact forms of the functions and
their parameters have not yet been determined and need to be the subject of further
investigation.

3.2 Design and Operating Variables Important for Phosphorus
Removal

Because ferric iron and aluminum are more commonly used to remove orthophosphate
in practice, a more detailed analysis is provided to understand the removal capabili-
ties for these chemicals. The following subsections will focus on dose requirements,
minimum achievable orthophosphate concentration, and removal mechanisms.

3.2.1 Dose Requirements

The overall dose requirements for phosphorus removal will depend on the phospho-
rus limit required in the permit and the design features of the WWTP. An impor-
tant operations parameter is the observed metal dose added to the orthophosphate
removed molar ratio for a plant. This parameter will vary depending on the type of
processes used for removing orthophosphate and particulate phosphate and the total
and orthophosphate residual required to attain permit limits.
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FIGURE 7.3 Residual soluble phosphorus applying different types of coagulants

(different raw wastewater samples; initial pH = 6.8 to 8.7; initial phosphorus = 0.9 to
7.4 mg/L; initial total suspended solids = 50 to 2050 mg/L; and initial chemical oxy-
gen demand = 200 to 4000 mg/L; 500 samples) (reproduced from Szabé et al., 2008).

Szab¢ et al. (2008) observed that the molar ratio for iron and aluminum were
similar to achieve a certain orthophosphate residual (Figure 7.3). Fettig et al. (1990)
suggested that aluminum is somewhat more effective at orthophosphate removal for
similar molar ratios. Szab6 et al. (2008) suggested that HAO and HFO have similar
coprecipitation and adsorption capacities. They also suggested that the residual ortho-
phosphate achieved and the molar ratios for orthophosphate removal for these two
materials depend more on design and operations variables (see subsequent subsec-
tions) and wastewater characteristics than the inherent chemistry of these chemicals
to remove the orthophosphate ion. Design and operational effects on metal dose and
phosphorus removal and Szabé et al. (2008) laboratory data are provided in Figure
7.4. Typically, as the orthophosphate residuals decrease, the molar ratio of coagulant
added to phosphorus removed increases. For plants that need to remove orthophos-
phate to less than 0.1 mg/L, the overall plant-wide metal ion added to orthophosphate
removed molar ratio is in the broad range of 2 to 4 moles of Fe or Al,jeq/ Premovea after
taking into account phosphorus requirements for biological growth (Fettig et al., 1990;
Gates, 1991; Rabinowitz et al., 1987; Takacs et al., 2006; U.S. EPA, 2007). For plants that
need to achieve orthophosphate residuals less than 0.1 mg/L, the optimized molar ratio
can increase significantly and can exceed 6 moles Fe or Al 34eq/ Premoved (U.S. EPA, 2007).
Conversely, the molar ratio requirement for both aluminum and ferric iron will
decrease as the desired orthophosphate residuals increase (for orthophosphate
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FIGURE 7.4 Ratio of metal dose to initial soluble phosphorus concentration as

a function of residual soluble orthophosphate concentration. Full-scale plant
data shown as solid symbols: ¢ = Plant A (simultaneous precipitation with iron
removal including biological phosphorus uptake); B = Plant B (tertiary phosphorus
removal with iron); ¢ = Plant C (tertiary phosphorus removal with aluminum);

A = Plant D (tertiary phosphorus removal with aluminum). Laboratory data for
initial orthophosphate less than 1 mg P/L: + = iron; > = aluminum (Szabé et al.,
2008). Data less than 0.05 mg/L orthophosphate is less than quantification limits
for Plant A, B, and D. Each data point shown for Plant A, B, and D represents an
average of molar ratio of metal dosage-to-initial phosphorus (Meg,ge/Piyitia) tO
achieve the residual phosphorus concentration (C,,.,) value for the plant.

p.res

residuals of approximately 1 mg/L or greater) and will approach unity (Fettig et al.,
1990; Gates, 1991; Rabinowitz et al., 1987; Smith et al., 2008; Szabd et al., 2008).

When an excess dose of metal salt [Fe(III) or AI(II)] is added, metal hydrox-
ide will precipitate in addition to metal phosphate precipitating (Ferguson and
King, 1977; Kavanaugh et al., 1978). It is likely that the proportion of phosphorus
being removed as a metal salt precipitate is very small and most of the phospho-
rus will be removed by coprecipitation/adsorption to HFO and HAO precipitates
(see Section 3.1.4). In this case, residual phosphate concentration can be calculated
from equilibrium equations if the appropriate equilibrium constants are known or
estimated using an empirical equation (eq 7.6) as discussed later in this section.



Chemical Phosphorus Removal

3.2.2 Role of pH

The role of pH in orthophosphate removal is one of the most explored parameter
in chemical phosphorus removal (Altundogan and Tiimen, 2001; Fettig et al., 1990;
Gates et al., 1990; Gillberg et al., 1996; Goldberg, 1985; Jenkins and Hermanowicz,
1991; Li and Stanforth, 2000; Lijklema, 1980; Luedecke et al., 1988; Rabinowitz et al.,
1987; Smith and Ferris, 2001; Smith et al., 2008; Stumm and Morgan, 1996; Szab6
et al., 2008; Takacs et al., 2006; Xiaofang et al., 2007 ). Despite this literature, confu-
sion remains about the role of pH in chemical phosphorus removal. Literature sug-
gests that for a constant molar ratio of ferric or aluminum ion added to phosphorus
removed, the minimum phosphorus is achieved at acidic pH in the range of 3 to 5
with increasing residuals as pH increases (Altundogan and Ttiimen, 2001; Fettig et al.,
1990; Gillberg et al., 1996; Li and Stanforth, 2000). Smith et al. (2008) suggest that for
similar molar ratios, lower phosphate residuals are obtained at lower pH values. A
pH range of between 5 and 10 was evaluated.

The adsorption of phosphate onto HFO and HAO was described as a ligand
exchange mechanism, where the phosphate exchanges a hydroxyl ion, resulting in
increased pH (Altundogan and Tiimen, 2001; Goldberg, 1985; Xiaofang et al., 2007).
Altundogan and Tiimen (2001) also showed the reverse: desorption of orthophos-
phate from bauxite with an increase in pH as a similar ligand exchange of orthophos-
phate ions by hydroxyl ions. Thus, the overall pH effect of decreasing sorption of
orthophosphate with increase in pH can be described as a competitive adsorption for
HFO or HAO sites between orthophosphate and hydroxyl anions. Lijkema (1980)
explains the ligand exchange mechanism and shows a decreasing sorption capac-
ity as the pH increases from 5 to 8.5. Xiaofang et al. (2007) and Smith et al. (2008)
explored this concept further and suggested that specific surface area played an
important role on adsorption capacity. Although pH can affect the chemical dosage
needed for orthophosphate removal, for most treatment plants pH does not limit
the extent of orthophosphate removal. Readers are referred to Takacs et al., 2006, for
data for plants showing the ability to remove orthophosphate to as low as 0.01 mg/L
at the typical WWTP operating at pH of between 6 and 7.5. Although Lijkema
(1980) shows the pH effects for iron, the same ligand exchange mechanism applies
to aluminum.

3.2.3 Role of Other Counteranions

Goldberg (1985) describes a generalized ligand exchange model for adsorption onto
goethite (o-FeOOH) where orthophosphate and any other anion competitively adsorb
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onto the surface. For example, the role of a counterion such as sulfate is similar to
the mechanisms explained above for orthophosphate at different pH, where com-
petition exists between counteranions and orthophosphate for the adsorption sites.
Geelhoed et al. (1997) also investigated this phenomenon as competitive adsorption
and found that sulfate was adsorbed onto goethite surface and competed with phos-
phate adsorption when the two ions were simultaneously present at a pH range of 2
to 6. At neutral pH, there was little competition for adsorption sites and phosphate
adsorption dominated over sulfate adsorption. In summary, the role of counteran-
ions on phosphate adsorption needs further study.

3.2.4 Role of Particulate or Colloidal Solids

The presence of particulate material can affect orthophosphate sorption (Fettig et al.,
1990; Szabé et al., 2008). This is significant for removal of orthophosphate in the primary
clarifiers or during simultaneous precipitation in the aeration tank. Fettig et al. (1990)
used synthetic wastewater and increased turbidity while maintaining a constant initial
orthophosphate concentration. They observed a 25% decrease in sorption capacity of
orthophosphate when turbidity was increased from approximately 90 to 350 NTU. They
also observed a decrease in sorption capacity in the presence of humic material. Szab6
et al. (2008) observed a decrease in phosphate adsorption with an increase in COD of
raw wastewater as described in Figure 7.5. Wastewater treatment facilities that use
iron or aluminum in upstream wastewater treatment processes should expect to see a
decrease in orthophosphate sorption because of the presence of particulate or colloi-
dal COD. Szabb et al. (2008) hypothesized that carboxylic and phenolic groups on the
organic matter compete with phosphate for binding sites on the surface of the hydrous
metal oxides.

3.2.5 Role of Mixing

Lijklema (1980) showed that orthophosphate adsorption onto aluminum was
influenced by mixing. Gillberg et al. (1996) showed in laboratory testing that rapid
mixing significantly increased the percentage of orthophosphate removed compared
to slow mixing. These authors compared the ratio of orthophosphate removed by
coprecipitation versus the same amount of orthophosphate removed by sorption on
freshly formed hydrous metal oxides. A higher ratio would suggest a greater impor-
tance of mixing versus a lower ratio. The ratios observed ranged from 2 to 4, which
suggests that good mixing could lower coagulant dosages to one-half to one-quarter
of coagulant dosages needed with no mixing. They conducted a series of tests using
various chemical coagulants. From these tests they found that aluminum salts had
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FIGURE 7.5 Residual soluble phosphorus concentration in terms of raw wastewa-
ter chemical oxygen demand (COD) concentration (raw wastewater: initial pH = 7.5
to 8.5; initial PO,-P = 3.1 to 5.2 mg/L; and initial total suspended solids = 80 to 260
mg/L) (from Szabé et al., 2008).

a higher ratio than iron salts, thus concluding that mixing was more important for
aluminum salts than iron salts. Furthermore, the ratio increased with an increase in
pH, suggesting that rapid mixing for both iron and aluminum was more important
at higher pH compared to lower pH. This observation would agree with the compet-
itive sorption concept and the ligand exchange model explained in the earlier sub-
section. Hydroxyl ions outcompete orthophosphate ions for HFO and HAO sites as
pH increases. Rapid mixing would thus be more important at higher pH to provide
orthophosphate ions with the ability to adsorb on HAO or HFO sites before sorption
of hydroxyl ions. Szabé et al. (2008) observed that an increase in mixing intensity (G)
resulted in a decrease in residual orthophosphate at a constant molar ratio (Figure
7.6). The curve was logarithmic and for G > 200 s™ mixing was not as important as
for G < 200 s™'. Sagberg et al. (2006) described the importance of mixing for ortho-
phosphate precipitation in a full-scale process using pressurized air to inject the
coagulant into a static mixer. They emphasized that strong mixing conditions were
needed to reduce coagulant dose.

3.2.6 Role of Contact Time

Lijklema (1980) showed that HFO flocs continued to sorb orthophosphate over nearly
1000 hours of contact time. Szab6 et al. (2008) showed the importance of HFO adsorp-
tion kinetics on orthophosphate removal. The authors ran batch and continuous reactor
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FIGURE 7.6 Effect of G value on phosphorus removal (ferric chloride, initial P = 4.1
mg/L; Fe-dose, initial phosphorus = 1.8 mole/mole; time of sampling = 11 minutes
after coagulant addition) (from Szab¢ et al., 2008).

experiments. They showed that after more than 100 hours of contact time, the ortho-
phosphate ions continued to adsorb onto HFO floc particles. The relationship was loga-
rithmic in both studies, and the amount sorbed decreased with increase in contact time
(Lijklema, 1980; Szab¢ et al., 2008). Szabd et al. (2008) repeated these experiments in two
abiotic continuous flow reactors that simulated a tertiary clarification process (System
A) with a short reaction step of HRT (equals SRT) of 18 minutes and a clarifier of HRT
of 4.5 hours versus an activated sludge aeration tank (System B) with a longer HRT (4.7
hours) and SRT (5.5 days) and a similar clarifier HRT (4.5 hours). They determined that
System B consistently outperformed System A by (1) producing lower orthophosphate
residuals and (2) producing a lower standard deviation in residuals. The authors sug-
gested that the longer contact time produced a lower residual. The recycling of sludge
may have contributed to reducing the standard deviation in the residual orthophos-
phate by maintaining a large mass of HFO in the system thus overcoming transient
variations in influent iron to orthophosphate molar ratios. Simultaneous precipitation
in aeration tanks and solids contact clarifiers provide a longer solids contact time with
orthophosphate ions and should benefit from adsorption of orthophosphate that could
occur over several hours to several days in these processes.

3.2.7 Role of Aging

Aging studies with HFO showed that the sorption capacity of HFO flocs decreased
by 25% after as little as 30 minutes of aging was conducted (Szabé et al., 2008).
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Lijklema (1980) described the sorption capacities of fresh HFO particles versus one-
day old HFO particles and showed that one-day old flocs possessed approximately
half the orthophosphate sorption capacity of fresh HFO flocs. Kang et al. (2003) evalu-
ated fresh ferrihydrite versus aged material (goethite and hematite) prepared from the
same ferrihydrite stock source. All three materials had similar particle size. The fer-
rihydrite particles, however, possessed a larger specific surface area that was 10 times
that of goethite and hematite. The sorption capacity of the ferrihydrite was determined
to be 10 and 20 times greater than goethite and hematite, respectively, on a mass basis.
The sorption capacity of all the materials was similar on a unit-area basis, suggesting
the validity of using a surface complexation approach to evaluate sorption onto HFO
flocs. Smith et al. (2008) also showed that fresh HFO had six times the surface area of
two-year-old HFO and suggested a surface complexation approach to modeling the
sorption reaction. Berkowitz et al. (2006) evaluated the aging of HAO flocs. They sug-
gested that HAO transformed into gibbsite with 20% gibbsite formed after 20 days of
aging. They showed that the surface area of HAO flocs decreased by 50% with aging
over 120-day-old flocs with a corresponding 50% loss in sorption capacity.

3.2.8 Role of Alkalinity

Szabé et al. (2008) evaluated the role of alkalinity on coprecipitation of orthophos-
phate. They showed that for similar pH range, higher alkalinity water possessed a
lower orthophosphate removal capability than lower alkalinity water. They proposed
that higher alkalinity resulted in the rapid formation of HFO because of greater H*
capturing capacity. This capacity results in a kinetic advantage in the formation of
HFO over the coprecipitation of phosphate in HFO.

For both AI(III) and Fe(Ill), optimum pH (corresponding to minimum metal
phosphate solubility) is approximately 6.8 and is relatively broad. In contrast, Recht
and Ghassemi (1970) reported an optimum pH of 6.0 for phosphate precipitation
from distilled water with AI(II) and a pH of 3.5 to 4.0 for precipitation with Fe(III).
The difference in optimum pH can be attributed to the influence of other chemical
species present in wastewater. Hsu (1973) reported that the addition of Ca2+ resulted
in a change from a well-defined optimum pH of 4 without Ca2+ to a broad pH range
of 4 to 8 at 2 mmol/L Ca2+. Similar calcium effects were reported by Grohman
etal. (1984), who studied ferric phosphate precipitation from “clean” solutions. Arvin
and Petersen (1980) incorporated the effects of calcium and bicarbonate to a complex
semiempirical model of phosphate precipitation. Despite these studies, the mecha-
nism of calcium effect is not fully understood.
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Composition of metal phosphate precipitate has a significant effect on the
required metal dose. The ratio of metal dose to initial soluble orthophosphate con-
centration closely approximates the overall precipitate (or precipitate mixture) com-
position because the residual soluble metal concentrations are small (at least for ferric
and aluminum additions). Figure 7.7 shows the ratio as a function of residual phos-
phate concentration for batch and continuous experiments with aluminum for a pH
in the range 6 to 7.5. Figure 7.8 illustrates the effect of the initial TSS concentration in
treated water on the ratio of metal dose to soluble orthophosphate as a function of
residual phosphate concentration. As shown, as the concentration of TSS increases
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FIGURE 7.7 Ratio of AI(III) dose to initial orthophosphate concentration as a func-
tion of residual soluble orthophosphate concentration. Full-scale plant data shown
as solid symbols: 4 = Plant C (tertiary phosphorus removal with aluminum);

B = Plant D (tertiary phosphorus removal with aluminum); ¥ = Plant E (tertiary
phosphorus removal with aluminum). Laboratory data: + = jar test data for initial
TSS between 0 and 350 mg/L (Szab¢ et al., 2008); ® = batch and continuous flow
tests (Gates, 1991). Data less than 0.05 mg/L orthophosphate is less than quantifica-
tion limits for Plant E. Each data point shown for Plant E represents an average of
molar ratio of aluminum dosage-to-initial phosphorus (Aly.../Piya) to achieve the
residual phosphorus concentration (C,, ) value for the plant.
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FIGURE 7.8 Ratio of AI(III) dose to initial orthophosphate concentration as a func-
tion of residual soluble orthophosphate concentration. Full-scale plant data shown
as solid symbols: 4 = Plant C (tertiary phosphorus removal with aluminum);

B = Plant D (tertiary phosphorus removal with aluminum); ¥ = Plant E (tertiary
phosphorus removal with aluminum). Laboratory data: + and dark solid line =
initial total suspended solids (TSS) concentration between 0 and 100 mg/L; O and
solid line = initial TSS concentration between 100 and 350 mg/L; OJ and dashed line
= initial TSS concentration between 350 and 2100 mg/L (Szabé et al., 2008). Data
less than 0.05 mg/L orthophosphate is less than quantification limits for Plant E.
Each data point shown for Plant E represents an average of molar ratio of aluminum
dosage-to-initial phosphorus (Alyy/Pinia) to achieve the residual phosphorus con-
centration (C, ;) value for the plant.

the aluminum dose needed to meet the desired residual phosphorus concentration
increases. The data also imply that it becomes more difficult to achieve lower phos-
phorus concentrations as the TSS concentration increases. A similar relationship was
found in the effect of the initial phosphorus concentration in treated water on the
ratio of metal dose to soluble orthophosphate as a function of residual phosphate
concentration (see Figure 7.9).

Figure 7.10 presents the ratio of metal dose to initial soluble orthophosphate
concentration as a function of residual phosphate concentration for Fe(III) for

251



252

Nutrient Removal

-
o

Al yose!Pinitial (Mol/mol)

N W b~ O OO N 00 ©

N

C

pres (MY/L)

FIGURE 7.9 Ratio of AI(III) dose to initial orthophosphate concentration as a func-
tion of residual soluble orthophosphate concentration. Full-scale plant data shown
as solid symbols: 4 = Plant C (tertiary phosphorus removal with aluminum);

B = Plant D (tertiary phosphorus removal with aluminum); ¥ = Plant E (tertiary
phosphorus removal with aluminum). Laboratory data: + and dashed line = initial
phosphorus concentration greater than 1 mg P/L; O and dark solid line = initial
phosphorus concentration less than or equal to 1 mg P/L (Szabé et al., 2008). Data
less than 0.05 mg/L orthophosphate is less than quantification limits for Plant E.
Each data point shown for Plant E represents an average of molar ratio of alu-
minum dosage-to-initial phosphorus (Aly./Pinia) molar dosages to achieve the
residual phosphorus concentration (C, ,.) value for the plant.

p.res

laboratory- and full-scale activated sludge systems for pH 6.5 to 7.5. The figure also
includes the data collected by Gates (1991) through batch and continuous flow exper-
iments. Improvements in analytical techniques now allow measurement of lower
phosphorus concentrations; the “wall effect” observed in the dataset from Gates
(1991) is not present in recently collected laboratory and field data.

For both metals, the relationships corroborate the chemical mechanism of phos-
phate precipitation. At high residual phosphate concentrations (i.e., low metal doses)
the ratio in the precipitate remains essentially constant, indicating stoichiometric
precipitation (i.e., ASF equals approximately 1.0 in eq 7.5). At high metal doses, the
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FIGURE 7.10 Ratio of Fe(IlI) dose to initial orthophosphate concentration as a func-
tion of residual soluble orthophosphate concentration. Full-scale plant data shown
as solid symbols: ¢ = Plant A (simultaneous precipitation where molar dosage
includes phosphorus required for biological growth); B = Plant B (tertiary phospho-
rus removal with iron). Laboratory data: + = jar test data for initial TSS between 0
and 350 mg/L (Szabo et al., 2008); ® = batch and continuous flow tests (Gates, 1991).
Data less than 0.05 mg/L orthophosphate is less than quantification limits for Plant
A and B. Each data point shown for Plant A and B represents an average of molar
ratio of iron dosage-to-initial phosphorus (Feyy../Piniia) molar dosages to achieve the
residual phosphorus concentration (C, ;) value for the plant.

phosphate solubility limit is approached, and the excess of AI(III) or Fe(III) precipitates
as metal hydroxide, resulting in a dramatic increase of the Me/P ratio. At residual phos-
phate concentrations of less than approximately 1 mg P/L, the Me/P ratio increases as
a result of either additional phosphate adsorption or substitution of orthophosphate for
OH in the precipitate (Goldshmid and Rubin, 1978; Hsu, 1973; Luedecke et al., 1988).
Figure 7.11 illustrates the effect of the initial TSS concentration in the treated water on
the ratio of metal dose to soluble orthophosphate as a function of residual phosphate
concentration. As shown, as the concentration of TSS increases the iron dose needed to
meet the desired residual phosphorus concentration increases. More importantly, the
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FIGURe 7.11 Ratio of Fe(Ill) dose to initial orthophosphate concentration as a func-
tion of residual soluble orthophosphate concentration. Full-scale plant data shown as
solid symbols: ¢ = Plant A (simultaneous precipitation with iron removal including
biological phosphorus uptake); B = Plant B (tertiary phosphorus removal with iron).
Laboratory data: + and dark solid line = initial total suspended solids (TSS) concen-
tration between 0 and 100 mg/L; O and solid line = initial TSS concentration between
100 and 350 mg/L; [J and dashed line = initial TSS concentration between 350 and
2100 mg/L (Szabd et al., 2008). Data less than 0.05 mg/L orthophosphate is less than
quantification limits for Plant A and B. Each data point shown for Plant A and B repre-
sents an average of molar ratio of iron dosage-to-initial phosphorus (Fe/P;y.) molar
dosages to achieve the residual phosphorus concentration (C, ) value for the plant.

p.res

data implies that it becomes more difficult to achieve lower phosphorus concentrations
as the TSS concentration increases. This effect was not as pronounced as for aluminum
(Figure 7.8). A similar relationship was found in the effect of initial phosphorus con-
centration in treated water on the ratio of metal dose to soluble orthophosphate as a
function of residual phosphate concentration (see Figure 7.12). For the reasons stated
above, the Gates (1991) data is not included in these figures.

Although the exact mechanism of precipitate formation is not fully understood,
Figures 7.7 through 7.12 can be used to estimate and calculate the metal dose neces-
sary to achieve the required residual soluble orthophosphate:

Megose = (Me/P) (Cpyins — Cpre) [ Me/mol Me] (7.6)
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FIGURE 7.12 Ratio of AI(III) dose to initial orthophosphate concentration as a
function of residual soluble orthophosphate concentration. Full-scale plant data
shown as solid symbols: ¢ = Plant A (simultaneous precipitation with iron removal
including biological phosphorus uptake); B = Plant B (tertiary phosphorus removal
with iron). Laboratory data: + and dashed line = initial phosphorus concentration
greater than 1 mg P/L; O and dark solid line = initial phosphorus concentration less
than or equal to 1 mg P/L (Szabé et al., 2008). Data less than 0.05 mg/L orthophos-
phate is less than quantification limits for Plant A and B. Each data point shown for
Plant A and B represents an average of molar ratio of iron dosage-to-initial phospho-
rus (Fegose/Pinsa) molar dosages to achieve the residual phosphorus concentration
(Cpres) value for the plant.

Where, Me/P is the required doses for residual phosphate concentration presented in
Figures 7.7 through 7.12.

Practice has shown that to achieve residual phosphorus concentrations of greater
than 1 mg/L, an Me/P value of approximately 1 mol/mol is needed. For concentra-
tions less than 1 mg/L, the Me/P dose are presented in Figures 7.8,7.9, 7.10, or 7.12.
Alternatively, batch tests can be conducted to determine site-specific dosage.

For biological treatment systems, influent concentration includes soluble ortho-
phosphate concentration and a portion of soluble nonorthophosphate and partic-
ulate phosphorus concentration. The latter two fractions of total phosphorus are
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partially hydrolyzed during treatment and converted to orthophosphate requiring an
additional metal dose.

3.3 Sludge Generation

Chemical addition to both primary and secondary treatment for phosphorus removal
results in more primary sludge production and less secondary sludge production.
Additional sludge production in primary treatment is generated by chemical sludge,
enhanced removal of influent suspended solids, and soluble total organic carbon
after chemical addition. Reduced sludge production in secondary treatment may be
because of lower biochemical oxygen demand (BOD) loads in primary effluent that
has been chemically treated. In primary treatment, TSS and BOD removal without
chemical addition are approximately 50% and 30%, respectively. Chemical addition
can improve TSS removal to 70% or greater and BOD removal to approximately 50%
if implemented for chemically enhanced primary treatment (CEPT) purposes (U.S.
EPA, 1987). In addition to TSS, CEPT also removes colloidal material and phospho-
rus. Site-specific bench tests need to be conducted to establish the chemical type and
dose and to evaluate removal goals. Attention must be given not to remove too much
phosphorus, which is a nutrient needed in downstream biological processes. Anionic
polymer typically is added during CEPT to facilitate and enhance flocculation and
rapid removal of the solids. Sludge generation calculations are demonstrated later in
this chapter as part of the design example.

3.4 Chemical Storage and Feed

Ferric, ferrous, and alum compounds are acidic, so storage and handling issues are of
concern. Fiberglass-reinforced plastic or polyethylene tanks can be used to store fer-
ric chloride, ferrous chloride, ferric sulfate, ferrous sulfate, or alum. Recommended
metering pumps include peristaltic, solenoid, or diaphragm types. Carrier water
should be avoided if possible; the chemical will react with the carrier water and cause
plating in the chemical feed lines. If it is necessary to add carrier water for mixing or
dilution, then it should be added as close to the injection point as possible to minimize
the plating effects (WEF et al., 2006). The pump heads should be polyvinyl chloride.
Piping, valves, and fittings should be polyvinyl chloride or chlorinated polyvinyl
chloride. Personnel should wear personal protective equipment (PPE) when han-
dling chemicals. The PPE should include, but not be limited to, gloves, respirators,
goggles, aprons, and face shields.
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Plant personnel should obtain a specification data sheet or certified analysis for
any chemicals to be used in the process to assess if the increased load of chemical
impurities on the treatment plant is acceptable. This is particularly important for land
disposal of biosolids or in water reclamation facilities. Typically it is not necessary
to use high-purity chemicals in chemical feed application because technical grade
from a reputable manufacturer is sufficient. Use of pickle liquor from some industrial
sources has a higher probability for containing metal contaminants, however, so it is
important to obtain specifications for the delivered chemical to ensure these contami-
nants do not have an adverse effect on plant operation or permit.

3.5 Chemically Enhanced Separation Technologies

Figure 7.13 shows a typical WWTP and the recycle streams that are generated at the
solids handling facilities. The quality of these streams varies based on the technology
used in the solids processing operations. For example, sludge thickening using belt
filter dewatering typically generates two times more recycle flow (filtrate) compared
to centrifuge dewatering because of the amount of wash water used. Total recycle
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FiGUuRe 7.13 Typical wastewater treatment flow scheme and the liquid and solids
handling sidestream generation. Chemical addition shown can be implemented
individually or can be combined.
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streams can generate 20% to 30% of plant influent. Recycle streams from the solids
processing units typically contain high ammonia and phosphorus concentrations,
especially if the recycle stream was collected following sludge digestion. These con-
centrations can be as high as 900 to 1100 mg/L of ammonia and 100 to 150 mg/L of
phosphorus, depending on digestion efficiency and struvite and phosphorus precipi-
tates formation in the digestion system and the associated appurtenances. Therefore,
50% to 60% of the released phosphorus can be retained in dewatered biosolids or
taken out in the form of struvite precipitates, the remaining returning back to the head
of the plant.

Agencies that have implemented or conducted full-scale tests of chemi-
cal phosphorus removal include District of Columbia Water Sanitation Authority
(DCWASA) in Washington, D.C.; City of Coeur D’Alene, Coeur D’Alene, Idaho;
Hayden Area Regional Sewer Board, Hayden, Idaho; Clean Water Services, Oregon;
and Alexandria Sanitation Authority, Alexandria, Virginia. In all cases, chemi-
cal addition points are similar to those shown in Figure 7.13. This includes several
types of chemical phosphorus removal schemes used in solids-liquid separation
technologies:

(1) Multipoint removal;

(2) Coprecipitation during primary and tertiary clarification:
¢ Conventional clarification and
e Contact clarification and ballasted flocculation;

(3)  Simultaneous precipitation; and

(4) Direct filtration.

Successful chemical phosphorus removal depends on the formation of stable
particulates with complexed, coprecipitated, or adsorbed phosphorus species and
well-operated solids-liquid separation units that effectively capture phosphorus
without release or resolubilization. Coupling chemical phosphorus removal with
enhanced biological phosphorus removal (EBPR) can reduce the chemical costs. The
U.S. EPA (2007) indicated that facilities that relied on EBPR for phosphorus removal
also used multipoint or subsequent chemical addition and tertiary processes to
reduce the amount of phosphorus to be removed. In this way, the facilities improved
efficiency of the chemical phosphorus removal processes and significantly reduced
the costs of chemicals additions. In Fairfax County, Virginia, chemical dosing was
cut in half after EBPR was implemented (U.S. EPA, 2007).
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3.6 Separation Processes

Depth filtration typically is used as a tertiary filtration step that follows secondary
treatment and is aided by chemical addition. Total phosphorus concentrations in the
final effluent can be reduced to very low levels through removal of particulate phos-
phorus and chemically bound soluble phosphorus. Conventional deep bed sand fil-
ters, mixed-media gravity filters, continuous backwash filters, and variations of these
technologies are used. For example, at the Upper Blue Sanitation District’s Farmers
Korner Wastewater Treatment Facility, Breckenridge, Colorado, biological secondary
treatment is followed by chemical coagulation and flocculation with polymer and
alum addition, clarification via tube settlers, and filtration though mixed media bed
filters. The final effluent monthly average total phosphorus concentration is approxi-
mately 0.05 mg P/L.

Continuous backwash filtration systems use adsorption filtration and moving-
bed filtration technology preceded by chemical addition and a prereactor zone.
The filtration system can be operated as a single- or dual-pass filtration system.
Ferric chloride (FeCl;), which creates iron oxide—coated sand promoting an active
filtration system, is used before filtration. As a result, the process combines the
removal mechanisms of coprecipitation and adsorption onto iron oxide—coated
sand. The theoretical details of this proposed mechanism are discussed in sec-
tion 3.1.4 for HFO particles within the water column. The fundamental physical
and chemical processes should not vary significantly if the HFO is coating other
particles. The filtration system acts as a fluidized-bed reactor, facilitating the pre-
cipitation of iron as a coating on the sand and creating a reactive filter media. Iron
oxide—coated sand is continually formed, abraded, and regenerated within the
moving-bed filter.

Membrane filtration systems use membranes as the filtration medium and
potentially can lead to good total phosphorus removal depending on the phospho-
rus species. Neethling et al. (2007) evaluated several chemically enhanced separa-
tion technologies. Ultrafiltration coupled with alum addition was included, and it
showed very efficient particulate phosphorus removal because of superior ability
to remove suspended and some colloidal material. Removal of soluble phospho-
rus fractions were not as consistent or as effective as other tertiary treatment pro-
cesses studied. These findings emphasize the significance of additional contact for
effective coagulation and flocculation of the colloidal fraction similar to the multi-
ple-stage filtration and adsorption processes where more contacting surface area and
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contacting timeare provided. In theevent that very low total phosphorus concentrations
are required—Iless than solubility limits and what could be achieved by adsorption
filtration—reverse osmosis can be implemented.

Separation systems in series can be implemented if there are very low phospho-
rus concentrations beyond which can be achieved using a single-step filtration or
clarification. In this process, the first step removes coarser particulate material and
phosphorus, and the second step serves as a polishing unit that targets phosphorus
removal by using additional dosing and contact time or finer media. Commercial
products such as Dual-Stage Blue Pro from Blue Water Technologies, Spokane,
Washington; DynaSand D2 from Parkson Corp., Fort Lauderdale, Florida; and
Trident HS from Siemens, Warrendale, Pennsylvania, consist of separation tech-
nologies installed in series. For example, D2 consists of a two DynaSand units oper-
ated in series with a lamella settler to thicken the backwash stream. The Trident HS
consists of a high-rate settling unit, adsorption clarification, and mixed media or
upflow moving-bed (HSC) filter as the final separation step. These separation tech-
nologies can be coupled with conventional clarification units or with high-rate bal-
lasted clarification systems such as Actiflo from Veolia Water, Houston, Texas, or
DensaDeg from Degremont Technologies, Richmond, Virginia, depending on site-
specific conditions and needs, such as available footprint, chemical costs, and final
water quality requirements.

Leaf et al. (2007) reported effluent total phosphorus concentrations at the Hayden
WWTP of as low as 0.009 mg/L during steady-state operation with a maximum value
of 0.018 mg/L from the second stage filter. This was achieved with the dual-pass fil-
tration system and chemical addition. The first-stage filter received a chemical dose
of 15 mg Fe/L (44 mg FeCl;/L), and the second-stage filter received a chemical dose
of 10 mg Fe/L (29 mg FeCl;/L). The reject stream from the filters was returned to the
front of the WWTP. With a feed rate of 0.95 ML/s (0.25 mgd) to the filters, the system
was operating with a hydraulic load of 8.5 m/h (3.5 gpm/sq ft).

3.7 Resource Recovery

Some examples of technologies that rely on the chemical phosphorus removal prin-
ciples presented are listed below. These technologies target controlled separation of
phosphorus-containing products and could be implemented within an existing plant
in place of or in addition to chemical addition at the primary, secondary, and tertiary
treatment steps.
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Crystallization is a process that allows for forced precipitation of calcium
phosphates by the addition of crystallization adjuvants in a specially designed
fluidized-bed reactor with formation of salt pellets. Crystallization is favored by
seeding grains (sand or anthracite) with strict control of precipitation conditions
by addition of sodium hydroxide or lime. When applied to concentrated solutions
(>100 mg P/L) the resulting high crystallization rate provides short retention time
and relatively small reactors. The Crystalactor® process, developed by DHV Water
BV, Netherlands (1998), is an example of crystallization processes. Although com-
plex, this technology is used in several full-scale installations in the Netherlands
(Giesen, 1999).

Researchers identified the process of struvite formation using magnesium
addition with pH adjustment (Burns and Moody, 2002). Researchers used MgO
as the magnesium source and X-ray diffraction to confirm the presence of stru-
vite (magnesium ammonium phosphate hexahydrate) in the product. Chemical
analysis of total nitrogen and total phosphorus indicated the fertilizer value of
the recovered materials. The researchers also recovered nonstruvite material, and
based on the X-ray diffraction peaks they identified them as the mineral brush-
ite [CaPO5(OH)-2H,0]. Commercialization of these technologies are ongoing. The
technologies can be as simple as chemical dosing, contact, clarification, and solids
handling. Some examples of commercialized struvite recovery processes are pro-
vided below.

One of the newer struvite recovery technologies is Ostara™. This technology
uses magnesium chloride and caustic followed by granule formation at the City of
Edmonton’s Gold Bar WWTP, Edmonton, Alberta, Canada. The plant achieves phos-
phorus removal rates of greater than 80% on average.

The Phosnix® process, developed by Unitika Ltd, Japan, is based on an air-
agitated column reactor with complementary chemicals dosing equipment (i.e.,
Mg(OH), or MgCl, and NaOH for pH control to 8.5-9.5) ensuring fast nucleation
and growth of struvite pellets. Like the similar Phosnix® processes, it works pref-
erentially with phosphorus-concentrated wastewater (e.g., supernatant liquor from
sludge anaerobic digestion or specific industrial streams) offering removal efficien-
cies of more than 90%. The process is used in some full-scale installations in Japan,
where recovered struvite is sold (Katsuura and Ueno, 1998).

The REM NUT process was developed in the mid-1980s to remove and recover
phosphate, ammonium, and potassium ions from wastewater in the form of a pre-
mium quality slow-release fertilizer (i.e., ammonium and potassium struvite,
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MgNH,PO, and MgKPO,) (Liberti et al., 1984). Its basic configuration process relies
on two unit operations:

(1) Selective ion exchange for removal of nutrients (NH,*, K*, HPO,*) from
wastewater and their concentration in the ion exchangers regeneration
eluate.

(2) Chemical precipitation of nutrients in the form of struvite after addition of
Mg?* at a controlled pH; the supernatant solution is recycled.

4.0 DESIGN EXAMPLES

4.1 Chemical Phosphorus Removal Process Design

The process design of chemical phosphorus removal is dependent on several factors.
The most important factors are

* Wastewater characteristics such as phosphorus concentrations, TSS, pH, and
alkalinity;

* Chemicals used for precipitation, such as aluminum, calcium, or iron; and

* The point of chemical addition, for example, primary treatment, secondary
treatment, or tertiary treatment.

Wastewater characterization involves determining constituent parameters under
varying diurnal and seasonal loading conditions such that chemical type, chemical
requirements, and feed rates can be designed to satisfy both peak and minimum
requirements for best phosphorus removal. Because the chemicals added to remove
phosphorus may also be involved in other reactions, such as alkalinity consumption,
reaction with sulfides, and coagulation of suspended solids, chemical doses in excess
of those estimated using wastewater characteristics and precipitation chemistry of
phosphorus often must be provided.

Selection of the chemical used for phosphorus removal depends on the cost
of the chemical, alkalinity consumption, quantities of sludge generated, and safety
in handling and use (Jenkins and Hermanowicz, 1991). Typical forms of the three
cations used for phosphorus removal are aluminum sulfate (alum) and sodium
aluminate for aluminum,; ferric chloride, ferrous chloride, and ferrous sulfate for
iron; and lime for calcium. Lime addition for phosphorus removal from wastewa-
ter, however, is not typical in current designs because of drawbacks such as high
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sludge production rates, high pH requirement, and large investments in equip-
ment, operation, and maintenance (Jenkins and Hermanowicz, 1991). Hence, use of
calcium for phosphorus removal from wastewater is not discussed further in this
section.

The ability to achieve the required effluent phosphorus limits is strongly depen-
dent on the point of chemical addition in the treatment process. The potential
points of chemical addition in the treatment process are before primary treatment
(preprecipitation), before secondary treatment prior to either the aeration basins or
the secondary clarifiers (simultaneous precipitation), and postsecondary treatment
or postprecipitation. The addition of chemicals before primary treatment requires a
mixing tank for dissolution of chemicals. Chemicals required for phosphorus removal
are much higher than stoichiometric requirements because of chemical consumption
for suspended solids coagulation. Similarly, postsecondary addition of chemicals
to remove phosphorus requires a mixing tank for chemical dissolution and ter-
tiary clarification of filtration for solids removal. Jenkins and Hermanowicz (1991)
stated that either a combination of primary and secondary chemical addition or
tertiary treatment is necessary to achieve effluent phosphorus concentrations of
less than 1.0 mg P/L. Addition of chemicals to secondary treatment reduces the
active fraction of the mixed liquor suspended solids. Operators may need to maintain
a higher mixed liquor concentration to achieve comparable biological activity with
metal addition.

Examples provided below outline the procedures for process design of phospho-
rus removal using metal salts addition before primary clarification or to the aeration
basin. The chemical doses are determined using Figures 7.7 through 7.12 and eq 7.6.
These design examples can be used as a starting point either to design a new chem-
ical phosphorus removal system or to retrofit an existing WWTP. The final design
should be based on pilot-scale trials and possibly full-scale trials of these example
process designs to account for the variations in the characteristics of the wastewater
being treated.

4.1.1 Phosphorus Removal by Alum Addition to Raw

Wastewater and Aeration Basin
This example presents the basic steps in the design of phosphorus removal by alum
addition during primary and secondary treatment stages. Because secondary treat-
ment by activated sludge or other biological processes requires phosphorus for bio-
mass growth, it is undesirable to remove very high levels of total phosphorus in the

263



264 Nutrient Removal

primary clarifiers. The wastewater characteristics and effluent requirements for this
design example are as follows:

* Wastewater average flow = 1.89 x 10" m*/d (5 mgd),

e Wastewater peak flow =4.73 x 10"m?/d (12.5 mgd),

e BOD;=250mg/L,

¢ Total suspended solids = 270 mg/L,

e Total phosphorus =8 mg P/L,

® Orthophosphate =5 mg P/L,

e pH=70,

¢ Alkalinity = 250 mg/L,

* Effluent total phosphorus limit < 0.5 mg P/L,

e Effluent TSS limit < 15 mg/L, and

e Effluent BOD; limit < 15 mg/L.

4.1.1.1 Alum Dose Determination

The aluminum dose to be added can be determined by using eq 7.6 and Figures 7.7 to
7.9. Because the soluble orthophosphate form is removed by chemical precipitation,
the dose of aluminum required to remove orthophosphate in primary treatment is as
follows:

Algee = (Al/P) (Cp i — Cpree) [(26.98 g Al/mol)/(30.97 g/mol P)] (7.7)

Where,
Al = aluminum dose,
Cp i, = concentration of phosphorus in influent, and
Cp e = concentration of residual phosphorus.

Figure 7.7 shows that for C; ., of less than 0.1 mg/L, the Al/P ratio increases
steeply. It is economical to keep the Al/P ratio low; therefore, a C;,,,0f 0.1 mg/L can
be selected.

Cpres =0.1mg/L,
Al/P ratio = 3 (from Figure 7.7), and

Cp,n (ortho P) =5 mg/L (given).
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Therefore,
Algee =3 (5-0.1) [(26.98 g Al/mol)/(30.97 g/mol P)]= 13 mg/L; and
Alge = 15mg/L.

For secondary treatment, the influent Cp,;, includes all the remaining phosphorus
because the nonorthophosphate and particulate phosphorus are partially hydrolyzed
and converted to orthophosphate during biological treatment. Some of the phospho-
rus is used for biomass growth; however, determining Cy,,, as all the remaining phos-
phorus in the primary effluent is a conservative approach:

Cpin=8—(5-0.1) =3.1 mg/L (7.8)

Similar to primary treatment, eq 7.6 and Figure 7.7 can be used to determine
the aluminum dose to be added to secondary treatment to obtain effluent soluble
phosphorus of 0.1 mg/L, which is required because the TSS in the effluent contains
approximately 2% to 2.5% particulate phosphorus. Therefore, if effluent TSS is 15
mg/L and phosphorus content is 2.5% in the TSS, then particulate phosphorus con-
centration in the effluent is 0.375 mg/L.

To achieve an effluent total of phosphorus of less than or equal to 0.5 mg/L, the
effluent soluble phosphorus must be less than 0.125 mg/L (0.5-0.375).

* Cpin=31mgP/L;
® Cpres=0.1mgP/L;
Al/P=2;

Algpee =2 (3.1-0.1) [(26.98 g Al/mol)/(30.97 g/mol P)] = 5.2 mg/L (Use Al
=6mg/L); and

Total Alyye =15+ 6 =21 mg/L.

4.1.1.2 Chemical Requirements and Storage
The amount of aluminum required, in kilograms per day, is equal to

Flow (L/d) x Dose (mg/L) x 10 kg/g =

(1.89 x 1.7 L/d) 21 mg/L) (10 kg/g) = 397 kg/d 7.9)

Aluminum typically is added as alum, AL,(SO,); 14 H,O = 594.3 g/mol,
Percentage aluminum in alum = (2 x 27 x 100)/594.3 = 9.08%

Therefore,
Amount of alum required = (397 x 100)/9.08 = 4377 kg/d
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Using 50% alum by weight, unit weight = 1.33 kg /L (11.1 Ib/gal). The volume of
50% alum solution required at average flow is equal to

4377/(0.5 x 1.33) =6575 L/d
The volume of 50% alum solution required at peak flow is equal to
(6575 x 4.73 x 107)/1.89 x 107 =16 455 L/d

Alum storage tanks are sized either as 1.5 times the largest shipment or 10-day
storage at peak flow rates.

Ten-day storage at peak levels = 10(16 455 L/d) = 165 000 L (43 830 gal)

A 190 000-L (50 000-gal) storage tank that can accommodate alum solution stor-
age from 12 tank trucks (15 000 L or 4000 gal per tank truck) with 7570-L (2000-gal)
free space is needed. The storage tank should be provided with temperature control
higher than —1°C (30°F) (below which alum crystallizes), recirculation pumps, and
secondary containment for possible spills during unloading from tank trucks and
overflow spillage.

4.1.1.3 Sludge Generation

The amount of primary sludge generated can be estimated as follows. Additional
primary sludge removed because of alum addition (improved TSS removal from 50%
to 75%) is equal to

(0.75 - 0.5) x Influent TSS x flow x 10
=0.25 x 270 x 1.89 x 107 x 10® (7.10)
=1277kg/d

Aly.s(H,PO)(OH),, (MW = 142.4) is assumed to represent the precipitate formed
after aluminum addition, and AI(OH); (MW = 78) is the excess aluminum hydroxide
formed.

Al dose =15 mg Al/L =15/27 = 0.555 mmol Al/L

Phosphorus removed = 4.9 mg P/L =4.9/31 =0.158 mmol P/L

Stoichiometric Al required, r = (0.8 mmol Al/mmol phosphorus removed) x
0.158 = 0.126 mmol Al/L

Excess Al added = 0.555 - 0.126 = 0.428 mmol Al/L
Aly.s(H,PO)(OH), 4, sludge = 0.158 x 142.4 = 22.5 mg/L
Al(OH); sludge = 0.428 x 78 = 33.4 mg/L
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Total chemical sludge produced = 22.5 + 33.4 = 55.9 mg/L

Chemical sludge because of alum addition (55.9 mg/L)
= flow x 55.9 x 10 = 1.89 x 107 x 55.9 x 10 = 1058 kg/d

Total increase in primary sludge production = 1277 + 1058 = 2335 kg/d

Waste activated sludge (WAS) from biological treatment is reduced by alum
addition in the primary treatment because BOD removal in the primary treatment is
increased from approximately 30% to 50% (U.S. EPA, 1987).

Secondary sludge production (WAS Py) = WAS + mass of effluent TSS

WAS Py, kg VSS/d (without alum) = Y, x Flow x BOD removal x 10-
Assume observed yield, Y, = 0.5 g VSS/g BOD

Primary effluent BOD (without alum) = 250 x (1 - 03) =175 mg/L

Primary effluent BOD (with alum) =250 x (1 -0.5) =125 mg/L

Secondary effluent BOD =15 mg/L

WAS P,, kg VSS/d (without alum) = 0.5 x 1.89 x 107 x (175 - 15) x 10¢ = 1514
WAS P,, kg VSS/d (with alum) = 0.5 x 1.89 x 107 x (125 - 15) x 10 = 1041

Decrease in WAS because of alum addition to primary treatment
=1514 - 1041 =473 kg VSS/d
Decrease in WAS because of alum addition to primary

treatment = 473/0.85 (assume TSS/VSS ratio = 0.85) = 556 kg TSS/d

Similar to primary sludge, the chemical sludge composition is because of two
components: aluminum phosphate sludge and aluminum hydroxide sludge.

Al dose =6 mg Al/L =6/27 = 0.222 mmol Al/L

Phosphorus removed = 3.0 mg P/L = 3.0/31 = 0.097 mmol P/L

Stoichiometric Al required, = (0.8 mmol Al/mmol P removed) x 0.097 =
0.077 mmol Al/L

Excess Al added = 0.222 - 0.077 = 0.145 mmol Al/L

Aly.s (H,PO)(OH), , sludge = 0.097 x 142.4 =3.8 mg/L
Al(OH); sludge = 0.0145 x 78 =11.3 mg/L

Total chemical sludge produced = 13.8 + 11.3 =25.1 mg/L

Chemical sludge because of alum addition (25.1 mg/L) =
flow x 25.1 x 10 =1.89 x 107 x 25.1 x 10°=475kg/d
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Reduction in secondary sludge produced = 556 — 475 = 81 kg TSS/d

Therefore, the net effect of chemical addition to both primary and secondary
treatment processes is an increase in primary sludge production by 2335 kg/d (5146
Ib/d) and a decrease in secondary sludge production of 81 kg/d (179 1b/d).

4.1.2 Phosphorus Remowval by Ferric Chloride Addition to Raw
Wastewater before Primary Treatment

The following example illustrates the steps involved in process design for phospho-

rus removal in a typical WWTP (described in the previous design example), with

the addition of ferric chloride to before primary treatment. This process design

involves the use of Figures 7.10 to 7.12 and eq. 7.6 to determine the dose of ferric iron

required.

4.1.2.1 Ferric Iron Dose Determination
Because soluble orthophosphate form is removed by chemical precipitation, the dose
of iron required to remove orthophosphate in the primary treatment is as follows:

Fe(IIl) 4o5 = (Fe/P) (Cp i, — Cp o) [(55.85 g Fe/mol) /(30.97 g/mol P)] (7.11)

Figure 7.11 shows that for Cp,,, less than 0.2 mg/L, the Fe/P ratio increases steeply. It
is economical to keep the Fe/P ratio low. Hence, the following can be selected:

Cpres = 0.2 mg/L can be selected.

For Cp,., =0.2mg/L, Fe/P =4.

If Cp,i, (orthophosphate) = 5 mg/L (given), then Fe,,, = 4 mol P/mol Fe

x (5-0.2) x [(55.85 g Fe/mol)/(30.97 g/mol P)] = 34 mg/L.

Primary effluent phosphorus concentration = 8 —-4.8 =3.2 mg P/L

It is possible to achieve lower effluent phosphorus concentrations after second-
ary treatment involving biological processes because a certain amount of phosphorus
present in the primary effluent would be incorporated into the biomass for growth.

Phosphorus removal by secondary treatment will not be discussed in this design
example.

4.1.2.2 Chemical Requirements and Storage
The amount of ferric iron required, in kilograms per day, is

Flow (L/d) x dose (mg/L) x 10°=1.89 x 107 x 34 / 10° = 643 kg/d
Ferric iron typically is added as FeCl;; formula weight = 162.3 g/mol. Therefore,
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Percentage ferric iron in dry FeCl, = (55.85 x 100)/162.3 = 34.4%.
Therefore,
Amount of FeCl; required = (813 x 100)/34.4 = 1870 kg/d
Using 30% FeCl, solution by weight, unit weight = 1.34 kg/L (11.2 Ib/gal).
Volume of 30% FeCl, solution required at average flow =

2363/(0.3 x 1.34) =4650 L/d
Volume of 30% FeCl, solution required at peak flow = (5877 x 4.73 x 107)/
1.89 x107=11635L/d

FeCl, solution storage tanks are sized either as 1.5 times the largest shipment or
as 10-day storage at peak flow rates.

Provide 10-day storage at peak levels = 10 x 14 708 = 116 350 L

A 120 000-L storage volume that can accommodate FeCl; solution storage from
eight tank trucks (15 000 L /tank truck) is needed. The storage tank should be pro-
vided with temperature control greater than -50°C (-58°F) (below which 30% FeCl,
solution freezes), recirculation pumps, and secondary containment for possible spills
during unloading from tank trucks and overflow spillage.

4.1.2.3 Sludge Generation
The amount of primary sludge generated can be estimated as follows:

Additional primary sludge removed because of FeCl; addition (improved TSS
removal from 50% to 75%) =

(0.75 - 0.5) x Influent TSS x Flow x 10°
=0.25x270 x 1.89 x 107 x 10®
= 1277 kg/d (7.12)

Fe,., (H,PO, (OH);5 (MW = 251 g/mol) is assumed to represent the precipi-
tate formed after ferric iron addition, and Fe (OH); (MW = 106.8) is the excess ferric
hydroxide formed.

Fe dose = 34 mg Fe/L =>34/55.85 = 0.610 mmol Fe/L
Phosphorus removed = 4.8 mg P/L =>4.8/31 = 0.155 mmol P/L

Stoichiometric Fe required, r = (1.6 mmol Fe/mmol P removed)
x 0.155 = 0.248 mmol Fe/L

Excess Fe added = 0.610 — 0.248 = 0.362 mmol Fe/L
Fe,., (H,PO,) (OH);.4 sludge = 0.155 x 251 = 39 mg/L
Fe(OH); sludge = 0.362 x 106.8 = 39 mg/L
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Total chemical sludge produced =39 + 39 =78 mg/L

Chemical sludge resulting from FeCl,; addition (78 mg/L) =
Flow x 78 x 10° =1.89 x 107 x 78 x 10°= 1474 kg/d

Total increase in primary sludge production = 1277 + 1474 = 2751 kg/d

Ferric chloride addition to raw wastewater before primary treatment for phos-
phorus removal increases the primary sludge production by 2751 kg/d (6073 Ib/d).
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1.0 INTRODUCTION

Phosphorus is an essential nutrient for biological growth. Consequently all biologi-
cal processes remove phosphorus from wastewater naturally. Each pound of vola-
tile suspended solids (VSS) (dry weight) produced in such systems contains 1.5%
to 2.5% phosphorus. Assuming a phosphorus content of 2%, if 0.5 mg of VSS is
produced per milligram of biochemical oxygen demand (BOD) removed, and then
approximately 1.0 mg/L of phosphorus is converted to cell mass per 100 mg/L of
BOD removed. Traditional sludge wasting reduces phosphorus by approximately
1 to 2 mg/L. Enhanced biological phosphorous removal (EBPR) or chemical addi-
tion can be used to remove phosphorus in excess of metabolic requirements. This
chapter outlines EBPR process fundamentals. The application of simulation models
to examine the dynamic behavior of EBPR systems is addressed in the chapter on
modeling.
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2.0 MECHANISM OF ENHANCED BIOLOGICAL
PHOSPHORUS REMOVAL

2.1 Overall Mechanism

Enhanced biological phosphorus removal relies on the selection and proliferation
of a specialized microbial population capable of storing orthophosphate in excess of
their biological growth requirements. These organisms, collectively called phosphate-
accumulating organisms (PAOs), can sequester up to 0.38 mg P/mg VSS (Henze
et al., 2008). As a result, mixed liquor from an EBPR system can contain 0.06 to 0.15
mg P/mg VSS (Henze et al., 2008). Although the operating conditions that enhance
EBPR efficiency are known, it is not clear whether increased phosphorus removal
is achieved because of a higher fraction of PAOs in mixed liquor suspended solids
(MLSS) or a higher phosphorus content of individual PAOs, or both.

The EBPR process scheme consists of an anaerobic zone followed by an aerobic
zone. By definition, an anaerobic zone contains neither dissolved nor combined oxy-
gen such as nitrate and sulfate. In the anaerobic zone, the PAOs, which mediate EBPR,
sequester a select number of organic compounds in the form of volatile fatty acids
(VFAs) for intracellular storage, typically as polyhydroxybutyrate (PHB) or polyhy-
droxyvalerate (PHV), designated collectively as polyhydroxyalkanoates (PHA). The
energy required for PHA storage is generated through breakdown of another inter-
nal storage product, polyphosphate (poly-P) molecules. This results in the release of
phosphorus and magnesium and potassium ions to the anaerobic medium. In addi-
tion, breakdown of glycogen, another form of internal carbon storage, generates the
substantial amount of reducing power required for PHA storage (Erdal et al., 2004;
Filipe et al., 2001a; Mino et al., 1987). The external manifestation of these complex
reactions is an increase in phosphate concentration in the anaerobic stage. In essence,
anaerobic conditions provide PAOs a competitive advantage. They remove much or
all of the organic substrate in the anaerobic zone leaving little or no substrate for the
other organisms in the subsequent aerobic zone.

In the aerobic zone, the PAOs metabolize the internally stored PHA and do not
need to compete for external food. The energy obtained from the oxidation of PHA is
used to take up all of the ortho-P released in the anaerobic zone and additional phos-
phorous present in the influent to renew the stored polyphosphate pool. Phosphorus
uptake in excess of metabolic requirement is possible because the energy released by
PHA oxidation is significantly greater than the energy required for PHA storage. It is
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TaBLE 8.1 Key enhanced biological phosphorus removal reactions in the anaerobic
and aerobic zones.

Process or compound Anaerobic zone Aerobic zone
Readily biodegradable substrate Taken up and stored as Used

(volatile fatty acids) polyhydroxyalkanoates

Phosphate Released Taken up and stored
Magnesium and potassium Released Taken up
Polyhydroxyalkanoates Stored Oxidized

Glycogen Used Restored

clear that the anaerobic-aerobic sequencing of the single sludge mass is a prerequisite
for developing a healthy PAO population.

Net phosphorus removal is realized when the phosphorus-rich sludge is wasted
from the system. In addition, some of the energy and carbon is used to restore the
glycogen pool for the reactions to continue when mixed liquor is recirculated to the
head of the anaerobic zones. The events that take place in the anaerobic and aerobic
stages are summarized in Table 8.1.

2.2 Microbiology

In conventional aerobic systems, PAOs are slow growing and are suppressed by
faster growing organisms (non-PAOs). When an anaerobic zone is placed ahead of
the aerobic zone, however, the PAOs quickly are activated because of their unique
ability to use internally stored polyphosphate as an energy source to sequester VFAs.
This provides them a competitive advantage over non-PAOs because the need for
them to compete for external food in the aerobic zone is eliminated.

The PAOs are a subset of heterotrophs, which make up the greater majority of the
activated sludge biomass found at secondary treatment plants. The PAO fraction in the
mixed liquor volatile suspended solids (MLVSS) is determined by the amount of read-
ily biodegradable substrate they are able to access in the anaerobic zone. This in turn
is determined by which is limiting, available substrate or phosphorus, assuming suf-
ficient nutrients are present. As a result, the PAO content of the MLVSS is directly pro-
portional to the bioavailable substrate-to-phosphorus ratio in the anaerobic zone. This
ratio determines the size of the anaerobic zone and EBPR effectiveness. The effect of
phosphorus-substrate limitation on system performance is discussed in a later section.
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In an acetate-fed sequencing batch reactor (5BR), Furumai et al. (2001) found
PAOs represented up to 15% of the MLVSS. Although PAOs prefer oxic conditions,
they can grow in the absence of oxygen when other electron acceptors, such as nitrate
(NOy), are present. Hence, PAOs can perform excess phosphorus removal under
both anoxic and aerobic conditions.

There is no consensus as to which organism is primarily responsible for EBPR.
Several investigators have identified Acinetobacter as the predominant PAO (Brodisch,
1985; Brodisch and Joyner, 1983; Buchnan, 1983; Florenz and Hartemann, 1984; Fuhs
and Chen, 1975). Brodisch and Joyner (1983) concluded that microorganisms other
than Acinetobacter may be responsible for EBPR. Lotter (1985) found significant levels
of Aeromonas and Pseudomonas capable of storing polyphosphates. Other organisms
capable of mediating EBPR include Moraxella, Klebsiella, Enterobacter, Accumulibacter
phosphatis in the Rhodocyclaceae group of the Betaproteobacteria, Actinobacteria, and
Malikia spp. (Bitton, 2005; Crocetti et al., 2000; Hesselmann et al., 1999; Kong et al.,
2005; Oehmen et al., 2007; Spring et al., 2005).

Pure culture studies to determine Acinetobacter growth kinetic coefficients on
aerobically grown cultures using substrates such as acetate and ethanol have dem-
onstrated maximum growth rates (j,,,,) of 4 to 30/days; dry cell yields (Y) of approx-
imately 0.4 g/g chemical oxygen demand (COD); and endogenous decay rates (b) of
1to 5 g/g-d (Ensley and Finnerty, 1980; Hao and Chang, 1987). Cells grown under
such conditions have high phosphorus contents of approximately 4% to 7%. Hao and
Chang (1987) reported a maximum of phosphorus content of 4% to 8%. Values of ji,,,,
and b obtained in these experiments are far higher than observed in EBPR activated
sludge systems. For example, Wentzel et al. (1988a) determined the kinetic growth
coefficients of an Acinetobacter culture “weaned” from an EBPR activated sludge sys-
tem by feeding a synthetic substrate. Batch tests with this enriched culture gave a j,,,
of 0.75 to 0.95 per day without phosphorus limitation, 0.35 per day with phosphorus
limitation, and b of 0.03 to 0.04 per day. The culture showed all of the attributes of
typical EBPR activated sludge system.

Tandoi and Jenkins (1987) grew A. calcoaceticusl woffi AC-7 (isolated from anaer-
obic/aerobic activated sludge system) on an acetate mineral salt synthetic medium
in a two-stage chemostat under both completely aerobic and alternating anaerobic-
aerobic conditions. Their reported values (1, = 0.84/d; Y =0.13 g VSS/g COD) were
similar to the Wentzel et al. (1988a) study. Aerobic chemostat operation gave signifi-
cantly higher values (y,,,, = 4.8/day; Y =0.22 g VSS/g COD).
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It is now known that PAO selection cannot be guaranteed by providing favorable
conditions for growth (anaerobic conditions and rapidly biodegradable substrate).
Another group of organisms called glycogen accumulating organism (GAO) also
consumes VFAs but is incapable of excess phosphorus uptake (Liu et al., 1997).
Hence, GAO competition can diminish EBPR effectiveness. Further discussion on
this is presented in a later section.

2.3 Biochemistry

The biochemistry of EBPR is difficult to study because of the complexity of the pro-
cess. Jenkins and Tandoi (1991) indicated that available biochemical models are based
on experiments with activated sludge systems operated under aerobic-anaerobic
cycles. In these mixed cultures, it is impossible to isolate the effects of the PAOs and
their biochemistry. It is known, however, that the biochemical reactions of the EBPR
process are characterized by the cyclical formation and degradation of stored organic
compounds (e.g., PHA) coupled with the degradation and formation of polyphos-
phate granules. For these reactions to occur, the single sludge mass must be subjected
to alternating anaerobic and aerobic conditions. Some of the key biochemical reactions
associated with the EBPR process reported in the literature are summarized below:

* Addition of wastewater or a simple carbon source results in phosphorus
release and simultaneous carbon uptake and storage (Fukase et al., 1982).
Carbon compounds that trigger phosphorus release include acetate, propi-
onate, butyrate, lactate, propionate, glucose, fermented sludge, and septic
wastewater (Barnard, 1984; Gerber et al., 1986; Oldham, 1985; Paepcke, 1983;
Potgieter and Evans, 1983).

* The phosphate released by PAOs in the anaerobic zone originates from the
organisms’ polyphosphate reserves (Arvin, 1985; Marais et al., 1982).

* Various organic and energy storage products, collectively termed poly-B-
hydroxyalkanoate (PHA), have been found in PAOs. Of these, poly-B-
hydroxybuterate (PHB) has been mostly commonly associated with EBPR
(Fukase et al., 1982; Timmerman, 1979). Other reported storage products
include polyhydroxyvalerate and glycogen (Comeau et al., 1987; Fukase et al.,
1982).

* Presence of nitrate or dissolved oxygen in the anaerobic zone will prevent and
reverse the uptake-release reactions in the zone (Barnard, 1976; Comeau et al.,
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1986; Jenkins and Tandoi, 1991). As Grady and Filipe (2000) pointed out, this

potentially could affect EBPR capability in three ways:

(1) AIIPAOs can use dissolved oxygen as their terminal electron acceptor. In
the absence of dissolved oxygen, some PAQOs use nitrates. When this hap-
pens, they exhibit aerobic metabolism, which will reduce PHA storage;

(2) In the presence of nitrate, denitrifying organisms with higher maximum
specific growth rate will displace PAOs; and

(3) Because of the presence of an oxygen source, anaerobic fermentation
would be inhibited leading to lower VFA production.

e The ratio of organic substrate uptake and phosphorus release has not been
established. With acetate as the carbon source, the acetate uptake to phos-
phorus release molar ratio ranges from 0.6 to 0.7, and up to 1.9 (Arvin, 1985;
Fukase et al., 1982; Rabinowitz and Oldham, 1985). Rabinowitz and Oldham
(1985) also found that the ratio depends on the type of substrate in decreas-
ing order: sodium acetate, propionic acid, glucose, acetic acid, and butyric
acid.

Various models have been proposed to describe the biochemical pathways for
EBPR (Arun et al., 1988; Comeau et al., 1986; Mino et al., 1987). The exact mecha-
nism is still elusive and a topic of debate. Many of the key aspects and phenomena
required for the successful growth of PAOs and design of EBPR systems have been
established.

3.0 FACTORS AFFECTING ENHANCED BIOLOGICAL
PHOSPHORUS REMOVAL PERFORMANCE

Enhanced biological phosphorus removal is a complex process encompassing differ-
ent environmental conditions and complimenting and competing biochemical reac-
tions. This section discusses the many factors that could singly or in combination
affect EBPR efficiency.

3.1 Integrity of the Anaerobic Zone

The anaerobic zone of an EBPR bioreactor is expected to perform two functions. The
primary function is PAO selection, which is a relatively rapid reaction if adequate
rapidly biodegradable substrate is available. In some instances, the anaerobic zone
also is required to perform a secondary function, that of VFA generation through
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fermentation. This is a slower reaction requiring a longer anaerobic hydraulic reten-
tion time (HRT).

By definition, anaerobic conditions are defined as zones with less than 0.2 mg/L
dissolved oxygen. The oxidation reduction potential (ORP) can also be used to
confirm the presence of anaerobic conditions. Typical ORP values are in the range
of =300 mV or less. Field testing, however, would be required to establish site-specific
ORP value for anaerobic conditions. Ideally, anaerobic conditions must be maintained
throughout the design anaerobic volume for reliable EBPR. Sources of dissolved oxy-
gen and nitrates, summarized in Table 8.2, can threaten the integrity of the anaerobic
zone (Jeyanayagam, 2007).

The introduction of nitrate or dissolved oxygen to the anaerobic zone causes a
reduction of the actual anaerobic volume. Consequently, the effective anaerobic sol-
ids retention time (SRT) and HRT will be reduced. This will decrease the anaerobic
contact time between the PAOs and the substrate (VFAs), which could potentially
compromise phosphorus removal (Jeyanayagam, 2007). In addition, the presence
of nitrate and dissolved oxygen will provide competing organisms with access to
the substrate. For example, 1.0 mg of nitrate-N will take up readily biodegradable
organics needed for the removal of 0.7 mg of phosphorus by supporting denitrifica-
tion. Likewise, the presence of 1.0 mg of dissolved oxygen will use up the substrate
needed for the removal of 0.3 mg phosphorus by facilitating normal heterotrophic
activity (BOD oxidation).

TABLE 8.2 Common sources of dissolved oxygen and nitrates (Jeyanayagam, 2007).

Source Introduces

Preaeration® Dissolved oxygen

Influent screw pumps? Dissolved oxygen
Free-fall over weirs® Dissolved oxygen
Excessive turbulence® Dissolved oxygen
Aggressive mixing in the anaerobic zone Dissolved oxygen

Return activated sludge flow Nitrates, dissolved oxygen
Backflow from aerobic to anaerobic zone Dissolved oxygen

Internal mixed liquor recycle® Nitrates, dissolved oxygen

AUpstream of the anaerobic zone.

*In nitrogen removal systems.
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3.2 Substrate Availability

The key factor that determines the amount of phosphorus stored in the activated
sludge is the amount of readily biodegradable organic matter in the anaerobic zone.
There must be a large excess beyond that needed to deplete the electron acceptors
(dissolved oxygen and NOx) in the anaerobic zone because the bacteria preferentially
will metabolize the organic matter and reduce the amount of stored PHA. This would
impact PAO selection and EBPR performance.

The type of organic compound in the anaerobic zone is also important; it must
be soluble and readily biodegradable. Because biodegradability is a function of the
length of the carbon chain, short-chain VFAs are ideal sources. In particular, acetic
acid (two carbons) through valeric acid (five carbons) are considered to be the pro-
totype of readily available organic compounds for EBPR. Although all of these VFAs
are usable for EBPR, their relative effectiveness varies. Abu-Ghararah and Randall
(1991)indicated that of all of the VFAs commonly generated during municipal waste-
water fermentation, acetic acid is the most efficient based on mass of phosphorus
uptake per COD consumed.

Of the VFAs listed, only valeric acid has a COD consumed-to-phosphorus
removed ratio higher than 45:1, the commonly assumed minimum ratio required
for EBPR in North American municipal wastewater. This implies that a significant
fraction of the organics in wastewater may not be available for EBPR, which results
in higher COD requirements for phosphorus removal. Also note that EBPR could
not be accomplished with one-carbon compounds, such as formic acid, because their
polymerization is thermodynamically unfavorable for the bacteria.

According to Ekama and Marais (1984), more than 25 mg/L as VFA is required
in the anaerobic zone to accomplish significant EBPR. In practice, the amount needed
is a function of the influent phosphorus. Hence the VFA-to-total phosphorus (TP)
ratio is an indication of the EBPR capability of the system. It is now thought that
readily biodegradable COD (rbCOD) is a better measure because this fraction repre-
sents the influent VFAs and organic compounds that could potentially be fermented
to VFAs in the anaerobic zone of the bioreactor. The rbCOD is an estimate of the
truly soluble COD.

The five-day carbonaceous BOD (cBODj) to total phosphorus ratio is often used as
a first approximation of the adequacy of carbon substrate for EBPR. Data from several
full- and pilot-scale studies, presented in Figure 8.1, show the relationship between
the effluent total phosphorus concentration achieved as a function of cBOD;:TP of
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FIGURE 8.1 Effect of influent total BOD (TBOD):TP ratio on effluent TP (from Randall,
C.W., etal. [1992] Design and Retrofit of Wastewater Treatment Plants for Biological
Nutrient Removal. Technomic Publishing Co., Inc., Lancaster, Pa., with permission).

the influent to the anaerobic zone. A cBOD;s: TP of 20:1 or greater is needed to reli-
ably achieve an effluent total phosphorus concentration of 1.0 mg/L or less without
effluent filtration. Even lower effluent concentrations of phosphorus could have been
achieved with chemically enhanced clarification or effluent filtration (Randall et al.,
1992).

Because COD is a more consistent measurement and a close approximation of
ultimate BOD for most municipal wastewater, the total COD (TCOD) to total phos-
phorus ratio would be an accurate indicator of available substrate for EBPR. The
TCOD:TP and total BOD (TBOD:;):TP results shown are conservative relative to what
could be accomplished with good design and operation.

The ratios typically used to quantify minimum substrate-to-phosphorus ratios are
summarized in Table 8.3. These ratios refer to bioreactor influent and should account
for recycle loads and removals in primary clarifiers. Typically, recycle flows repre-
sent additional phosphorus load while primary clarifiers remove cBOD. As a result,
primary effluent (bioreactor influent) will contain lower substrate-to-phosphorus
ratio relative to raw influent.
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TaBLE 8.3 Minimum substrate to phosphorus requirements for enhanced biological
phosphorus removal.

Substrate-to-
Substrate Measure  phosphorus ratio® Remarks

cBOD; 25:1 Provides a rough/initial estimate. Based on
typically available plant data

sBOD; 15:1 Better indicator than cBOD;

COD 45:1 More accurate than cBOD. Not measured by all
plants

Volatile fatty acids ~ 7:1 to 10:1 More accurate than COD. Involves specialized

(VFA) lab analysis

rbCOD 15:1 Most accurate. Measures VFA formation

potential. Accounts for VFA formation in the
anaerobic zone. Specialized laboratory analysis

“Minimum requirements.

cBOD; = five-day carbonaceous biochemical oxygen demand; sBOD; = five-day soluble BOD;
COD = chemical oxygen demand; and rbCOD = readily biodegradable COD.

The composition of influent phosphorus affects EBPR efficiency. In particular,
corrosion inhibitors used by water treatment plants can be a significant source of
polyphosphate, which is not readily reactive and is difficult to remove. For example,
when the Xenia, Ohio, water treatment plant switched its corrosion control chemical
from a 25 poly-P/75 ortho-P formulation to one containing 75 poly-P/25 ortho-P,
the city’s two wastewater plants discharged elevated levels of total phosphorus
(Jeyanayagam, 2007). This was corrected by switching the corrosion inhibitor to the
original formulation. It should be noted that the effluent ortho-P values were consis-
tently low indicating that the higher effluent total phosphorus primarily was because
of the increased influent polyphosphate.

Municipal wastewater fermented in the collection system typically is a good
source of VFAs for EBPR operation. The seasonal variation of influent VFA can be
tracked by observing the cBOD;:COD. Typically, a higher ratio implies higher VFAs.
Figure 8.2 illustrates changes in cBOD;:COD of raw wastewater at the Hampton
Roads Sanitation District’s (Hampton Roads, Virginia) York River Treatment Plant
when it was being operated as an EBPR process with anaerobic digestion and recycle
of belt filter press filtrate. The cBOD5;:COD of the raw influent varied from 0.37 to
0.73 during the 12-month period, with higher values typically found in the warmer



Biological Phosphorus Removal

1.14

11 | —=— Raw influent
0.9 -
0.8 A

0.7 4
0.6
054 \/\//\
0.4 1

0.3 1
0.2

BOD;:COD ratio

Nov Jan'87 Mar May  Jul  Sep

Date, 198687

1.1
14 | —=— Raw influent

0.9+
0.8+
0.7 1
0.6
0.5+
0.4

0.3
0.2

BOD;:COD ratio

Nov Jan'87 Mar  May  Ju  Sep
Date, 1986-87

FIGURE 8.2 Seasonal variation in BOD;:COD ratio at York River BNR plant (from
Randall, C.W., et al. [1992] Design and Retrofit of Wastewater Treatment Plants for Biological
Nutrient Removal. Technomic Publishing Co., Inc., Lancaster, Pa., with permission).

months. This emphasizes the need to determine seasonal variation of influent VFAs
for design purposes.

Sewer fermentation is inhibited by dissolved oxygen entrainment, wet weather
high flows, and cold temperatures including snow melt. Although adequate VFAs
may be available in the plant influent to meet summer phosphorus limits, sewer sys-
tem fermentation cannot be relied upon as a reliable and consistent source of car-
bon substrate year round. In such cases, the anaerobic zone may need to be sized to
support additional fermentation. Plant recycles such as supernatant from primary
sludge gravity thickening also may contain sufficient VFAs for EBPR. Other sources
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of carbon augmentation include onsite VFA generation via sludge prefermentation,
industrial wastewater containing VFAs, or acetic and propionic acids. Often it may
be simpler and more cost-effective to provide a standby chemical feed system.

3.3 Phosphorus versus Substrate Limitation

Wastewater characteristics determine EBPR reaction rates. If substantial concentra-
tions of readily available organics such as acetic, propionic, and butyric acids are
present in the bioreactor influent, then reaction kinetics will be faster and will result
in smaller anaerobic volume or HRT requirements. The overall EBPR reactions,
however, will be limited by either the available phosphorus or the storable organic
substrate. All wastewaters are either phosphorus or substrate limited with respect
to EBPR. If phosphorus is limiting, then available organics will not be completely
removed in the anaerobic stage and soluble organics will enter the aerobic stage.
If available substrate is limiting, then phosphorus removal will be limited and the
desired effluent phosphorus concentration may not be achievable.

Available organics can be limiting for three reasons: (1) The influent wastewa-
ter does not contain adequate total organics, as measured by BOD or COD (i.e., low
cBOD:TP or COD:TP); (2) the wastewater organics have not undergone sufficient fer-
mentation to generate VFAs, as confirmed by the rbCOD:TP or VFA:TP; and (3) high
influent total phosphorus to the bioreactor because of recycle loads from sludge
operations. This can also be caused by industrial discharges containing phosphorus.

In EBPR systems, phosphorus removal is accomplished by wasting phosphorus-
rich waste activated sludge. Therefore, the degree of phosphorus removal is a func-
tion of the percentage of phosphorus in the MLVSS and the operating SRT. When the
PAOs are placed in the anaerobic zone with the wastewater, they will grow to reach
an equilibrium concentration dictated by the limiting factor, either phosphorus or
rapidly biodegradable substrate. Thus, either phosphorus or COD will determine the
fraction of PAOs in the activated sludge population and the phosphorus content of
the MLVSS as summarized below:

® Substrate limitation—The activated sludge will be dominated by the PAOs
and the phosphorus content of the MLVSS will be high. However, because
COD (substrate) is limiting, all the removable phosphorus will not be removed,
which will cause elevated effluent phosphorus.

® Phosphorus limitation—This implies there is adequate substrate to sequester
all of the removable phosphorus and the soluble phosphorus in the effluent
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will be very low unless secondary release occurs in either the activated sludge
basin or the secondary clarifier. The excess organic substrate will result in the
growth of non-PAOs, leading to low PAO fraction and low phosphorus con-
tent of the MLVSS. This was substantiated by Liu et al. (1997) who reported
GAO dominance over PAOs at high organic loadings.

Paradoxically, if the percentage of phosphorus in the MLVSS is high, then efflu-
ent phosphorus concentration may also be high. If the percentage of phosphorus is
low, then effluent phosphorus will be low for a properly designed and operated EBPR
system. Thus, the available COD:P in the wastewater influent to the anaerobic zone
determines both the percentage of phosphorus in the MLVSS and the effluent phos-
phorus concentration, and both parameters are inversely related to COD:TP. Full-
scale operating data, shown in Figure 8.3, confirms the relationship between COD:TP
and MLVSS phosphorus content. Other researchers also have shown that influent
COD:P correlates well with EBPR biomass total phosphorus content and phosphorus
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FiGure 8.3  Effect of influent COD:TP ratio on percentage of phosphorus in MLVSS
(from Randall, C.W., et al. [1992] Design and Retrofit of Wastewater Treatment Plants
for Biological Nutrient Removal. Technomic Publishing Co., Inc., Lancaster, Pa., with
permission).
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removal functions (Kisoglu et al., 2000; Liu et al., 1997; Punrattanasin, 1999; Schuler
and Jenkins, 2003).

Because they are both functions of COD:P, there also tends to be a correlation
between MLVSS percentage of phosphorus and effluent soluble phosphorus, but it
may be weak at times. For example, during the York River VIP™ (Virginia Initiative
Plant) demonstration, the phosphorus content varied from less than 7% to more
than 14%, yet the average effluent soluble phosphorus showed a modest variation
(0.49-1.16 mg/L) when the process was not affected by excessively high flows or
incomplete nitrification conditions. This may be because the system was phosphorus
rather than COD limited most of the time. In contrast, when the plant was operated
as a two-stage EBPR plant with excess phosphorus, there was an increase of effluent
soluble phosphorus from approximately 2 to 4 mg/L, and the corresponding MLVSS
phosphorus content increased from 10% to 13%.

3.4 Adequate Amounts of Cations

In the anaerobic zone, as the polyphosphate granules called volutin (containing phos-
phate, potassium, and magnesium) are hydrolyzed, phosphorous release occurs.
Because each phosphate molecule (PO,*) contains three negative charges, it is not pos-
sible for the charged molecules to pass through the cell membrane. When the phosphate
molecules bond with the positively charged magnesium (Mg*?) and potassium (K*?),
however, they become neutralized and are able to be transferred across the cell wall.

According to Patterkine et al. (1991), the removal of 1 mole of phosphorus
requires, at a minimum, 0.25 moles of magnesium and 0.23 moles of potassium.
Fortunately, the quantities of these two cations present in municipal wastewater
exceed EBPR requirements. Hence, they are unlikely to be limiting. However, they
need to be considered when treating industrial wastewater or high fractions of indus-
trial wastewater mixed with domestic wastewater.

3.5 Aerobic Zone

Although anaerobic conditions are important for PAO selection, it is in the aerobic
zone that phosphorus removal occurs. The long held assumption is that the only
two key requirements for EBPR are an anaerobic zone and the presence of VFAs in
that environment. Recent full-scale observations have shed light on the critical role
played by the aerobic zone in achieving reliable EBPR (Narayanan, et al., 2006).
Following anaerobic PAO selection as the MLVSS enters the aerobic zone, two of the
three driving forces are encountered. These include PAOs with high stored PHA and
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FIGURE 8.4 Phosphorus uptake profile in aerobic zone (Jeyanayagam, 2007).

high levels of soluble phosphorus in the surrounding wastewater. At this point, if the
third and final driving force (dissolved oxygen) is provided in adequate amounts,
rapid phosphorus uptake kinetics would be ensured. Jeyanayagam (2007) reported
similar findings as shown in Figure 8.4. This research showed a rapid phosphorus
uptake kinetics in the first 20% of the aeration volume and much lower rates in the
subsequent sections. The data also reveals almost complete EBPR in the first half of
the aeration volume.

When poor initial phosphorus uptake occurs because of dissolved oxygen limita-
tion, it may not be possible for phosphorus removal to “catch up” in the subsequent
aerobic zones even if adequate dissolved oxygen is maintained. This is because two
of three causative factors, PHA level and bulk liquid ortho-P concentration, would
be significantly lower resulting in higher effluent ortho-P levels (Narayanan, et al.,
2006). In the same full-scale study, Narayanan et al. (2006) concluded that staging the
aerobic zone enhances EBPR because of improved plug flow conditions. This may be
attributed to higher reaction rates caused by the concentration gradient.

3.6 Hydraulic Considerations

Barnard et al. (2004) noted the importance of eliminating hydraulic bottlenecks in
achieving low effluent phosphorus levels. The influent to the anaerobic zone and
return sludge has different densities and their momentum may carry them in differ-
ent directions resulting in poor mixing. This will reduce the contact duration between
PAOs and the substrate. Consequently, the effective anaerobic HRT will be less than
the design HRT. Because VFA production is rate-limiting, this potentially could
lead to reduced VFA production in the anaerobic zone and lower EBPR efficiency.
Properly sizing and locating mechanical mixers in the anaerobic zone could prevent
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this problem. Even flow split to final clarifiers is critical to allow the full capacity of
all units to be realized. Poor performance of an overloaded clarifier typically cannot
be compensated by good performance of an underloaded clarifier.

3.7 Secondary Phosphorus Release

Biological sludge generated by the EBPR process contains two types of phosphorus—
metabolically bound phosphorus and stored polyphosphate granules called volutin.
The first is a result of normal microbial synthesis; the second is a temporary storage
product that is depleted (phosphorous release) in the anaerobic zone and restored
(phosphorus uptake) in the aerobic zone as part of the EBPR mechanism. This “pri-
mary” anaerobic release is associated with concomitant carbon (VFA) uptake and
storage (PHA) and is desired and necessary for PAO selection. The secondary phos-
phorus release occurs without carbon storage (Barnard, 1991). Hence, this phospho-
rus release is not linked to PAO selection and will not be taken up in the aerobic zone.
Significant secondary release will cause elevated effluent phosphorus. Although the
stored polyphosphate, being unstable, is most commonly associated with secondary
phosphorus release, conditions that cause cell lysis will result in the release of meta-
bolic phosphorus as well. Table 8.4 lists the location and potential causes of second-
ary release in EBPR processes.

TABLE 8.4 Location and potential causes of secondary phosphorus release.

Location Cause of phosphorus release

Primary clarifier Cosettling of primary and enhanced biological phosphorus
removal sludges
Poor solids capture during thickening and dewatering
operations may return phosphorus rich solids to the primary
clarifier where secondary release could occur

Anaerobic zone Volatile fatty acids depletion because of oversized anaerobic
zone

Anoxic zone Nitrate depletion because of oversized anoxic zone

Aerobic zone Long solids retention time leading to cell lysis

Final clarifier Septic conditions caused by deep sludge blanket

(continued)
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TaBLE 8.4 Continued

Location Cause of phosphorus release

Return activated sludge Septic conditions

piping

Primary sludge gravity Septic conditions caused by deep sludge blanket

thickener

Sludge storage Septic conditions because of poorly or unaerated sludge
storage

Because of cell lysis in long aerated storage

Anaerobic digestion Anaerobic conditions and cell lysis
Aerobic digestion Mostly due to cell lysis
Dewatering No significant release. Phosphorus released in upstream

processing will be in filtrate/centrate

Poor solids capture may return phosphorus rich solids to the
primary clarifier where secondary release could occur

Return streams from sludge operations (e.g., dewatering) can affect EBPR per-
formance significantly. Figure 8.5 illustrates the recycle streams that are generated
at typical wastewater treatment plant solids handling facilities. The quantity and
quality of these streams vary based on the technology used in the solids processing
operations. For example, anaerobic digestion is likely to release more phosphorus
than aerobic digestion. However, sludge dewatering using belt filter press typically
generates two times more recycle flow (filtrate) compared to centrifuge dewatering
because of the amount of wash water used in the dewatering operation. The total
recycle flow can amount to 20% to 30% of the plant influent flow and can reduce pro-
cess HRT. In addition, recycle flows also will affect hydraulic design. Recycle mass
loads from both dewatering methods, however, would be about the same.

The type of sludge treatment process used will determine recycle stream charac-
teristics. Composting, thermal drying, and advanced alkaline stabilization produce
minimal recycle loads. Use of anaerobic digesters is of particular concern at EBPR
facilities. Jardin and Popel (1994) observed that polyphosphate hydrolysis was com-
plete within 2 to 3 days retention in the anaerobic digester. Consequently, the recycle
stream from anaerobically digested sludge dewatering operation can contain 100 to
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FIGURE 8.5 Recycle streams from a typical wastewater treatment plant.

800 mg/L of phosphorus and 900 to 1100 mg/L of ammonia. The actual recycle loads
will depend on how much of the released phosphorus and ammonia are chemically
precipitated, primarily as struvite (MgNH,PO,). Other relevant precipitates include
brushite (CaHPO,-2H,0) and vivianite [Fe,(PO,);-8H,0]. This can lead to an appar-
ent reduction in the extent of phosphorus solubilization in the anaerobic digester. At
the Hampton Roads Sanitation District’s York River Treatment Plant, approximately
70% of the phosphorus entering the digesters was precipitated as struvite and other
phosphorus-containing precipitates and disposed of with the dewatered sludge. No
detrimental effects of the struvite formation were reported over the four-year demon-
stration period (Randall et al., 1992).

Return streams often occur intermittently in many facilities, causing significant
variation in nutrient loadings and significant short-term peak loads that could over-
whelm the EBPR process. For example, if dewatering operations occur over one shift,
five days per week, the instantaneous recycle loading could potentially be four times
the loading generated by a 24/7 operation. The complex microbial consortium has a
limited ability to quickly respond to influent variations by self-adjustment. The period
of acclimation is directly influenced by mean cell retention time (MCRT), MLSS, and
the magnitude and duration of peak loads. Within limits, higher MCRT and MLSS
enhance microbial diversity and system robustness. Extremely high and persistent
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loadings can be stressful to the biological process because recycled phosphorus, most
of which is bioavailable, will reduce bioreactor influent cBOD5: TP. This could poten-
tially convert a typically phosphorus-limited (excess substrate) EBPR system to a
substrate-limited condition with a likelihood of elevated effluent phosphorus levels.

3.8 Solids Handling Considerations

By implementing appropriate solids handling and processing practices, secondary
phosphorus release can be eliminated or minimized at the source. The following is a
list of key design and operational approaches:

¢ Ideally, primary sludge and EBPR waste sludge should be handled and pro-
cessed separately. However, this may not always be practical. Blending the
primary and waste activated sludges should be moved as far downstream as
possible in the sludge treatment train. Following blending, the sludge should
be processed quickly before significant release could occur.

* Maintaining a shallow sludge blanket in primary clarifiers may prevent nitro-
gen and phosphorus solubilization. It will also improve clarifier performance,
particularly during high wet weather induced flows. This will result, however,
in a relatively thin underflow (<1.5%). Sen et al. (1990) found that at the Bowie,
Maryland, wastewater treatment plant, maintaining the sludge blanket at least
1 m (3.3 ft) below the overflow weir allowed only a fraction of the released
phosphorus to escape with the supernatant.

® Secondary release in final clarifiers is a common problem at many biological
nutrient removal (BNR) facilities, particularly in the warmer months when
septic conditions are readily established in the sludge blanket. This may be
avoided by implementing an effective wasting strategy and maintaining a
shallow blanket. Doing so will eliminate anoxic conditions and the potential
for floating sludge and subsequent sludge blanket washout from denitrifi-
cation. Some facilities maintain high dissolved oxygen concentration in the
bioreactor effluent to minimize potential for denitrification within the sludge
blanket. This may not be always viable, however, because the internal recycle
necessary for denitrification in the bioreactor will recycle oxygen to the anoxic
zone and reduce denitrification. Also, this practice is not energy efficient.

* The EBPR bioreactor should be designed with the flexibility to waste sludge
from the end of the aerobic zone of the bioreactor to keep the sludge “fresh”
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and to minimize the likelihood of releasing phosphorus downstream. Other
benefits include continuous wasting and removing biomass containing the
highest phosphorus content from the end of the aeration zone (Rabinowitz
and Barnard, 2000).

¢ Sludge wasted from the clarifier may be aerated to inhibit and delay phospho-
rus release during subsequent processing.

¢ Gravity thickening of EBPR sludge likely will cause phosphorus release and
should be avoided. Gravity belt thickening, centrifugation, or dissolved air
flotation should be used for waste activated sludge (WAS) thickening. Sludge
wasted from the bioreactor may be more economically thickened with a dis-
solved air flotation unit because of the dilute solids concentration. If cothick-
ening is practiced, it should be completed immediately after blending to avoid
phosphorus release.

3.9 Solids Capture

Effluent total phosphorous consists of two components—soluble phosphorus and
particulate phosphorus. Efficient EBPR can reduce the effluent soluble phosphorus to
approximately 0.1 mg/L. Particulate phosphorus, which represents solids-associated
phosphorus, depends on effluent total solids and its phosphorus content as illus-
trated in Figure 8.6 (Water Environment Federation [WEF] et al., 2005). For example,
if the effluent TSS is 10 mg/L (75% VSS) and the phosphorus content of the mixed
liquor is 0.06 mg/mg VSS (6%), then effluent particulate phosphorus concentration
would be 0.45 mg/L. Hence, controlling the effluent solids is important in achieving
low effluent total phosphorus.

3.10 Primary Settling

Primary clarification in the process train will modify the characteristics of the bio-
reactor influent. It is important to understand how this affects EBPR performance.
Primary settling typically removes 50% to 70% of the influent TSS, which includes
inert solids. As a result, the bioreactor MLSS and the final clarifier solids loading will
be lower.

The BOD removal that occurs in primary clarifiers (typically, 30-40% of the
influent BOD), reduces the substrate-to-phosphorus ratio entering the bioreactor,
making the wastewater less amenable to EBPR. This potentially could lower the
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FIGURE 8.6 Contribution of the effluent TSS to the total phosphorus in the effluent
for different phosphorus contents in the MLSS (assuming that the VSS/TSS is 75%).

phosphorus removal capability of the downstream EBPR process particularly if ade-
quate VFAs are not present in the influent. Fermentation in the anaerobic zone is cru-
cial for generating VFAs for EBPR. At the Hampton Roads Sanitation District’s York
River plant, recycles originate from the primary sludge gravity thickener, the second-
ary sludge flotation thickener, and the belt filter press dewatering an anaerobically
digested mixture of the primary and waste activated sludges. Based on the reported
data, Randall et al. (1992) made the following observations:

e The decrease in cBOD;:TP and COD:TP from raw influent to combined influent
is because of significant phosphorus recycle, which resulted in a 49% increase
in total phosphorus in the combined influent. This occurred despite the forma-
tion of struvite and other phosphorus-containing precipitates in the anaerobi-
cally digesting sludge causing 70% of the phosphorus entering the digester to
be incorporated into the digested sludge. The corresponding 11% increase in
COD was modest; no increase in BOD; was noted.

¢ The primary clarifier removed a higher percentage of organic matter than
nutrients from the combined flow. It removed the 33% of the BOD; and 40%
of the COD but only 19% each of total phosphorus and total Kjeldahl nitrogen.
The resulting nutrient concentrations to the biological process were 11.1 mg/L
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total phosphorus and 29.0 mg/L total nitrogen, whereas the BOD; and COD
concentrations were 139 and 249 mg/L, respectively. Primary settling reduced
the cBOD;: TP and COD:TP compared to those calculated for the combined
influent by 18% and 26%, respectively.

In essence, the bioreactor influent was changed from phosphorus limiting to
COD limiting. Consequently, The EBPR process could not produce an effluent total
phosphorus concentration of 1.0 mg/L or less. An average of 9.4 mg/L total phos-
phorus and 2.4 mg/L soluble phosphorus, however, were removed by biological
mechanisms, except for high-flow or acclimation periods. The MLVSS phosphorus
contents were as high as 15% on a dry weight basis. Apparently the process was using
approximately 26.5 mg/L COD to remove 1 mg/L of phosphorus. Furthermore, dur-
ing the latter stages of the demonstration, it simultaneously removed reduced total
nitrogen to a two-month average concentration of 5.7 mg/L, removed an average
of 10.4 mg/L phosphorus, and discharged an average soluble phosphorus concen-
tration of 2.3 mg/L. The design factors given earlier would predict a COD require-
ment of 660 mg/L for these removals, yet the actual COD removal averaged only 234
mg/L. The BOD; removal, however, averaged 218 mg/L. This shows that all of the
influent organics were in readily biodegradable form, probably acetic acid, and much
higher than predicted removals were possible. The actual average cBOD;:P removal
was 21:1.

It appears that substrate-limited EBPR systems can remove considerably more
nutrients than predicted but cannot produce an effluent total phosphorus concentra-
tion of less than 1.0 mg/L at the same time. The results also indicate that stored sub-
strate can be used simultaneously for both nitrogen and phosphorus removal.

Some plants have minimized the effect of primary settling by providing a bypass
around the primary clarifiers in an effort to direct some of the screened wastewater
to the anaerobic zone, skipping primary clarification. Such a feature can be used as
needed to increase cBOD;:TP. It should be noted, however, that higher suspended sol-
ids because of partial bypass of primaries would result in higher MLSS and increased
solids flux on secondary clarifiers, which could potentially hinder settling.

3.11 Solids and Hydraulic Retention Times

SRT and HRT are two very important operational parameters in a biological sys-
tem. Because solids are separated and recycled, organisms are exposed to fresh sub-
strate multiple times, effectively achieving a relatively long contact time. Because the
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influent substrate flows through the bioreactor just once, its contact with the organ-
ism is significantly less. Depending on individual biochemical reactions, the SRT (.e.,
sludge age) in the system dictates the rate at which the biological system operates.

Because the PAO population changes as a function of COD:P, EBPR systems
virtually are independent of biomass SRT in the range from 2 to 40 days (Barnard,
1991). Wentzel et al. (1988b) have noted that this phenomenon may be at least par-
tially attributed to the low endogenous decay rate of PAOs, measured as 0.05 day™
on a COD basis compared to 0.24 day™' for aerobic heterotrophic bacteria. This means
that at longer SRTs, a proportionally larger part of the active biomass will consist
of PAOs; consequently, the phosphorus content of the biomass increases with an
increase in SRT.

The system SRT and bioreactor influent COD:P determine the phosphorous con-
tent of the MLVSS as illustrated by Figure 8.7. As the observed yield increases (caused
by a decrease in SRT), for a constant COD:P, biomass phosphorus content decreases
because of a larger number of non-PAOs present in the MLVSS. In other words, at
lower SRT values, less phosphorus is stored per unit mass of biomass. Conversely, at
longer SRTs, the yield will be lower and sludge will be enriched by PAOs because of
their lower endogenous decay rate, resulting in higher biomass phosphorus values. If
the feed COD:P is lowered (i.e., increased phosphorus or decreased COD in the feed)
at the same SRT and observed yield, then PAOs will be become dominant (as long as
COD is nonlimiting), and the biomass phosphorus content will increase. As the feed
phosphorus content increases, more of it can be stored in the biomass, assuming the
feed COD is sufficient, resulting in PAO enrichment.

The interaction of SRT, substrate-to-phosphorus ratio, and biomass phosphorus
content can also be interpreted as shown in Figure 8.8 (Stensel, 1991). In a system
with longer SRT and lower MLVSS phosphorus content, more substrate (BODj) is
required per unit of phosphorus removed. This relationship is substantiated by a
pilot study conducted by Fukase et al. (1982), which indicated an increase in cBOD;:P
removal from 19 to 26 as the SRT was increased from 4.3 to 8 days.

The above observations reveal a need to operate as close as possible to the min-
imum SRT to meet overall process goals. Operating at longer SRTs may impose
greater substrate requirements for phosphorus removal and could potentially lead to
substrate limitation and phosphorus noncompliance.

Extensive field and laboratory experience reveal that EBPR systems can operate at
SRT values greater than three days. At SRT values between three and four days, efflu-
ent quality declines, and chemical polishing may be needed. At SRT values greater
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than four days and at temperatures greater than 15°C, nitrification will tend to occur,
and process configurations that include anoxic zones for denitrification of nitrate in
the recycle flows must be used to protect the integrity of the subsequent anaerobic
zone. As the SRT is increased to a level where endogenous reactions become signif-
icant (i.e., increased biomass decay), secondary release of phosphorus may lead to
decreased performance at given feed VFA and COD values.

To explain the SRT and EBPR performance, several researchers conducted exper-
iments under various operating conditions. McClintock et al. (1993) showed that,
at a temperature of 10°C and an SRT of five days, EBPR function of a given acti-
vated sludge system would “washout” before other heterotrophic functions do. The
washout SRT is a design parameter that defines a critical SRT point below which
the mass wasting rate exceeds the growth rate such that no net growth of biomass
occurs (Grady et al., 1999). Mamais and Jenkins (1992) showed that there is a wash-
out SRT for all temperatures over the range of 10°C to 30°C. This indicates that, if
the SRT-temperature combination is below a critical value, then EBPR ceases before
other heterotrophic functions. Erdal et al. (2003, 2004) investigated this phenomenon
and showed that in EBPR systems, the main effect of SRT is on PHA and glycogen
polymerization reactions. Ordinary heterotrophs (non-PAQOs) do not exhibit glyco-
gen metabolism and were not affected in the same manner, even at shorter SRTs.

Anaerobic phosphorus release and aerobic uptake must also be considered in
selecting the overall system and individual zone HRT values. Full- and pilot-scale
data show that the sensitivity of EBPR performance to changes in the anaerobic nom-
inal HRT is a function of the substrate-to-phosphorus ratio in the anaerobic zone
(Randall et al., 1992). In phosphorus-limiting conditions, the change in EBPR per-
formance with a change in anaerobic HRT was relatively small. At lower TCOD:TP
(COD-limiting conditions), changes in anaerobic HRT had greater effect on EBPR
performance. Polymerization of PHA continues even after the bulk solution VFAs
are exhausted within the first hour of the anaerobic period. Hence, if sufficient
anaerobic HRT is not allowed, an adequate amount of PHA will not be stored and
made available to support the desired phosphorus uptake in the aerobic zone. The
effect of excessive aeration (long aerobic HRT) was found to reduce EBPR efficiency.
This is attributed to depletion of glycogen reserves in the aerobic stage, which lim-
its PHA storage in the anaerobic zone. This occurs because some of the carbon sub-
strate would be used to replenish the glycogen reserves, thereby reducing EBPR
efficiency (Erdal, 2002).
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At full-scale plants, VFA uptake is a relatively rapid reaction, requiring an
anaerobic zone SRT of as low as 0.3 to 0.5 days. For the majority of the cases, this
corresponds to a nominal anaerobic zone HRT of 0.75 hour or less. Depending on
the concentration of the mixed liquor biomass concentration, however, the required
HRT will vary for different systems. For example, the HRT of the anaerobic zone of
a University of Cape Town (UCT) system should be approximately twice that of an
anaerobic/oxic (A/O) system. This is because in the UCT process, biomass is trans-
ferred from the anoxic to the anaerobic zone via a mixed liquor recycle rather than
return activated sludge (RAS), which has a higher MLSS concentration. For the same
degree of VFA uptake in the two systems, the same solids inventory (mass of MLSS
solids) should be present in the anaerobic zone of the two systems. Therefore, both
systems should have approximately the same anaerobic SRT but will require differ-
ent anaerobic volumes (HRTs) because of differences in the MLSS concentrations.

The fermentation of readily biodegradable organic matter is a slower process,
typically requiring an anaerobic zone SRT of 1.5 to 2 days. This corresponds to an
anaerobic zone HRT of one to two hours or more. If the influent wastewater contains
significant concentrations of VFAs, then a relatively short anaerobic zone SRT and
HRT can be used. If, on the other hand, significant fermentation is required in the
anaerobic zone to generate VFAs, then a longer anaerobic zone SRT and HRT
should be considered. The above HRT and SRT values are guidelines and site-
specific values should be determined based on wastewater characteristics and process
configuration.

3.12 Glycogen-Accumulating Organism Competition

As stated previously, provision of an anaerobic environment and adequate VFAs does
not guarantee PAO selection. Cech and Hartman (1993) were the first to report the
link between loss of EBPR and microbial competition. The responsible organism, ini-
tially called “G-bacteria,” is now commonly referred to as GAOs. Like PAOs, GAOs
also take up VFAs and store internally as PHA. The main difference between the two
organisms is the energy source used in the anaerobic zone to accumulate PHA. The
PAOs use stored polyphosphate and release phosphorus in the anaerobic zone, and
GAGOs use stored glycogen and do not release phosphorus. In addition, as indicated
by Erdal et al. (2004), two organisms store different forms of PHA. The main storage
product is PHB in PAOS and PHV in GAOs. Based on a review of full-scale data,
Stevens (2004) concluded that the presence of GAOs can coexist with PAOs without
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affecting EBPR. The process would be unstable, however, and any increase in the
GAO population could quickly lead to loss of phosphorous removal capability.

Liu et al. (1997) linked relative dominance of PAOs and GAOs to phosphorus-to-
carbon ratio (P:C). When excessive phosphorus was provided (P:C = 20/100), PAOs
outcompeted GAOs. At a lower P:C of 2/100, GAOs were dominant. Both organisms
coexisted at median P:C. Ahn et al. (2007) suggested that the amount of anaerobic
phosphorus released per acetate uptake could be a good indicator of PAO popula-
tion change. Their laboratory-scale study showed that higher organic loadings favor
glycogen-accumulating metabolism (GAM) over phosphorus-accumulating metabo-
lism (PAM). They concluded that when phosphorus release to acetate uptake ratio
was less than 0.4 mM P/mM C, GAM became dominant over PAM.

Grady and Filipe (2000) introduced the application of ecological engineering
principles to provide PAOs a competitive advantage over GAOs. They suggested
maintenance of a pH of above 7.3 or the use of longer anaerobic SRTs, or both, to
allow PAOs to outcompete GAOs.

The relative PAO and GAO fractions can be quantified using the method pro-
posed by Lopez-Vazquez et al. (2007). This practical method relies on the deter-
mination of the anaerobic phosphorus release to HAc ratio. The study predicted a
maximum phosphorus release to acetate ratio of 0.51 P-mol/C-mol if only PAOs
were present. If all other EBPR requirements (e.g., adequate VFAs, sufficient anaero-
bic contact) are met, then significantly lower phosphorus release to acetate ratio may
indicate potential GAO interference. Barnard and Scruggs (2003) have also proposed
a batch test to determine the presence of GAOs.

3.13 pH

The optimum pH range for EBPR appears to be 7.5 to 8.0 (Stensel 1991). As shown in
Figure 8.9, Tracy and Flammino (1985) found no appreciable effect on EBPR between
6.5 and 7.0. At pH of 6.5, PAO activity declined, and at pH of 5.2, there was minimal
activity. This result has been confirmed by Chapin (1993). Filipe et al. (2001a) con-
cluded that GAOs are relatively insensitive to the aerobic zone pH, and PAOs are
inhibited by low pH values. For this reason, it is essential to maintain a pH greater
than 7.0 in the aerobic zone. Another study completed by the same authors showed
that when the pH of the anaerobic zone is less than 7.25, GAOs are able to take up
acetate faster than PAOs (Filipe et al., 2001b). Based on these observations, the authors
suggested operating the EBPR system at an elevated pH as a means of minimizing
competition between PAOs and GAOs.
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FIGURE 8.9 Effect of pH on the phosphate uptake rate constant (Tracy and
Flammino, 1985).

3.14 Temperature

Research by McClintock et al. (1993) revealed that TCOD:TP in the process influent
also influences the temperature effects on EBPR processes. The researchers showed
that temperature has a stronger effect on the system operated at a five-day SRT when
COD was limiting than when phosphorus was limiting. EBPR was completely lost at
10°C in the five-day SRT system when COD was limiting, whereas healthy phospho-
rus uptake was evident under phosphorus limitation.

The effects of temperature on the efficiency and kinetics of EBPR systems have
been investigated for the past two decades, but the studies have yielded contradic-
tory results. Early researchers reported that EBPR efficiency was unchanged at lower
temperatures than at higher temperatures, over the range 5°C to 24°C (Barnard et al.,
1985; Daigger et al., 1987a; Ekama et al., 1984; Kang et al., 1985; Sell, 1981; Siebritz,
1983). More recently, researchers have found that cold temperatures adversely affect
EBPR performance (Beatons et al., 1999; Brdjanovic et al., 1997; Choi et al., 1998; Jones
and Stephenson, 1996; Marklund and Morling, 1994). Contradictory to previous find-
ings, Helmer and Kunst (1997) and Erdal (2002) reported that, despite the slowing
reaction rates, EBPR performance can be significantly greater at 5°C compared to
20°C. Citing work reported by other investigators, Stensel (1991) attributed better cold
weather EBPR performance to a population shift to slower growing psychrophilic
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FIGURE 8.10 Effect of acclimation on cold-temperature performance of enriched
EBPR populations (Erdal et al., 2002).

organisms with higher yield. The findings of Erdal et al. (2002), presented in Figure
8.10, show the importance of cold weather acclimation and the resulting improved
EBPR performance.

Erdal et al. (2002) indicated that efficient EBPR can be achieved, as long as SRT
values of 16 and 12 days are provided for 5°C and 10°C, respectively. System perfor-
mance was not affected between 16 and 24 days and 12 and 17 days SRT for 5°C and
10°C, respectively. High SRT operations increased the endogenous glycogen use, thereby
consuming the available reducing power used for PHA formation in anaerobic stages.

Glycogen metabolism was found to be the most rate-limiting step in EBPR bio-
chemistry at temperatures below 15°C (Erdal et al., 2002). The investigators found
that the pilot EBPR systems removed phosphorus until complete shutdown of glyco-
gen use and replenishment was observed. Despite the presence of available energy
sources (polyphosphate and PHA), the shutdown of the glycogen metabolism was
the major reason for washout. This biochemical response at washout SRTs prevented
acetate use and PHA formation. While PAOs washed out of the system, ordinary
heterotrophs continued to grow in the aerobic zone using the acetate unconsumed
in the anaerobic stage.

The washout aerobic SRT is influenced by COD:P. Under COD-limiting condi-
tion (Low COD:P), Erdal et al. (2003) obtained 1.2 days at 10°C and 2.1 days at 5°C.
These values were lower than those reported under phosphorus limitation, 2.5 days
at 10°C and 3.0 days at 5°C (WEF et al., 2005).
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Influent conditions influence system performance and washout point of EBPR
systems; COD:P, SRT, and temperature are the parameters that define the EBPR bio-
mass makeup and system performance.

In contrast to the behavior at colder temperature conditions, EBPR performance
tends to slow down or diminish completely at warmer temperatures. Similar to the
case for cold temperature effects, however, researchers report contradicting results.
Mamais and Jenkins (1992) investigated long- (13.5-20°C) and short-term (10-33°C)
effects of temperature in continuous flow, bench-scale activated sludge systems. The
optimum temperature for aerobic phosphorus uptake was reported to be between
28°C and 33°C. Jones and Stephenson (1996) suggested that the optimum temper-
ature was 30°C for anaerobic release and aerobic uptake of phosphate. They also
reported reduced EBPR efficiency at 50°C compared to 40°C. Brdjanovic et al. (1997),
in a laboratory-scale sequencing batch reactor, determined the short-term effects of
temperature on EBPR performance and kinetics at 5°C, 10°C, 20°C, and 30°C. In the
absence of acclimation, the optimum temperature for anaerobic phosphorus release
and acetate uptake was found to be 20°C. A continuous increase was obtained, how-
ever, for temperature values up to 30°C for aerobic phosphorus uptake. The stoichi-
ometry of EBPR was found to be insensitive to temperature changes.

Investigating the effect of temperature (20°C, 25°C, 30°C, 32.5°C, and 35°C) on
EBPR performance, Panswad et al. (2003) showed that anaerobic release, aerobic
uptake, and biomass phosphorus content all decreased with increase in tempera-
ture. At 35°C, no significant phosphorus release or uptake was observed and the cell
phosphorus content (2.4%) approached values closer to those of non-EBPR systems.
Wang and Park (1998) also reported lower EBPR performance at higher temperature
because of longer anaerobic contact times, which caused a decrease in phosphorus
content and PHA storage by PAOs.

Based on full-scale plant data and laboratory-scale investigation, Rabinowitz
et al. (2004) reported decreased rate of EBPR at temperatures above approximately
30°C. This was attributed to reduced rates of phosphorus release and uptake.

Degrading EBPR performance observed at warmer temperatures is related to
increased competition for substrates in non-aerated zones of the biological phos-
phorus removal systems (i.e., increased competition from non-PAOs that can
accomplish anaerobic PHA storage and increased denitrification in anoxic zones).
This emphasizes the importance of adequate feed COD:P that must be maintained
to support PAO growth and the anaerobic contact time for uptake of VFAs by the
PAOs.
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In summary, cold temperatures appear to give selective advantage to PAOs to
outcompete their mesophilic competitors. At high temperatures, the same bacteria
prefer to use and accumulate glycogen to a greater extent. Some researchers believe
that it is a population shift from PAOs to GAOs that causes a decline in EBPR effi-
ciency at higher temperatures. In either case, increased GAM (GAO proliferation or
glycogen dependency) could potentially lead to complete EBPR failure.

3.15 Wet Weather Operations

All biological processes perform at optimum efficiency when influent conditions
are stable. In reality, flows and loads fluctuate over time. Most biological systems
are designed with a safety factor and are able to accommodate a peaking factor of
approximately two without any detrimental process effects. Wet weather flows can
impose significantly higher peaking factors. In addition, depending on collection sys-
tem characteristics, the plant can experience sustained wet weather flows exceeding
24 hours.

In addition to excessive hydraulic peaks, wet weather flows are associated with
influent concentrations that are highly variable and unpredictable. Influent flows and
loads during wet weather is influenced by the characteristics of the rain event such
as duration, intensity, and duration of dry period preceding the rain event; by type
of collection system (separate or combined); use of flow equalization; and collection
system storage provided. There are several ways in which wet weather affects EBPR
performance:

(1) Concentration of organic matter in the incoming wastewater during a storm
event can be quite low, thus not providing sufficient soluble organic readily
biodegradable carbon. This will lower the bioreactor influent rboCOD:TP and
will be detrimental to PAO selection.

(2) The HRT in the anaerobic zone is decreased by the high incoming flowrate
of the wastewater.

(3) A large storm will flush the collection system of settled organic matter, thus
eliminating sewer fermentation, which is often a source of VFAs.

(4) Lower temperatures and high oxygen levels associated with storm flows
significantly limit the potential for fermentation and production of VFAs.

(5) Final clarifiers are often the weak link in a biological system. During wet
weather peak flow conditions, a net transfer of solids occurs from the bio-
reactor to the clarifiers, resulting in an increase in sludge blanket depth. If

307



308

Nutrient Removal

this condition continues, the increasing blanket depth could potentially lead
to solids washout. Significant solids washout has multiple process effects
including elevated effluent total solids, elevated effluent total phosphorus,
and loss of nitrification.

There are several corrective measures that can be implemented to achieve stable
phosphorus removal under wet weather conditions:

(1) Inclusion of step-feed capability in the bioreactor to bypass all but a fixed
portion of the flow around the anaerobic zone, thereby preserving the anaer-
obic retention time for PAO selection.

(2) Addition of a supplemental source of VFAs directly to the anaerobic zone.
Supplemental VFAs can be produced at a wastewater treatment plant by fer-
mentation of the primary sludge (Oldham and Abraham, 1994; Rabinowitz,
1994). Alternatively, a supply of VFAs (acetic or propionic acid) can be kept
onsite to assist EBPR during storm flows.

(3) Addition of final clarifiers that can be brought online to deal with wet
weather peak flows. If this is not possible, polymers can be added to the
operational final clarifiers to enhance their solids separation and handling
capability.

4.0 FILAMENTOUS BULKING AND FOAMING

Filamentous bulking and foaming are two major operating problems associated
with EBPR facilities. They negatively affect effluent quality and create serious house-
keeping and odor problems. An in-depth examination of the topic may be found in
Eikelboom, 2000; Jenkins et al., 2004; Wenner, 1994; and WEF et al., 2005. This section
contains a brief discussion of causes and potential corrective strategies of bulking
and foaming in EBPR systems.

4.1 Filamentous Bulking

The presence of some filamentous organisms provides a backbone to the floc struc-
ture, which helps sludge settle in the final clarifiers and produces a clear effluent.
Excessive filaments, however, are associated with poor settling sludge and high
effluent solids. A variety of operating conditions, singly or in combination, can cause
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the growth of filamentous organisms in EBPR systems. These include low dissolved
oxygen, low or high food-to-microorganism ratio (F:M), sulfides, and low pH values.
Filament identification is the first step in resolving the problem. Typically, opera-
tional controls focus on removing the conditions responsible for bulking or killing
filamentous organisms to control their number. Some common strategies include

* Using selectors to provide growth advantage to floc formers;

¢ Chlorinating RAS;

Adding nutrients;
e Correcting the dissolved oxygen concentration in the bioreactor; and

e Correcting the pH.

4.2 Filamentous Foaming

Although Nocardia sp. is the most commonly found organism responsible for fila-
mentous foaming, others (such as Microthrix parvicella and Type 1863) can also cause
foaming. Because many of the organisms that cause foaming look similar, the term
“nocardiafoams” is used to refer to them collectively.

The presence of some foam in the activated sludge bioreactor is normal. In a well-
operated process, 10% to 25% of the bioreactor surface will be covered with a 50- to
80-mm (2- to 3-in.) layer of light tan foam. Under certain operating conditions, foam
can become excessive and affect operations.

Three types of problem-causing foams are stiff white foam, brown/dark tan foam
often incorporating scum, and very dark brown or black foam. If allowed to accumu-
late, stiff white foam can be blown by wind onto walkways and create hazardous
working conditions. It can also create an unsightly appearance, produce odors, and
transmit pathogens. If greasy or thick scummy foam builds up and is conveyed to
the secondary clarifiers, it will tend to build-up behind the influent baffles and create
additional cleaning requirements. It can also plug the scum-removal system.

Foaming typically is associated with warmer temperatures, grease, oil, fats, and
long SRT. Because foaming is a surface phenomenon, it typically has a longer SRT
than the underlying MLSS. Plants prone to foaming often receive oil and grease
waste from restaurants with poorly performing or missing grease traps; have poor or
no primary scum removal; recycle scum; and have bioreactors and final clarifiers that
are not properly designed to remove scum and foam.

309



310

Nutrient Removal

The most effective strategy to deal with foaming is to eliminate conditions that

encourage growth of nocardiafoams. This is not always easy, however, because

exact cause-and-effect relationships have not been fully established. The following

is a listing of foam and scum control methods that can be implemented in EBPR

systems:

5.0

Design inter- and intrazone baffles to promote free-flow surface foam and
scum.

Eliminate dead ends, sharp corners, and quiescent zones in channels or bio-
reactors where there is a potential for foam and scum to accumulate.

Selectively waste preferential removal of foam and scum organisms from the
aeration basin as part of the WAS stream. Collected foam should not be recy-
cled to avoid reseeding the foam-causing organisms.

Design secondary sedimentation tank inlet wells and flocculation wells to
allow for passage of floating material.

Install an effective scum removal system on secondary sedimentation tanks,
preferably a full radius skimmer.

Avoid opportunities for recycling foam and scum organisms to the main-
stream treatment train from sidestream solids processing facilities.

Apply chlorine (0.5-1% solution) spray at localized points of foam and scum
collection or accumulation to kill nocardiafoams and prevent them from caus-
ing problems in either mainstream or sidestream treatment processes. The
chlorine dose should be controlled carefully to avoid EBPR inhibition, which
can take several days to recover.

Add polymers to destroy the hydrophobic properties of the foam and allow it
to mix with the sludge so that it can be removed with the waste sludge. The
addition of polyaluminum chloride has also been shown to be effective in con-
trolling foaming (Melcer et al., 2009).

PREFERMENTATION

Prefermentation refers to the conversion of complex organic material present in

wastewaters to short-chain VFAs under anaerobic conditions. In this and other
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manuals, the process is also referred to as fermentation. Prefermentation occurs in
many collection systems before wastewater reaches the treatment plant. The degree
of sewer fermentation is affected by several factors, primarily the HRT and waste-
water temperature. Typically, long, flat sewers favor VFA generation, whereas short
steep sewers decrease the retention time and create conditions for reaeration of the
wastewater. Force mains encourage acid fermentation because little or no reaera-
tion takes place. High infiltration during storms dilutes the wastewater, reduces the
retention time, and increases reaeration, thereby reducing in-pipe fermentation. Cold
temperatures also affect sewer fermentation.

When adequate VFAs are not available through sewer fermentation, engineered
prefermentation facilities may be implemented to augment VFA supply. In a typi-
cal municipal wastewater, the soluble BOD fraction is 40% to 60% of the total BOD.
This means a significant amount of the organic matter is in particulate form and
potentially can be converted to VFAs. By ensuring a reliable and consistent supply
of VFAs, primary sludge fermentation stabilizes the EBPR process and significantly
increases denitrification rates in BNR processes. Fermenters are a particularly attrac-
tive option for large plants in temperate and cold climates that receive low-organic-
strength wastewater; plants located in hilly areas with no opportunity for sewer
fermentation; and plants that want to meet stringent effluent total phosphorus limits
using EBPR only.

Acid fermentation laboratory experiments performed at the University of
Capetown (initial VSS concentrations of 300 to 40 000 mg/L and turnover of 9 to 19
days after the start of fermentation) reported the following findings (Wentzel et al.,
1988b):

¢ The lag phase before acid formation varied from 0 to 7 days, peak acid concen-
tration was obtained 6 to 9 days after the start of fermentation, and production
followed a first-order reaction.

* A maximum yield of approximately 0.125 kg VFA as COD was obtained per
kilogram initial VSS as COD. For an SRT of three to four days, the yield was
0.075 kg/kg. The VFAs were produced in proportions of 1:1:0.08:0.07 for ace-
tic, propionic, butyric, and valeric acids, respectively.

e Several observations were made when four reactors in series were oper-
ated semi-continuously using primary sludge at VSS concentrations between
37 000 and 57 000 mg/L: (1) there was no lag period for acid production;
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(2) between 6% and 10% of the VSS (as COD) was solubilized to VFA (as COD);
and (3) approximately 50% to 70% of the 0.45-pm-filtered COD was VFA. The
acetic:propionic: butyric: valeric acid ratio of the VFA was 1:1:0.3:0.1. Of the total
VFA generated, 43% was acetic, 41% propionic, and 16% butyric and valeric.

* The series system had no significant advantage over a single reactor with equal
retention time.

The fundamentals of biological prefermentation design and operation have been
described in considerable detail by Barnard (1991), and his observations are summa-
rized in the remainder of this section.

In a prefermenter, the fermentation step is independent of the activated sludge
system, and carbon available in the incoming raw wastewater is fermented to gener-
ate short-chain VFAs.

Without any incidental fermentation in the sewers or deliberate fermentation in
primary sedimentation tanks, it is difficult to produce sufficient VFAs in the anaer-
obic zone of an EBPR activated sludge plant when the influent is weak and mixed
liquor temperatures are low. At influent BOD values of less than 200 mg/L and tem-
peratures below 12°C to 15°C, secondary release (phosphorus release without sub-
strate storage) is more than the uptake possible through the production of VFAs, and
enlargement of the anaerobic zone becomes counterproductive.

Thus, although it has been found that with stronger wastes and high winter temper-
atures there may be merit in enlarging the anaerobic zone, for weaker wastes and lower
winter temperatures, the smaller the anaerobic basin the better, provided sufficient
VFA is produced in a prefermentation step. The anaerobic zone then becomes merely a
contact zone for the uptake and storage of VFAs with the release of phosphate.

Gerber et al. (1986) found that when acetates were fed to sludge from a nutrient
removal plant, primary release of phosphate began immediately even in the presence
of nitrates and dissolved oxygen. If sufficient VFAs are available, then total exclusion
of air and NOx is not required, and strict anaerobic conditions may be counterpro-
ductive. Because no more fermentation is required, oxygen or nitrate will allow only
some organisms to use the substrate. However, secondary release under anaerobic
conditions would require more VFAs for the uptake of the released phosphate. It
is not yet clear which is more harmful—excessive anaerobiosis or some oxygen or
nitrate. The following factors should be considered in promoting prefermentation
and extracting of VFAs:

(1) Dewater the underflow from gravity thickeners. In Kelowna, British
Columbia (Canada), initial attempts to elutriate VFAs from thickener
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underflow consisted of passing the underflow over a static screen to remove
coarser material (Barnard, 1984). This process works only when spray-
ing water on the screen to continuously wash the sludge. This resulted,
however, in too much solid material passing through the screen. An alter-
native method could be to use a dewatering device such as a centrifuge
or belt filter press, with return of the liquid to the anaerobic basin. This
refers to the dewatering of thickened primary sludge and not of digested
sludge.

(2) Return the thickener overflow directly to the anaerobic basin. This would
be normal practice in combination with the BNR plants but does not opti-
mize the elutriation of VFA. In the thickening process, liquid containing
VFA is expelled continuously. As the sludge thickens and optimal VFA pro-
duction is reached, however, less liquid is expelled and much of the VFA
is not passed to the activated-sludge unit unless the next step is sludge
dewatering.

(3) Recycle solids in the primary settling tank (PST) or gravity thickener. One
of the simplest ways of producing VFAs is to allow a sludge blanket to form
within the PST and to slowly recycle the sludge to the inlet. This concept is
the basis of the “activated primary sedimentation tank” or a-PST (Barnard,
1984). Figure 8.11 is a schematic of an a-PST arrangement. The constant
recycling process inoculates the incoming solids with actively fermenting
organisms, elutriates the VFAs formed in the sludge blanket. It also prevents
formation of methane and hydrogen sulfide through constant exposure
to air with every recycle. Such recycle may also be applied to the gravity
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FIGURE 8.11 The activated primary sedimentation tank (from Barnard, ]J.L.
[1984] Activated Primary Tanks for Phosphate Removal. Water SA, 10, 121, with
permission).
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thickener or from the thickener back to the PST. Barnard (1984) provides
further details regarding this operation.

Recycle solids in primary settling tanks or gravity thickeners. This even-
tually will lead to a slow buildup of methanogenic organisms. The sludge
should be wasted completely at regular intervals. These intervals vary from
one location to the next and even from season to season and must be opti-
mized for each individual plant.

Use a completely mixed fermenter. The sludge removed daily from the PST
can be discharged to a completely mixed fermentation unit. The VFA-rich
fermenter overflow is sent to the primary clarifier and primary sludge is
wasted from the fermenter (Rabinowitz and Oldham, 1985). The fermenter
HRT is calculated based on primary sludge feed rate. The SRT is a function
of the mass of solids in the fermenter and the wasting rate. Provision should
be made for emptying the fermenter at regular intervals to prevent devel-
opment of methanogenic organisms, which tend to develop and build up
slowly in spite of the adverse conditions. Alternatively, regular aeration of
the fermenter for short periods can counteract the development of methane
organisms. This has been successfully implemented at treatment plants in
Johannesburg, South Africa.

Use abatch fermenter. At Pietermaritzburg, Natal (South Africa), four small
redundant digesters are used for batch treatment of the primary sludge.
The PST underflow is pumped for two days to one batch unit. The pump-
ing automatically is switched to the second, the third, and the fourth. At
the other end of the batch units, pumps automatically transfer sludge
to the thickener. The thickened sludge is then discharged to the digest-
ers, and the VFA-rich liquid is discharged to the BNR plant. This has the
advantage of full automation and achieves odorless optimization of the
process.

6.0 PROCESS CONFIGURATIONS

Achieving EBPR requires cycling the microbial consortium (sludge) between anaero-

bic and aerobic conditions for the appropriate length of time. Table 8.5 summarizes

the available process configurations and key characteristics.
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TaBLE 8.5 Key features of available enhanced biological phosphorus removal

alternatives.
Process Zones Internals recycles Key features
Anaerobic-oxic AN-OX None e TP removal
(AO) ¢ Mainstream AN and OX
zones
PhoStrip OX-AN None e TP removal
* Mainstream OX and
sidestream AN zones
¢ Biological and chemical
removal
Phoredox (A%2/0O) AN-AX-OX e Nitrate (OX to AX) e TP and TN removal
University of Cape AN-AX-OX ¢ Nitrate (OX to AX) e TP and TN removal
Town (UCT) e Anaerobic (AXto AN) e RASto AX; AN zone
protected
e Larger AN because of
lower MLVSS
Modified UCT AN-AX1- e Nitrate (OX to AX1) e TP and TN removal
(MUCT) AX2-0OX * Anaerobic (AX2 to AN) e RAS to AX1 greater pro-
tection of AN zone
* Larger AN because of
lower MLSS
Virginia Initiative =~ AN-AX1- e Nitrate (OX to AX1) e Similar to MUCT except:
Plant AX2-0X * Anaerobic (AX2 to AN) e Nitrate recycle mixed
with RAS
e AN and AX zones are
staged
Five-stage AN-AX1-OX- e Nitrate (OX to AX1) e TP and TN removal
Bardenpho AX2-Reair * 2nd anoxic (AX2)
Oxidation ditch AN-OX None e TP and TN removal
* AN zone precedes oxi-
dation ditch.

Simultaneous nitrifi-
cation/denitrification

(SND)
(continued)
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TaBLE 8.5 Continued

Process Zones Internals recycles Key features
Johannesburg PreAX-AN-OX e Nitrate (OX to AX) e TP and TN removal
e PreAX zone for RAS
denitrification and to
protect AN zone
Westbank PreAX-AN- e Nitrate (OX to AX) e TP and TN removal
AX-OX e PreAX zone for RAS
denitrification and to
protect AN zone
Schreiber AN-OX None e TP removal
(Temporal e Airis cycled to achieve
zone AN-OX conditions
distribution) e Incidental TN removal
Sequencing batch ~ AN-OX None e TP removal
reactor (Temporal ® Airis cycled to achieve
zone AN-OX conditions
distribution) ¢ Incidental TN
¢ No clarifiers
Phased isolation AN-OX None TP removal
ditch (BioDenipho) (Temporal Air is cycled to achieve
zone AN-OX conditions
distribution) Incidental TN removal

AN = anaerobic; AX = anoxic; OX = oxic; PreAX = preanoxic; reair = reaeration; TP = total

phosphorus; and TN = total nitrogen.

7.0 PROCESS MONITORING

A brief review of the key parameters used for monitoring the EBPR process is pro-
vided in this section. A detailed discussion of the topic is presented in Chapter 11 and
in WEF et al., 2005.

7.1 Dissolved Oxygen

Dissolved oxygen is a measurement of the oxygen dissolved in a liquid stream. In the
EBPR process, adequate dissolved oxygen should be available for rapid phosphorus
uptake in the aerobic zone. If it is present in the anaerobic zone, however, it could
potentially inhibit VFA production and PAO selection.
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Many facilities use online instrumentation for continuous monitoring of dis-
solved oxygen in the aeration zones. Often, this information is used to control aera-
tion and reduce energy costs. The dissolved oxygen concentrations in the bioreactor
influent, anaerobic zone, internal recycle, and RAS streams typically are not moni-
tored, but should be checked if EBPR is reduced.

7.2 Oxidation-Reduction Potential

Oxidation-reduction potential (ORP) is a measurement of the oxidation or reduction
potential of a liquid. A positive ORP value is associated with oxidation reaction, and
a negative value indicates reducing conditions. Hence, ORP can be used to indicate
the type of environment (i.e., aerobic or anaerobic). Because certain wastewater char-
acteristics and type of ORP probe (silver versus platinum) will affect readings, typical
values cannot be assigned for aerobic and anaerobic conditions. A field correlation
should be performed before ORP values are used to control the system. Once this is
done, an operator can measure the ORP to quickly determine if the tank is aerobic,
anoxic, or anaerobic. Control systems can be programmed to control recycle rates,
aeration, or other devices to meet the desired environmental conditions in the tank.

7.3 Nitrate-Nitrogen

Like dissolved oxygen, the presence of nitrate in the anaerobic zone can inhibit PAO
selection. Nitrate is generated during nitrification in the aerobic zone and can enter
the anaerobic zone with RAS. It can also be in the backflow from the aerobic to the
anaerobic zone. Industrial discharges can also be potential source of nitrates.

If lower EBPR performance occurs, nitrate should be measured in the bioreactor
influent, anaerobic zone, and RAS. This information should be reviewed in conjunc-
tion with anaerobic phosphorus release to determine if there is a correlation.

7.4 Total Phosphorus

Total phosphorus includes soluble and particulate forms and should be monitored as
required by the plant’s discharge permit. In addition, it should also be measured as
often as practical in the influent, sidestream, and clarified effluent. By reviewing the
total phosphorus data in conjunction with the orthophosphorus values, it would pos-
sible to identify the process (EBPR or solids capture) that can be improved to lower
the effluent total phosphorus levels. It is important that enough data is collected
when the facility is running well to form a reliable baseline of information.
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7.5 Orthophosphorus

Orthophosphorus is the soluble form of phosphorus and is directly implicated in
phosphorus release and uptake reactions of the EBPR process. Hence, by measuring
orthophosphorus at targeted locations in the bioreactor, it is possible to assess EBPR
performance.

7.6 Chemical Oxygen Demand

COD is considered to be a better measure of the organic content of a sample than
c¢BOD;. At approximately 3 hours, the COD analysis is much faster than the standard
5-day BOD test.

As proposed by Ekama et al. (1984), the influent COD can be subdivided into bio-
degradable and nonbiodegradable fractions. The unbiodegradable fractions typically
will pass through the treatment system or eventually be wasted from the system in
the form of particulate matter in the MLSS or primary sludge. The biodegradable frac-
tion may be broken into rbCOD and slowly biodegradable COD. The rbCOD fraction
is the most important in the EBPR process because it is susceptible to fermentation to
form VFAs within the short retention time (one to two hours) in the anaerobic zone.

Mamais et al. (1993) developed a rapid physical-chemical method to determine
rbCOD in municipal wastewater. This method is based on the assumption that rbCOD
is equal to soluble effluent COD from an activated sludge plant treating wastewater.
Park et al. (1997) also described this method.

7.7 Volatile Fatty Acids

Performance of an EBPR process is related directly to the amount and type of VFAs
available in the anaerobic zone. Approximately 7 to 10 mg/L VFA is required to
remove 1 mg/L phosphorus. Samples for VFA analysis should be collected from the
bioreactor influent before the introduction of RAS. Samples also should be collected
on the elutriate from prefermentation facilities to determine the performance of these
units in generating additional VFAs that are directed to the anaerobic zone.

7.8 Soluble Biochemical Oxygen Demand

Soluble BOD (sBOD) is the BOD of the filtrate of a sample. The bioreactor influent
sBOD is a more accurate measure of the rapidly biodegradable substrate than total
BOD. The same sample should be used for sBOD and total phosphorus analyses so
that sBOD;: TP can be developed. Review of this data over time will allow a facility to
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determine if the variation in EBPR performance is the direct result of changes in the
amount of food available to the system.

sBOD:TP is a rough indication of substrate availability and is not as good an indi-
cator as rbCOD:TP or VFA:TP. It can be used, however, by plants that do not have the
resources to perform rbCOD or VFA analysis. The key disadvantage of using sBOD
is that it takes five days to obtain the results. Hence, it cannot be used for making
timely process decisions. Instead, it could be used to identify long-term trends.

7.9 Biological Phosphorus Removal Potential Test

Although the various substrate-to-phosphorus ratios (cBOD5:TP. rbCOD:TP, VFA:TP,
etc.) provide an indication of the amenability of the wastewater to EBPR, these ratios
may not be reliable because of site-specific conditions. Consequently, plants with
supposedly favorable ratios have shown disappointing EBPR performance.

To overcome this drawback, a bench-scale procedure was developed by Park
et al. (1999) to assess the EBPR potential. This test can be performed when it is
suspected that the influent wastewater strength is affecting performance or when
secondary phosphorus release is occurring in the anaerobic reactor. The test com-
pares the amount of phosphorus release obtained from samples with and with-
out supplemental acetate addition. Thus it is an indication of the EBPR potential
of the “wastewater only” sample. Details of the tests are outlined in Park et al.
(1999).

8.0 DESIGN CONSIDERATIONS

8.1 Anaerobic Zone

The anaerobic zone is expected to sustain two important reactions that are central to
the success of EBPR process: PAO selection and VFA generation. The anaerobic zone
can be sized based on SRT and HRT requirements as outlined below:

e PAO selection is the primary function. This is a relatively rapid reaction if
adequate rapidly biodegradable substrate (VFA) is available. The associated
anaerobic SRT is approximately 0.3 to 0.5 days, and the corresponding nomi-
nal anaerobic HRT is 30 to 45 min.

* VFA generation through fermentation is a secondary function of the anaero-
bic zone. It is not required to perform this function if other sources of VFAs,
such as sewer fermentation and primary sludge fermentation, are available.
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Fermentation in the anaerobic zone is a slower reaction requiring an anaero-
bic SRT of 1.5 to 2 days and an anaerobic HRT of approximately one to two
hours.

Barnard (1984) emphasized the need to correctly size the anaerobic zone. If it is
too large, then VFAs would be exhausted, and carbon uptake and storage as PHA
would cease. Anaerobic phosphorus release will continue, however, and there would
not be adequate stored PHA available to remove this additional phosphorus (second-
ary phosphorus release) in the subsequent aerobic zone.

Good design practice calls for assessing the need to provide a variable anaerobic
volume. This typically is done by incorporating “swing zones” that can be operated
as anaerobic or oxic (or anoxic in BNR systems) volumes. Such a feature would allow
the anaerobic volume to be varied in response to operating conditions to ensure that
the target effluent phosphorus level is achieved consistently.

8.2 Aerobic Zone

Actual phosphorus removal occurs in the aerobic zone. Nitrification, however, typi-
cally is the controlling process and would dictate the aerobic volume requirements.
Phosphorus uptake is a rapid reaction requiring adequate dissolved oxygen. As
stated previously, dissolved oxygen limiting conditions in the initial sections of the
aerobic zone can cause poor initial phosphorus uptake. It may not be possible for
phosphorus removal to “catch up” in the subsequent aerobic zones even if adequate
dissolved oxygen is maintained. Hence, for the EBPR process, the most important
factor is the provision of adequate initial dissolved oxygen. Designers should con-
sider tapered aeration to ensure that air delivery matches oxygen demand.

Oversizing the aerobic zone, however, will lead to excessive aerobic HRT, which
may result in secondary phosphorus release. This requirement will need to be bal-
anced with nitrification needs.

8.3 Baffles

Baffles play an important role in enhancing the EBPR process. Two types are baffles
are used in EBPR bioreactors:

(1) Interzone baffles for separating the anaerobic and oxic zones.
(2) Intrazone baffles placed within a zone to enhance reaction kinetics.
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8.3.1 Interzone Baffles

In EBPR bioreactor configurations, interzone baffles are provided to protect the integ-
rity of the anaerobic zone. Baffle design should consider the following;:

* Because of density differences, the water surface in the aerobic zone will be
considerably higher than the water surface in the nonaerated (anaerobic) zone.
This could initiate a backflow of high dissolved oxygen stream into the anaer-
obic zone, which will reduce the available substrate and could potentially
stimulate filamentous growths and cause Nocardia foam. In addition, foam
will be trapped in the upstream aerated zone because of the increase in water
surface.

¢ Head loss is the most effective way to segregate zones by providing a drop in
water surface across the top baffle. Baffle openings should be sized to ensure
a forward flow of 0.15 m/s (0.5 ft/sec) at minimum flow. Fully submerged
baffles with the top approximately 25 mm (1 in.) below the water surface
would allow the free flow of surface scum and foam without an opportunity
to accumulate. Alternatively, when baffles extend well above the water sur-
face, slots should be cut at the top for the scum and foam to pass as shown in
Figure 8.12.

¢ Bottom baffle openings must be provided to facilitate tank draining. The open-
ing should be small enough to avoid significant forward flow.

8.3.2 Intrazone Baffles

Intrazone baffles typically are provided to enhance the reaction rates within a zone.
In an EBPR system, intrazone baffles are provided to improve plug flow conditions.
As shown in Figure 8.13, Stensel (1991) indicated that an anaerobic stage divided into
discrete stages would result in more rapid substrate uptake kinetics (because of the
higher initial F:M) than a completely mixed zone. Consequently, the anaerobic vol-
ume can be decreased by staging it. Similar benefits have been reported by staging
the aerobic zone (Jeyanayagam, 2007; Narayanan et al., 2006).

8.4 Aeration Requirements

The use of an anaerobic zone as the first treatment stage in an EBPR flow configu-
ration results in a reduction of the oxygen requirements (McClintock et al., 1993).
This phenomenon has been termed anaerobic stabilization, but the biochemical
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FIGURE 8.12 Interzone baffle with provision for the passage of scum and foam
(courtesy: Malcolm Pirnie, Inc.)
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FiGURE 8.13  Effect on initial F/M on COD uptake in anaerobic zone (Stensel, 1991).

mechanisms involved are not fully understood. It has been repeatedly documented,
however.

In the study by McClintock et al. (1993), mass balance techniques were used to
determine and compare the oxygen requirements of a conventional, fully aerobic
activated-sludge system and a UCT/VIP™ system placed side by side and treating
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the same wastewater. Both units were operated at three temperatures and two SRTs
(six experiments). The results showed that the EBPR system required less oxygen
than the conventional system. The oxygen mass balance for the conventional sys-
tem was within 4.5% of the theoretical amount for five out of six experiments. This
shows that the procedures used were reliable and accurate. The oxygen mass bal-
ance for the EBPR system was less than the theoretical amount by an average of
16.7%. Data from several other studies that support the existence of anaerobic sta-
bilization have been published previously (Brannan, 1986; Daigger et al., 1987a;
Randall, 1985).

An additional observation was that the total oxygen used by the BNR system,
which included denitrification and EBPR, was an average of 31% less than the total
oxygen used by the fully aerobic conventional system.

8.5 Mixing Requirements

The goal of mixing in an anaerobic zone is to keep the MLSS suspended while mini-
mizing surface turbulence that could transfer oxygen from the atmosphere. Therefore,
the minimum power input necessary to keep the solids suspended should be used,
and the stirring mechanism should be designed to avoid vortexing. Alternatives
include submersible, vertical, and pulsed air mixers. Power input should be sufficient
to maintain a velocity of 0.3 m/s (1.0 ft/sec) throughout the zone. Because horizontal
velocities can be difficult to quantify in a reactor with a single-point mixing device, a
more practical criterion is complete turnover of the cell contents every 20 min, based
on the primary pumping rate of the mixer.

A formula for determining mixing requirements as a function of the MLSS con-
centration has been developed from information presented by Reynolds (1982) and is
as follows:

P/V =0.00094 (11)*? (MLSS)0.298 (8.2)

Where,
i = absolute viscosity in centipoises = 1.0087 at 20°C;
PJV = power units per unit volume, kW /1000 L; and
MLSS = mixed liquor suspended solids concentration, mg/L.

However, this formula should be used only for nearly square zones with a depth
of no more than 6 m (20 ft).

Although energy input of approximately 4 W/m? is adequate for mixing without
causing excessive turbulence, the actual power requirement will depend on the shape
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and size of the anoxic and anaerobic zones and the type of mixer. Mixer manufactur-

ers should be consulted for sizing the mixer.

8.6 Prefermentation

Following is a compilation of key prefermenter design and operational considerations:

1)

2

3)

)

()

When designing a plant with EBPR, the return of organic carbon in the form
of BOD or COD to the biological process should be considered. This is not
more than would typically be expected when thickening primary sludge,
but if extensive fermentation is required, then the return of COD may be
substantial and must be reflected in the calculations for the BNR process.
The mechanical equipment used should be simple and easily accessible. This
is particularly important because the fermenter must be enclosed for odor
control. A corrosive atmosphere is encountered within the fermenter that
attacks metal and concrete. Because a high degree of stirring is not desired,
external pumps may be considered. The concrete cover may be designed to
be in contact with the liquid to prevent corrosion. Alternatively, an alumi-
num cover may be provided.

Provision should be made for venting the air space to an odor-control unit.
The effluent from a prefermenter should be handled with care to minimize
odor problems.

The recycling of sludge in the fermenter leads to the buildup of a fibrous
gooey substance that is difficult to handle. It also clogs pumps and accumu-
lates in the digesters. Though a fine screen in the sludge line to the fermenter
will help, the best location for this screen is on the recycle line because most
of the fibrous mass seems to reform in the fermenter. Because the substance
is odorous and difficult to handle, a press is required to squeeze the liquid
out and return it to the fermenter or the PST. The remainder of the fibers
could be wasted to the screenings. Because most of these fibers would end
up in the digesters, the cost of removing them is worthwhile because of the
additional benefit.

Sufficient redundancy should be provided to ensure that production and
supply of VFA is not interrupted. Two or more fermenters and at least two
thickeners should be considered. Alternatively, provision could be made for
recycling around the primary sedimentation tanks, of which there should be
more than one.
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Rabinowitz and Oldham (1985) observed that although the VFAs kept
increasing as the SRT of the fermenter increased up to 10 days, optimal
phosphate removal was observed at an SRT in the fermenter of between
6 and 8 days.

When using two primary sedimentation tanks as shown in Figure 8.14, there
are many possible ways in which the wastewater treatment plant could be
operated. In this case, the sludge is separately recycled back to the influent of
each tank, the pumps are connected directly to the underflow of each tank, and
the lines are interconnected by two-way valves. Thus, any of approximately
12 operating combinations is possible. For example, the underflow of tank one
can be pumped to tank two while the underflow of tank two is pumped to the
digesters or recycled and then pumped to the digesters. As a result, it is possi-
ble to keep fermentation going in one tank while cleaning the other unit.

The key parameter for monitoring the performance of primary sludge fer-
menters is the VFA concentration in the fermenter supernatant. This is best
measured by gas chromatography or high-performance liquid chromatogra-
phy, which provides accurate information about the concentration of indi-
vidual VFAs present. The distillation method is a reasonable method for

Raw Wastewater

To Digesters

FIGURE 8.14 Arrangement of two activated primary tanks (from Barnard, J.L.
[1984] Activated Primary Tanks for Phosphate Removal. Water SA, 10, 121, with
permission).
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)

measuring the total VFA concentration, but tends to be inaccurate at concen-

trations below 100 mg/L. The concentration of soluble COD in the fermen-

ter supernatant provides a reasonable indication of the VFA concentration.

The redox potential in the sludge blanket can indicate the level of anaerobic

activity in the fermenter and whether optimal conditions for acid fermenta-

tion or methane and sulfide formation are being maintained. The pH of the

sludge blanket can indicate good VFA production but is somewhat influ-

enced by the natural alkalinity of wastewater.

The two principal control parameters for the operation of primary sludge

fermenters are the SRT and HRT. These are discussed below:

¢ The literature does not provide a clear indication of the SRT requirements
for prefermentation. This is probably because the type and condition of
the sludge arriving at different plants vary greatly. Some sludges may
contain easily degradable solids; others may contain more complex pro-
teins. The solids or the liquid arriving at the plant may be fresh or may
have undergone sewer fermentation. In addition, wastewater strength and
temperature may vary. The fermenter SRT is controlled by adjusting the
solids inventory and the sludge wastage rate. By increasing the fermenter
SRT, the growth of slower growing fermentative organisms is favored,
and more complex molecules and higher acids are produced. Conversely,
decreasing the SRT favors the growth of faster growing organisms, result-
ing in simpler biochemical pathways and the production of acetic acid
and, to a lesser extent, propionic acid.

¢ The fermenter HRT is controlled by adjusting the primary sludge and elu-
triation water pumping rates. Elutriation water is added to wash and sep-
arate the released soluble VFAs from the particulate matter and remove
them as an overflow stream. Increasing the HRT increases the avail-
able time for the conversion of solubilized substrates to VFAs. The HRT
should be increased if there is insufficient hydrolysis of the particulates. A
too long HRT results in the production of complex molecules and higher
acids. Primary of final effluent can be used as elutriation water.

8.7 Supplemental Carbon Addition

As stated previously, the presence of rapidly biodegradable substrate (as VFAs) is

a prerequisite for EBPR. Fermentation in the collection system and in the anaerobic
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zone of the bioreactor is the most common source of VFAs. If naturally occurring
VFA content is insufficient, a supplemental source would be required to sustain
EBPR. The supplemental chemical dosage requirement is in the order of 7 to 10 mg/L
VFA per mg/L phosphorus removed.

Acetic acid (CH,COOH) is the most effective VFA for EBPR. Abu-Ghararah and
Randall (1991) showed that of the carbon sources investigated, acetic acid was associ-
ated with the highest phosphorus uptake of 0.37 mg/L P per mg/L COD used and
the lowest substrate requirement of 16.8 mg COD/mg P removed. Acetic acid is com-
monly available as 100% (glacial), 84%, and 56% solutions. A summary of the chemi-
cal properties is presented in Table 8.6 (WEF et al., 2005). Unless dilute acetic acid
nearing the properties of water is used, the design of storage facilities must include
freeze-protection measures. Glacial acetic acid storage could require provisions for
heating. In warm climates, it may be necessary to consider an inert gas blanket or
floating cover because of the low flash point. Because of corrosivity concerns, 316
stainless steel typically is used for the construction of storage tanks, piping, and
appurtenances. The design of storage and chemical handling facilities must meet all
applicable code requirements (National Fire Protection Association, Department of
Transportation, Occupational Safety and Health Administration, etc.).

Because of the expense of adding pure chemicals such as acetic acid, some
plants have considered industrial wastes as supplemental carbon source. These
include sugar wastes, molasses, and waste acetic acid solution from pharmaceutical

TABLE 8.6 Properties of acetic acid (Water Environment Federation et al., 2005).

Chemical formula CH,COOH

COD equivalent, mg/L 1.07 x acetic acid, mg/L

Molecular weight 60.05 g/mol

Description Colorless liquid, strong vinegar odor

Solution strength 100% (glacial) 56% 20%
Specific gravity 1.051 1.061 1.026
Density, kg/L (Ib/gal) 1.05 (8.76) 1.06 (8.85) 1.03 ((8.56)
Flash point, °C (°F) 42.8 (109) 63.3 (146) 80.6 (177)
Freezing point, °C (°F) 16.6 (61.9) -23(-9.4) -6.5(20.3)

COD = chemical oxygen demand.
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manufacture. When using such sources, it is important to ensure they are free of con-
taminants and debris.

8.8 Supplemental Metal Salt Addition

When the required level of phosphorus removal cannot be accomplished by EBPR
alone, addition of phosphorus-precipitating chemicals, such as alum, ferric chloride,
and ferrous sulfate can be used. Chemical dosage should be carefully controlled to
ensure that EBPR is not inhibited. Simultaneous use of the two processes reduces the
amount of chemical needed to achieve the required effluent phosphorus concentra-
tion. There is a tendency, however, to steadily increase the chemical addition rather
than trust the EBPR process, which eventually will starve the EBPR process and lead
to washout of the system. This can be avoided by first maximizing the EBPR process
and then initiating chemical addition only as a last resort.

The metal salt can be added at several locations including the primary clarifier,
bioreactor, and secondary clarifier influent. The following should be considered when
combining EBPR and chemical phosphorus removal:

® Chemical addition to the primary clarifier also will enhance cBOD removal
and decrease the substrate available for EBPR.

e Chemical addition to the clarifier following biological phosphorus removal
will minimize chemical requirements. It will also reduce potential interference
with the EBPR process.

e When metal salts are added to the bioreactor or clarifier influent, it will result
in chemical solids accumulation in the MLSS and a reduction of the active bio-
mass fraction. This may require the operating MLSS to be increased, which
could result in clarifier solids loading. If added at the end of the aerobic zone,
then the chemical can potentially also improve clarification. An added advan-
tage is that the salt, which is trapped with the biomass, will help fix phospho-
rus in the digesters, thus reducing recycle and struvite formation potential.

¢ It will cause increased sludge production and alkalinity consumption.

* When ferric is used, the ferric oxide formed during VSS measurement could
overestimate the VSS content.

* To be effective ferrous salts must be added before aeration so that they can be
converted to ferric. This will impose additional oxygen demand.

A detailed discussion of chemical phosphorus removal is presented in Chapter 9.
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8.9 Final Clarifiers

Several facilities have reported improved sludge settleability with conversion to
EBPR. This may be attributed to the storage products glycogen and polyphos-
phate, which have reported densities of 1.25 to 1.29 g/mL and 1.23 g/mL, respec-
tively (Ford et al., 1983; Friedberg and Avigad, 1968). These values are higher
than that of activated sludge at 1.04 to 1.06 g/mL (Dammel and Schroeder, 1991).
As noted by Harper et al. (2005), however, a measurable improvement in EBPR
sludge settleability would occur only if the increase in density caused by the
storage products can overcome factors that typically are responsible for poor
settleability. This factors include filamentous growth, poor bioflocculation, and
nitrogen gas.

Final clarifier design is crucial to the successful operation of an EBPR system.
The clarifier must provide effective clarification because the biomass suspended
solids contain phosphorus and must be removed to levels significantly less than
the TSS permit values to achieve total phosphorus compliance. For example, to
achieve an effluent phosphorus concentration of 1.0 mg/L when the biomass sus-
pended solids contain 4.5% phosphorus, the effluent suspended solids cannot exceed
15 mg/L, assuming an effluent soluble phosphorus concentration of 0.3 mg/L. The
resolubilization of phosphorus in the sludge blanket also can be a problem, but the
effects can be minimized by operating at a shallow sludge blanket depth. Some
facilities have found that a deep side water depth allows clarifiers to be operated
without upflow of the released phosphorus through the sludge blanket. The resolu-
bilized phosphorus will exit the clarifier via either the RAS or the WAS instead of in
the effluent overflow. The following features are often included to improve clarifier
performance:

e Baffles;

* Energy dissipating inlets;

e Efficient sludge collection mechanism; and

¢ Standby polymer feed system (particularly for wet weather solids control).
Stress testing and computational fluid dynamic models can be used to identify

performance bottlenecks. More information on clarifier design, operation, and testing
may be found in WEF (2005).
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1.0 INTRODUCTION

Dewatering of anaerobically digested biosolids returns high ammonia loadings to the
wastewater treatment process in the form of the dewatering filtrate or centrate liquor.
This liquor typically is referred to as reject water. Nitrogen loadings as high as 15%
to 30% of the total nitrogen load of a typical wastewater treatment plant (WWTP) can
be returned depending on the efficiency and operating conditions of the anaerobic
digestion process being used. The advent of advanced digestion technologies pro-
viding improved solids destruction likely will increase recycled nutrient loadings.
Loading can increase significantly in centralized dewatering facilities that digest or
dewater biosolids from multiple facilities. Dewatering reject liquors are typically
from mesophilic anaerobic digestion and at a temperature of 25°C to 35°C; have a
biodegradable carbon to nitrogen ratio (C/N ratio) of approximately 0.1; and have an
alkalinity to ammonia-nitrogen ratio of 2.5 to 3.5.
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Other solids processing sidestreams may be present in a facility. These sidestreams
are poor candidates for inclusion in a sidestream treatment system, however, because of
their lower nitrogen content and temperature compared to anaerobic digestion liquor.
As a result, these sidestreams should be sequestered from the reject water stream.

Treatment of the dewatering reject liquor load in the main plant will reduce its
overall C/N ratio and alkalinity available. This could trigger a need for additional
facilities for carbon and alkalinity addition and could increase operational complex-
ity in the main plant. Treating the warm, high-ammonia sidestream separately from
the main plant flow can allow the plant to use these characteristics of the reject water
flow to remove the nitrogen load while minimizing electrical power and chemical
usage. Doing this can also allow an increase in the alkalinity to influent nitrogen ratio
and the carbon-to-influent nitrogen ratio of the main plant, thereby reducing the need
for supplemental alkalinity and carbon facilities.

Introduction of sidestream or reject water treatment (these terms are used inter-
changeably), with the associated reduction in power and chemical consumption, can
reduce the carbon footprint of the facility, enhancing the sustainability of the overall
wastewater treatment process. Passive strategies that target equalization of the nitro-
gen loadings can also provide for some process enhancements; it is difficult, however,
to access the significant operating cost savings that sidestream nitrogen treatment
allows.

There are two types of biological sidestream nitrogen treatment processes:

(1) Nitrogen elimination with bioaugmentation of the main plant process and
(2) Nitrogen elimination with no bioaugmentation of the main plant process.

Figure 9.1 provides an overview of sidestream nitrogen treatment processes. The
preferred process configuration depends on the combination of loadings, treatment
performance requirements, and economics of treatment, which varies by plant and
by season. Sidestream nitrogen treatment processes have seen significant application
in Europe. An extensive list of facilities practicing some form of sidestream nutri-
ent removal is provided in Jardin et al. (2006). These processes have not been used
extensively in the United States, however, except at large facilities or those with cen-
tralized dewatering facilities. This is because of lower energy and chemical costs and
more limited application of total nitrogen removal requirements in the United States.
As nitrogen discharge requirements expand and energy and treatment chemical costs
increase, however, more U.S. utilities are examining the potential for sidestream
nitrogen removal processes.
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Deammonification (e.g. ANAMMOX)

FIGURE 9.1 Overview of centrate treatment processes (RAS = return activated
sludge; and BABE = Bioaugmentation batch-enhanced) (Constantine et al., 2005).

It is important to understand the benefits and tradeoffs of different sidestream
nitrogen treatment options. Physicochemical treatment, with the exception of break-
point chlorination, provides ammonia and typically phosphorus removal, thus
providing nutrient recovery and load reduction. The bulk of the biological treat-
ment processes provide nitrogen load reduction and enhanced treatment econom-
ics. Bioaugmentation processes provide load reduction and enhancement of the
main plant’s treatment process. Bioaugmentation-type processes, however, do not
offer the cost advantages of some of the biological processes that cannot provide
bioaugmentation.

2.0 SIDESTREAM NITROGEN REMOVAL
TREATMENT PROCESSES

2.1 Bioaugmentation Processes

Bioaugmentation processes are used to produce an enriched culture of nitrifying bac-
teria grown from the treatment of dewatering reject liquor. The produced nitrifiers are
directed to the main plant’s nitrification or nitrogen removal process to enhance its
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FIGURE 9.2 Typical nitrifying bioaugmentation process flow diagram (RAS = return
activated sludge; PC = primary clarifier; SC = secondary clarifier; and WAS = waste
activated sludge).

nitrification capacity and reliability. To maximize bioaugmentation capacity, the operat-
ing conditions of the dewatering reject liquor process will allow for growth of the maxi-
mum mass of ammonia (AOB) and nitrite oxidizing bacteria (NOB). It will also allow
the growth of organisms that can function in both reject water process and activated
sludge process of the main plant. Thus, two characteristics of a successful bioaugmen-
tation process are a low operating solids retention time (SRT) and the introduction of
mixed liquor into the bioaugmentation reactor from the activated sludge process of the
main plant.

Several proprietary and nonproprietary nitrifier bioaugmentation processes
have been described in detail in the literature (Constantine et al., 2005; Fillos et al.,
2005; Katehis et al., 2002; Ramalingam et al., 2007; Siegrist, 1996). Figure 9.2 shows
a simplified schematic of a bioaugmentation type process. The addition of return
activated sludge (RAS) to the reactor provides several process benefits in addition to
providing a constant, yet diverse nitrifier seed source from the main plant:

e Carbon dioxide generated from respiration of the heterotrophic biomass intro-
duced via the RAS stabilizes the process, allowing the use of chemicals such as
lime and caustic soda, rather than soda ash, which is more difficult to handle,
for supplemental alkalinity addition.

¢ Constantine (2005) showed that the addition of RAS allows the nitrifiers in the
bioaugmentation batch-enhanced reactor to grow within activated sludge flocs,
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thereby improving settleability. Recent pilot testing of InNitri at the Ina Road
Water Pollution Control Facility, Tucson, Arizona, showed that solids capture was
problematic, although the specific reason for this occurrence was inconclusive.

* The RAS flow can be used to cool down the bioaugmentation reactor contents
to the minimum level necessary to achieve the required level of nitrification.
Large temperature differentials between the sidestream reactor and the main
plant reactor may reduce bioaugmentation efficiency. Providing cooling of the
reactor (particularly in sidestream nitrification—denitrification configurations)
using the main plant’s RAS eliminates the need for a heat exchanger to main-
tain the sidestream reactor contents at temperatures below 36°C to 38°C, where
the biological oxidation of ammonia and nitrite may be negatively affected.

Conversion of ammonia to nitrate (nitrification) is typically the preferred oper-
ating mode of sidestream treatment process targeting nitrifier bioaugmentation into
the activated sludge of the main plant. Nitritation (the conversion of ammonia to
nitrite), rather than complete nitrification, can reduce operating costs because the
oxygen consumption is reduced by approximately 25% by stopping the nitrifica-
tion process at nitrite. Preventing oxidation of nitrite to nitrate also results in a 40%
reduction in supplemental carbon required to denitrify the reject water flow. It must
be recognized, however, that when the main plant’s nitrification process is limited,
such as when a sustained bleed through of ammonia is occurring, using a bioaug-
mentation process that provides for preferential nitritation can result in imbalance
between AOB and NOB. This can result in elevated nitrite levels in the secondary
process effluent.

The New York City Department of Environmental Protection (NYCDEP) uses a
bioaugmentation configuration with nitritation that it developed in the mid-1999s.
The process uses free ammonia and free nitrous acid toxicity in the sidestream sys-
tem to force nitritation and prevent biological conversion of the reject water ammo-
nia to nitrate. Nitrifying biomass produced in the sidestream reactor is used to seed
the main plant resulting in nitrogen removals in excess of 50% while operating the
main plant at very low SRTs (one to three days). The process has been used at the
NYCDEP 26th Ward Water Pollution Control Plant since the mid-1990s. A more
detailed review of this process, including operating results, is provided in Katehis
et al. (2002). Molecular probing of the activated sludge from the main plant from this
configuration has shown a reduction in diversity of the ammonia oxidizing species
(Ramalingam et al., 2007).
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Successful implementation of this process configuration requires a plug flow reac-
tor that can introduce supplemental alkalinity in multiple locations along the length
of the reactor and can modify the aerated fraction of the reactor in response to sea-
sonal temperature changes and influent loading conditions. An internal recycle from
the end to the head of the reactor recirculates nitrite rich flows that, in conjunction
with operating pH setpoints, controls free ammonia levels within the bioaugmenta-
tion reactor. The process has the flexibility of being converted to a full nitrification
process (e.g., if the nitrite levels in the main plant’s effluent increase substantially) by
increasing the internal recirculation rate, thereby reducing ammonia and free ammo-
nia levels throughout the reactor.

Sidestream bioaugmentation processes are less cost-effective when compared with
processes where bioaugmentation is not necessary. This occurs because maintaining
conditions conducive to generation of nitrifiers that can function in the main plant’s
activated sludge process results in nitrification. Typically 60% to 80% of the ammo-
nia is converted to nitrite, the remainder being converted to nitrate. Biological pro-
cess modeling using activated sludge modeling (ASM) (i.e., ASM No. 2, ASM No. 3)
equation sets is necessary to support the sizing of bioaugmentation reactor systems.
The performance of these systems is a function of the operation of the main plant’s
bioreactors. The required hydraulic retention time and SRT of the bioaugmentation
reactor will vary depending on the nitrifier population in the RAS slipstream being
provided to the reactor.

Sidestream bioaugmentation processes using dewatering liquor can also be extended
to the specialized heterotrophic biomass, such as by integrating denitrifying methanol
degrading bacteria. Incorporation of denitrification can also reduce supplemental alka-
linity requirements. This occurs because the inherent alkalinity in reject waters from
anaerobically digested biosolids dewatering is typically only adequate for oxidation of
approximately half of the ammonia load in the centrate. A case study to illustrate design
and performance of a bioaugmentation process for dewatering reject water follows.

The sidestream nitrogen treatment reactor at NYCDEP’s 26th Ward WPCP is
a continuous-flow plug flow reactor without sludge retention. It is operated aero-
bically at dissolved oxygen and pH levels that enhance preferential production of
nitrite (Anthonisen, 1976; Katehis et al., 2002; Wett, 1998, 2007). The temperature in
the reactor is a function of the temperatures and flow of the waste activated sludge
and dewatering centrate introduced into the reactor. Temperatures range from 17°C
in the winter to 30°C in the summer. Minimal changes in temperature occur across
the reactor length under typical full-scale conditions. The operating pH of the reactor
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is maintained at above neutral levels (7.5-7.8) in the front portion of the reactor,
where ammonia concentrations are high, to maintain elevated free unionized ammo-
nia levels (NH;). The pH is monitored at multiple points along the plug flow reactor
and is allowed to drop to below neutral levels in the latter portion of the reactor,
where nitrite levels are elevated, thereby resulting in elevated concentrations of free
nitrous acid (HNO,). Bicarbonate limitation is induced in the effluent end of the reac-
tor (Wett, 2005). The combination of selective mechanisms results in oxidation of 50%
to 80% of the ammonia to nitrite, the balance being converted to nitrate.

Care is exercised to avoid a significant pH depression in the back end of the plug
flow reactor because this leads to conversion of the residual carbonate alkalinity to
CO,. The CQO, is lost through stripping, reducing the buffering capacity of the side-
stream reactor’s mixed liquor, thereby making pH control within the reactor challeng-
ing when caustic soda (preferred supplemental alkalinity chemical at this site) or lime
is used. The heterotrophic biomass, which continues to respire endogenously, helps
provide a low level of CO, to the system. This counters the stripping effect allowing
for enhanced stability of the pH control process. The treated stream from the side-
stream system, which now includes elevated levels of ammonia and nitrite oxidizing
autotrophs, is then used to seed a portion of the first-stage aeration tanks (Constantine
et al., 2005). The seed promotes selective nitritation in the first-stage aeration tanks
(Katehis et al., 2002; Ramalingam et al., 2007). Figure 9.3 shows typical data from the
application of bioaugmentation at a New York City wastewater treatment plant.
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FIGURE 9.3 Preferential nitritation in the sidestream reactor at the New York City
Department of Environmental Protection’s 26th Ward Water Pollution Control Plant
(adapted from Fillos et al., 2005).
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2.2 Nonbioaugmentation Processes

2.2.1 Nitritation/Denitritation

More stable nitritation performance, and thus more economical treatment of the
dewatering reject water ammonia load, can be achieved if the constraints introduced
by bioaugmentation are eliminated. The dewatering reject liquor reactor’s operating
conditions can be set to minimize nitrate formation, thus minimizing aeration energy
consumption and supplemental carbon demand to achieve overall nitrogen removal.
Several methods are used to minimize nitrate formation:

e Controlling temperature and SRT to use the higher growth rate of AOB
relative to nitrite oxidizers as temperatures increase beyond 30°C.

¢ Allowing free ammonia inhibition because free ammonia levels increase with
increasing pH at a given combined ammonia and ammonium concentration.
Ammonia oxidizers are less sensitive to free ammonia than NOB.

¢ Enabling free nitrous acid inhibition because as nitrite levels increase, oper-
ation at subneutral pH levels results in strong inhibition of nitrite oxidizers
before ammonia oxidizers are affected.

e Operating at low dissolved oxygen levels because ammonia oxidizers have a
greater affinity for oxygen.

Because the effluent stream does not need to be directed to the aeration tanks,
it can be sent to the headworks. This allows the produced nitrite to mitigate odors
in the headworks and in the primary treatment process. Multiple proprietary and
nonpropietary reactor configurations that use the above concepts for prevention of
nitrite oxidation have been developed.

One of the earliest documented examples of a nitritation/denitritation process
is the SHARON (single reactor high activity ammonia removal over nitrite) process.
Delft University of Technology and Grontmij jointly developed the process, which
uses the temperature- and SRT-control approach to achieve stable nitritation. When
compared to conventional nitrification-based dewatering reject water treatment pro-
cesses, as a nitritation/denitritation process, the SHARON process configuration
reduces the oxygen and COD requirements by 25% (reduced from 4.6 to 3.4 kgO,/
kgNH,-N) and 40%, respectively.
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The SHARON process consists of a continuous-flow, completely mixed reactor
without sludge retention (Hellinga et al., 1998). By operating the SHARON reactor
at an appropriate temperature (e.g., 30°C) and at a sufficiently low retention time
(e.g., one-day aerobic SRT), nitrite oxidizers are washed out of the system. With only
ammonia oxidizers present, the reject water ammonia is preferentially oxidized to
nitrite. Alkalinity requirements often can be fully met through the denitritation step
that is carried out in the same reactor. A range of carbon sources can be used to drive
the denitritation process, including methanol, ethanol, or recycled carbon sources
such as glycerol from biodiesel production and distillery wastes. Methanol is often
used because of its low biomass yield and relatively low cost, although there are
flammability concerns, and market volatility and availability can affect cost.

There are several documented advantages of the SHARON process:

* Sidestream tankage requirements are smaller than the bioaugmentation
processes;

e Significant savings are realized in oxygen and COD (e.g., supplemental carbon
in mainstream if practicing N-removal) compared with processes using con-
ventional nitrification/denitrification; and

¢ Relatively simple to operate and maintain.

There are multiple full-scale SHARON plants currently operating, with relatively
long-term operation (greater than three years) in the cities of Rotterdam, Utrecht,
Zwolle, and Beverwijk in the Netherlands. The SHARON at Utrecht has been in
operation since 1997. The first facility in the United States is a 7.0 ML/d (1.85-mgd)
full-scale facility located at New York City’s Wards Island WPCP.

An alternative nitritation/denitritation process for facilities not requiring bio-
augmentation was originally developed for the city of Strass WWTP in Austria in the
early 1990s (Wett, 1998). The process uses a high sludge age sequencing batch reac-
tor to oxidize ammonia to nitrite (nitritation), followed by reduction of the produced
nitrite to nitrogen gas (denitritation). A supplemental carbon source is needed to
drive the denitritation process. In the Strass WWTP, primary sludge is used to drive
the denitritation process. Unlike the SHARON process, the sludge age in the reactor
is relatively high (greater than 20 days), but the high solids concentration in the reac-
tor allows for improved denitritation rates at reduced reactor volume. The key feature
of the Strass process is the innovative process control strategy. A simple, yet highly
effective, pH-based control mechanism is used to control the intermittent aeration
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system (Wett, 1998). During an aeration interval, acidification because of nitritation
occurs. When the lower pH-setpoint is reached, the aeration stops and alkalinity/
pH recovers. At the upper pH-setpoint, aeration is switched on again resulting in a
characteristic sawtooth profile of the pH. Following this control strategy, frequency
and length of aeration intervals self adjusts to the feedrate and concentration of reject
water. The operating conditions used in the process allow for reliable nitritation/
denitritation:

e Operating temperatures of 25°C to 35°C;
e Near neutral pH; and

¢ Intermittent aeration at low dissolved oxygen concentrations (<1 mg/L).

The Strass process is flexible and robust and has higher reaction rates and
reduced supplemental carbon requirements as demonstrated by a decade of opera-
tion in Austria. A presedimentation process to remove solids from the centrate stream
before sidestream treatment may be necessary to avoid excessive solids loading in
clarification. Careful pH control is equally critical because the process needs to be
able to respond to small changes in pH (less than 0.1 pH unit).

2.2.2 Nitritation/Anammox Processes

Anaerobic ammonium oxidation (anammox) is achieved by a highly specialized
group of bacteria belonging to the planctomycete group, which convert ammonia
and nitrite to nitrogen gas and nitrate while producing alkalinity (Jetten et al., 1999):

NH, + 1.32 NO, + H+ — 1.02 N, + 0.26 NO; + 2 H,0 9.1)

The microorganism responsible for this reaction occurs naturally in benthic sedi-
ments and landfills, locations where ammonia and low levels of nitrite coexist under
anaerobic conditions. Several process configurations that combine nitritation and
anammox exist and can be categorized either as having “separate” or “integrated”
nitritation and anammox steps (Wett, 2005). Figure 9.4 illustrates a separate process
configuration that uses two reactors (Constantine, 2005).

In the first step of the separate process, a nitritation reactor is operated without
addition of supplemental alkalinity, which results in the conversion of approximately
half of the ammonia in the dewatering centrate to nitrite. The combined nitritation/
anammox process typically does not require supplemental alkalinity or carbon addi-
tion in the nitritation reactor to maintain process stability. This is similar for other
processes that use anammox biomass. The effluent from the nitritation reactor, which
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FIGURE 9.4 Process flow diagram for a combined nitritation-anammox process.

typically is composed of approximately equal parts of ammonia and nitrite (1.3:1 for
the ratio of nitrite to ammonium is optimal), is fed into the anammox reactor, which
is operated at relatively high temperatures (25-40°C). The anammox bacteria present
in this second reactor convert ammonia and nitrite to nitrogen gas via the following
simplified reaction:

NHZ + NO; Anammox Biomass 1\]2 + 2 HZO (92)

Compared with conventional nitrification (including most bioaugmentation pro-
cesses), deammonification processes reduce the oxygen requirements by 63% and
eliminate the need for supplemental carbon for denitrification. Supplemental alkalin-
ity addition during the nitritation step typically is not required but is dependent on
the ammonia-to-alkalinity ratio of the influent dewatering liquor. A full-scale sepa-
rate stage nitritation-anammox process has been operational at the Dokhaven WWTP
in Rotterdam, South Holland, Netherlands, since 2005.

In an integrated nitritation/anammox mode, a sequential batch reactor is used
with intermittent aeration to avoid a buildup of nitrite to toxic levels. This pH-based
control system determines the length of aeration intervals depending on the produc-
tion of H* ions or nitrite (Wett, 2005). During the subsequent aeration break the nitrite
produced is depleted autotrophically. The process is operated at an SRT of at least
25 days to prevent washout of slowly growing anaerobic ammonia oxidizers. The
partial nitritation of ammonia (approximately one-half of the ammonia is oxidized
to nitrite) reduces aeration costs with the subsequent anammox activity during the
unaerated portions of the cycle eliminating the need for an external organic carbon
substrate such as methanol. A full-scale integrated nitritation/anammox process has
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been in operation at the Strass WWTP in Austria since 2003 (Wett, 2005). Multiple
nitritation/anammox reactors currently are in operation throughout Europe using

granulated suspended growth and moving bed biofilm reactor configurations (Joss
et al., 2009; Szatkowska et al., 2007).

2.2.3 Physiochemical Treatment

Extensive work on physicochemical treatment processes was carried out in the late
1980s and early 1990s with processes such as induced struvite precipitation, hot air
stripping, ion exchange, distillation, and breakpoint chlorination. Of these processes,
induced struvite precipitation is the sole option that has proven widely applicable
and commercially viable. Hot air ammonia stripping and recovery has been used
where upstream high-lime treatment is practiced (for biosolids conditioning) because
the pH of the dewatering liquor needs to be raised to levels in excess of 10 to facilitate
efficient mass transfer. The high alkalinity and buffering capacity in the dewatering
reject liquor requires that large quantities of base be used to increase the pH of the
solution, limiting its viability.

Struvite (magnesium ammonium phosphate hexahydrate, MgNH,PO,-6H,0) is
typically a nuisance for WWTPs operating anaerobic digested biosolids dewatering
because it precipitates on piping and pumps in the dewatering facility. It is also an
excellent fertilizer with the ability to release nutrients over an extended period of
time, reducing costs to the agricultural user, while also reducing nutrient runoff from
farmland.

Struvite precipitation had limited applicability because orthophosphate and
magnesium often are present in relatively low levels in anaerobically digested dewa-
tering liquor, at approximately 1/10 the mass loading of the ammonia—nitrogen com-
ponent. The stoichiometric requirements for the precipitation of one gram of NH,-N
as struvite are 1.7 g/L of Mg?+ and 2.2 g/L of PO,-P.

Addition of phosphorus, typically in the form of phosphoric acid, limits the
practical applicability of struvite precipitation. Increased usage of enhanced bio-
logical phosphorus removal processes in wastewater treatment greatly reduces the
need for phosphorus addition and allows greater recovery of struvite. Magnesium,
typically in the form of magnesium chloride, is still required. The economics of mag-
nesium chloride addition are viable, however, allowing for the reported removal
of up to 50% of the ammonia in the dewatering liquor, until phosphate becomes
limiting. With finite commercially accessible phosphorus deposits available, phos-
phorus will be the limiting nutrient for agriculture in the future. As a result, there
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has been increased interest in using technologies such as struvite precipitation that
allow for reuse of phosphorus that would otherwise be lost to the ocean (Daigger,
2008), thereby increasing the environmental sustainability of the sidestream treat-
ment process.

Multiple struvite precipitation process have been developed and commercial-
ized. In North America, a process using a fluidized-bed reactor for struvite precipita-
tion (marketed under the commercial name Ostara®) has shown significant promise
and has been demonstrated to be technically and commercially viable at multiple
full-scale facilities (Baur, 2008).
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1.0 USE OF MODELS IN PROCESS ENGINEERING

In the past decade, mathematical modeling has found its place in the standard engi-
neering toolkit used in process design and optimization of nutrient removal systems.
As more stringent nutrient discharge limitations are placed on treatment plants, the
complexity of the processes used continues to increase. New processes are being devel-
oped and implemented in addition to familiar and well-understood standard configura-
tions for nitrification, denitrification, and biological and chemical phosphorus removal.
In the liquid line, innovative processes such as various fixed film systems are being
implemented. In the solids line, new sludge treatment and sidestream processes deal-
ing separately with high concentration, high temperature liquors are emerging. With
decreasing effluent limits and increasing system complexity, plant-wide models that
consider interactions and all important mass flows within the wastewater treatment
plant (WWTP) rapidly are becoming a necessity. A mathematical model considering
the whole plant will not replace expert knowledge and the requirement to thoroughly
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understand key and more subtle characteristics of proposed unit process and their
interactions. It does help to consistently track interlinked mass flows, to calculate
conversion rates in unit processes, and to estimate likely performance for effluent qual-
ity, sludge production, oxygen and chemical demand, and other key indicators.

The objective of this chapter is to provide information on the various models
and modeling methodologies available for plant-wide process design. The models
and examples are focused on municipal wastewater, but the principles and methods
(with the exception of default parameters) are also applicable for industrial waste-
water processes, frequently with only small modifications.

1.1 A Note on Notation

The importance of a well-designed, logical, and flexible notation system cannot be over-
stated. A good notation system will help formulate and describe concepts, promote
understanding through easy readability, and allow development of new research ideas.
There are two symbol systems used in North America. The first is the International
Water Association’s (IWA) notation, which originally was developed for activated
sludge modeling. The principle of the notation is based on a description of filterability
and degradability of organic and inorganic components in mathematical models,
denoted by S and X. The subscript identifies the specific component, for example,

e Soluble components: S (S, inert [unbiodegradable] soluble organics);
e Particulate components: X (X, inert [unbiodegradable] particulate organics); and
e Slowly degradable substrate, denoted by X, is partially soluble.

The second system is the South African (SA) notation, which comes from the
early activated sludge models developed at the University of Cape Town (UCT). The
naming principle of variables is as follows:

* Chemical oxygen demand (COD): S;
* Volatile suspended solids: X;
* Nitrogen: N; and
* Phosphorus: P.
The subscript identifies the biodegradability of the specific component.

1.2 Principles of Notation Used in This Chapter

In this chapter, a consistent version of the IWA notation (filterability and degradability)
will be used in accordance with a recently proposed framework (Corominas et al., 2010).
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The principle is that the first capital letter identifies the filterability (particle size) of the
component:

e Ssoluble (<1.2 or 0.45 pm);
e ( colloidal (sample filtered through 1.2-pm filter, then flocculated); and
e X particulate (not passing 1.2-pm filters).

Total concentration is denoted by T (which is the sum of S, X, and C [T =S + X +
C mg/L]). All these letters appear in first position and may be joined if appropri-
ate. The most typical example is slowly biodegradable substrate, which includes both
particulate and nonparticulate (colloidal) material. The symbol for this component
following this logic is XCj.

The subscript in the symbols identifies the type of material, in as short a form
as possible, but the component must be easily recognizable. For example, ANO for
ammonia nitrifying organisms; B,N for biodegradable nitrogen; U,P for unbiodegrad-
able phosphorus; CH;OH for methanol. The letter N, P, S, O, H should be reserved
for the respective chemical elements; E is endogenous residue. Subscripts can include
a comma to clarify meaning, for example, sample source is from the influent (Sg ).

Other major symbols and abbreviations frequently used in practice are M for
mass (kg); F for mass rate (kg/d); Q for flow (m3/d); V for volume (m®. Common
acronyms include COD; biochemical oxygen demand (BOD); volatile suspended sol-
ids (VSS); fixed suspended solids; total suspended solids (TSS); dry solids; and total
solids.

1.3 What Is the Difference Between Empirical, Mechanistic,
and Structured Models?

Empirical (experience-based) models express relationships between key measured
variables such as solids residence time (SRT), sludge production, effluent quality, oxy-
gen demand, and others. Because of the complex nature of underlying processes and
the different, often incompatible units of variables that can be readily measured by
standard analytical methods (VSS, BOD, TSS, etc.), empirical models typically are not
mass-balance-based. They are often expressed in correlations or in graphical format as
nomograms or charts that are easy to use. Empirical models and the knowledge they
contain remain important in engineering work, even with the detailed mechanistic
models available today.

An example of an empirical “model” is the SRT-sludge production relationship
as shown in Figure 10.1. The plot shows the mass of solids produced per unit BODj
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(five-day BOD) removed at a typical plant plotted versus SRT (in semi-logarithmic
scale).

Mechanistic or structured models, on the other hand, are based on mass balances
performed on a consistent set of basic components (called state variables in mathemati-
cal modeling) that are sometimes not directly measurable (e.g., active heterotrophic
biomass). Mass balances in these models can be expressed in two different ways:

(1) In steady state for each component as shown in eq 10.1. Steady-state mech-
anistic models can only be used to calculate stable conditions, for example
monthly averages. In this case there is no mass accumulation or loss over
time in the system.

0 = Input (kg/d) — Output (kg/d) +/— Reaction rate (kg/d) (10.1)

Where,
Reaction rate = production or loss of the component considered because of chem-
ical or biological reactions.
(2) Dynamic models, on the other hand, express the mass change in time, and
thus can be used for calculation of dynamic events, such as diurnal varia-
tion, storms, peak oxygen demand or similar.

Mass change (kg/d) = Input (kg/d) — Output (kg/d)

+/— Reaction rate (kg/d) (10.2)

The focus of this chapter is mechanistic, structured models that are used for the
calculation of plant-wide nutrient removal performance and mass balances, typically
implemented in simulation software.

2.0 BACKGROUND ON STRUCTURED MODELS

Herbert (1958) presented the first mathematical description of incorporating the
endogenous respiration concept in an activated sludge model. Herbert studied the
characteristics of pure cultures grown on soluble synthetic substrates in chemostats;
that is, flow-through reactors without recycle, where the HRT equals the SRT. It
was noted that the observed biomass yield decreases as the organism retention time
increases. Herbert, accepting Monod’s concept of constant cell yield, proposed that the
most probable explanation for the reduction in specific yield with increasing organism
retention time is that, in addition to the anabolic metabolism of the organisms (conver-
sion of substrate to cell mass), the organisms also have a constant specific endogenous
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Different options are available for implementing process control withina WWTP.
Process control may involve one or all of the following approaches:

® Process design. One of the most effective methods of control is to attenuate
disturbances by incorporating appropriate plant design features. An example
is the inclusion of equalization tanks to balance influent and return stream
flow and concentration variations.

¢ Fixed operating strategies. These strategies typically involve using constant
or proportional pumping rates and flow distributions (e.g., constant or pro-
portional RAS and internal recycle flows, constant WAS flow, fixed step feed
distribution). The settings used could be based on experience or taken from
modeling studies.

* Feedback control. Feedback control systems use measured process output
variables (controlled variables) to make automatic adjustments to process
input variables (manipulated variables) using a control algorithm.

* Model-based control. Model-based systems use a process model to assist in
the calculation of their control actions. This can range from simple, model-
based control calculations (e.g., waste rate calculated from SRT calculation
based on average values) to feedforward/feedback control to complex model-
based controllers.

Control systems can be manual in which operators observe the plant and imple-
ment control actions manually, or they can be automatic in which control loops use
feedback or model-based control. Automatic control systems typically consist of local
regulatory control loops that are managed by a SCADA system.

4.7.2 Feedback Control

A diagram of a typical feedback control system or loop is shown in Figure 10.35
(Marlin, 2000). As shown, a feedback control system uses outputs from the sys-
tem, typically measured values, to determine values for inputs to the system so that
desired values for the controlled variables can be achieved.

Basic feedback control algorithms include on/off, proportional-integral-
derivative (PID), and cascade.

On/off control is a form of feedback control that is used in a variety of appli-
cations. For example, household heating and cooling systems operate using on/off
control. Intermittent aeration systems, level controllers, and some pumping controls
may use on/off control.
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FIGURE 10.35 Typical structure of a feedback control system (adapted from Marlin,
2000).

The PID controllers are used widely in WWTP applications because of their sim-
plicity and good performance for basic single-loop control applications. In contin-
uous form, the PID controller algorithm with built-in derivative kick protection is
given by:

_K. 1y _p. ACV ()
MV (t)=K_ (E(t)+TIjOE(r)dr T ]+I (10.48)

Where,
MYV = manipulated variable;
CV = controlled variable;

E = controller error (setpoint = CV);

K. = proportional gain, a controller tuning constant;

T, = integral time, a controller tuning constant;

T, = derivative time, a controller tuning constant;
I = initialization constant; and
t = time.

Derivative kick protection involves using the rate of change in the controlled var-
iable instead of the setpoint error. This prevents large jumps from occurring in the
manipulated variable as the result of setpoint changes.
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The proportional gain, K, integral time, T;, and derivative time, T}, are controller
tuning constants. The controller must be tuned for each specific application, and the
tuning may need to be changed over time if the process being controlled is signifi-
cantly nonlinear. The initial tuning constants can be determined using tuning rules or
correlations and then fine-tuned using process simulation and plant tests (Ciancone
and Marlin, 1992; Rivera et al., 1986; Ziegler and Nichols, 1942). Some simulators offer
auto-tuning modules that determine tuning parameters by running step tests using the
process model and then calculating the tuning constants based on tuning correlations.

The individual modes of the PID controller can be used individually or in
pairs; common combinations include proportional-only and proportional-integral
control, in addition to full PID control. As the majority of PID controllers are now
implemented using computers, the discrete form of the PID algorithm is used more
frequently than its continuous form. The discrete form is the version typically imple-
mented in WWTP simulation platforms.

The velocity form of the digital PID equation is recommended because it has
built-in protection against rest windup as long as the controller tracks past values of
the manipulated variable that are actually implemented (Marlin, 2000). Reset windup
occurs when a persistent, nonzero setpoint error results in a large value of the integral
mode of the PID, forcing the control action to “saturate” (i.e., to maintain the manip-
ulated variable at its minimum or maximum value). Even when the setpoint error
returns to zero, the control action remains saturated. When using the velocity form,
the control action can return to within the control range after one sampling period.

In the velocity form (eqs 10.49 and 10.50), the change in the control action is cal-
culated at each control interval as:

A
AMV, = K, ( EN—EN,1+%

I

T
E, - A—dt(ch —-2CV, ,+CV,, )] (10.49)

MV, =MV, + AMV (10.50)

Where,
' MVy = change in the manipulated variable at control interval N;
CVy = controlled variable at control interval N;
Ey = controller error at control interval N; and
' t = controller execution interval.

Bounds on the manipulated variable values and on the rate of change frequently
are used to reflect limitations because of physical equipment or safety.
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Cascade control is a special case of feedback control where two feedback con-
trollers are used. The output of the primary controller, or master, serves as the
setpoint for the secondary controller, or slave. It is used to improve upon the per-
formance of a single-loop controller in cases where disturbances and nonlineari-
ties affect the secondary-loop manipulated variable and where the secondary-loop
dynamics are much faster than the primary-loop dynamics. An example would be
in dissolved oxygen control where the primary dissolved oxygen controller sends
an airflow rate setpoint to a flow-rate controller manipulating a valve (Olsson and
Newell, 1999).

Most WWTP simulation platforms provide the capability of implementing and
testing basic feedback controllers. These controllers may be included as part of the
unit process setup menus for common control loops such as dissolved oxygen and
SRT control or may be configurable using separate controller modules. Table 10.11
provides a list of feedback control loops that are typically preconfigured or can be
created easily within a WWTP simulator.

TaABLE 10.11 Typical feedback control loops modeled in wastewater treatment plant
simulators.

Unit process Controlled variable Manipulated variables

Influent Influent flow Pumping rates, flow split
fractions, bypass flowrate

Primary treatment or Sludge depth Sludge pumping rate
gravity thickening

Chemical addition Orthophosphate concentration ~ Metal salt addition rate
Activated sludge Dissolved oxygen in aeration Airflow

tanks or basins

Solids retention time or mixed =~ Waste activated sludge flowrate
liquor suspended solids (MLSS)

MLSS Step feed flowrates
Sludge depth in secondary Return activated sludge
clarifiers flowrate

Effluent total nitrogen or nitrates Internal recycle rate and/or
carbon addition

Gravity belt thickening  Solids capture Polymer flowrate
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4.7.3 Controller Interaction

When implementing numerous feedback loops within a plant, it is important to con-
sider potential interactions between the controllers. The concern is that the actions of
one controller may influence controlled variables in other loops. Interaction is espe-
cially important when two control loops have similar response times. There are a
wide range of response times found within a WWTP and this can be beneficial for
plant control. For example, dissolved oxygen controllers operate on a time-scale of
minutes to hours and SRT controllers work on a scale of days to weeks, which mini-
mizes the interaction between the two control systems.

Controller interactions can be studied using relative gain array techniques
(Shinskey, 1988) or using process simulation. In control systems with low dimen-
sionality (i.e., small number of control loops), a technique known as decoupling
can be used to minimize interactions (Marlin, 2000). Multivariable model-based
controllers are better suited for systems with many manipulated and controlled
variables.

4.7.4 Model-Based Control

The most common example of model-based control is feedforward control. In feed-
forward control, an input disturbance is measured, and the controller adjusts the
manipulated variable to compensate for the disturbance before the controlled var-
iable deviates from its setpoint. Feedforward control depends on models for the
disturbance and the process. These models are typically first order with dead-time
models derived from plant tests or process modeling. Derivation of the discrete feed-
forward controller equation involves the use of z-transforms.

Feedforward control is typically combined with feedback control to retain the
beneficial properties of feedback. Feedforward /feedback control is considered when
feedback control alone is unsatisfactory, and a feedforward variable exists that indi-
cates the occurrence of an important disturbance.

Ratio control is a simple form of feedforward control. An example is the ratio
control of RAS rate to the influent flow rate, which acts as a disturbance to the acti-
vated sludge process. Other examples of feedforward control include using the influ-
ent flow as a feedforward variable in a dissolved oxygen control system, or using
online respirometry to provide feedforward information on toxicity or biodegradable
influent COD (Olsson and Newell, 1999).

Model-based control also can involve using mass balances or simple models to
calculate necessary control actions given other measured variables. A simple example
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is the use of the definition for SRT to calculate the required WAS flow for an acti-
vated sludge process. The steady-state SRT definition can be rearranged to solve for
the average waste flow rate given the desired SRT and averaged values of the MLSS
and WAS TSS. This expression could be simplified further to hydraulic wasting using
a mass balance around the clarifier that ignores effluent solids (Brewer et al., 1995).

Optimal feedback control is a form of model-based control that calculates con-
trol actions that optimize a performance criterion (objective function) subject to
constraints (process model). It is well suited to multivariate problems because it cal-
culates optimal control actions that account for process interactions. Linear quadratic
control is a specific form of optimal control that uses a quadratic objective function,
J, that is constrained by a linear process model expressed in the form of deviations
from an operating point or setpoint as shown in eqs 10.51 and 10.52:

J = [(x'Qx+u"Ru)dt (10.51)
0

subject to

92 _ px+Bu (10.52)
dt

Where,
x = vector of state variables expressed as deviations from their setpoints;
u = vector of control actions;
A, B, C = Jacobian matrices; and
Q, R = weighting or tuning matrices.

The objective function is a weighted sum of squares of process states (in devia-
tions) and inputs (manipulated variable actions).

The linear quadratic controllers can be configured for single-input single-output
(SISO) and multiple-input multiple-output (MIMO) control problems. The use of the
model helps eliminate interaction that can be a problem with multiple SISO control
loops.

Different forms of linear quadratic controllers exist depending on the selected
objective function and control horizon. Traditional linear quadratic controllers use
an infinite or long control horizon and their control actions are equivalent to a multi-
variable proportional controller. Integral action can be added by using the change in
the control actions in the objective function or by using a nonstationary disturbance
model as part of the model equations.
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Dynamic matrix control (DMC) uses a step-response model for the process and
disturbances instead of state space models and is considered a model-predictive
controller (Cutler and Ramaker, 1979). The DMC can be viewed as a special case of
linear quadratic control with a finite prediction horizon. It calculates several future
adjustments to the manipulated variables to minimize setpoint errors based on the
predicted model response (with control) over the control horizon. The predicted set-
point error trajectory incorporates measured disturbances and forecasts unmeasured
disturbances to introduce both integral and feedforward action into the controller.
Constraints on the manipulated variables can be incorporated into the DMC struc-
ture (e.g., quadratic dynamic matrix control, or QDMC).

Optimal model-based controllers have not been used extensively in WWTPs,
because most of the control loops can be handled by PID controllers. Their use is
best for certain specific control loops or in supervisory control systems that calculate
optimal setpoints for lower-level regulatory controllers. Some potential applications
of optimal model-based control include control of effluent ammonia and nitrate by
manipulating external carbon addition, internal recycle rate, and dissolved oxygen
setpoint and the control of effluent PO,-P concentration by manipulating acetate addi-
tion (Olsson and Newell, 1999). In the future, model-based controllers may become
more important as regulatory concerns force plants to achieve high levels of nutrient
removal while operating near constraints. Some WWTP simulators allow interfac-
ing with control design software such as the MATLAB® Control System Toolbox. For
example, a linear quadratic controller could be designed in MATLAB® and then used
to calculate control actions during simulations.

4.7.5 Modeling of Sensors and Actuators

When modeling a control system for design, it can be useful to include models of
the sensors and actuators to understand how their dynamics can affect the system.
Sensors and actuators add delays and filtering to the dynamic response. Sensors also
are subject to measurement noise, drift, recalibration and cleaning, and failures. These
factors need to be accounted for when implementing a control system. Sensors or
controllers typically incorporate filtering and basic fault detection or validity checks
that can be incorporated into models (Schraa et al., 2005).

Sensors often are modeled as first-order processes with delay. See Rieger et al.
(2003) for a discussion of models for WWTP-related sensors and Stephanopoulos
(1984) for a discussion of models for sensors and actuators in the process industries.
See Vanrolleghem and Lee (2003) for a summary of the sensors available for WWTPs.
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4.7.6  Controller Performance Assessment

The performance of control systems can be analyzed using performance measures
such as integral error, decay ratio, rise time, and settling time (Stephanopoulos, 1984).
In addition, more comprehensive analyses can be performed using techniques such
as frequency response, autocorrelation analysis, and dynamic simulation (Box and
Jenkins, 1976; Stephanopoulos, 1984).

Dynamic simulation is the most comprehensive approach because it allows for
the use of nonlinear models, can consider a wide range of input-forcing functions
such as diurnal flow and concentration patterns, and can track all important plant
variables throughout the transient response. Most simulators have the flexibility to
allow performance measures such as integral error, decay ratios, and rise time to be
incorporated to simulations using user-defined programming code.

Frequency response techniques are applicable for linear models and are use-
ful in analyzing the capability of a control system for rejecting disturbances at
different frequencies. Most feedback control systems have a frequency response
as shown in Figure 10.36. In Figure 10.36, the amplitude ratio (absolute value of
CV /absolute value of disturbance) is plotted versus frequency. This type of plot
displays the ability of the control system to reduce the amplitude of disturbances
across a frequency range. As shown, the control system can reject disturbances at
low frequencies because of its feedback action. High-frequency disturbances are
attenuated by the filtering effect of the process. There is a resonant peak at inter-
mediate frequencies where the control system cannot reject disturbances and may
actually amplify them. Therefore, the response speed of the process being con-
trolled and the attenuation provided by the plant provide limits on the capabilities
of the control system.

A practical example in a WWTP is an automatic SRT feedback controller. Diurnal
variations in influent flow are too fast to be rejected by the control system because the
time constant of the activated sludge process in response to wasting changes is typi-
cally two to three SRTs. Therefore, only the process can attenuate these disturbances
through equalization tanks and holdups in other unit processes.

Autocorrelation analysis involves the study of the patterns in the autocorrela-
tions of the setpoint errors over time. These patterns can help identify poorly tuned
controllers, sensor problems, unusual disturbances, and model mismatch problems
in model-based controllers. Autocorrelation analysis typically is used on actual
performance data from the control system but could also be used with simulated
results.
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Ficure 10.36 Closed-loop frequency response of a typical proportional-integral-
derivative feedback control system.

4.7.7  Practical Issues
There are several practical issues that must be considered when implementing a pro-
cess control system (Marlin, 2000):

e Correct selection of sensor and actuator ranges, which is essential for good
control;

® Processing of input signals or data, which may involve basic validity checks,
filtering, and fault detection;

¢ Selection of setpoint limits to prevent unreasonable values especially in cas-
cade control systems;

* Provisions for controller initialization, especially when controlling variables

inferred through model calculations; and

e Providing limits on the manipulated variables and/or their rate of change.

Process simulation provides a means of determining the best settings and
algorithms for handling the above issues before the controller is implemented in the
plant.
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4.7.8 Application Example

As an example, consider the example plant shown in Figure 10.31, without the
anoxic tank. Influent conditions and operating conditions are identical except that
the SRT is maintained at 8 days with an MLSS and MLVSS of 1900 and 1700 mg/L,
respectively.

The plant is modeled in GPS-X. The user can specify the controller algorithm (P,
PI, or PID), sampling (or execution) interval, dissolved oxygen setpoint, and tuning
parameters. The PI feedback controller controls the simulated dissolved oxygen by
adjusting the airflow. In reality, the dissolved oxygen controller would often adjust
the setpoint of an airflow controller manipulating an airflow control valve, and a
pressure controller would be used to maintain a specified pressure in the air distribu-
tion header.

Dynamic simulations were conducted for one day using manual (fixed airflow)
and automatic control. The influent flow was varied according to a diurnal pattern.
The fixed airflow rate was selected to ensure dissolved oxygen of 2 mg O,/L at the
maximum influent flow. The dissolved oxygen setpoint for automatic control was set
at 2 mg O,/L. In Figure 10.37, the modeled dissolved oxygen concentration is shown
for the manual and automatic control cases. Figure 10.38 displays the modeled air-
flow for both cases. As shown, the airflow rate is lower for the automatic control case.
In this way, modeling could be used to determine airflow and, therefore, energy sav-
ings with different control strategies and to determine an optimal control strategy.
The model can calculate the total airflow consumption, which can help with compar-
ing alternative strategies. In this example, the automatic control case used 16% less
total volume of air than for a fixed airflow.

Another control strategy that can be explored using a WWTP simulator is to have
a cascade control system where an ammonia controller (based on ammonia nitrogen
measurements in the activated sludge tank) manipulates the setpoint of a dissolved
oxygen controller or an SRT controller. Figure 10.39 compares the effluent ammo-
nia nitrogen simulation results for the following cases: fixed airflow, dissolved oxy-
gen control with a setpoint of 2 mg O,/L, and ammonia control with an ammonia
nitrogen setpoint of 1 mg N/L. As shown, the ammonia controller provides the best
performance because it better determines the airflow required to meet nitrification
demand. The improved performance comes at the expense of increased airflows dur-
ing periods of peak demand as compared with the other two control strategies (see
Figure 10.40). Total airflow required is similar for the fixed flow and ammonia control
cases. This example is conceptual and may not be practical because of the difficulty
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FIGURE 10.37 Modeled dissolved oxygen concentrations with manual (fixed air-
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FIGURE 10.38 Modeled airflow rates with manual (fixed airflow) and automatic
control.
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FIGURE 10.39 Modeled effluent ammonia nitrogen with manual control, dissolved
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with measuring ammonia to a high degree of accuracy. A plant model alternatively
could be used as a soft sensor to estimate the effluent ammonia for the purposes of
control.

If a WWTP simulator is being used for control design, the user can experiment
with controller tuning and can add more details to the control system model such as
sensor dynamics, transportation delays, and stochastic disturbances which will make
the simulations as realistic as possible.

4.8 Online Modeling

Online modeling systems collect plant data in real time and use these data in WWTP
models to assist with plant analysis, control, and optimization. The objectives of
online modeling as outlined by Takacs et al. (1998) may include

* Reduction in duration and frequency of water quality effluent excursions;

Ability to cope with unusual plant operating conditions;

Reduction in energy costs;

Deferred capital expenditures because of optimal use of existing facilities; and

* Reduction in the overall pollutant loadings to receiving water bodies.

Online modeling systems can range from monitoring systems for single process
units to comprehensive monitoring, control, and optimization systems for entire
WWTPs. The basic structure of an online modeling system is outlined below:

(1) Data validation—basic signal processing;

(2) Model updating—data reconciliation, parameter estimation and tracking,
fault detection and diagnosis;

(3) Model-based analysis—troubleshooting, forecasting, and optimization;
and

(4) Results validation—determine if results to be implemented in plant are rea-
sonable and should be sent to the process control system.

These steps may overlap because certain tasks may be performed simultaneously.
For example, data reconciliation and parameter estimation can be performed simul-
taneously. Other steps may be omitted depending on the objectives of the system. For
example, optimization may not be performed or the optimized results may be pro-
vided to the SCADA but only implemented if desired by the operators.
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To date, few full-scale implementations of online modeling have been reported
in the literature. One early example is the Integrated Computer Control System (IC>S)
developed by Takacs et al. (1998). The IC?S system included several building blocks:
a dynamic WWTP simulator (GPS-X); data filtering and fault detection algorithms;
an autocalibration tool; off-line analysis and forecasting modules; a control design
module; and a process optimizer. Other examples of online modeling systems are
given by Jumar and Tschepetzki (2002).

In addition to online modeling, other systems have been developed to promote
use of models by onsite staff. Examples from the literature include operator train-
ing systems and plant-specific simulators or decision support tools (Amerlinck and
Printemps, 2004; Fonseca et al., 2003; Schraa et al., 2008). These systems provide oper-
ations personnel with simulation tools for troubleshooting, training, and conducting
“what-if” studies. The objective is to create user-friendly simulation models with pre-
defined input parameters, output graphs, and scenarios, with interface images that
are similar to existing plant diagrams or SCADA screens. The simulation framework
typically allows for use of online data in the model for forecasting plant performance.
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1.0 OVERVIEW

This chapter focuses on the fundamental principles and concepts that a process
designer should consider to troubleshoot design and to optimize performance of a
biological nutrient removal (BNR) facility. Many of the principles mentioned in this
chapter have been discussed in greater detail in earlier chapters, but a certain level of
overlap is necessary for an effective discussion on troubleshooting. Nitrification, deni-
trification, and phosphorus removal principles often are discussed together because
of their interrelationships. This chapter is organized into four sections. The first sec-
tion covers important elements of a process assessment when troubleshooting a BNR
facility. This includes a troubleshooting matrix in Section 2.6 that summarizes poten-
tial causes and remedial steps for several of the most common performance problems
experienced at nutrient removal facilities. The second section focuses on physical
aspects, such as plant hydraulics and mechanical equipment, that can contribute to
operational and performance problems. The third and fourth sections discuss trou-
bleshooting for chemical phosphorus removal and tertiary denitrification attached
growth processes, respectively.

The reader can reference Biological Nutrient Removal Operation in Wastewater
Treatment Plants for a comprehensive troubleshooting guide developed for operators
to systematically identify the cause and effect for their performance challenges (Water
Environment Federation [WEF], 2005). This chapter is written to introduce the fun-
damental principles behind many of the challenges experienced at nutrient removal
facilities, using examples and case studies where possible to emphasize a point.
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2.0 PROCESS ASSESSMENT

One of the first activities when troubleshooting a BNR facility is to conduct a thor-
ough process assessment to identify the design and operational issues that may be
contributing to the problems being experienced. The process assessment should
include a review of influent wastewater characteristics, key operating parameters,
and several microbiology and kinetic factors that may be influencing plant perfor-
mance. This section discusses the key points in each of these areas.

2.1 Wastewater Characterization

Influent wastewater characteristics significantly influence the operation and perfor-
mance of a BNR facility. It is important to understand site-specific influent nitrogen
and phosphorus speciation and the quantity and quality of carbon to support BNR.
Although these issues are discussed in other chapters, they are examined here from
the perspective of assessing the performance of a BNR facility.

2.1.1 Sampling

In many cases, sampling plans are developed primarily for meeting regulatory
reporting requirements and documenting plant performance, rather than for gather-
ing data for troubleshooting and optimizing plant operations. Consequently, it may
be necessary to adapt the sampling program to obtain data that can be helpful in
identifying operating problems or inefficiencies.

Process modeling using simulator packages, such as BioWin or GPS-X, are not only
powerful tools in design but also for troubleshooting plant operations and performance.
The sampling program must be designed to consider specific process and basin configu-
ration and overall performance requirements. Sampling protocol should be reviewed to
ensure that sample location, collection frequency, sample type, and analytical procedures
are appropriate for collecting accurate data that will help guide the operation and will
document the performance of each unit process. To ensure that representative samples are
being collected, sampling lines should be located at points of high energy, mid-depth, and
away from basin corners where there may be stratification of solids and other pollutants.

Most influent parameters are measured on a time- or flow-composite basis col-
lected over a 24-hour period. Diurnal variations in mass loading, however, can have
severe impacts on BNR plants, especially when treatment objectives include at or
near-limits of technology (LOT) discharge limits. The LOT is defined as the lowest
levels of phosphorus and nitrogen species that could be achieved without excessive
cost or additional treatment steps. Typically, this is total nitrogen (TN) and phos-
phorus effluent concentrations of less than 3 and 0.3 mg/L, respectively. When a
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facility must meet LOT, collecting diurnal information on both weekdays and week-
ends can be helpful to pinpoint performance problems. Whole-plant mass balance
process modeling can be effective in troubleshooting BNR performance because it
can identify inconsistencies between actual operating data and model predictions.
These inconsistencies can provide valuable insight to the root cause of a performance
problem. To assist in the calibration of a whole-plant mass balance model, the sam-
pling plan should include collection of nitrogen, phosphorus, and chemical oxygen
demand (COD) concentrations at intermediate points in the plant. Although five-day
biochemical oxygen demand (BOD;) values also could be helpful, process simulation
models typically use COD as the basis for their calculations. This is because the rela-
tionship between BODj; and the ultimate BOD (BODu) varies from one plant to the
next and the addition of inhibitors in the BOD; test to prevent nitrification may affect
the carbonaceous BOD; determination. Plant sidestreams, such as decant from aero-
bic or anaerobic digesters and thickening and dewatering processes, can contribute
significantly to the phosphorus and nitrogen loads that must be taken into account
when assessing nutrient removal efficiency and plant performance.

Sampling and analysis of sludge streams are necessary to define accurately the
sludge production and to validate the calibration of a process model. Most prob-
lems arise from inaccurate hydraulic measurements of return streams. One effective
strategy used to evaluate the accuracy of sludge production data is to see whether
it is possible to close an inert solids mass balance around the plant (i.e., the differ-
ence between the total suspended solids [TSS] and volatile suspended solids [VSS]).
This works because inert material is not affected by biological or chemical reactions
when no chemicals of consequence are added to the process. One exception to this
rule that must be accounted for is that inert phosphates do accumulate in the sludge
of a biological phosphorus removal process. Developing an inert solids balance can
also help pinpoint problems related to sampling locations, analytical procedures, or
flow metering that result in inaccurate sludge data collection. A phosphorus balance
throughout the plant could also be used to validate data accuracy because phosphorus
is not destroyed by biological treatment and chemical reactions taking place in a BNR
plant. Consequently, the difference between the total influent and effluent phospho-
rus mass must be equal to the phosphorus mass in the sludge. Characterization of the
carbonaceous material in terms of COD is preferred over BOD; or total organic carbon
(TOC) because COD is a more consistent basis for quantification of sludge produc-
tion, oxygen demand, and mass balances (Water Environment Research Foundation
[WERF], 2003). The sampling plan should include analysis of the COD, soluble COD
after filtering through a 0.45 micron paper or membrane filter, and flocculated filtered
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COD (ffCOD) for the plant influent, primary effluent, and secondary effluent. The dif-
ference between the ffCOD of the primary effluent and that of the final effluent of a
long solids retention time (SRT) activated sludge process is the biodegradable soluble
COD, which is related closely to the readily biodegradable COD (rbCOD). Developing
a total COD, BODj, and VSS mass balance around the primary clarifiers is useful in
verifying influent COD fractions or for estimating the fractions when sufficient data is
not available. When measuring soluble COD and BOD;, it is important to document
the type of filter used because it affects the definition of soluble organic content.

Influent total Kjeldahl nitrogen (TKN) and NH;-N values are required because
these nitrogen species contribute significantly to system oxygen demand and alkalinity
and pH balance. Influent TKN concentrations can be 50% higher than typical in arid
regions, making it more difficult and costly to meet a relatively moderate effluent total
nitrogen concentration based limit of approximately 8 mg/L. An effluent total nitrogen
target of 8 mg/L typically can be met with a two-stage nitrogen removal configura-
tion. The two-stage process, however, relies on dilution between the influent and the
internal mixed liquor recycle (MLR) and the return activated sludge (RAS) to meet the
desired effluent total nitrogen concentration. This makes it much more challenging to
meet total nitrogen of 8 mg/L when the influent TKN concentration is relatively high.
For example, it is not theoretically possible to achieve an effluent total nitrogen concen-
tration of 8 mg/L in a two-stage process if the influent TKN concentration is greater
than 45 mg/L and the internal MLR rate is limited to four times the plant influent flow,
even when there is adequate carbon to support full denitrification in the anoxic zone.
Table 11.1 summarizes the theoretically achievable effluent total nitrogen concentra-
tions for a two-stage process. It is based on a range of influent TKN concentrations
and operational assumptions including: an internal MLR of four times the influent,
no internal simultaneous nitrification and denitrification (SND) in the aeration basin,
complete hydrolyses of the organic nitrogen to ammonia, a synthesis nitrogen uptake
based on BOD/TKN of 4.5, an effluent ammonia—nitrogen concentration of 0.2 mg/L,
and an effluent recalcitrant dissolved organic nitrogen (rDON) concentration equal to
3% of the influent TKIN.

The theoretical effluent total nitrogen values are only possible if adequate carbon
is available to achieve complete denitrification of the nitrate in the return streams to
the anoxic zone. Increasing the internal MLR more than five times the influent flow is
typically not helpful and could actually reduce performance because of carbon limi-
tations and the effects of dissolved oxygen in the recycle. The level of SND can also
vary significantly from plant to plant, depending on the basin configuration, mean
cell residence time, and type of aeration system, which can significantly affect the
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TABLE 11.1 Theoretical minimum effluent total nitrogen for two-stage nitrogen
removal (courtesy of Black & Veatch).

Influent TKN, mg/L 25 30 35 40 45 50

Internal recycle rate, %Q 400 400 400 400 400 400
Effluent NO,-N, mg/L 3.7 45 52 6.0 6.7 7.5
Effluent NH;-N, mg/L 0.2 0.2 0.2 0.2 0.2 0.2
Effluent RDON, mg/L 0.75 0.9 1.05 1.2 1.35 1.5
Effluent total nitrogen, mg/L 4.7 5.6 6.5 7.4 8.3 9.2

TKN = total Kjeldahl nitrogen; RAS = return activated sludge; and rDON = recalcitrant
dissolved organic nitrogen.

level of nitrogen removal. Point-source aeration, such as slow-speed surface aeration,
imparts a degree of SND that can decrease effluent total nitrogen values.

Influent NO;-N and NO,-N should be checked occasionally because although they
are typically insignificant in municipal wastewater, they have been observed at sev-
eral plants in concentrations that have created performance problems. For example, the
Eagle’s Point BNR plant in Minnesota suffered from too much NO;-N in the influent.
Design information for the Eagle’s Point facility stated an influent volatile fatty acid
(VFA) concentration of 40 + 8 mg/L, which did not include influent NO;-N measure-
ments. During plant commissioning, analytical results indicated that the primary efflu-
ent NO;-N concentration ranged from 1 to 5 mg/L, while influent VFAs were less than
5 mg/L (Figure 11.1). At times, nitrate passed through the primary settling tanks to the
point where the nitrate load to the anaerobic zone was too high for efficient biological
phosphorus removal given the limited supply of influent VFA. Primary sludge fermen-
tation was later provided to generate additional VFAs to enhance biological phospho-
rus removal and to compensate for the nitrate in the plant influent. Nitrate typically is
not present in domestic wastewater, especially when VFAs exceed 20 mg/L, because
VFA will not form in wastewater containing nitrates. If nitrate were observed in domes-
tic wastewater, then variability in concentration would be similar to other domestic
pollutants and would not vary significantly from day to day. This was not the case at
the Eagle’s Point facility, which experienced a high variability in influent nitrate, which
suggested a periodic discharge of nitrate into the sewer either from an industrial source
or addition of nitrate for odor control. Adding nitrates to the sewer for odor control in
Henderson, Nevada, changed the influent wastewater characteristics significantly.

There are a few important considerations when monitoring for nitrate. Nitrate
will be reduced in the collection system, so it can be assumed that the nitrate load
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FiGure 11.1 Nitrates in primary effluent and in the anaerobic zone (courtesy of
Black & Veatch).

that entered the collection system was higher than that being measured at the plant.
Therefore, nitrate loading could vary during the course of a year, as the rate of nitrate
reduction in the collections system swings with wastewater temperature. Nitrate
may also be reduced in a composite or grab sample before being analyzed, so sam-
ples should be filtered immediately or fixed to obtain accurate nitrate data. Further
guidelines for various sampling methods and selection of representative locations are
discussed in Chapter 12 of Biological Nutrient Removal (BNR) Operation in Wastewater
Treatment Plants (WEF, 2005).

2.1.2 Phosphorus Speciation

Common forms of phosphorus found in domestic wastewater include orthophosphate,
polyphosphate, and organic phosphate, which are combined as total phosphorus (TP).
The orthophosphate is the simplest form of soluble phosphorus available to microor-
ganisms for uptake and synthesis. Phosphorus in wastewater can be classified as sol-
uble and insoluble, organic and inorganic, biodegradable and unbiodegradable, and
reactive and nonreactive. As effluent phosphorus limits become more stringent, fine
suspended colloidal organic or particulate matter becomes more important because
this material is not removed by biological reactions, sedimentation, or possibly even
sand filtration unless it is well flocculated. Reactive phosphorus, which consists mostly
of orthophosphate, refers to the phosphate that is detected by the colorimetric test or
ion chromatography without preliminary hydrolysis or digestion (WEF, 2005).
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Permit limits typically apply to total phosphorus. To evaluate process perfor-
mance, however, it is necessary to differentiate between total, soluble, and orthophos-
phate. Some industrial discharges include soluble forms of phosphorus that do not
register as orthophosphate and are nonreactive; this phosphorus fraction cannot be
removed biologically or chemically. For most domestic waste treatment applications,
it is reasonable to measure only the influent total phosphorus because the nonreactive
soluble phosphorus fraction is typically very low and nearly all influent phosphorus
will hydrolyze to orthophosphate before it reaches the aerobic zone. All orthophos-
phate is available for cell growth or luxury uptake. The plant influent total phospho-
rus to VFA ratio or total phosphorus to biodegradable COD (rbCOD) ratio is often
used to determine if the wastewater characteristics are favorable for biological phos-
phorus removal. These relationships are further discussed in Section 2.1.4.

2.1.3 Nitrogen Speciation

Although some regions in North America are introducing only nitrogen limits, other
regions are establishing low total nitrogen and total inorganic nitrogen (TIN) dis-
charge limits. Total nitrogen is the sum of TKN plus nitrate/nitrite nitrogen. The TIN
is defined as the sum of ammonia nitrogen plus nitrate/nitrite nitrogen. Analysis for
TKN uses a chemical digestion process to free ammonia from soluble and suspended
organic material. The difference between the ammonia concentration before and after
the digestion process is the organic nitrogen. When troubleshooting plant perfor-
mance, it is necessary to know the fraction of organic nitrogen because alkalinity will
be gained when organic nitrogen is hydrolyzed. This is in contrast with conversion of
ammonia to nitrate, which consumes alkalinity at the ratios shown in Table 11.2.

TaBLE 11.2  Effect of unit processes on alkalinity (courtesy of Black & Veatch).

Process Alkalinity change, mg/L Per mg/L of

Nitrification 7.1 Ammonia-nitrogen oxidized
Denitrification +3.6 Nitrate-nitrogen reduced
Breakpoint chlorination -1.4 Chlorine added
Dechlorination 2.4 Sulfur dioxide added
Phosphorus removal -5.6 Aluminum added

Phosphorus removal -2.7 Iron added
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Additional analyses are needed to further break down TKN into different com-
ponents. This level of nitrogen speciation is necessary for advanced process model-
ing to separately track these nitrogen species through the wastewater treatment plant
(WWTP). Even if advanced modeling is not used, long-term process control must
consider the various nitrogen species for permit compliance.

Of the nitrogen species, the most important form for predicting what effluent
total nitrogen concentration can be achieved with traditional biological and filtration
technologies is unbiodegradable soluble organic nitrogen, which is often referred to
as the refractory dissolved organic nitrogen (rDON). The rDON remaining when the
effluent ammonia is low cannot be further reduced unless sophisticated physical/
chemical methods are used. Ammonia concentration consistently can be reduced to
less than 0.2 mg/L provided there are no mechanical failures or toxic interferences.
To reliably comply with a 3 mg/L total nitrogen limit, it is necessary to define the
rDON concentration such that treatment targets can be established for ammonia and
nitrate. If ammonia can be reduced to less than 0.20 mg/L, then a reasonable nitrate
target to ensure reliable compliance would be one-half of the remainder once the
rDON and ammonia is subtracted from the 3.0 mg/L discharge limit. The typical
range for rDON is 0.5 to 1.5 mg/L, but it can be higher depending on the indus-
trial contribution. If a given wastewater has an rDON concentration of 1 mg/L and
it is possible to effectively reduce ammonia to less than 0.2 mg/L, then the nitrate
treatment target should be 50% of the remainder (3.0 - 0.2 — 1.0 = 1.8) or 0.9 mg/L.
This results in a total nitrogen treatment target of 2.1 mg/L to maintain a reasonable
buffer to ensure compliance. As the rDON concentration rises, the nitrate margin is
diminished, and consideration should be given to physical/chemical methods such
as chemical coagulation plus membrane filtration or ion exchange.

The rDON is a composite refractory material with a composition that is mostly
unknown, and ranges from labile to very recalcitrant portions. Some of the labile frac-
tion is bioavailable to algae in the presence of bacteria and may be oxidizable through
chlorination. Chlorination is not a desired removal strategy, however, because the
high chlorine dose required could result in the formation of trihalomethanes and
other chlorination byproducts. Only biological tests can determine the rDON. Plant
operational data often can be used to approximate the rDON concentration, how-
ever, by measuring the TKN when the plant is achieving complete nitrification and
the effluent ammonia concentration is low. A batch test with long aeration time can
also be used to reduce ammonia to a very low concentration. To accurately determine
effluent soluble organic nitrogen, a flocculated and filtered test similar to the ffCOD
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test should be used to eliminate any colloidal particulate nitrogen that may remain in
filtered samples. The difference between filtered rDON and flocculated and filtered
TKN is the colloidal organic nitrogen that will pass through filters.

The concentration of rDON largely is affected by the industrial discharges to
the plant, but some rDON may form as a result of the biological mechanisms in the
activated sludge process. Food and textile industries are contributors of rDON. For
example, the influent rDON concentration at Cumberland, Maryland, averages 0.75
mg/L without the industrial loadings. This increases to an average of 3.24 mg/L
with the industrial loadings, which makes it impossible to achieve the effluent total
nitrogen limit of 3.0 mg/L. The plant manager has several choices when high rDON
concentrations are being experienced from high industrial discharges, including

® Pretreatment of the industrial flow to reduce rDON to acceptable levels;

¢ Determining how much of the filtered TKN is rDON using the flocculating
and filtering method to determine if postchemical treatment and filtration can
reduce the effluent TKIN; and

* Negotiating with the regulatory authorities for a variance or for standards
based on TIN once the true rDON is determined.

2.1.4  Quantity and Quality of Carbon

Organic carbon compounds (expressed as COD) need to be present in the influent to
achieve both denitrification and biological phosphorus removal. A minimum ratio of
COD/TN of approximately 9/1 is required in the influent for reliable gentrification.
A COD/TP of approximately 40/1 is required for biological phosphorus removal.
Some substrates having the same COD, however, are much more readily biodegrad-
able than others, as illustrated in Figure 11.2. The initial rapid rate results from the
fraction of the COD that is readily biodegradable. As wastewater becomes more sep-
tic, acid fermentation will produce more rbCOD, and the denitrification rates will
continue to increase. The second denitrification rate represents the adsorbed COD
that slowly hydrolyzes, and the third rate is the endogenous denitrification rate
experienced when the organic substrate is fully removed. Fermentation of primary
sludge to produce rbCOD or the addition of carbon supplements such as metha-
nol, ethanol, sugars, or molasses may be required to get the desired effluent nitrate
concentration.

In biological phosphorus removal plants, phosphorus-accumulating organisms
(PAOs) present in domestic wastewater must uptake short-chain VFA, mainly acetic
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FiGURE 11.2 Denitrification rates for domestic wastewater.

and propionic acids, under anaerobic conditions. The VFA in the wastewater can be
generated in several ways:

¢ Fermentation of soluble and particulate COD in sewer systems;

¢ Fermentation of particulate matter in primary clarifiers or gravity thickeners;
¢ Fermentation of mainly rbCOD in the anaerobic zone; and

e Fermentation of some of the mixed liquor or RAS.

The intricate reactions taking place in the WWTP are well represented by math-
ematical models, which form the basis of simulator programs such as BioWin and
GPS-X. The characteristics of wastewater showing the fraction of COD that is rbCOD
and the fraction of the rbCOD that is VFA must be determined, as well as the reduc-
tion of the various constituents during pretreatment.

When the required conditions are met and there is sufficient rbCOD in the
feed to the plant, biological phosphorus removal is extremely reliable and predict-
able. Operators, however, need to be able to determine what the problem may be
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when phosphorus removal is erratic. The minimum VFA /P for reliable phosphorus
removal is quoted in the literature as ranging from 3 to 20; however, because of fer-
mentation, a portion of the rbCOD in the anaerobic zone will increase the available
VFA. The VFA content of the feed by itself is not sufficient to determine the suc-
cess of biological phosphorus removal. The VFA formed in the anaerobic zone is also
taken up by the PAOs as fast as it is formed, which makes it difficult to determine the
actual accumulative VFA (influent and that formed in the anaerobic zone) available
to the PAOs. The rbCOD/P by itself is also not a reliable indicator for assessing the
viability of biological phosphorus removal because only a portion of this material is
fermented in the anaerobic zone. When assessing the viability of biological phospho-
rus removal, it is necessary to look at both the VFA and the rbCOD in the influent
and that produced in the process. Figure 11.3 shows a plot of the rbCOD/P against
the fraction of the influent rbCOD that is VFA. The line in the plot was produced
from the BioWin process simulator and represents the minimum ratios required for
reliable phosphorus removal. If the fraction of the rbCOD that is VFA is 0.2, then a
minimum of 14 g rbCOD will be required for each gram of total phosphorus in the
influent for reliable phosphorus removal.

Figure 11.3 also shows several points that represent the carbon-to-phosphorus
relationships for several plants that have removed phosphorus reliably. One excep-
tion is the Eagle’s Point plant before and after implementation of primary sludge fer-
mentation. The additional VFA generated by primary sludge fermentation resulted
in reliable phosphorus removal, but the plant occasionally experienced significant
nitrate loads that disrupted performance.

The relationships shown on Figure 11.3 provide guidance as to whether waste-
water characteristics are favorable for biological phosphorus removal. Reliable phos-
phorus removal is possible if wastewater characteristics represent a point well above
the line. If wastewater characteristics represent a point well below the line, then opti-
mization measures must start by dealing with the unfavorable carbon-to-phosphorus
ratio by providing VFA supplementation. In practice, the fraction of rbCOD that is
VFA ranges from 0.15 to 0.2 for normal domestic wastewater, so the rbCOD-to-phos-
phorus ratio must typically exceed 16 for reliable biological phosphorus removal, as
illustrated on Figure 11.3.

Measurement of VFA must be done by a specialized laboratory because the titra-
tion method is not accurate at the typical domestic wastewater VFA concentrations.
The concentration of VFA in domestic wastewater could vary from 5 to 80 mg/L. The
titration method typically is used for testing VFA concentration, ranging from 500 to
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1500 mg/L in an anaerobic digester. If the VFA values are outside typical wastewater
range, then split samples should be sent to various laboratories to determine accu-
racy and reliability. The most reliable method for measuring the rbCOD is to conduct
oxygen uptake rate (OUR) tests. A batch of mixed liquor spiked with influent waste-
water is monitored to measure the first rapid uptake of oxygen, or nitrates in place of
oxygen, to develop a curve similar to that shown on Figure 11.2. The OUR curve will
show the demand associated with the rbCOD and the slowly biodegradable COD.
The rbCOD can also be approximated by the truly soluble degradable COD by using
the ffCOD that can be performed by most plant laboratories. If the activated sludge
process has a long SRT of greater than 10 days, then rtbCOD can be estimated by sub-
tracting the effluent ffCOD from the influent ffCOD.

2.1.5 Volatile Fatty Acid Preservation

Many biological phosphorus removal facilities will encounter periods when lack of
VFA in the feed is limiting the performance of the process. The rate of VFA generation
in the collection system is highly dependent on the residence time and the tempera-
ture of the wastewater. In addition, management practices can adversely affect VFA
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formation in the collection system. Collection system management should be an inte-
gral part of any nutrient removal strategy. Hydrogen sulfide and VFA are produced
under anaerobic conditions in the collection system. Many hydrogen sulfide removal
or control strategies can also affect the production or survival of VFA in the collection
system.

Chlorine used for odor control will oxidize hydrogen sulfides, but as a strong oxi-
dant it will also react with easily oxidizable material such as rbCOD or VFA. Chlorine
used for odor and corrosion control may also interfere with the natural fermentation
process in the sewer, thus having a detrimental effect on VFA generation and the
performance of biological phosphorus removal. Similarly, hydrogen peroxide is a
strong oxidant that will also oxidize readably biodegradable compounds or reduce
the production of VFA. Nitrate compounds typically are used for odor and corrosion
control in a collection system. This practice is equivalent to adding dissolved oxygen
because fermentation is eliminated until septic conditions are reestablished. In addi-
tion, microbes in the wastewater use nitrate to oxidize readily biodegradable carbon
that is required for BNR. The blow-down of oxidants from chemical scrubbers used
for gaseous hydrogen sulfide treatment will also inhibit fermentation if discharged to
a collection system.

When biological phosphorus removal suddenly deteriorates, a review of the
odor and corrosion control practices at the plant and collection system should be con-
ducted to determine if changes have been made that could be affecting the rbCOD or
VFA generation. Sulfide control using oxidants in the collection system may result
in the need for costly carbon or VFA supplementation to enhance nutrient removal
at the WWTP. Using iron salts for odor control may be a better choice because sul-
fides would precipitate with the iron without detrimentally affecting carbon or VFA
production. The cost of collection system odor control and carbon supplementation
should be considered and alternatives investigated to achieve the most economical
solution.

Preservation of VFA also must be considered at the plant to increase efficiency
of biological phosphorus removal. The hydraulic design and plant operations, which
are discussed in Section 3.0, should minimize the transfer of oxygen to the wastewa-
ter ahead of the anaerobic zone. It is also important to accomplish denitrification of
the RAS through endogenous respiration in a preanoxic zone, as occurs in the West
Bank Process. This can also be accomplished by using carbon remaining after the
anaerobic zone that is recycled back to a preanoxic zone, as occurs in the Modified
Johannesburg Process.
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2.2 Operating Parameters for Troubleshooting
2.2.1 Solids Retention Time

The SRT is a measure of the average time that the mixed liquor solids are retained
in the system before being removed either in the waste activated sludge (WAS) or in
the plant effluent. Ninety-five percent of the mixed liquor suspended solids (MLSS)
is contributed by the COD and TSS load; ammonia and nitrite oxidizers typically
account for less than 5% of the solids. Thus, doubling the ammonia load to the plant
will only result in a fractional increase in the MLSS, but a doubling of the COD load
will double the solids production for the same SRT. The design SRT is determined by
the need to keep the slow-growing nitrifiers from being washed out and should be
at least the inverse of the growth rate of the nitrifiers. For example, if the net growth
rate of the nitrifiers is 0.2 per day, then the SRT should exceed five days (1/0.2 = 5).

In addition, the total nitrogen feed to the plant varies considerably during the
day, and there should be enough nitrifying organisms to convert the highest con-
centration of total nitrogen in the influent, which requires a higher SRT than the
minimum steady-state, average SRT. Daily variation can be modeled to establish the
required minimum SRT. For BNR plants, the optimum oxic SRT needed to maintain
complete nitrification under all operating conditions will be dictated by the nitrifier
growth rate, which is dependent on the dissolved oxygen concentration, tempera-
ture, pH, and potentially inhibitory substances in the wastewater.

When chlorine is used for disinfection, a high variation in effluent nitrite can
result in erratic chlorine demand because of the disinfection process going in and out
of breakpoint chlorination during the course of the day. A high variability in chlorine
demand can be a sign of nitrite breakthrough and incomplete nitrification, resulting
from operating at a too short SRT, too high or low of pH, or too low dissolved oxy-
gen concentration to maintain complete nitrification. Many operational parameters
should be considered when selecting the targeted SRT for preventing nitrite break-
through: plant influent flow and load variability, wastewater temperature, dissolved
oxygen concentration, and alkalinity and pH of the wastewater.

When plants are designed and operated for carbonaceous BOD; removal only,
the SRT should be as low as possible to avoid nitrification. When the mixed liquor
temperature exceeds 24°C, however, it is almost impossible to avoid nitrification at
any reasonable SRT. For example, attempts were made to operate the 23rd Avenue
plant in Phoenix, Arizona, at a low SRT to avoid nitrification. This significantly
reduced the oxygen transfer efficiency of the aeration system, however, because of
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a depressed alpha factor (a-factor). To resolve this operational challenge, an anoxic
zone was created near the inlet end and an internal recycle from the aeration zone
back to the anoxic zone was provided so that the process achieved both nitrification
and denitrification. These modifications reduced overall aeration energy require-
ments because of the oxygen recovered through denitrification and an increased
alpha-factor (Albertson and Hendricks, 1992; Groves et al., 1992).

There are several advantages of operating a plant near the lowest SRT for com-
plete nitrification:

* Energy savings by not aerating the activated sludge unnecessarily;
e Discouragement of growth of glycogen accumulating organisms (GAOs);

* Less phosphorus release in the oxic zone because of reduced endogenous res-
piration; and

* Reduced potential for bulking sludge and scum formation because of lower
oxygen demand, higher F/M, and less potential for the accumulation of fila-
mentous bacteria.

The optimum SRT of a membrane bioreactor (MBR) process is often above
the minimum required for complete nitrification because a higher SRT allows for
improved membrane permeability and reduced potential for membrane fouling.
The performance of an MBR process can be affected by higher sludge volume
index (SVI) of the mixed liquor that can be experienced with a longer SRT. Because
of the high MLSS, the diluted SVI test must be performed in place of the simple
SVI test, or a comparison should be based on stirred SVI at 3.5 g/L. A correla-
tion between SVI and permeability has been observed with better permeability at
lower SVI values.

The MBR process can experience scum and foam formation from excessive SRTs.
Selective wastage of scum and mixed liquor can keep both the SRT and the scum in
check (see Section 3.8).

In all domestic WWTPs there is a pronounced peak of influent TKN in the
mornings and occasional smaller peaks in the evening. The magnitude of these
peaks will typically depend on the size of the plant service area, thus larger plants
will typically experience lower influent TKN diurnal peaks than smaller facilities.
Facilities that experience higher influent TKN diurnal peaks will also experience
higher diurnal peaks in effluent ammonia when the plant is operated at or near
the minimum SRT that prevents washout of the nitrifiers. Unless a plant operates
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at an excessively long SRT (extended aeration), the influent TKN diurnal peaks
can result in diurnal spikes in the effluent ammonia even when the average efflu-
ent ammonia concentration remains low. Monitoring diurnal variations in efflu-
ent ammonia concentrations can be an effective strategy to determine whether the
SRT of the process is close to the optimum for reliable and efficient performance.
If the SRT is too long, then no significant increase will be observed in the diurnal
peak effluent ammonia concentrations. When the SRT is near optimum, the diurnal
peak effluent ammonia concentration can be observed as high as 2.0 mg/L but the
short duration peak will not significantly contribute to the daily average concentra-
tion. The effluent ammonia diurnal peaks will be more sensitive to changes in the
SRT than the daily average concentrations. Therefore, under ideal conditions of pH
and dissolved oxygen, the magnitude and duration of diurnal peaks in the efflu-
ent ammonia can serve as a good indication of whether the process is operating
near its desirable SRT. Observing this peak is also one of the advantages of having
online ammonia monitoring, which allows for efficient operations while managing
the risk of permit violations.

Online instrumentation can be used to better monitor diurnal peaks in effluent
ammonia to help optimize the SRT of the process. When an operator relies on com-
posite samples for control, collecting discrete samples to understand the diurnal pat-
tern is an effective strategy to evaluate how well the plant is performing and if the
SRT is at or near the optimum duration. It should be noted, however, that an increase
in the diurnal peak effluent ammonia concentration could also indicate lack of oxy-
gen or toxic interference.

Figure 11.4 illustrates how diurnal variations in flow and loading can have a dras-
tic effect on plant effluent ammonia (as predicted by the GPS-X process simulation
model), especially when the facility is operating near the washout SRT for the nitri-
fying bacteria. The upper line in Figure 11.4 represents the predicted peak effluent
ammonia concentration and the lower line is the predicted minimum concentration.
As the SRT increases, the effluent ammonia concentration tapers off and the differen-
tial between average, peak, and minimum is further reduced. As the SRT is reduced,
but still not near the washout SRT (seven-day SRT on Figure 11.4), the average efflu-
ent ammonia is predicted to increase to 1.0 mg/L along with an appreciable increase
in the diurnal peak. When operating close to the washout SRT, effluent ammonia will
become unpredictable as the plant experiences significant ammonia bleed through to
the effluent.
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The traditional method for calculating the aerobic SRT (days) is to divide the
mass of solids under aeration by the mass of solids wasted each day from the pro-
cess. This can be written as:

SRT,0=VxC,/dV xC,) (11.1)

Where,
V = volume of aeration tank, m3;
C,, = concentration of the mixed liquor, g/m?;
dV = volume of RAS wasted, m?/d;
C, = concentration of clarifier underflow, g/m?; and
6 = SRT in days.
When wasting mixed liquor directly to a settling tank or a dissolved air flota-
tion (DAF) thickener, the value of C,, and C, is the same and the SRT equation will
become:

SRT, 0=V x C,/(dV x C,) =V/dV

The SRT can thus be determined by dividing the flowrate into the volume of the
aeration basin. Because the volume of the basin is constant, the SRT is determined
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directly from the wastage rate of the mixed liquor. The mixed liquor will find its
equilibrium, which will depend on the BOD or COD load to the plant. An additional
advantage of mixed-liquor wasting is that surface scum can be removed along with
the wasted sludge. This wasting strategy is referred to as selective wastage and has
been applied to many plants, especially when wasting to DAF thickeners where the
size of the thickener typically is determined by the solids loading rate.

When wasting clarifier underflow there can be significant variability in the day-
to-day determination of the MLSS, the clarifier underflow concentration, wasted
scum, and the WAS pumping rate, although it is logical that under normal operating
conditions, the SRT cannot change rapidly. For meaningful results, the SRT should be
calculated based on a four-to-five-day average for each parameter. Online metering
of solids concentrations should not be used directly for automatic control of the WAS
rate because it can lead to wide swings in the WAS rate. At least a three-day rolling
average of the metered parameters should be used to set or reset the WAS rate.

For better accuracy, effluent solids can be included in the SRT calculation as sol-
ids wasted from the process. Although effluent TSS concentration is usually not sig-
nificant, it can be when calculating the SRT of a high-rate process that operates at a
relatively short SRT of only a few days. Another limitation of aerobic SRT calculations
is that they typically do not include the total inventory of solids in the process such
as solids in unaerated zones and in the final clarifier sludge blanket. When secondary
clarifiers are operated with a sludge blanket exceeding 300 mm (1 ft), it is possible to
have 25% to 30% of the total solids inventory in the clarifiers. These solids must be
considered when adjusting wasting rates to recover from a plant upset condition or
when performing a mass balance around the plant.

The required anoxic SRT will depend on the type of carbon substrate available to
support denitrification (see Section 2.1.4). When operating at a longer than optimum
SRT for nitrification (which is temperature related), there is a greater potential for
low food-to-microorganism (F/M) filamentous bulking and foaming. A longer SRT
also will increase the overall oxygen demand of the process because of additional
endogenous respiration and increase clarifier solids loading rates from the higher
than necessary MLSS concentration.

Maintaining a longer than necessary SRT also can affect the performance of bio-
logical phosphorus removal. An extended aeration stage results in more endogenous
respiration (cell breakdown and oxidation) that releases phosphorus. In addition, a
longer SRT will yield less sludge containing phosphorus-storing biomass and hence
less phosphorus removal (Kobylinski et al., 2008).
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2.2.2  Mixed Liquor Recycle

The rate of MLR controls the mass of nitrate being returned from the aerobic zone to
the anoxic zone. Unfortunately, the MLR also returns dissolved oxygen to the anoxic
zone. Consequently, the dissolved oxygen concentration at the point in which mixed
liquor is pumped from the aerobic zone should be maintained as low as possible for
optimum performance.

The overall percentage of denitrification will increase as the rate of MLR increases
up to a certain point depending on the available carbon to support denitrification and
the amount of oxygen being returned to the anoxic zone with the MLR. For ideal
performance, the MLR rate should be controlled to the point where the nitrate in
the last of two or three anoxic cells operating in series is nearly depleted. The opti-
mum recycle rate will thus depend on the availability of carbon in the feed to the
anoxic zone, the anoxic retention time, and the denitrification rate. If the MLR is too
high, then it can cause excessive dissolved oxygen to be returned to the anoxic zone
and actually result in less nitrate removal than that experienced at a lower MLR rate.
Incomplete denitrification in the anoxic zone also favors the growth of Microthrix par-
vicella (Casey et al., 1993).

When the MLR rate is too low, nitrates will be fully depleted in the anoxic zone,
creating conditions favorable for fermentation, secondary release of phosphorus, and
the growth of nocardia foam in the aeration basin. For practical purposes, MLR rates
up to four to six times the influent flow typically can improve denitrification if the
dissolved oxygen in the recycle is maintained at less than 1.0 mg/L. Higher MLR
rates, or higher dissolved oxygen concentrations, can often result in lower levels of
denitrification, as shown on Figure 11.5.

When the anoxic zone has at least three distinct cells, nitrate profiling through the
anoxic zone is a good strategy to determine if the rate of MLR is optimized. If there
is only one anoxic zone, then it is more difficult and the MLR should be varied and
the removal of nitrates closely monitored. The MLR rate should be increased until
nitrate is nearly depleted. The maximum denitrification efficiency in a completely
mixed anoxic zone is when the nitrate concentration of the mixed liquor is above
1 mg/L, which is above the nitrate half-saturation concentration value for denitrifi-
cation. This is not a simple operation because the nitrate concentration in the anoxic
zone of a completely mixed tank typically will be low even with the diurnal ammo-
nia load variation to the plant. Variable control of the MLR pumps is preferred and,
although it is difficult to automate based on the daily nitrate profile, the MLR rates
can be preset to operate at varying rates depending on the time of day. It is preferable
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FIGURE 11.5 Effect of mixed liquor recycle (MLR) rate on plant effluent nitrogen
from a computer analysis for a four-stage Bardenpho plant in Florida (courtesy of
Black & Veatch).

to have a series of anoxic zones, which would allow the operator to study the nitrate
profile through them. The nitrate profile should be developed on a mass basis rather
than on concentration because primary effluent and RAS flow will dilute the nitrate
concentration of the MLR flow.

It is difficult to reduce the dissolved oxygen at the point from which mixed liquor
is recycled because the aeration system for most plants is designed to a minimum
air flow to maintain mixing at all times. This may result in dissolved oxygen con-
centrations in excess of 5 mg/L, which is counterproductive. In this situation, it may
be necessary to evaluate the effects of operating below the recommended minimum
airflow for mixing or to provide mechanical mixing to augment the mixing energy.
This allows the airflow to be reduced as necessary to operate at the desired dissolved
oxygen concentration of 1.0 mg/L at the point of MLR.

2.2.3 Return Activated Sludge

The rate of RAS should be controlled to ensure the clarifier sludge blanket is main-
tained at less than 300 mm (1 ft). The theoretical optimum RAS flow rate can be



Troubleshooting for Full-Scale Nutrient Removal Facilities

calculated based on a solids mass balance around the final clarifier considering the
plant flow, MLSS, and RAS concentrations. The RAS concentration will be influenced
significantly by the SVI of the MLSS. If it is assumed that the effluent TSS is negli-
gible, then the mass balance results in the following formula for calculating the theo-
retical RAS flow rate:

Qras/Q = MLSS/(Crys — MLSS) (11.2)

Where,
Q = plant flow, m?*/d;
Qgras = RAS rate of return, m®/d;
Cras = TSS concentration of the RAS, g/m?; and
MLSS = mixed liquor concentration, g/m?.

RAS flow rates calculated from the above formula are theoretical values, so oper-
ational adjustments may be necessary to compensate for nonideal conditions in the
clarifier. Sludge blanket depth and effluent turbidity should be monitored to opti-
mize fully the RAS pumping rate. Variable speed pumps dedicated to each clarifier
are preferred to fully control the removal of sludge from each clarifier, rather than
relying on hydraulics to obtain equal sludge draw-off with a RAS suction manifold
system. When the RAS concentration in one clarifier becomes marginally higher than
in another clarifier connected with a common sludge draw-off manifold, the thinner
sludge will have less resistance, and the pumps will draw significantly more RAS
from this clarifier. The pumps also may favor the clarifier with the shortest suction
line or the one with the lowest headloss. Individual pumps that discharge into a com-
mon manifold with high headloss should also be avoided. The pumps used for RAS
typically have flat hydraulic curves and a slight change of pressure in the manifold
that could influence the actual discharge from the pumps connected to the manifold.
The number of pumps in operation will affect the sludge removal rate from any one
clarifier in plants that have a common delivery pipe for several pumps. Switching
one pump on or off will change the rates of recycle from other pumps, which requires
constant readjustment to maintain a reasonably balanced withdrawal of sludge from
all clarifiers. With dedicated RAS pumps for each clarifier, it may be necessary to
experiment with the RAS pumping rate to determine which rate provides the best
sludge blanket depth control. Overpumping of RAS actually can reduce the amount
of sludge removed from the clarifier because of reduced RAS concentration result-
ing from “rat-holing” and thinner liquid being sucked through the sludge blanket.
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This problem can be diagnosed by comparing the clarifier sludge blanket and RAS
concentrations. Tracer studies also may be used to warn against short-circuiting.

A lower RAS rate may allow the sludge blanket to further concentrate and return
greater sludge mass to the aeration basin. Using state point analysis (SPA) is help-
ful for optimizing clarifier performance by finding the optimum RAS pumping rate.
Zone settling tests to obtain plant-specific correlation between SVI and the Vesilind
constants for settling are helpful to calibrate the SPA to be specific to the MLSS at the
facility.

Up to a point, lower RAS pumping rates are advantageous for biological phos-
phorus because lower pumping rates will reduce the mass of nitrates returned to
the preanoxic or anaerobic zones, thus preserving the available VFA and rbCOD for
the PAOs. Lower RAS pumping rates also reduce the solids loading rate on the final
clarifier, which can be helpful when a plant is losing solids to the effluent during an
upset condition. Lower RAS rates, however, may lead to denitrification and rising
sludge and secondary release of phosphorus if the sludge retention time in the clari-
fier becomes too long. The RAS recycle rate should be adjusted to maintain a RAS
orthophosphate concentration of no more than 1 to 2 mg/L.

When phosphorus removal is not a consideration but nitrogen removal is
required, higher RAS pumping rates effectively can increase the level of denitrifi-
cation in plants that are lacking MLR pumping capacity. A high level of nitrogen
removal can be accomplished in plants not designed with a formal anoxic zone or
MLR pumps by turning down aeration at the inlet side of the basin to create an infor-
mal anoxic area. In these situations, a high rate of RAS flow will increase the return
of nitrates to the anoxic area, which will increase the potential for nitrogen removal.
In plants with slow-speed surface aerators, turning down the first one or two aerators
has been used to reduce total nitrogen by as much as 90% (Randall et al., 1992). This
strategy can also be used in plug-flow plants with fine bubble aeration if the length-
to-width ratio exceeds approximately 8:1. This could lead, however, to excessive fila-
mentous growth. Therefore, careful monitoring and control should be practiced to
limit the risk of bulking sludge.

2.2.4 Dissolved Oxygen

As noted previously, it is widely accepted and understood that good dissolved oxy-
gen control is a desirable feature for all activated sludge systems and is especially
important for BNR plants. Dissolved oxygen in the aerobic zones should be continu-
ously monitored to ensure sufficient oxygen is provided during all flow and loading
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conditions. Dissolved oxygen in excess of 2 mg/L is essential in the first oxic zone
following the anaerobic or anoxic zones to enhance biological phosphorus uptake
by PAOs and guard against growth of Microthrix parvicella. The ideal aeration basin
layout for good dissolved oxygen control is semi-plug flow partitioned into at least
three zones. The partitions do not need to be watertight to create isolated zones, but
the aeration systems should be tapered to allow the aeration system to match the
oxygen demand along the length of the aeration basin while maintaining target dis-
solved oxygen concentrations.

Phosphorus uptake is highly dependent on the residual dissolved oxygen in
the first oxic zone of the process, as discussed in Chapter 8. Orthophosphate can
be reduced to a level as low as 0.1 mg/L when sufficient oxygen is supplied in the
first oxic zone of the BNR process and all other conditions for biological phosphorus
removal are met. The aeration system supporting the first zone should be designed to
operate at a dissolved oxygen concentration higher than 2.0 mg/L, while meeting the
high synthesis and nitrogenous demands experienced at this point in the process. If
the plant has a completely mixed aeration tank, then phosphorus removal efficiency
may be increased by partitioning the tank to cost-effectively maintain a high dis-
solved oxygen in the first oxic cell.

Low residual dissolved oxygen also decreases the efficiency of BOD; removal
and growth rate of the nitrifying bacteria (Figure 11.6). Note the rapid reduction in
the rate when the dissolved oxygen decreases below 2 mg/L. Partitioning of the aera-
tion tank allows for optimum dissolved oxygen control at various points in the pro-
cess. As previously mentioned, the dissolved oxygen in the first oxic zone should
be 2.0 mg/L or greater to enhance phosphorus uptake, and lower than 1.0 mg/L at
the point of MLR to avoid excessive recycle of dissolved oxygen to the anoxic zone.
A small (nominal HRT of 20-30 minutes) deoxidation zone located before the MLR
pumps can also be considered to reduce further the residual dissolved oxygen con-
centration. Too much dissolved oxygen introduced to the anoxic and anaerobic zones
can inhibit both denitrification and biological phosphorus removal, as discussed in
previous sections. Sufficient dissolved oxygen also must be maintained in the efflu-
ent of the bioreactor to avoid problems associated with denitrification and secondary
release of phosphorus in the sludge blanket of the final clarifiers. A small partitioned
zone following the MLR pumps is desirable to increase the dissolved oxygen again
before the mixed liquor passes to the final clarifiers.

For completely mixed systems, it is possible to control the airflow with one dis-
solved oxygen probe strategically located to provide an accurate average reading.
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FIGURE 11.6 Dissolved oxygen versus nitrification rate graph.

Reactors with length-to-width ratios as low as 4:1, however, can encounter significant
oxygen demand gradients, especially when partitioned. As a result, tapered aera-
tion systems and multiple dissolved oxygen control grids should be considered. In
true plug-flow systems, each pass will have a different oxygen demand, with the air
demand in the last pass often lower than the air required for mixing. For these config-
urations, more sophisticated control systems are recommended. It is ideal to provide a
common header system equipped with multiple control valves to regulate the airflow
to each pass based on dedicated dissolved oxygen probes. When instrumentation and
control equipment are limited, it is possible to control the aeration system with one
strategically placed dissolved oxygen probe provided that the air distribution to each
of the aeration grids can be manually controlled to avoid under- or overaeration.

The dissolved oxygen concentration at the end of an aeration basin near the MLR
pumps should be maintained preferably at less than 1 mg/L to minimize the amount
of oxygen pumped back to the anoxic zone. Because nitrification will be complete, the
OUR at the end of an aeration basin is associated primarily with endogenous respira-
tion. The recommended minimum airflow rates for mixing may make it difficult to
maintain low dissolved oxygen concentrations. Many operators have ignored recom-
mended minimum airflow rates for mixing and control the dissolved oxygen at the
desired low concentration with mostly positive results. A mechanically mixed deoxy-
genation zone should be considered if problems related to lack of mixing energy are
experienced.
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22,5 Alkalinity and pH

Alkalinity and pH are closely related. Chemically, pH is defined as the negative log
of the molar concentration of hydrogen ions. It is an inverse relationship because the
concentration of hydrogen ions increases as the pH is lowered. Domestic wastewater
pH can vary from a low of 5.5 to a high of 9.0, but typically it is between 6.0 and 8.0 in
activated sludge and other biological treatment systems. The pH is important for two
reasons: (1) permit compliance and (2) process performance. Low influent alkalinity
to buffer the pH value will inhibit nitrifying bacteria as the pH drops below 7.0 (see
Figure 11.7). By the time the pH is lowered to 6.0, the rate of nitrification is near zero.

Table 11.1 shows the effects of various processes on wastewater alkalinity.
Hydrolyzation of 1 mg/L of organic nitrogen to ammonia will produce +3.6 mg/L
of alkalinity. For this reason, it is essential to know the concentration of organic N
in the influent or primary effluent. Nitrification of 1 mg/L of ammonia results in a
loss of 7.1 mg/L of alkalinity, and 3.6 mg/L alkalinity is recovered through denitri-
fication. When influent alkalinity is low, nitrification may suppress pH to the point
where it is not possible to achieve complete nitrification. Creating anoxic zones at
the inlet to denitrify the RAS flow may recover enough alkalinity to allow the pro-
cess to achieve full nitrification. When nitrification volume is limited, addition of
alkalinity to control the mixed liquor pH, especially during the cold months, will
enhance the growth rate of nitrifying bacteria and possibly allow reliable nitrifica-
tion at a shorter SRT.

100%

Percent of u max

0 0/0 T T T
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FiGurRe 11.7 The pH versus nitrifier growth rate.
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Chemical precipitation of phosphorus with aluminum or iron is effective over
a wide pH range; but to precipitate phosphorus with lime, the pH must be raised
above 8.5.

When testing alkalinity to determine if it is adequate to support nitrification, it is
important to collect the sample at the aeration basin inlet rather than at some point
internal to the process. In the anaerobic zone of a biological phosphorus removal pro-
cess, the phosphorus stored in the microbes is released, and orthophosphate can be
three to four times higher than the influent orthophosphate concentration. Therefore,
alkalinity samples collected at the end of the anaerobic zone will have artificially high
readings because of the high orthophosphate. The phosphate alkalinity, however, will
be removed immediately in the first oxic zone, so it will not be available to control the
pH for nitrification. Sampling for alkalinity in the anoxic zone can also produce higher
readings because of elevated orthophosphate, but not to the extent experienced in the
anaerobic zone. The high MLR and RAS rates also will dilute the influent to the anoxic
zone, which will further confuse the alkalinity reading if it is taken in the anoxic zone.

A second concern with sampling for alkalinity is the fermentation that occurs in
a primary clarifier, whether it is incidental or intentional to generate additional VFA
to support biological phosphorus removal. Organic acids generated by fermentation
will create alkalinity, but in a form that is not available or usable for nitrification.
Organic acids such as acetic, propionic, and butyric acids are weak acids with pKa
values in the 4.5 to 5 range. This means that these organic acids count as alkalinity.
Acetic acid could contribute as much as 0.8 mg of CaCO; per mg of acetic acid, so
influent containing 40 mg/L of acetic acid could have as much as 32 mg/L of alkalin-
ity as CaCO;. These organic acids, however, will be consumed rapidly in the anoxic
or aerobic zones of the process through biological oxidation and will have no alkalin-
ity benefit for nitrification.

When chemical phosphorus precipitation is used in the activated sludge process,
iron or aluminum salts in excess of stoichiometric requirements will react to form
a hydroxide precipitate. This excess chemical dose typically is required to reduce
orthophosphate concentration to levels less than 1.0 mg/L. Alkalinity consumption
is 2.3 mg of CaCO; per mg of iron precipitated as Fe(OH); and 5.6 mg CaCO; per
mg of aluminum precipitated as AI(OH);. When performing an alkalinity balance,
the loss of alkalinity through chemical precipitation of phosphorus must be taken
into account to ensure that sufficient alkalinity is available for nitrification and to
maintain an acceptable effluent pH to meet the discharge permit. Effluent alkalinity
should be maintained above 80 mg/L as CaCOs;, but preferably above 100 mg/L to
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ensure that the pH will not adversely affect the nitrification rate. When incomplete
nitrification is observed in a high-rate plant, there is an option to add alkalinity to
increase the nitrification rate. This may only be necessary in winter when the nitrifi-
cation rates are reduced by the low temperature. The alternative will be to increase
the size of the aeration basin or switch anoxic zones to aeration zones.

When alkalinity supplementation is needed, it is best to add the chemical directly
into the aeration basins. Adding supplemental alkalinity to the plant influent can cre-
ate problems and may be ineffective. When adding alkalinity, it is possible to shift
the pH to above 8.4, at which point calcium hardness will begin to precipitate and
form scale. Because carbonate alkalinity in the pH range of 7.4 to 8.4 provides little
buffering capacity, the shift in this range occurs rapidly. Calcium scale can constrict
the inner diameter of the pipes, causing additional headloss and a reduction in flow
capacity. If alkalinity supplementation is provided in front of primary clarifiers, then
softening reactions and scale formation will occur but the calcium carbonate and
added alkalinity will be removed with the primary sludge. In essence, the alkalinity
added can be precipitated and removed from the system with the primary sludge. To
avoid problems when adding supplementary alkalinity at the influent or at a flow-
distribution structure, a titration curve should be developed to determine if the pH
will be increased to the point where precipitation of calcium carbonate will occur.
Adding alkalinity in the aeration basin can produce a localized calcium carbonate
precipitate. As nitrification consumes alkalinity, however, calcium carbonate will dis-
solve and once again be available as alkalinity.

2.3 Microbiology and Kinetics
2.3.1 Nitrification

Many plants are plagued by inhibition of the nitrifying organisms, which can mani-
fest in several ways. Often when retrofitting a high-rate plant for nitrification, per-
formance challenges can be experienced when no apparent problems were observed
before the retrofit. It is not that there were no toxic materials in the influent before the
retrofit but rather that the inhibition did not manifest itself as a problem until nitri-
fication was required. Sometimes, such events are not picked up during pilot testing
because the toxic discharge can be infrequent and it could have been missed during
the pilot study.

If there are gradual increases in effluent ammonia during an otherwise steady
period, and the dissolved oxygen and MLSS concentrations have not significantly
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changed, then it is likely that the plant is experiencing nitrification inhibition because
of a toxic substance in the influent. Either a heavy metal such as nickel, zinc, or
chrome, or any of a long list of organic compounds could be causing inhibition.
When inhibition occurs frequently, it is good policy to keep individual daily samples
of the mixed liquor for a few weeks, continuously adding new ones and discarding
old ones. Heavy metals will accumulate in the sludge, and when an upset occurs, it
is possible to analyze the sludge to help identify and locate the offending industry. If
there is a gradual increase in effluent ammonia caused by lack of aeration, the efflu-
ent ammonia should be reduced shortly after adequate air is supplied to maintain a
good dissolved oxygen residual.

Comparative nitrification inhibition tests also can be conducted to help detect
inhibitory industrial discharges. Conducting tests on samples collected before and
after the discharge point of several different catchments in the collection system is a
cost-effective way to isolate the point of discharge.

Surveillance of the influent wastewater also should be practiced when trouble-
shooting a plant plagued with nitrification inhibition. At the Windhoek, Namibia,
plant, where effluent is reclaimed for potable reuse, the effluent ammonia increased
from near 0 to 30 mg/L in days. The operators noticed and recorded that on the
Sunday morning preceding the event the influent had an abnormal “yellowish, green-
ish tint” which was unusual for the domestic-only wastewater. There was a chrome
plating industry in the service area, but it was not supposed to be connected to the
sewer system. After a warning (vehemently denied) no such incident reoccurred in
more than 20 years. This shows that the power of sharing such observations with
industry cannot be underestimated.

Under normal conditions, nitrite oxidizing bacteria (NOB) grow faster than
ammonia oxidizing bacteria (AOB), and, consequently, there is no accumulation of
nitrites. The NOBs, however, are more sensitive to toxins, high and low pH, and low
dissolved oxygen environments, which means that accumulation of nitrites indicates
an operating problem. When nitrites are observed, it is advisable to determine if pH
and dissolved oxygen are normal, and then to look for low-level toxins that might
affect the NOB more than the AOB. If pH is low, then denitrification should be intro-
duced or increased to regain alkalinity and, if necessary, supplemental alkalinity
should be provided to restore complete nitrification.

Other factors that have a profound effect on the rate of nitrification are tempera-
ture, dissolved oxygen, and pH and alkalinity. Poor hydraulic design also can lead to
short-circuiting and breakthrough of ammonia to the effluent. Hydraulic problems
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are not always obvious and must be closely investigated to identify areas that are
creating performance challenges.

2.3.2 Denitrification

There is movement in some regions of the United States and other parts of the world
toward effluent total nitrogen limits of 3 mg/L. In long SRT plants, the ammonia can
be reduced to less than 0.2 mg/L and the rDON concentration can vary from 0.6 to
more than 2 mg/L depending on the type of industrial waste being discharged to the
plant. Therefore, it may be necessary to reduce effluent nitrate to less than 1.0 mg/L
to reliably meet a total nitrogen discharge limit of 3.0 mg/L (also see discussion in
Section 2.1.3).

The Modified Ludzak-Ettinger (MLE) nitrogen removal process configuration
typically can remove approximately 85% of the nitrogen in domestic wastewaters that
have adequate carbon to support this level of denitrification. If the carbon (as COD)-
to-nitrogen ratio in the plant influent is greater than 9, then there should be adequate
carbon for denitrification; but the type of carbon or COD also is important. rbCOD is
needed for a rapid rate of denitrification. The ffCOD tests can be conducted to deter-
mine the soluble degradable COD, which can be equated to the rbCOD concentration
of the influent wastewater. If rbCOD is in short supply, then carbon supplementa-
tion by sludge fermentation or chemical addition should be considered. Methanol,
ethanol, sugar, acetic acid, or short-chain, high-COD industrial waste products are
all viable supplemental carbon sources. Fermentation of primary sludge will produce
rbCOD that can be used effectively to increase denitrification rates and overall nitro-
gen removal. Primary sludge contains proportionally more carbon than ammonia,
and the fermentate will have a favorable C/N. The fermentate, however, also will
contain some ammonia, so it should be used only in the first anoxic zone of a two-
stage process and not in a second anoxic zone of a four-stage process or a tertiary
attached growth system designed for denitrification.

To achieve more than 85% total nitrogen reduction, a second anoxic zone is
required, or further denitrification must take place on a tertiary treatment attached
growth system such as denitrifying sand filters or a moving bed bioreactor process. A
carbon source free of nitrogen compounds should be used in a second anoxic zone or
tertiary denitrification process.

The second anoxic zone of the Bardenpho process relies on endogenous respira-
tion for denitrification. Endogenous denitrification rates are sensitive to wastewater
temperature, so the rates are reasonable in warmer climates like in Florida, but adding
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carbon in the second anoxic zone should be considered in colder climates to enhance
the denitrification rate. Although methanol is a pure, low-cost carbon supplement
that has a relatively low solids yield, it is consumed only by special, slow-growing
methylotrophic bacteria whose growth declines sharply with temperature. At a mini-
mum wastewater temperature of approximately 10°C, the second anoxic zone SRT
must be increased to above three days to prevent washout of the methylotrophic bac-
teria and loss of denitrification. Maintaining a three-day SRT in a second anoxic zone
could result in an HRT of greater than four hours, which becomes an unreasonable
volume for many facilities. When confronted with this problem, other carbon sources
such as acetate, ethanol, and sugar should be considered. These carbon sources can
be used by ordinary denitrifying organisms that can maintain higher denitrification
rates at colder temperatures. In this way, it is possible to achieve the desired level of
denitrification in a reasonable second anoxic zone volume. It is possible, however, to
use methanol in cold climates for tertiary denitrification using deep bed filters or an
anoxic moving bed bioreactor (MBBR) process. The slow growth rate of the methy-
lotrophic bacteria is less pronounced for attached growth systems because the organ-
isms cannot be washed out.

Adding attached-growth media (floating or stationary) to a second anoxic zone
also would allow for continued use of methanol in cold climates. This is because the
slow-growing methylotrophic bacteria would develop in the biofilm, significantly
reducing the retention time required to achieve the desired level of denitrification.
The use of attached-growth media in the second anoxic zone, with sieves to retain the
media, is also an effective strategy for an MBR process that must achieve low-effluent
nitrogen. Because there is no thickening of the return sludge in an MBR process, a
sludge return rate exceeding four times the forward flow from the membrane zone
to the aerobic zone is required. This high return rate reduces the retention time in the
second anoxic zone and brings more dissolved oxygen from the aeration zone into
the anoxic zone, making denitrification with methanol to low levels near impossible
at mixed liquor temperatures below 12°C.

When troubleshooting a plant that is experiencing denitrification problems, it may
be helpful to run denitrification rate tests (see WERF, 2003). Measuring denitrification
rates in situ by adding nitrates to a sample of the mixed liquor is fraught with difficul-
ties. When samples of mixed liquor from the end of the aeration basin of a BNR plant
are mixed with samples of the influent and RAS in the same proportion as in the full-
scale plant, three distinct rates will be observed as shown on Figure 11.2. The first deni-
trification rate is the result of rbCOD removal, the second rate results from hydrolysis
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of the adsorbed particulate matter, and the third represents endogenous denitrification.
If rates are measured early in the morning, then the first rate will be significantly lower
than at midday because of the lower concentration of rbCOD. When measuring rates
in samples taken from the anoxic basin, the rbCOD would have been used up and only
two rates will be observed—a faster rate and one for endogenous respiration when the
substrate is depleted. If the anoxic zones are oversized, then some fermentation may
occur after the nitrates are depleted. This can result in an artificially high denitrification
rate when nitrate is spiked to a batch test for that zone. With multiple anoxic zones, it is
best to look at the profiles of nitrates through the basins or to rely on online monitoring,.
In most cases, operators simply look at comparative rates in batch tests from day to day
at the same hour to compare performance.

Denitrification rates will vary from plant to plant and also can vary from one
external substrate to another. Most bacterial populations that denitrify can use almost
any carbon source but methanol. Some other monocarbon compounds require spe-
cific organisms that feed off these substrates. A specific organism must be cultivated
to break down the methanol while using the nitrate as an electron acceptor. As a
result, the bacterial mass must be acclimated to the methanol feed before an attempt
is made to measure the denitrification rate.

With the emphasis on achieving very low effluent concentrations of both nitrogen
and phosphorus, it should be stressed that denitrifying organisms need phosphorus
to grow. When using tertiary attached-growth denitrification systems, there must be
sufficient phosphorus to sustain the growth of the denitrifying organisms. This may
require a final phosphorus precipitation step to achieve effluent phosphorus levels
of less than 0.02 mg/L. There are indications that the attached growth denitrifying
organisms can use chemically bound phosphorus in sand filters, but there seems to
be more difficulties in using chemically bound phosphorus in suspended media sys-
tems such as the MBBR process.

There appears to be a conflict between carbon needed for phosphorus removal
and for denitrification in a plant with an anaerobic zone for phosphorus removal.
The PAOs will soak up the VFA in the influent. Although some of the PAO can use
nitrate instead of oxygen, the rate of denitrification is much slower. There are reports,
however, that contradict this (van Huyssteen et al., 1990). Process simulator models
predict that when the readily biodegradable carbon supply is insufficient for both
biological phosphorus removal and denitrification, the denitrification rate will suf-
fer. This can lead to use of chemical addition for phosphorus removal, reserving the
rbCOD for denitrification.
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Redox meters for measuring the oxidation/reduction states of mixed liquor are
used for detecting when the anoxic zone is running out of nitrate. There is no absolute
meter reading at which the nitrate will disappear, but when there is a sudden drop
in the readings, the mixed liquor is going into the fermentation mode. The oxidation
reduction potential (ORP) probes and control logic exist that can detect this change
and provide early indication of a potential denitrification problem.

2.3.3 Biological Phosphorus Removal

PAOs can only take up acetic and propionic acid in the anaerobic zone. In the anaer-
obic zone, fermentation of some of the rbCOD to VFA is essential to the process.
Although some higher-carbon VFAs may be present, the literature typically refers to
these two acids when using the acronym VFA. Phosphorus removal has been remark-
ably reliable, provided that sufficient rbCOD or VFA is available, competing organ-
isms are kept under control, and there is sufficient dissolved oxygen in the aeration
basin.

2.3.3.1 Competing Organisms

Organisms that compete with PAOs are those that deplete VFA. Heterotrophic
bacteria using oxygen or nitrates as electron acceptors will proliferate and rapidly
consume the available VFA, which is why it is necessary to provide an anaerobic
zone with no dissolved oxygen or nitrates in the influent. In such an environment,
the PAOs have the opportunity to take up the VFA before it is consumed by the
ordinary heterotrophic bacteria. The term “anaerobic” is used here to distinguish
this from the anoxic zone, which also has no oxygen supply but to which nitrates
are fed for denitrification. Some fermentation of rbCOD to VFA takes place in the
anaerobic zone, but there is little to no methane formation and little sulfide pro-
duction. Therefore, odors emitted from an anaerobic zone of a biological phos-
phorus removal process may be less compared with the first section of an aeration
basin.

GAOs also can compete with PAOs in the anaerobic zone. Under normal oper-
ating conditions, PAOs will outgrow the GAOs. The following conditions have
been observed to favor GAO proliferation over PAOs and thus should be avoided
or minimized as much as possible to optimize biological phosphorus removal (see
Section 4.10, Chapter 8 for additional discussion of GAOs):

® The pH is too low;

¢ The SRT is longer than necessary;
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* Wastewater temperature is too high;

* Acetic acid only is fed to the plant in place of a mixture of acetic and propionic
acid;
¢ Glucose is fed to the anaerobic zone; and

¢ Unaerated zones are too long.

The amount of VFA in the influent is often not sufficient to sustain reliable phos-
phorus removal. In these cases, VFA augmentation is necessary. A portion of the
rbCOD in the influent will be fermented to VFA in the anaerobic zone. It is impor-
tant, however, to preserve as much VFA as possible to support biological phospho-
rus removal and to reduce VFA augmentation requirements. When nitrates enter the
anaerobic zone, they serve as electron acceptors for organisms that can consume VFA
and impair fermentation of the rbCOD. Even when oxygen and nitrates are totally
excluded from the anaerobic zone and conditions do not favor the growth of GAOs,
fermentation of rtbCOD in the anaerobic zone may not be sufficient and supplemental
VFA may be required. The VFA can be added in the form of acetate or can be obtained
by fermentation of primary sludge, MLSS, or a readily biodegradable substrate such
as sugar or molasses. It is, therefore, important to know both the rbCOD and the VFA
concentration in the influent. Figure 11.3 can be referenced to benchmark if there is
sufficient VFA and rbCOD in the wastewater to support a good growth of PAOs and
to achieve reliable biological phosphorus removal.

2.3.3.2 Inhibition of Phosphorus-Accumulating Organisms

Inhibition of PAOs is very rare. In fact, PAOs are not inhibited by chemical addi-
tion to the final clarifiers for polishing of phosphorus from the final effluent. In one
instance, however, pickle liquor added to the aeration basin did inhibit biological
phosphorus removal, but this probably was because of impurities in the liquor. Urea
has been shown to inhibit PAOs. While treating abattoir effluent in Kwazulu-Natal,
South Africa, the feed to the plant contained more than sufficient VFA, but there
was no observed release or uptake of phosphorus even when additional VFAs were
provided (Randall et al., 1992). Biological phosphorus removal was possible only
after the waste streams from the animal pens were excluded. Another example of
observed urea inhibition was at a tobacco processing plant near Richmond, Virginia.
The tobacco waste was rich in phosphorus but devoid of nitrogen. When urea was
added to the feed as a source of nitrogen, no phosphorus removal was observed.
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Biological phosphorus removal recovered immediately, however, when the urea was
added in the aeration basin rather than in the feed.

2.3.3.3 Secondary Release of Phosphorus
The success of biological phosphorus removal depends on PAOs releasing phospho-
rus in the anaerobic zone to supply energy for the uptake and storage of VFA. The
energy they gain from releasing phosphorus is used to take up VFA and store it as
an intermediate byproduct. Figure 11.8 illustrates a typical release of phosphorus in
the anaerobic zone. Secondary release of phosphorus is the phenomenon whereby
PAOs release phosphorus without taking up VFA. Under anaerobic conditions with-
out VFA, PAOs release phosphorus for maintenance energy because they are obliga-
tory aerobes and otherwise would die off. Because no energy is taken up in the form
of food during this release, there is no stored food to supply energy for the uptake of
phosphorus upon subsequent aeration. Figure 11.8 shows secondary release of phos-
phorus in the second anoxic zone. The nitrates formed in the aeration basin were
removed completely in this unique plant through a process of SND in the aeration
basins. With no nitrates in the second anoxic zone, secondary release of phospho-
rus was experienced in the second anoxic zone and the released phosphorus was not
entirely taken up in the reaeration zone.

Secondary release of phosphorus has been experienced under the following con-
ditions, which should be avoided to optimize biological phosphorus removal:

e In the anaerobic zone, if it is too large and the VFAs are depleted early in the
available retention time;

50
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FIGURE 11.8 Secondary phosphorus release in second anoxic zone.




Troubleshooting for Full-Scale Nutrient Removal Facilities

* In the main anoxic zone, if it runs out of nitrates, creating anaerobic conditions
with no available VFA;

* In the second anoxic zone, where nitrates are fully depleted (see Figure 11.8);
and

e In the sludge blankets of final clarifiers when the RAS rate is too low and
sludge is not removed fast enough.

2.3.4 Analyzing Orthophosphorus Profiles through a Biological Nutrient
Remowval Plant

A simple batch test can provide valuable information for diagnosing potential per-
formance problems for a biological phosphorus removal plant. The bench test looks
at the release of orthophosphate to mimic what is occurring in the anaerobic zone
of the process. The test is initiated by combining the anaerobic zone influent, RAS,
and supplemental VFA in a vessel in the same proportion as that being introduced
to the anaerobic zone in the plant. The vessel is mixed without introducing air, and
orthophosphate samples are taken every 5 to 10 minutes and plotted to determine the
time profile. Ideally, there will be a rapid rate of release followed by a slower rate as
shown on Figure 11.9. The rapid rate is primary release associated with the uptake of
VFA,; the lower rate is secondary release that occurs without the uptake of VFA. The
point of inflection is the ideal retention time for the anaerobic zone, so that secondary
phosphorus release is avoided.

Biological phosphorus removal is not possible without prior release of phospho-
rus in an anaerobic zone. A more rapid rate of release and the higher overall release
would appear to indicate better phosphorus removal kinetics. A WERF study (2005),
Factors Influencing the Reliability of Enhanced Biological Phosphorus Removal, however,
found that there was no direct correlation between phosphorus release and uptake.
The release of phosphorus can result in phosphorus concentration in the anaerobic
zone from two to four times the influent concentration and still result in good phos-
phorus uptake in the aeration basin. This could be because of more fermentation
taking place in the anaerobic zone of one plant than in another plant. Once a plant
operator has established the necessary release curve for obtaining good phosphorus
uptake, occasional testing to monitor the health of the system is good practice.

If the orthophosphate concentration in the anaerobic zone is dropping, then it
may be an indication that the system needs more VFA or rbCOD. It also may be an
indicator of too much dissolved oxygen or nitrate entering the anaerobic zone with
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FIGURE 11.9  Release of phosphorus in a batch reactor when adding influent.

the RAS flow. Once the anaerobic zone orthophosphate concentration returns to nor-
mal level, BPR also should return to normal performance.

There are two phenomena currently thought to obstruct successful BPR. The first
is excess secondary phosphorus release, and the second is dominance of GAOs over
PAOs (Barnard, 1984). Knowledge of these phenomena and good design and opera-
tional practices can lead to successful BPR.

Developing nitrogen and phosphorus profiles through the zones of a BNR plant
often can reveal why the facility is performing well or why it is underperforming.
Scruggs et al. (2005) studied the profiles of three plants in the same city, one perform-
ing well and the other two with erratic or consistently poor biological phosphorus
removal. The problems inhibiting performance at the two poorly performing facili-
ties were not well known at the time of the study. It was expected, however, that
GAO dominance would demonstrate a phosphorus release and uptake trend simi-
lar to that shown by Saunders et al. (2002) on Figure 11.10. Although acetate, glyco-
gen, and polyhydroxyalkanoates typically are not measured at WWTPs, phosphorus
concentrations are tracked through a plant when effluent nutrients are of concern.
Phosphorus data were available at each of the plants included in this study.

2.3.4.1 Plant A
Plant A received mostly domestic wastewater, but the VFA content was being
enhanced by activated primaries. The plant consisted of a three-stage Phoredox
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FIGURE 11.10 Typical behavior of a glycogen accumulating organism-dominated
sludge through anaerobic and aerobic stages (PHA = polyhydroxyalkanoates)
(Saunders et al., 2002).

system (similar to A20), with slow-speed surface aerators in approximately two-
thirds of the plant. The remaining third was unaerated and comprised the anaerobic
zone at approximately 9% of the volume and the anoxic zone at approximately 21%
of the volume. The graph on Figure 11.11 shows a typical profile of nitrogen and
phosphorus species through Plant A, averaged over one month of operation.

Total phosphorus in the influent was approximately 7.5 mg/L. The phosphorus
released in the anaerobic zone (13 mg/L) appeared to be much less than what would
be expected. The original pilot work that led to development of the Bardenpho pro-
cess was performed at this facility; phosphorus release averaged 32 mg/L. At this
plant, the RAS rates of individual tanks were controlled hydraulically through gate
setting and the RAS conveyed to screw pump stations. There were problems with
controlling the RAS rate, and the actual rate of return could not be measured.

A mass balance of ammonia around the anaerobic zone was performed to esti-
mate the RAS flow rate by comparing the sum of the mass of ammonia in the influent
and RAS with that present in the anaerobic zone. Development of the mass balance
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FIGURE 11.11 Profiles of orthophosphorus, nitrate nitrogen, and ammonia—Plant
A (AN = anaerobic; AX = anoxic; Eff-Aer = effluent aeration; MLR = mixed liquor
recycle; and RAS = return activated sludge).

was based on the assumption that in the anaerobic zone, only particulate matter was
adsorbed and little hydrolysis of organic nitrogen occurred so the mass of ammo-
nia entering the anaerobic basin had to equal the mass leaving it. In this case, the
RAS rate was estimated to be at least 2.8 times the average flow. The above assump-
tion about hydrolysis in the anaerobic zone likely is not correct, but if ammonia is
released, then the true RAS recycle rate will be even higher. The approximated RAS
flow rate was then used to perform a phosphorus mass balance around the anaerobic
zone. Although a mass balance of total phosphorus (including that in sludge) around
the anaerobic zone would be more accurate, existing information was used.

The finding from the phosphorus mass balance was a release equal to 3.9 times
the mass in the combined influent and RAS. The phosphorus released was thus not
immediately apparent from the profiles because of dilution by the high RAS rate. The
high RAS rate was detrimental because some nitrates may be recycled, and the reten-
tion time of the anaerobic zone is shortened.

Because there was cell growth in the anoxic zone, the same type of mass balance
strategy could not be used to estimate the internal MLR rate. Plant staff estimated the
MLR to be approximately three times the plant average flowrate. Using this estimate,
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a mass balance around the anoxic zone indicated virtually no release or uptake of
phosphorus. Therefore, the very low effluent phosphorus concentration was the
result of efficient phosphorus uptake in the aerobic zone.

There was sufficient primary phosphorus release and lack of significant second-
ary phosphorus release. The high RAS rate did not influence the phosphorus removal
because of ample influent VFA. The growth of GAOs was not suspected or measured,
but GAO interference did not affect plant performance.

2.3.4.2 Plant B

Plant B treated a population equivalent of 1 million. Although much of this was con-
tributed by domestic sources, a population equivalency of approximately 200 000
came from a brewery and approximately 30 000 from a slaughterhouse. The main
outfall sewer passed through a long inverted siphon of approximately 3 km, result-
ing in septic plant influent. Because of the expected fermentation in the siphon, onsite
fermentation was not included in the design because excellent phosphorus removal
was expected and initially experienced.

The plant was a three-stage Phoredox with the anaerobic, anoxic, and aerobic
volumes set at 11%, 22%, and 67% of the total reactor volume, respectively. The RAS
rate was controlled as in Plant A. Mixed liquor could be recycled from the aeration
zone to the anoxic zone at rates varying from two to six times the average flow (Q),
depending on the number of mixed liquor pumps running. The SRT in the plant was
maintained between 16 and 18 days while operating at a minimum temperature of
approximately 16°C because of inadequate treatment capacity to waste sludge at the
rate necessary to lower the SRT.

Figure 11.12 shows a profile of orthophosphate, ammonia, and nitrate nitrogen
for Plant B. From this concentration profile, the primary phosphorus release in the
anaerobic zone seemed relatively low. With sufficient VFA in the influent, this could
be interpreted as a sign of GAO interference.

The RAS pumping rate was estimated by applying the same principles and
assumptions as used in the analysis of Plant A with respect to the ammonia mass bal-
ance around the anaerobic zone. The RAS rate was estimated to be at least three times
the average plant flow. Based on the mass balance around the anaerobic zone, the
phosphorus release was at least three times the mass of the combined influent to the
anaerobic zone. Although the phosphorus release was not as high as that observed in
Plant A, it is adequate to anticipate good BPR performance.
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FIGURE 11.12  Profile of orthophosphorus, ammonia, and nitrate nitrogen—Plant
B (AN = anaerobic; AX = anoxic; Eff-Aer = effluent aeration; MLR = mixed liquor
recycle; and RAS = return activated sludge).

Although only one of the three MLR pumps could be operated it was assumed
that the MLR rate was approximately two times the plant average flow. The flow
out of the anoxic zone was approximated and used in a mass balance around the
anoxic zone to determine whether there was phosphorus release in the anoxic zone.
The mass balance results indicated significant secondary release of phosphorus in the
anoxic zone. This was attributed to complete nitrate removal in the first section of
that zone because of inadequate pumping of MLR.

In the case of Plant B, the apparent lack of phosphorus release in the anaerobic
zone was because of an excessively high RAS recycle rate and not GAO. The main
problem was secondary release in the anoxic zone. Inadequate MLR or high RAS
rate, or both, which returned excessive nitrates to the anaerobic zone and reduced
retention time, were probable causes of the poor BPR performance.

2.3.4.3 Plant C

Plant C is a BNR facility that treats about 22 ML/d of primarily domestic waste.
Prefermentation is included in the process train to ensure sufficient VFA in the anaer-
obic zone influent. There are two mirror-image trains at Plant C: Train #2 and Train #3.
Because performance is similar in both trains, only Train #2 will be discussed here.
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The volume of each train is divided as follows: 7% anaerobic, 21.5% anoxic,
and 71.5% oxic. The process schematic was similar to that of Plant B, except that the
anoxic volume was divided into three equally sized cells, and the oxic portion was
split into several equally sized cells. The graph on Figure 11.13 shows a typical pro-
file of nitrogen and phosphorus species through Plant C, which indicates this plant
was performing well.

By applying the same methodology used for the analysis of Plant A and Plant
B, the RAS recycle ratio was estimated to be about 1.4 x Q ML/d, where Q is the
average flowrate. The phosphorus content of the influent was 4.1 mg/L and that of
the RAS was 2.2 mg/L. Thus, the phosphorus load to the anaerobic zone was 4.1 x
Q+22x14xQ=72xQkg/d, and the soluble phosphorus leaving the anaerobic
zone was 14.1 x 2.4 x Q = 33.8 x Q kg/d. This indicates a mass phosphorus release of
almost 4.7 times the total mass of combined influent phosphorus.

The MLR rate was approximately 3Q ML/d, so the flow exiting the first anoxic
zone would be 5.4 ML/d, and the mass of phosphorus from that zone was 5.4 x Q x
4.4 =23.8 x Q kg/d. This shows a phosphorus uptake through the first anoxic zone
of (33.8-23.8) x Q =10 x Q kg/d, indicating anoxic uptake. The mass of phosphorus
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FiGure 11.13  Profile of orthophosphorus, ammonia, and nitrate nitrogen—Plant C
(RAS = return activated sludge).
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leaving the second and third anoxic zones is 18.9 kg/d and 16.7 kg/d, respectively,
demonstrating that further anoxic phosphorus uptake occurred in these zones.
Clearly, the MLR rate was adequate, and sufficient nitrate was available in the anoxic
zones to encourage phosphorus uptake instead of release. This plant was had excel-
lent BPR performance with an average effluent phosphorus concentration of less than
0.2 mg/L, which also can be attributed to the continued uptake and lack of phospho-
rus release in the oxic zones. Although the effluent phosphorus concentration was
low, the phosphorus concentration of the RAS was 2.2 mg/L, indicating some sec-
ondary release in the sludge blanket.

In summary, the following observations were made in developing and using
nitrogen and phosphorus profiles through the plants to help troubleshoot BPR
performance:

e Plant A performed well but had a low phosphorus concentration in the anaer-
obic zone, indicating an apparent low release of phosphorus. A mass balance
showed that the RAS rate was excessive and that the mass of phosphorus
release was more than three times the influent mass. Despite the excessive
RAS rate, good phosphorus removal was observed probably because of suf-
ficient VFA in the feed.

¢ Plant B similarly had an RAS rate in excess of three times the influent flow.
A too low MLR from the aeration zone, however, resulted in secondary phos-
phorus release in the anoxic zone and poor BPR performance, despite sufficient
VFA in the feed.

e Plant C had a more typical RAS rate and showed good release of phosphorus in
the anaerobic zone and some uptake of phosphorus in the anoxic zone. There was
enough VFA in the influent and excellent BPR performance was experienced.

Barnard and Fothergill (1998) reported an incidence in which effluent orthophos-
phate content in a five-stage plant deteriorated from less than 0.1 mg/L to approxi-
mately 1.5 mg/L. After examining the profiles, it was found that the orthophosphate
concentration in the RAS was 10 mg/L compared with approximately 12 mg/L in
the influent. The RAS rate was increased from 0.6Q to 0.8Q, and the RAS orthophos-
phate concentration reduced to approximately 1.0 mg/L. As a result of adjusting the
RAS rate, the initial good BPR performance of the plant was recovered.

The presence of GAOs can be established through studies with fluorescent in
situ hybridization (FISH) tests. The GAOs do not appear to be a problem until they
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dominate the PAOs, at which point they will interfere with BPR. Typically, at neutral
pH values and shorter SRTs, PAOs will dominate. The McDowell plant in Charlotte,
North Carolina, operates at a high COD/P because of the addition of a sugar waste
to the anaerobic zone. Despite of a high population of GAOs, the plant consistently
achieves an effluent total phosphorus concentration of approximately 0.1 mg/L
(WEREF, 2005). It would appear that the GAOs consume the VFA remaining after the
PAOs have used their share of the VFA. There is some evidence, however, that at high
temperatures, GAOs may have an advantage as demonstrated at several facilities.

Profiles through BNR plants can be difficult to interpret because the true uptake
and release of phosphorus might be influenced by recycling of RAS or mixed liquor.
When the actual recycle rates are known, a mass balance through the plant will reveal
the true state of release and uptake. Where the actual flows are not known, it is often
possible to approximate them by using the available data and developing mass bal-
ances around the various zones in the process. Because phosphorus is not destroyed
in the biological process, mass balances easily can be developed by evaluating the
total phosphorus profile.

2.3.5 Bulking, Foam, and Scum

Foaming and scum accumulation can challenge BNR plants. It can affect effluent qual-
ity and create problems with maintenance, safety and health, and odors. Although
any activated sludge process can experience these problems, they may be more prob-
lematic at BNR plants because of the additional partitioning of the reactor. When
bulking occurs in the activated-sludge process, the mixed liquor flocs do not settle or
compact well in the final clarifiers. This may result in high secondary clarifier sludge
blankets that can lead to a significant loss of MLSS to the effluent. In some instances,
the latticework formed by the filamentous organisms can trap solids and produce a
clear effluent when the clarifiers are underloaded but may quickly result in wash-
out during high flows. Bulking sludge is typically the result of excessive growth of
filamentous organisms. Growth of slimy bacteria such as zooglea or fungi can also
cause bulking, but this is not common in BNR plants. Foam and scum caused by
nondegradable surfactants or filamentous organisms can accumulate on the surfaces
of BNR basins or secondary clarifiers. It can be a light-color, frothy foam or a dense,
darker foam.

One of the first steps in troubleshooting a bulking or foaming problem is to per-
form a microscopic examination of the mixed liquor to determine the presence or
absence of various microorganisms and to evaluate the floc structure. It is important
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to recognize the significant groups of microorganisms in the mixed liquor, such as fil-
amentous bacteria, protozoa, and rotifers, and the effect each has on the system (WEF,
2005). A phase-contrast microscope with magnification up to 1000 times is recom-
mended for viewing the structure of filamentous bacteria and other microorganisms
(Jenkins et al., 2004). Detailed information on microscopic evaluation/identification
of the activated sludge characteristics, levels, and types of filamentous organisms is
presented in the Manual on the Causes and Control of Activated Sludge Bulking, Foaming,
and Other Solids Separation Problems (Jenkins et al., 2004).

Incidences of foaming and bulking are not well understood, and although it is
possible to identify the organisms responsible, it is not always easy to design and
operate to avoid related problems. Wastewater characteristics, process design param-
eters, and operating conditions significantly can affect growth of filamentous bac-
teria. The following discussion touches on a number of key factors that should be
considered when troubleshooting a plant that is having filamentous foaming or
bulking problems. Additional information on this topic is presented in Chapter 7 of
the Biological Nutrient Removal (BNR) Operation in Wastewater Treatment Plants (WEF,
2005).

There are several causes of filamentous foaming or bulking problems:

* Low dissolved oxygen concentration;

e Low F/M (loading) conditions;

¢ Hydrogen sulfide and septic conditions;
* Micronutrient deficiency (e.g., Fe);

e Toxic conditions; and

¢ Low or high pH.

Filamentous bulking or foaming problems encountered in the treatment of ordi-
nary domestic wastewater are usually the result of low dissolved oxygen concen-
tration and/or low F/M conditions. Low F/M bulking is common in completely
mixed aeration tanks when there is a high concentration of rbCOD in the influent.
This problem can be solved by using selectors consisting of a partitioned section of
the aeration basin where a high COD/MLVSS of between six and eight can be main-
tained. Alternatively, an anaerobic selector can be used. With biological phosphorus
removal, the anaerobic zone serves as a selector. Casey et al. (1993) also proposed
that the formation of nitrous oxides during incomplete nitrification or denitrification
encourages the growth of Microthrix parvicella, which is a filamentous organism that
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is not affected by selectors. To overcome the formation of nitrous oxides, it is neces-
sary to achieve complete nitrification in the aeration section and complete denitrifica-
tion in the anoxic zones. There are several causes of incomplete nitrification:

* Too short a mean cell residence time for the wastewater temperature, resulting
in washout of the nitrifying bacteria;

* Inadequate dissolved oxygen concentration;
* Depressed pH because of inadequate alkalinity; and

e Nitrification inhibition, as discussed further below.
There are also several causes of incomplete denitrification:

e Carbon limitations;

* Inadequate hydraulic retention time or mean cell residence time in the anoxic
zone;

* Excessive MLR rate;
¢ Dissolved oxygen concentration is too high at the point of MLR; and

¢ Insufficient mixing in the anoxic zone or too much mixing energy, which can
entrain air.

To comply with requirements for both complete nitrification and denitrification
to reduce the potential for the proliferation of M. parvicella, the dissolved oxygen con-
centration should be high at the front-end of the aeration basin and low at the point of
MLR. If the dissolved oxygen at the end of the aeration basin is high, then excessive
dissolved oxygen is recycled to the anoxic zone. The additional oxygen reduces the
efficiency of denitrification, and the presence of some dissolved oxygen at low con-
centration in the anoxic zone encourages the growth of nitrifiers in a stressed envi-
ronment thus increasing the potential for nitrous oxide formation. Design standards
and operating protocols often call for high mixing energy at all points in the aera-
tion basin, which can lead to excessively high dissolved oxygen concentrations at the
point of MLR. Typically, reducing the mixing energy at the end of the aeration basin
to less than the traditional design standards will do little harm. Airflow rates at the
end of an aeration basin can be reduced to maintain a target dissolved oxygen con-
centration of less than 1.0 mg/L. This will minimize the mass of oxygen transferred
back to the anoxic zone with the MLR pumps. Another option is to use coarse bubble
aeration at the end of the aeration tank to transfer less oxygen while providing better
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mixing properties. Operators can experiment by turning aeration down toward the
end of the aeration basin to achieve the goal of less than 1 mg/L dissolved oxygen
concentration.

Incomplete denitrification often can be controlled by manipulating the MLR rate
to the point where there is only slight bleed-through of nitrate from the end of the
anoxic zone to the aerobic zone. If the MLR rate is too high, then significant amounts
of nitrate will break through the anoxic zone. Incomplete denitrification can lead to
formation of nitrous oxides and encourage growth of M. parvicella.

Using anaerobic selectors is an effective strategy to overcome low F/M con-
ditions that can lead to filamentous bulking or foaming by certain organisms that
thrive in this environment. Anaerobic selectors, however, will not effectively control
M. parvicella. The objective of a selector is to provide a high substrate concentration
environment, especially in the form of rbCOD to favor the growth of floc-forming
organisms over filamentous bacteria that are more efficient at low substrate concen-
trations. A selector is a partitioned zone at the influent end of the bioreactor with
a volume that will result in a loading rate F/M of approximately 6 to 8 kg COD/
kg MLVSS.d. The selector can be operated under aerobic, anoxic, or anaerobic con-
ditions. Anaerobic selectors have been reported to be more effective in controlling
filamentous organisms. In BNR plants, it is preferred that the aeration basin be split
into at least three zones to allow for a higher dissolved oxygen in the first zone and a
lower dissolved oxygen in the last zone.

In BNR plants, the anaerobic zone allows PAOs to take up rbCOD, which allows
them to compete with the low F/M filamentous bacteria that can cause bulking.
The PAOs are exceptionally good floc formers, and the higher phosphorus content
of these organisms helps to further compact the MLSS. Anaerobic selector zones are
included for this purpose even where phosphorus removal is not required.

Although selectors can provide excellent control of bulking, other strategies such as
adding chlorine and peroxide to the RAS may be used as a temporary control measure
or as a backup for plants designed with selectors. Chlorinating the RAS is an effective
strategy to control filamentous bulking, but care must be taken not to overchlorinate
and impair the floc-formers or harm the nitrifying organisms. Chlorine also will oxidize
VFA, which is needed for phosphorus removal. Detailed discussion on proper chlori-
nation for filamentous bulking control can be found in Chapter 7 of Biological Nutrient
Removal (BNR) Operation in Wastewater Treatment Plants (WEF, 2005).

Spraying a high-concentrate chlorine solution (0.5-1.0%) on the surface of an
aeration basin also has been used to control nocardia foam (WEF, 2005). When used
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to control foam, chlorination is not always effective in eliminating filamentous bacte-
ria because they often are shielded by thick layers of foam.

Several types of filamentous bacteria proliferate in hydrogen sulfide and reduced
substrates in septic wastewater. Control measures include prechlorination of the
wastewater to control their growth (Kobylinski et al., 2008). High doses of chlo-
rine-inhibited biological phosphorus removal in the Subiaco (MLE) plant in Perth,
Western Australia, where chlorine was added to the primary influent for odor con-
trol. Biological phosphorus removal was restored by eliminating the chlorine feed
and covering of the tanks to allow for removal and treatment of odorous gases.

Plants treating industrial wastewater or a combination of industrial and munici-
pal wastewaters can encounter problems that result in filamentous bulking such as
of nutrient deficiency, inhibition, and abnormal pH values. Nutrient deficiency sel-
dom is found in plants treating only municipal wastewater. Plants receiving waste-
water with low nutrient concentrations or low (or high) pH must have provisions
for adding nutrients and adjusting the pH. As a rule of thumb, influent wastewa-
ter containing a mass ratio of 100:5:1 in BODs:N:P is considered to have a sufficient
nutrient balance. Appendix A of WEF’s Biological Nutrient Removal (BNR) Operation
in Wastewater Treatment Plants (2005) presents detailed procedures for calculating the
amount of nutrient to be added.

2.4 Instrumentation and Controls

Online instrumentation can provide invaluable information for troubleshooting the
performance of a BNR facility. Using online instrumentation for control also can sig-
nificantly improve operating stability and prevent problems from occurring in the
first place. When treating to very low nitrogen and phosphorus concentrations, there
is less room for error, and any deviation from what is typical must be detected and
corrected immediately.

24.1 Instrument Selection and Implementation

In wastewater treatment applications—particularly for control or troubleshooting—it
is more important for the instrument to produce repeatable results and trends than
absolutely accurate measurements.

To ensure confidence in readings, regular calibration and validation of the instru-
ments are essential. This requires either a rigorous program of manual cleaning and
calibration or more sophisticated automated cleaning, calibration, and validation. It
is important to consider the cost of owning and maintaining instrumentation. If the
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information produced by an instrument has value, then it will be worth the invest-
ment to provide good cleaning and calibration to ensure reliable, consistent infor-
mation. In recent years, the focus of online instrumentation has moved more toward
in-situ probes and analyzers, which are simpler and less costly to install and maintain.
Some of these instruments may not be as accurate as the more complex analyzers that
require significant sample preparation. They do produce repeatable and reliable data,
however, that can be effectively used to establish trends that can help with trouble-
shooting. Winkler et al. (2004) provide a good comparison of in-situ technologies and
make a strong case for using ion selective electrodes (ISEs) for nutrient monitoring.

2.4.2 Data Presentation

Online instruments instantaneously track the hour-by-hour or even minute-by-min-
ute changes in the plant throughout each day. Two aspects of online data presenta-
tion are worth noting.

First, even the most relevant and useful data need to be presented in a usable for-
mat and not hidden away in the supervisory control and data acquisition (SCADA)
system. Many SCADA systems include screens that are designed to show current
data readings or, at best, readings for the past few hours. They often are not designed,
however, to track changes and patterns over longer periods.

Second, it typically is most useful to check the patterns and trends in the data
rather than looking at current values alone. This is most easily done by plotting a
full 24 hours of data and perhaps overlaying data from the previous 24 hours (or the
same 24 hours for the previous week). Thus the operator can look for any unusual
patterns. It is also useful to plot longer-term data to see if values are drifting from
typical ranges. More sophisticated statistical techniques or expert systems also can be
used. Figure 11.14 provides an example of a seven-day output from oxygen demand
monitoring for two separate treatment trains overlaid on the same graph. From this
single graph the operator can see that: (1) there is a distinct diurnal pattern in the
loads to each of the trains; (2) there is a distinct weekly pattern with lower loads dur-
ing the weekend; and (3) oxygen demand for all trains is almost identical, indicating
that they are evenly loaded.

2.4.3 Use of Online Monitoring Data for Troubleshooting

The increasing requirements for lower effluent concentration of phosphorus and
nitrogen will make online monitoring essential. Operators must be able to diagnose a
problem before it gets out of hand.
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FiGurRe 11.14 Example of a seven-day trend of oxygen demand for two separate
treatment trains showing the two trains have identical loads (courtesy of Black &
Veatch).

2.4.3.1 Flow

Plant flows, particularly influent flows, have a significant effect on process perfor-
mance. When a process upset is suspected, the first and most basic things to check
are the influent and recycle flows to make sure they have not changed significantly
from their usual patterns. Sudden changes in these flows can be detrimental to BNR
plant performance. Online flow monitoring can be used to protect the BNR pro-
cess from sudden changes. Most notably, online flow measurements can be used to
identify storm flow conditions and to allow steps to be taken to mitigate the effects.
Unsynchronized influent pumps can cause great fluctuations in the flow pattern,
which can negatively affect BNR performance. This information, therefore, can be
used to control the pumps or to change pump sizes to allow better adaptation to the
flow pattern.

Smaller plants have more flow and load variation than larger plants. When
treating to high effluent quality, flow and load equalization should be considered
for coping with high variations that would otherwise require sophisticated control
equipment.
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2.4.3.2 Dissolved Oxygen

A BNR process functions best when the dissolved oxygen in the oxic zones is
maintained within a relatively narrow range. If the dissolved oxygen drops below
approximately 1.5 mg/L near the inlet to the first oxic zone, then nitrification and
phosphorus uptake are inhibited and favorable conditions are created for the pro-
liferation of filamentous bacteria. If dissolved oxygen is too high, especially near the
point of MLR, excess oxygen may be returned to anoxic and anaerobic zones, inhibit-
ing denitrification or phosphorus release. Online dissolved oxygen measurement is
required for BNR facilities. Daily variations in plant flows and loads will result in sig-
nificant swings in oxygen demand, which, in turn, affect dissolved oxygen concentra-
tions. To ensure a good, robust BNR operation, good automated dissolved oxygen
control is essential. All dissolved oxygen probes used for control should be regularly
cleaned and calibrated. Figure 11.15 shows a typical four-day dissolved oxygen pro-
file for an aeration zone with no dissolved oxygen control. It indicates unacceptable
variations in dissolved oxygen concentration that will, in most cases, result in poor
BNR performance.

Online dissolved oxygen measurement coupled with airflow measurement also
can be used to detect problems with an aeration system, such as fouling of dif-
fusers. If dissolved oxygen levels are decreasing over weeks and months or if air-
flows must be increased to maintain concentrations, then diffusers may be fouled.

f
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FIGURE 11.15 Typical four-day dissolved oxygen plot for an aeration zone with no
automated control (courtesy of Black & Veatch).
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When this happens, the dissolved oxygen probes should be cleaned and calibrated
to ensure that the aberration was not caused by fouling of the probes. Increasing
MLSS concentrations in the plant also may produce a similar dissolved oxygen
residual and airflow trends because of the effect of MLSS on the a-factor. A sudden
increase in dissolved oxygen levels (or a sudden drop in the air supply required
for an automated control system) is a clear indication that the OUR of the mixed
liquor has dropped. A sudden drop in OUR may indicate a drop in the influent
ammonia or BOD; load or, more seriously, a drop in the nitrifier activity because of
inhibition.

2.4.3.3 Mixed Liquor Suspended Solids

Efficient BNR also depends on adequate and stable mean cell residence time. Online
MLSS probes can be used to monitor trends in MLSS concentrations to make sure
they do not drift too high or low. The probes also show that MLSS concentrations
can vary significantly through each day. Having an online measurement rather than
relying on a grab sample taken at a particular time of the day gives the operator a
better measurement of the true daily average MLSS concentration. If MLSS probes
are installed on multiple treatment trains, then they can also be used to identify prob-
lems with influent and RAS flow distribution between trains or for potential mixing
issues in a basin.

2.4.3.4 Sludge Blanket Measurement

Sludge blankets that are rising because of poor settling, high influent flows, low RAS
flows, or a combination of these also can serve as a warning. If the blankets rise too
high relative to the depth of the clarifier, there is danger that significant amounts
of solids will be carried over into the secondary effluent, which significantly can
increase effluent nitrogen and phosphorus concentrations. In addition to monitor-
ing the blanket, some analyzers also give a reading of the profile of solids through
the clarifier depth, which can be used to monitor the more diffuse solids above the
sludge blanket. Figure 11.16 provides an example of two consecutive days of diur-
nal output of an online sludge blanket probe that can monitor both the thick sludge
layer (labeled “RAS layer”) and the flocculation settling layer (labeled “pin floc”).
The diurnal variation is similar on both days. An important consideration in moni-
toring the sludge blanket level is the retention time of solids in the clarifier. A deeper
blanket increases retention time of solids in the clarifier, which increases the potential
for gentrification. In extreme cases, this may cause sludge to float and can lead to sec-
ondary release of phosphorus if the sludge blanket becomes anaerobic.
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FiGURE 11.16 Example output for a sludge blanket probe. Overlay of two days of
diurnal profiles for return activated sludge (RAS) layer and “pin floc” layer (cour-
tesy of W2W Alliance).

2.4.4 pH and Oxidation Reduction Potential

Nitrification consumes alkalinity and roughly half of the amount consumed is recov-
ered through denitrification. In a plant with adequate background alkalinity, pH val-
ues vary only slightly through the process and over time. A significant shift of pH
from normal values can be an indication of problems with nitrification and denitrifi-
cation and possibly insufficient alkalinity. Monitoring the pH also can show the effect
that chemicals such as ferric chloride or organic acids are having on the plant. If the
chemicals are overdosed, then pH values may shift significantly, serving as an early
warning of the problem.

Measurement of ORP in the anoxic and anaerobic zones indicates the degree to
which the zones are anoxic or anaerobic, which provides valuable information for
making operational changes (usually recycle flow rates) to ensure optimum environ-
ments for BNR performance. The ORP measures all ionic species in the water and
cannot be used to make fine adjustments based on subtle changes. It should be used
only to make significant changes based on the order-of-magnitude shifts in its read-
ings. Figure 11.17 shows a typical 24-hour profile of ORP for a sequential batch reac-
tor (SBR) in Daniel Island, South Carolina. Increasing ORP occurs during the aeration
cycle; gradual decreasing occurs when the air is turned off and the basin becomes
anoxic during settling and decanting. There is also a characteristic shoulder drop
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Ficure 11.17 Typical oxidation reduction potential (ORP) profile for the Daniel
Island, South Carolina, sequencing batch reactor (courtesy of Charleston Water
System, South Carolina).

during the initial filling of some cycles, which may be indicative of the SBR becoming
anaerobic for brief periods, which is desirable for ensuring good SVIs.

Aeration control with dissolved oxygen probes in channel systems is problem-
atic because of relatively small changes in dissolved oxygen required for optimiz-
ing SND. The ORP measurements are used in channels systems to indicate when
the mixed liquor is depleted of nitrates, indicated by a sudden drop in the ORP, at
which point aeration could be increased. When an ORP meter is used at the end of
the anoxic zone, it will also show when the nitrates run out and when to increase the
MLR rate.

The pH and ORP along with other basic measurements such as turbidity, con-
ductivity, and temperature in the plant influent also may be used to give an indica-
tion of an unexpected industrial or other toxic discharge.

Increasingly sophisticated analyzers are available to measure nutrients directly
in the process. Analyzers can be used for ammonia, nitrate, nitrite, and phosphate
through the treatment process. Many of these analyzers are expensive to purchase
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and maintain, but provide invaluable information on the dynamic variations in nutri-
ent concentrations through the process that can be used to troubleshoot performance.
For example, a nitrate analyzer in an anoxic zone can indicate whether or not denitri-
fication is complete; a phosphate analyzer monitoring the anaerobic zone can show
phosphorus release; and an ammonia analyzer in the aeration zone can monitor if
nitrification is complete. Figure 11.18 shows the seven-day output from an online
nitrate analyzer that was monitoring an activated sludge treatment plant with MLR.
For the first three days of monitoring, the MLR was shut off, but it was returned to
service on the fourth day. It can be seen that the nitrate concentrations decreased
steadily over the subsequent days.

Online instrumentation and nutrient analyzers also can be used to develop pro-
files through a BNR process that can be extremely helpful in isolating a potential
performance problem as discussed earlier.

2.5 Process Modeling for Troubleshooting

As user-friendly modeling software packages have made process models easier to
run, more and more utilities are using them to troubleshooting plant performance.
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FIGURE 11.18 Example output for an online nitrate analyzer monitoring the effect of
turning on the mixed liquor recycle (Watts et al., 2000).
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There are two myths about process models that need to be dispelled: (1) they are
too complicated for operating staff to use; and (2) the process model is always right.
Sound judgment can never be replaced by simulation models. It is simple to con-
struct and run a model, but knowing which parameters should be adjusted and how
the results should be interpreted and used is a matter of experience and know-how
that must be taught to all who use process models.

Process models are powerful, useful tools for design and for evaluation and
troubleshooting of an existing facility. Once calibrated to the specific plant, the
models could be used to predict the effect of making operational changes before
implementation in the real plant. Process models do not have built-in safety factors;
designers must apply their own safety factors and good judgment in determining
how aggressively a plant should be designed. Also, process models cannot be used
to model filaments and bulking issues; however, they are able to predict conditions
that favor filamentous growth and can lead to bulking.

2.5.1 Using Models to Understand and Troubleshoot Plant Performance

A plant-wide mass balance approach to process modeling is important when trouble-
shooting a nutrient removal facility. A plant-wide approach can assist in understanding
how the various loads move through the plant and how they affect the various pro-
cesses. This is particularly useful for complex plants with numerous unit processes and
significant recycles. The model can be used to see the interactions of different processes
in the plant. It is especially helpful in quantifying the effects of sludge processing and
the resulting nutrient sidestream loads on primary and secondary treatment processes.
A plant-wide model also can be used to fill in gaps where sufficient operating data
or information for a process unit is not available. The plant-wide mass balance model
typically is operated as a steady-state model (i.e., assumes constant flows and loads)
but it can also be used for dynamic response testing. Figure 11.19 shows an example of
a plant-wide mass balance that can be used to assess the interactions between different
parts of the plant and to track loads throughout the plant. There is one input stream
and two outputs. Solids lost to gas such as CO, are accounted for in the models. The
daily mass of inert solids in the influent must equal the sum of mass of the inert solids
in the two effluent streams, taking into consideration that phosphorus taken up in cells
or precipitated with metal salts will add inert solids. A more accurate way to calibrate
plant-wide mass balances is to do a total phosphorus balance, which should close.
Once a plant-wide mass balance model is established, it can be used to predict
plant performance to generate profiles of nutrients and other pollutants in the facility,
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FIGURE 11.19  Plant-wide mass balance (courtesy of Black & Veatch).

and to investigate operational adjustments to optimize performance. These capabili-
ties make the model a powerful tool for helping to identify design or operational fac-
tors that may be limiting efficiency.

2.5.2 Dynamic Modeling
The ability to run dynamic simulations is a powerful and insightful feature of model-
ing programs when troubleshooting a BNR facility where process parameters change
with time. For example, a steady-state simulation at a near-critical SRT may predict
effluent ammonia down to 1 or 2 mg/L. A dynamic simulation at the same SRT may
show washout of the nitrifying bacteria and a much higher breakthrough of ammo-
nia as a result of excessive peak flows. The main disadvantage of dynamic modeling
is that it requires considerably more data, particularly for the influent flow and load
profiles. If models are used in conjunction with online instrumentation, however,
then much of the information can be obtained from the SCADA system.

Dynamic response testing can be used to determine how the process will
respond to storm events, shock loads, or toxic incidents. It can also be used to test
such things as sludge processing schedules. For example, Figure 11.20 shows the
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FIGURE 11.20 A plot showing the dynamic response of a model over a seven-day
period with sludge dewatering occurring only five days per week (courtesy of Black
& Veatch).

diurnal effluent total nitrogen concentrations for a plant, with supernatant from the
centrifuges returned to the head of the plant. The centrifuges were operated for 20
hours a day, 5 days a week. On Mondays, when dewatering began, there was a sharp
increase in effluent total nitrogen, and the concentrations continued to increase each
day until Friday, when the work week ended and dewatering stopped. The small
dips in the curve correspond to the four hours per day when the centrifuges were
shut down during the week. When a single centrifuge was operated daily, the aver-
age effluent total nitrogen concentration decreased to 11 mg/L. This plant was hav-
ing trouble meeting its nitrogen limit because of low influent carbon load to support
denitrification and high nitrate loads in the centrate returned to the head of the plant
from the solids handling facilities. As a result of this study, the centrifuges are now
operated continuously, 24 hours a day, 7 days a week, and methanol is being used to
provide additional carbon for denitrification. The plant has been in compliance with
the effluent nitrogen limits since these changes were made.

2.5.3 Sensitivity Analysis

Once a baseline model has been constructed and calibrated, various process modi-
fications or operational adjustments can be tested in the model to help troubleshoot
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or optimize a BNR facility. The model can be used to simulate the effects of chang-
ing operating parameters, allowing engineers and operators to test the change in the
model before making the change in the plant. The model can be used to run several
different scenarios. It can be used to assess the potential effects on plant operation
from storm flows, increasing or decreasing MLR or RAS or from adding supplemen-
tal carbon, taking tanks out of service, or adding a new waste stream or sidestream
equalization or treatment. There is a significant advantage to being able to test a pro-
posed change before implementing it in the plant.

When conducting sensitivity analyses, the model is operated repeatedly while
keeping all parameters the same except for the one parameter of interest, which is
adjusted over a defined range. Outputs from the model are plotted to show how
sensitive the model is to changes in the parameter of interest. Figure 11.21 shows
the results of sensitivity analysis conducted to predict the effluent ammonia con-
centrations when operating a plant at 10°C over a range of SRTs. The analysis was
conducted using two different sets of nitrification kinetic parameters: the “default”
kinetics for the process simulator being used in the analysis and the “Dold Kinetics”
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FIGURE 11.21 Sensitivity analysis showing the effect of solids retention time (SRT)
on effluent ammonia (courtesy of Black & Veatch).




Troubleshooting for Full-Scale Nutrient Removal Facilities

as suggested in WERF’s Methods for Wastewater Characterization in Activated Sludge
Modeling (2003). The curves for both sets of kinetics have similar shapes—with high
effluent ammonia concentrations predicted at low SRTs, an initial steep drop in efflu-
ent ammonia as the SRT increases, and gradually flattening slope at higher SRTs. The
sensitivity analysis provides an estimate of the SRT range at which nitrification could
be lost, depending on site-specific nitrification rates. Nitrification rate tests could be
conducted to further calibrate the process model to predict more accurately the mini-
mum SRT to maintain reliable nitrification.

2.54 Wet Weather

Simulation software can be used to model a wet weather event to understand and
evaluate the effect of wet weather flows on plant processes and effluent quality,
which can offer valuable insight when troubleshooting a BNR plant that must meet
limit of technology (LOT) discharge limits. Figure 11.22 is an example output from a
BioWin model showing how a wet weather event may affect plant performance. The
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FIGURE 11.22 Example output of the effect of a storm on plant effluent ammonia and
solids inventory (MLSS = mixed liquor suspended solids) (courtesy of Black & Veatch).
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simulation was conducted for three consecutive days during which a storm occurred
on the second day, as depicted by the top left graph. The storm’s potential effect on
the effluent ammonia concentration is plotted in the top right graph. The lower graph
shows how the high storm flows might push more solids inventory into the second-
ary clarifiers, causing the MLSS to drop significantly. The next step after running
such a simulation could be to model various strategies to lessen the effects of the
storm, such as using a storm equalization tank or shifting the plant to a step-feed
mode of operation to keep the inventory in the aeration basins and prevent it from
overloading the clarifiers. This example demonstrates one way in which the process
model can be used to understand the dynamic nature of a WWTP.

Figures 11.23 and 11.24 illustrate other examples of how a process model can be
used to investigate the effects of mitigating problems that are hindering plant perfor-
mance. Figure 11.23 illustrates the predicted benefit of providing plant influent flow
equalization, investigating various size equalization basins. Figure 11.24 shows the
effluent total nitrogen predicted by the process model of diverting the storm flow to
a high-rate clarification (HRC) process for physical/chemical treatment and blend-
ing it back with the mainstream flow after secondary treatment. All flows greater
than 95 ML/d (25 mgd) were diverted to an HRC process. The secondary effluent
was further treated with denitrification filters. The goal was to keep the total effluent
nitrogen load below 658 kg/d (1450 ppd).

2.6 Process Assessment Troubleshooting Matrix

This section includes a troubleshooting matrix (Table 11.3) that captures the funda-
mental principles and process underpinnings . Table 11.3 identifies several perfor-
mance problems that typically are observed at BNR facilities and outlines possible
contributing factors and remedial steps. Contributing factors and remedial steps have
been organized in the matrix based on the sections of this chapter for reference.

3.0 HYDRAULIC AND MECHANICAL EQUIPMENT
ASSESSMENT

The performance of BNR plants can be impaired by oversights in the hydraulic and
mechanical equipment designs. This section identifies areas where process engi-
neers should work closely with civil and mechanical designers to optimize design
to avoid operational and performance problems. Several examples are included to
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TaBLE 11.3 Biological nutrient removal (BNR) process assessment troubleshooting matrix.

Possible contributing factors and remedial steps

Commonly Section 2.1° Section 2.2° Section 2.3* Section 2.4* Section 2.5*

observed BNR Wastewater char- Operational Microbiology/ Instrumentation and Process modeling
problems acterization parameters kinetics control

High effluent e Excessivediur- e Low DO, maintain 2.0 e Nitrification ¢ Clean and calibrate e Use diurnal modeling
ammonia nal load varia- mg/L at front end, 1.0 inhibition instrumentation to predict effluent

or excessive
effluent
ammonia

peaks

High effluent
nitrates

tion

¢ High sidestream
ammonia load

¢ Equalize side-
stream

e Carbon-to-
nitrogen ratio is
low

e rbCOD fraction
is low

¢ High influent
TKN making
it difficult for
anoxic/aerobic
process to achieve
low nitrate

¢ Check theoretical
minimum efflu-
ent nitrate given
plant operating
condition

mg/L at end of aeration
basin

e Low SRT, increase if below
theoretical washout for
wastewater temperature
plus a reasonable safety
factor

¢ Low pH, check alkalinity

e Increase C/N and rbCOD
fraction by fermentation or
chemical supplementation

¢ High DO in MLR, reduce
tail end DO to <1.0 mg/L

e Anoxic SRT too low,
increase MLSS if possible

¢ MLR too high or too low
for optimum performance

¢ Poor mixing of internal
recycle streams leading to
short-circuiting”

e Consider inhi-
bition and rate
testing

* Low temperature

e Competition
for carbon with
PAOs

e Low anoxic SRT
or HRT, check
denitrification
rates

¢ Low temperature

¢ Incorporate
deox zone
before MLR

¢ Evaluate diurnal pat-
terns

® Check DO

e Check pH

e Clean and calibrate
instrumentation

e Evaluate diurnal
patterns

¢ Check and control
DO at MLR to <1.0
mg/L

¢ Use nitrate probe/
analyzer or ORP to
optimize MLR pump-
ing

ammonia at plant
operating condition

e SRT sensitivity
analysis

¢ Full-plant mass
balance to account for
sidestreams

e Investigate benefit of
deoxygenation (De-Ox)
zone at MLR pumps

® Anoxic zone volume
sensitivity analysis

e MLR sensitivity
analysis

e Use diurnal modeling
to predict effluent
nitrate at plant
operating condition



High effluent
nitrites

High effluent
organic
nitrogen

High
effluent total
phosphorus

e Postanoxic zone
carbon-to-
nitrogen ratio
too low for
complete
denitrification

e High rDON
fraction
¢ Industrial waste

e Low COD/P
e Low rbCOD/P
e Low VFA/P

* Hydraulic drops are
entraining too much air®

¢ Incomplete nitrification

e Low pH, check alkalinity

¢ High DO in MLR

* Low aerobic SRT

* Low DO in aerobic zone

¢ Increase C/N ratio in
postanoxic zone by carbon
augmentation

* MLR too high for complete
denitrification

* rDON is not biodegrad-
able; little can be done to
reduce this fraction

* Longer SRT may help
reduce some rDON in
some cases

* Source control—check
industrial loadings

* Optimize final clarifiers
performance to reduce
particulate organic nitro-
gen fraction

ncrease VFA /P ratio by
fermentation products or
chemical supplementation

e Overmixing of
anoxic zone, en-

training DOP
e Inhibition e Clean and calibrate
e AOB growth instrumentation
exceed that of e Distinguish between
NOB; latter nitrates and nitrites
more sensitive e Check and control DO
to abnormal at MLR to <1.0 mg/L;
conditions and >2.0 mg/L in rest
of basin
¢ Use nitrate probe/
analyzer or ORP to opti-
mize MLR pumping

¢ rDON can cause ¢ SRT control
some growth ¢ Sludge blanket den-
of algae in sity meter to help
receiving water optimize performance
in presence of of clarifier
bacteria
e Upto25% of
rDON may be
available for
algae growth
¢ Some rDON can
be removed by
flocculants

Insufficient Monitor release and
phosphorus release uptake of phosphorus
in anaerobic zone

(see below)

e Perform similar
sensitivity analyses
as outlined above
for high ammonia
and nitrates, but also
trend nitrite

¢ Model influent carbon
fractions
* RAS sensitivity
analysis
(continued)
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Possible contributing factors and remedial steps

Commonly Section 2.1° Section 2.2° Section 2.37 Section 2.4° Section 2.5°
observed BNR Wastewater char- Operational Microbiology/ Instrumentation and Process modeling
problems acterization parameters kinetics control
e Compare with  IHigh nitrate in RAS (see GAO competition Check nitrates and DO e Full-plant mass
graph in Figure  high nitrate in effluent (see below) in feed and RAS balance to account for
11.3 @tbCOD/P  problem above) Inhibition from sidestreams
versus VFA/ RAS rate is too high bringing urea ® SRT sensitivity
rbCOD) back excessive nitrate and Secondary release analysis
¢ Check for reducing preanoxic zone and of phosphorus

Glycogen .

accumulating

organisms .
L[]
L[]

Inadequate .
release of
phosphorus in
anaerobic zone

nitrates or DO in
plant influent

High influent
glucose content
VFA mostly ace-
tic acid

Low pH

High tempera-
ture

Insufficient VFA
and/or rbCOD

anaerobic zone HRT
Addition of chemicals for
phosphorus precipitation
SRT is too long

High effluent TSS

Low pH, consider alkalinity
supplementation

Excess capacity in service,
SRT is too long; consider
taking aeration basin offline
Long unaerated zones
Feeding glucose waste for
denitrification, consider
other carbon source

Reduce SRT at high
temperature >28°C

* Increase VFA/P by fer-
mentation or chemical
supplementation

(see below)

Domination by
tetrad-shaped
GAO bacteria

e Lack of PAO
e Possible GAO
domination

pH monitoring and
control

¢ Online phosphorus
profiles

e GAO are not modeled
by most process
simulators

e Full-plant mass
balance to account for
sidestreams



e Check for
nitrates or DO in
plant influent

e See also above,
as GAO domi-
nance will affect
phosphorus
release

Inadequate ¢ rbCOD/P*
phosphorus

uptake in

aerobic zone,

and good

release in

anaerobic zone

Secondary
release of
phosphorus

Poor settling
sludge

¢ High VFA con-
tent

¢ Ferment small portion of
mixed liquor from anaero-
bic zone and return

¢ High nitrate in RAS (see
high nitrate in effluent
problem above)

® RASrate is too high bring-
ing back excessive nitrate
and reducing preanoxic
and anaerobic HRT

¢ Avoid chlorination of influent

* Low DO in aeration zone,
target >2.0 mg/L in first
aerobic zone

* Secondary release result-
ing in excessive phospho-
rus for uptake (see below
for secondary release)

* Anaerobic retention too
long for available VFA and
rbCOD

* Anoxic retention too long

e Too little nitrate to second
anoxic zone, going anaerobic
and releasing phosphorus

* FC sludge blanket is too
deep, going anaerobic and
releasing phosphorus

e High PC and FC sludge
blankets resulting in exces-
sive VFA formation

e Anaerobic HRT
is too short

e Consider retrofit
to Johannesburg
process for RAS
denite to reduce
nitrate and
preserve VFA

e Conditions
do not favor
growth of PAO

e PAO release
phosphorus in
the absence of
VFA

e No stored
VFA energy
for take up of
phosphorus
upon reaeration

¢ Incomplete
nitrification or
denitrification,

¢ Online phosphorus
profiles

¢ Profile of phosphorus
release in the
anaerobic zone,
anoxic zone, and in
RAS

e Monitor DO at inlet of e

aeration basin
e Monitor DO in MLR

¢ rbCOD and VFA
sensitivity analysis

* Model to compare
predicted with actual
profiles

* Model to compare
predicted with actual
profiles

Full-plant mass bal-

ance diurnal model-

ing investigating peak

aeration demands
(continued)
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Possible contributing factors and remedial steps

Commonly Section 2.1° Section 2.2° Section 2.3° Section 2.4° Section 2.5°
observed BNR Wastewater char- Operational Microbiology/ instrumentation and Process modeling
problems acterization parameters kinetics control
¢ Nutrient defi- * Excessive SRT generating N,O ® Monitor nitrates at e Use models to
ciency ¢ Low DO environments in and favoring end of anoxic zones determine optimum
¢ Low pH and aeration basin Microthrix par-  * ORP profile through recycle rates for RAS
alkalinity e MLR is too low, anoxic vicella and Type anoxic and anaerobic and MLR
zone goes anaerobic and 0092 zones e SRT sensitivity analy-
generates excessive VFA o High VFA con- sis
* Excessive DO in MLR tent, feeding
feeding low DO filaments Thiothrix, and
in anoxic zone O21N filaments
Excessive High influent 0il ~ Surface blockage® Start up foam Monitor SRT SRT sensitivity
scum/foam  and fats No positive drop from Nocardia forms Monitor DO analysis tracking
anoxic to aeration® M. parvicella (see  Monitor pH level of nitrification to

In plant recycle of scum,

poor settling

exacerbating build up of scum sludge above)

Overly long SRT

Selective wastage from the

surface of the aeration basin®

Consider full radius scum

skimmers on final clarifiers®

Consider surface sprays to

break up scum®

determine if operating
condition favors
M. parvicella

aReader can review these sections for additional discussion.
bRefer to Section 3.0.

AOB = ammonia oxidizing bacteria; COD = chemical oxygen demand; DO = dissolved oxygen; FC = final clarifier; GAO = glycogen
accumulating organisms; HRT = hydraulic retention time; MLR = mixed liquor recycle; MLSS = mixed liquor suspended solids; NOB = nitrite
oxidizing bacteria; ORP = oxidation reduction potential; PAOs = phosphorus accumulating organisms; PC = primary clarifier; RAS = return
activated sludge; rbCOD = readily biodegradable COD; rDON = recalcitrant dissolved organic nitrogen; SRT = solids retention time;

TKN = total Kjeldahl nitrogen; and VFA = volatile fatty acid.
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demonstrate how hydraulic designs or mechanical equipment, or both, have affected
plant performance, which will be helpful in identifying similar or related problems
when troubleshooting a BNR facility.

3.1 Overaeration of Influent

Overaeration of the plant influent adds oxygen that interferes with the development
of the true anoxic or anaerobic environment needed for BNR. Adding oxygen at this
point in the process also causes loss of the short-chain VFAs necessary for enhanced
biological phosphorus removal (EBPR). Loss of even a small fraction of VFA can be
detrimental because many BNR plants experience periods when VFA is the limiting
factor controlling performance.

Grit removal should be accomplished using methods that do not rely on aera-
tion. Screw pumps should not be used to convey plant influent, primary effluent, or
RAS flow. The hydraulic drop or free fall over a primary effluent weir into effluent
launders should be limited; the free fall and splash as the flow hits the bottom of the
concrete launder can result in significant oxygen transfer. It is also important to limit
headloss or hydraulic drop from the primary sedimentation basins to the first unaer-
ated zone of the BNR process. It helps to estimate how much oxygen can be trans-
ferred through a hydraulic drop. For every 300 mm (12 in.) of drop, approximately
1 mg/L of oxygen is transferred up to a dissolved oxygen concentration of 3 mg/L.

Hydraulic designs should be considered that provide for primary effluent weirs
to be submerged only during periods of peak flow to reduce the hydraulic drop and
thus air entrainment during average- and low-flow periods. A side benefit of a tighter
hydraulic design is the overall savings in plant pumping head, which could signifi-
cantly reduce the overall pumping energy requirements. Designers should recognize
that flooding primary clarifier effluent launders during peak flows will not be detri-
mental to plant performance.

In existing plants, or where it is necessary to drop the flow from the primary
clarifiers to a lower elevation, a mechanical device can be installed to keep the liquid
level in the effluent launders just below the water level in the primary tank to mini-
mize aeration. For example, at the Kelowna plant in British Columbia, Canada, feed
contained insufficient VFA, and fermentation of the primary sludge would have been
required to augment the VFA. Therefore, minimizing aeration of the influent was
critically important to preserving the VFA for BPR. The rectangular primary tanks
caused a considerable amount of white water in the effluent launders, and the pri-
mary effluent dropped about 1 m (3 ft) into the feed channel of the anaerobic zones.
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Hydraulic
Control

Reactangular Primary Tanks

Ficure 11.25 Control gate at Kelowna, British Columbia, Canada, plant (courtesy
of Black & Veatch).

This condition resulted in too much aeration that hindered the performance of the
BNR process, and created an odor problem. A gate was installed in the feed channel
to control the liquid level in the effluent channels to less than 25 mm (1 in.) below the
effluent weirs at all flowrates. The gate was controlled to allow flow to pass without
drowning the primary tanks. The downstream end of the gate was equipped with
a plank, with one end of it attached to the gate and the other end left free floating.
This device allowed expansion of the supercritical flow under the gate to normal flow
without creating a hydraulic jump as shown on Figure 11.25.

At the Tembisa plant near Johannesburg, South Africa, the plant was constructed
so that the existing trickling filter effluent could be returned to the BNR process.
A new activated primary tank was installed to provide additional VFA to support
EBPR. The hydraulic fall between the grit channels and the new activated primary
tank was 18 m (55 ft), which created the potential for air entrainment and transfer of
oxygen to the BNR process influent within the process feed pipe. The solution was a
pinch valve in the feed pipe, which was controlled from the intake at the discharge of
the grit chambers, as shown on Figure 11.26. The pinch valve discharged into a box
with a chimney to equalize the pressure but not to overaerate the influent.

Screw pumps can transfer considerable oxygen as the water is agitated and lifted
by the screw and then dropped into a channel. Screw pumps were used widely in the
1970s and 1980s because of their energy efficiency and ability to automatically handle
a wide range of flows. Many of these plants are now being upgraded for BNR, and
replacement of the screw pumps should be considered to avoid overaeration of the
pumped flow.
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FIGURE 11.26 Pinch valve for breaking energy without aeration (courtesy of
Black & Veatch).

3.2 Flow Distribution

Accurate distribution of flow to various process units should not be overlooked
when optimizing or troubleshooting a BNR facility, especially when targeting LOT
discharge requirements. Uniform mass loadings and HRTs can have a much greater
effect on the performance of a BNR facility than a plant designed for straight second-
ary treatment.

Accurate distribution of flow to final clarifiers is necessary to optimize fully plant
capacity and performance. A small difference in flow distribution of 15% will reduce
the plant’s overall capacity by 15% because the final clarifier receiving the highest
flow will be the first to fail. For flow restriction strategies to be successful, it is neces-
sary to implement a fully automated measurement and control/throttling system to
balance the flow split to clarifiers for all plant flow conditions. Manual adjustment
of valves to control the distribution of flow is not an effective strategy because the
valves will require continuous adjustment to maintain an acceptable balance given
the typical diurnal flow variations experienced at WWTPs.

The most overlooked factor in the design of flow distribution structures is the
effect of momentum of the incoming flow that leads to inequalities of flow through
the gates or over the weirs. A CFD analysis can be used to determine the effect of cor-
rective measures for existing flow distribution structures and to optimize design of
new structures.
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3.3 Intensive Mixing of Influent and Recycle Streams

Streams of different densities do not mix easily. As a result, short-circuiting can be
experienced when two or more process streams are introduced to a reactor if there
is insufficient mixing. The potential for short-circuiting also can increase as the side-
water depth of the reactor increases. An example of this is when RAS, primary efflu-
ent, and MLR are discharged to an unaerated zone. Provisions must be made to ensure
proper mixing of the incoming streams because the momentum and density currents
may carry the streams in different directions. The result of poor mixing is that the influ-
ent substrate or nitrate will not be available to the bacteria for much of the retention
time in the unaerated zone, which can greatly reduce the nutrient removal efficiency
of the process. Much depends on how the flow streams are brought together into the
zone and the applied mixing energy in that zone. Common design criteria for mix-
ing energy range from 4 W/m?(0.15 hp /1000 cu ft) to 20 W/m?(0.75 hp/1000 cu ft).
Slow-speed vertical mixers are up to three times more efficient than high-speed sub-
mersible mixers, which has been ignored when specifying mixing energy require-
ments for an unaerated BNR zones. The design of slow-speed vertical mixers at an
applied mixing energy of greater than 13 W/m? (0.5 hp/1000 cu ft) has resulted in
excessive dissolved oxygen entrainment and has hindered the performance of some
BNR facilities.

Intensive mixing of the influent streams in specially designed chimneys will
help avoid short-circuiting and enhance performance. The mixing energy created by
flow momentum in the chimney provides thorough mixing of two or more influent
streams before they are discharged at the floor of the basin into the unaerated zone.
Use of influent chimneys allows for lower mechanical mixing energy in the unaer-
ated zone and ensures intense contact of the bacteria with the influent substrate.

The effects of poor mixing and short-circuiting were observed in the Bushkoppie
plant in Johannesburg, South Africa, where the RAS and primary effluent flows were
discharged to the surface of the tank. In addition, there was an 800-mm (2.7 ft) drop
from the channels to the anaerobic zone that entrained air. These poor hydraulic
conditions resulted in unreliable phosphorus removal. The remedy to this problem
was to construct an influent chimney to provide good mixing of the two influent
streams and to discharge the combined flow at the bottom of the tank. The chimney
was designed to discharge approximately 95% of the flow through openings at the
bottom. The remainder was allowed to overflow to the surface when flow exceeded
average design flow to prevent accumulation of scum. Figure 11.27 shows a sec-
tion through the chimney and a picture of the completed structure. Elimination of
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Anaerobic zone
Control
Chimney
v

FIGURE 11.27 Example of a “chimney” for intimate mixing of influent streams
(courtesy of Black & Veatch).

the short-circuiting and intensive mixing of the incoming stream resulted in more
reliable phosphorus removal.

3.4 Momentum and Density Gradients

The effect of momentum and density gradient created by introducing two or more
streams into a bioreactor can lead to severe short-circuiting problems. Below are
two examples observed in various plants created by improper introduction of flow
streams into a bioreactor. Review of these examples should be helpful in trouble-
shooting similar challenges.

3.4.1 Pelham, South Carolina

The Pelham WWTP in South Carolina consisted of three parallel unfolded carrou-
sels, one of which is shown on Figure 11.28. The feed was not mixed with the RAS
before it entered the aeration basin. The RAS entered the basin near the floor and the
primary effluent entered about 2.5 m (8 ft) below the surface at the point shown on
Figure 11.28. The operators noted that when the aerator near the entry point for the
feed was turned off, ammonia appeared in the effluent. This did not occur when the
other aerator was turned off and the near aerator was operating. The short-circuiting
was because of the density gradient created in the channel when the aerator near
the feed point was turned off. The momentum of the influent, which contained lit-
tle TSS, would carry it up and over the more concentrated MLSS far into the tank
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FIGURE 11.28 Short-circuiting in the Pelham, South Carolina, carrousel plant (cour-
tesy of Black & Veatch).

while rising to the surface. This resulted in significant short-circuiting to the efflu-
ent. The remedy for this problem was to install a baffle at the inlet pipe to redirect
the momentum of the influent. A mixing chimney also was provided to better mix
the influent and RAS streams and to introduce the combined flow at the bottom of
the basin.

3.4.2 New York, New York

Thirteen of the 14 step-feed plants owned by New York City are being converted to
step-feed denitrification by installing baffles to form anoxic zones at each feed point,
as shown on Figure 11.29a. A portion of the primary effluent is introduced at each
anoxic zone, as shown on Figure 11.29b. When troubleshooting the performance of
one plant, it was found that the openings to convey the mixed liquor from one pass
to the next was on the floor and carrying air bubbles into the anoxic zone of the fol-
lowing pass. The momentum of the primary treated influent carried it deep into the
anoxic zone without much mixing. Consequently, dissolved oxygen was observed
in one-third of the anoxic zone. The solution to this challenge was to place a small
deoxygenation zone at the end of the aerated pass with a downflow operation to
prevent bubbles from being swept into the anoxic zone. Baffles were also added to
break the momentum of the influent flow and to use that energy for instantaneous
mixing of the influent with the mixed liquor. In retrofitting tanks that are configured
poorly for mixing, a simple baffle can go a long way to improve mixing and prevent
short-circuiting by breaking the momentum of the incoming streams.

3.5 Anaerobic/Anoxic Zone Mixing Intensity

The mixing intensity applied to an anoxic or anaerobic zone drastically can affect BNR
performance. As described above, inadequate mixing can result in short-circuiting
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FIGURE 11.29 Momentum from influent to anoxic zones, New York City (courtesy
of Black & Veatch).

and poor performance, and too much mixing energy can lead to excessive surface
agitation and oxygen entrainment. Both submersible high-speed mixers and slow-
speed vertical mixers can be used effectively, but the mixing efficiency of the latter
is much higher than that of high-speed submersible units. With a slower rotational
speed, a larger, more efficient impeller can be used to transfer the same amount of
mixing at much lower energy input. Operating at rotational velocities of less than
25 rpm, as opposed to approximately 600 rpm with a submersible mixer, results in
less slippage and reduced energy transfer of heat to the water. The energy input
for mixing can be reduced to 5 W/m?(0.2 hp/1000 cu ft) or less when slow-speed
vertical mixers are used in conjunction with influent chimneys to provide good ini-
tial mixing of the influent streams. There is a tendency to specify the energy input
regardless of the type of mixer used, which can result in ove-mixing, vortexes, and
aeration. For example, vertical mixers operating at 20 W/m? (0.75 hp/1000 cu ft)
will form vortexes that entrain too much air for efficient nutrient removal. Vertical
baffles also may be used with vertical slow-speed mixers to avoid surface vortexes.
Submersible mixers typically are less expensive to install because they do not require
an access bridge.

3.6 Mixing Energy in Aeration Basins

Drury et al. (2005) and others have shown that efficient biological phosphorus
removal requires a semi-plug flow arrangement with high dissolved oxygen concen-
trations near the inlet to the aeration basin. This is also required for controlling the
growth of M. parvicella. Where possible, the first section of the aeration zone should
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be large enough to ensure an OUR that can be met reliably under all load condi-
tions with the supplied aeration system. The OUR limit for fine-bubble diffused aera-
tion, as calculated based on actual oxygen requirement, typically is considered to be
approximately 120 mg/L-h. Typically, the ammonia-nitrogen is depleted ahead of
the last aerated zone, which results in a much lower oxygen demand at this point.
In most plants, the aeration system has been designed to supply enough air to the
last section to maintain the “mixing energy requirements,” or a minimum airflow
requirement for ceramic diffusers. These minimum airflow rates may result in dis-
solved oxygen concentrations in excess of 5.0 mg/L at the point where mixed liquor
is recycled to the anoxic zone, thus reducing nutrient removal efficiency of the plant.

There are numerous examples of plants being operated successfully with the
airflow at the end of a plug-flow reactor below the accepted minimum for mixing
energy. The Padre Dam plant near San Diego, California, is operated with no con-
cern for the mixing energy, but only for dissolved-oxygen control to limit the convey-
ance of oxygen to the anoxic zones. Plant performance has been excellent, operating
well below typical minimum airflow rates for mixing. Other methods to deal with
overaerating is to provide mixers in the last part of the aeration tank or to switch to
coarse bubble diffusers that impart more energy for mixing and less dissolved oxy-
gen transfer. Another solution is to “burp” the plant by controlled short periods of
high aeration twice per day to resuspend solids that may have settled at the reduced
airflow necessary to maintain the desired low dissolved oxygen concentration at the
end of the aeration basin.

3.7 Scum Control

It is important to avoid back-mixing from aerated to unaerated zones while ensuring
that scum is not trapped but moves freely through the BNR reactor. Back-mixing of
flow from aerated to unaerated zones not only transfers undesired oxygen to these
zones but also increases the potential for excessive scum and foam formation. Baffle
walls or other barriers prevent scum from passing from one zone to the next, further
aggravating the problem. Excessive foaming has been observed in many plants that
experience back-mixing of oxygen.

The high turbulence induced by the surface aerators resulted in the rise of air bub-
bles on the upstream side of the scum baffle that also served as a walkway support. In
this low dissolved oxygen environment, scum started to grow and eventually filled the
basin as shown on the sketch. A weir was added on top of the partition wall between
the anoxic and aerobic zone to reduce the liquid level by approximately 50 mm (2 in.).
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This hydraulic drop induced adequate energy on the downstream side of the partition
wall to break up the scum, entrain it in the MLSS, and pass it under the walkway. The
hydraulic drop also prevented back-mixing of oxygen. The scum disappeared.

Baffle walls that extend above the liquid level are problematic because they not
only trap scum but provide a surface area for foam-forming bacteria to attach and
grow. When possible, baffles and chimney walls should be installed just below the
liquid surface to ensure that foam can migrate freely through the BNR zones and to
eliminate surface attached growth where slime growth tends to start. If a meandering
flow pattern is used in an anaerobic or anoxic zone to prevent short-circuiting, then
intermediate baffle walls should be submerged. In this situation, the last baffle wall
separating the aerobic zone from the unaerated zone should extend above the liquid
surface or at least create adequate headloss to avoid back-mixing. When the hydrau-
lics will not allow for a slight drop, the velocity of the mixed liquor passing from the
anoxic to oxic zone should exceed 300 mm/s (1 ft/sec) at all times.

If elevations are properly established, then 95% of the flow will follow the mean-
dering path submerged baffle walls, with only a small fraction of the flow passing over
the baffle walls to carry scum through the unaerated zones.

At JEA’s Southwest Water Reclamation Facility (WRF) in Jacksonville, Florida,
partitions are just below the surface, creating a meandering flow. There is a drop of
approximately 50 mm (2 in.) from the anoxic to the aerobic zone.

Baffles separating aerated and unaerated zones should not have both top and
bottom openings because this would encourage the flow from the unaerated zone to
pass under the baffle while lighter aerated mixed liquor passes back over the baffle to
the anoxic zone. Small openings of not more than 200 mm by 200 mm (8 in. by 8 in.)
should be provided at the bottom of a baffle wall for drainage.

Ideally, the flow over the submerged weir separating an unaerated zone from
an aerated zone should have a minimum velocity of approximately 0.6 m/s (2 ft/
sec) under maximum flow conditions, and there should be no back-mixing at the
minimum plant flow. If the overflow weir is too long, then the weir could become
uneven and allow a rotational flow that can carry air bubbles back to the anoxic or
anaerobic zone. For long weirs, it may be necessary to use an adjustable weir plate
that can be set during commissioning to achieve uniform discharge. Downward-
opening weir gates or adjustable, hinged weirs also can be used to provide flexible
level control for basins designed to accommodate wide flow ranges associated with
recycle rates.
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3.8 Selective Wasting

Despite precautions and design efforts to pass scum effectively though a plant, it will
continue to form and accumulate on the surface of some BNR processes. Selective
wasting of surface scum and mixed liquor is an effective way to mitigate operational
and performance problems associated with excessive scum formation. Figure 11.30
illustrates how scum can be removed from the surface and wasted from the process
with the mixed liquor. The float ensures a sufficient drop and turbulence to entrain
the scum for effective removal with mixed liquor. The flow adjusts automatically to
the liquid level and to the rate of withdrawal. The size of the float will determine the
drop and amount of turbulence. Because the liquid level in the tank is determined
by the overflow weir to the final clarifiers, the actual size of the float is not critical.
An alternative would be to use a motorized tilting weir controlled by an automated
level control. If this waste is pumped to a DAF unit, then flow could be continuous
and could be metered to determine automatically the SRT of the system. A similar
system was first installed at the Kelowna plant in British Columbia, Canada, and has
an operating history of approximately 15 years.

Selective wasting of mixed liquor and scum is gaining favor and can be retrofitted
to existing plants, especially when problems with foam and scum are occurring. By
wasting mixed liquor instead of RAS, the operator can set volumetrically the sludge
wasting rate for a predetermined SRT. For example, wasting one-tenth of the volume
of the aeration zone per day in the form of mixed liquor will result in a 10-day SRT. It
is necessary to consider the additional volume of WAS and the additional hydraulic

Entrained Scum

Float v :\/\k

Pivot

B

Selective Wastage

Aeration

FIGURE 11.30  Selective wasting of scum and mixed liquor (courtesy of Black &
Veatch).
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load on the WAS thickening process before implementing selective wasting. There
are some thickening processes, however, such as DAF that are designed based on
the solid load limitation even at a feed solids concentration as low as 0.4%. Selective
wasting significantly reduces the concern of overloading the thickening process. An
additional advantage of DAF thickening is that it removes scum very efficiently.
Other mechanical thickening equipment may be overloaded quickly if not designed
for the thinner feed solids concentrations associated with selective wasting.

3.9 Final Clarifiers

Final clarifiers that support BNR processes should be designed and operated to
provide high solids capture. This is because the effluent solids contain significant
nitrogen and phosphorus that contribute to effluent total nutrient concentrations.
With well-designed and operated final clarifiers that are able to maintain effluent TSS
to less than 8 mg/L, it may be possible without filtration to achieve an effluent total
phosphorus concentration of less than 0.5 mg/L, if the orthophosphate concentration
is reduced to less than 0.1 mg/L.

The design and operational factors that should be considered when a clarifier is
not performing optimally include

¢ Poor sludge settling characteristics;

e Uneven flow distribution;

e Dissipation of inlet energy;

e Good flocculation at inlet;

¢ Sludge retention time in clarifier;

¢ Optimum RAS pumping rate;

e Effluent launder baffling; and

¢ Surface scum removal.

Care must be taken to avoid high turbulence and breakup of the flocs. Energy
dissipation inside the floc well and flocculation is important to produce a clear final
effluent. The clarifier inlet must be designed to dissipate energy while reducing the
water fall effect of the higher-density MLSS flow entering the clarifier.

Final clarifiers that support BNR processes must be designed and operated to

minimize SRT to avoid secondary release of phosphorus in the sludge blanket. The
clarifiers should be designed and operated for rapid sludge removal to prevent
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secondary release of phosphorus while avoiding excessive disturbance of the sludge
blanket. For circular clarifiers, suction lift or ToBro-type sludge collection systems
are attractive options, especially for clarifiers in excess of 30 m (100 ft). These systems
remove sludge quickly and do not rely on scrapers to transfer sludge to a center hop-
per. Centrally scraped circular final clarifiers that are designed for rapid conveyance
of sludge to a center sludge hopper have been used successfully in many BNR plants,
especially those equipped with deep spiral blade scrapers. Scraping mechanisms must
be designed and installed to operate with a clearance of less than 25 mm (1 in.) between
the floor and the bottom of the scraper to avoid gas development and “popping” of
leftover sludge as the thin sludge layer becomes anoxic or anaerobic. The rotational
speed of the scraper mechanism and the depth of the blades should be evaluated to
confirm they can transport the sludge to the center of the clarifier in a timely manner
(Randall et al., 1992). The scraping mechanisms can be provided with variable-speed
drives to optimize the speed of sludge transport to the center sludge hopper to ensure
a low sludge blanket. Sludge scrappers have been reported to operate efficiently with
tip speeds ranging from 3.0 to 8.0 m/min (10 to 27 ft/min), depending on diameter of
the clarifier and scraper design. Variable-speed drives on the scrapers give the opera-
tor some flexibility to adjust and find the optimum tip speed for a given clarifier.

One of the main issues for BNR clarifiers is to prevent short-circuiting of either
the liquid or the solids. Ideally the RAS nitrate and phosphorus concentration should
be low. If there is rat-holing in the sludge blanket, and some sludge short-circuits
from the inlet to the RAS, there may be high nitrate in the RAS because the retention
time was not adequate for the nitrates in the sludge to be reduced. Short-circuiting
by rat-holing also increases the retention time of the sludge further out in the tank
to the point where it can start to release phosphorus. This then will increase both the
effluent and RAS phosphorus concentration. The following activities can be used to
evaluate and ameliorate short-circuiting and rat-holing in final clarifiers:

* Measuring the sludge blanket depth and concentration in various places from
the center to the perimeter to determine if there is accumulation in the outer
section of the clarifier.

e With spiral scrapers, measuring the sludge blanket in various sections of the
tank. If the blanket is too high, then the rotational speed of the scrapers should
be increased.

* Installing a horizontal baffle over the sludge withdrawal point to prevent
rat-holing.
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* Retrofitting to provide more scrapers in a ring around the center column to
ensure that there is always some movement over the intake.

For rectangular clarifiers, the inlet must be designed for good flocculation and for
mixed liquor discharge near the floor when the sludge is scraped in the direction of
flow. The ideal rectangular final clarifier configuration for BNR is the Gould Type II,
which provides sludge removal halfway through the length of the tank. For rapid
removal of sludge, scrapers of at least 300-mm (1-ft) deep traveling at 1.8 m/min but
equipped with variable-speed drives are recommended (Randall et al., 1992). With
counterflow scrapers and RAS withdrawal at the inlet side, there is a great chance of
short-circuiting of sludge. The location of sludge withdrawal and the energy dissipa-
tion inlet should be designed to avoid such conditions. In some cases, this clarifier
configuration may have to be down-rated for BNR plants. In addition, CFD studies
may be required to optimize these clarifiers for BNR plants.

The rate of RAS return should be controlled carefully to minimize SRT in the
clarifiers and to reduce the volume of nitrate-rich RAS flow returned to the BNR
zones. When the returning rate is too low, secondary phosphorus release may occur
as the sludge blanket turns anaerobic, which will make it difficult to achieve low
effluent orthophosphate concentrations. If the RAS rate is too high, then too much
nitrate is recycled to the anaerobic zone, or the RAS denitrification zone, which may
be detrimental to biological phosphorus removal. In addition, the higher RAS rate
reduces retention time in the anaerobic zone. When a low-effluent total nitrogen is
not required, processes such as the Johannesburg (JHB) or the Modified University
of Cape Town (MUCT) are used to reduce the nitrates before the RAS enters the
anaerobic zone. Too high of an RAS rate can be detrimental to biological phosphorus
removal if the plant is not designed to achieve a high level of nitrogen removal. The
RAS nitrate concentration at these facilities could be as high as 10 mg/L.

The Vereeniging plant in South Africa is one example of biological phosphorus
removal being hindered by not operating at the optimum RAS pumping rate
(Randall et al., 1992). This facility was biologically removing phosphorus from
11 mg/L in the influent to less than 0.1 mg/L in the effluent. Performance deteriorated,
however, to the point that the effluent orthophosphate concentration was increased
to 1.5 mg/L. As a first attempt to resolve this problem, plant operators reduced the
RAS flow rate to decrease the mass of nitrates being recycled to the anaerobic zone.
Reducing the RAS pumping rate, however, extended the SRT in the final clarifiers,
which increased the orthophosphorus concentration in the RAS to 10 mg/L, further
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hampering biological phosphorus removal. The problem ultimately was resolved by
identifying that the secondary release in the final clarifier sludge blanket was caus-
ing the performance problem, rather than excessive RAS pumping. The problem was
resolved quickly by increasing the RAS above the rate being used at the time when the
plant performance deteriorated. Within days, the effluent orthophosphate concentra-
tion was again reduced to less than 0.1 mg/L.

Effluent launder baffles (McKinney baffles or similar) should be used to redi-
rect velocity currents that can result in loss of solids over the effluent weir. Foam
and scum also can contribute significantly to effluent suspended solids. Provisions
must be made for efficient removal of scum from the final clarifier surface using full-
radius scum removal mechanisms or longer scum beaches for central drive clarifiers.
Common problems with peripheral drive clarifiers include a beach that is too steep; a
scum baffle that is too shallow; and a scum trough too high above the liquid surface,
which makes it difficult to remove. The Tai Po WWTP in Hong Kong, China, is an
example of a plant that struggled with scum removal in the final clarifiers. At this
facility, scum was forced up a steep slope on the beach toward the scum hopper. This
resulted in scum being pushed under the scum baffle and out to the effluent while
very little was moved up the slope to the hopper. For this WWTP, it would have been
better to remove the scum baffles because growth accelerated with accumulation on
the surface of the clarifiers.

In some plants, scum collected on the clarifiers is returned with the RAS to the
aeration basins. This should be avoided because it accelerates growth and accumula-
tion in the system.

If necessary, operating strategies, such as adding polymer to enhance flocculation,
can be considered to maintain high solid capture during peak flow events. Tertiary
filters are used to capture the solids lost in the final clarifiers, especially when low
effluent total phosphorus is required. Solids captured in the tertiary filters, however,
can lead to secondary release of phosphorus if anaerobic conditions develop in the
filter bed. In these cases, a low concentration of metal salts can be added to tie up the
phosphorus released from the captured floc.

4.0 CHEMICAL PHOSPHORUS REMOVAL IN
ACTIVATED SLUDGE SYSTEMS

Chemical addition for phosphorus removal can take place at several points in the
main process stream. Chemicals can be added to the primary influent, to the activated
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sludge in the aeration basin, to the mixed liquor before settling, and to the influent of
a tertiary process for phosphorus precipitation. Chemicals also are used in the solids
handling process to prevent phosphorus from returning to the main plant.

The objective of chemical phosphorus removal is to convert soluble phospho-
rus to a precipitate that can be removed through clarification or filtration. There are
five overriding factors that affect chemical precipitation of phosphorus: (1) chemical
dose, (2) chemical reaction time, (3) method of mixing and coagulation, (4) timing for
adding polymers, and (5) species of remaining phosphorus compounds in the efflu-
ent. When adding chemical in the primary tanks, phosphorus is removed with the
primary sludge by direct precipitation of the soluble phosphorus and coagulation and
precipitation of particulate phosphorus. In some cases, ferrous salts are added to the
influent for odor control. For actual phosphorus removal in the primary tanks, alum
or a ferric salt may be added. Ferrous salts also may be added directly to the aeration
basin where they will be oxidized to the ferric form that binds with the phosphorus.
Alum, ferric, or PAC typically is added to the effluent of the aeration basin just before
clarification and at a turbulent location; some reaction time should be allowed before
polymer is added. When adding chemicals to a tertiary removal stage, the chemicals
should be added into a rapid-mix tank followed by coagulation and flocculation with
polymer. A one-to-one molar dose is required to attain a residual orthophosphate
concentration of 1.0 mg/L. Reducing this concentration to less than 1.0 mg/L will
require a higher molar dose of either iron or aluminum.

Attempts to achieve effluent phosphorus concentration of less than about 0.1
mg/L by adding chemicals to the biological process will become counterproduc-
tive. When trying to achieve very low effluent phosphorus concentrations, chemicals
should be added to a tertiary stage, and the required chemical-to-phosphorus molar
ratio will increase significantly. Figures 11.31 and 11.32 show the correlation between
molar chemical dose and the resulting effluent orthophosphate concentration, based
on data from several chemical phosphorus removal plants. When it is necessary to
reduce the effluent phosphorus concentration to less than 1.0 mg/L, the excess iron
and aluminum will precipitate as a hydroxide solid, thus producing more chemical
sludge and increasing the consumption of alkalinity. The alkalinity consumption can
be significant and must be taken into account when assessing supplemental alkalin-
ity requirements for a BNR facility.

When polymer is used to improve chemical phosphorus precipitation, the poly-
mer and coagulant should not be added together at the same location. It takes a few
minutes for a chemical phosphorus precipitate to form; formation of the hydroxide
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product is relatively fast. Phosphorus precipitation is a two-step process in which
some of the soluble iron or aluminum reacts with phosphorus to form a precipitate,
and the remainder of the iron or aluminum forms the hydroxide solid. If the phos-
phorus is not completely removed at first contact, it will continue to react with the
metal hydroxide until it reaches equilibrium. Polymer creates an interference with
this reaction because it coats the surface of the particle and prevents further reaction
of the orthophosphate with the hydroxide solids. If sufficient chemical is added to
precipitate phosphorus, but the results are poor, then it may be possible to enhance
performance by moving the iron or aluminum feed point farther upstream to extend
the reaction time by several minutes before polymer is added. Intensive mixing at
the point of chemical addition also can enhance performance, because the additional
agitation will minimize the formation of iron or aluminum hydroxides.

When using iron salts in a primary clarifier, the iron initially will react with the
sulfide in the influent to form an iron sulfide precipitate because it is less soluble
in water than iron phosphate. For this reason, a ferrous salt is preferred to control
sulfides. Ferrous phosphate compounds that are soluble will form after the sulfide
is precipitated. It is for this reason that ferric or aluminum salts are added to the
primary sedimentation tanks for phosphorus removal and coagulation of suspended
and colloidal solids. Recent findings suggest that soluble ferrous phosphate com-
pounds passing to the aeration basin will be oxidized to the ferric form and will then
precipitate as ferric phosphate. The additional iron demand for sulfide removal must
be taken into account when estimating the required dose of iron salt to achieve a
desired effluent orthophosphate concentration.

Sulfide will not interfere when alum is used to precipitate phosphorus. For
this reason, it is sometimes stated that aluminum is more efficient in precipitating
phosphorus than iron, but jar tests should be conducted to compare the actual dose
requirements. Local chemical costs and availability also should be considered when
selecting the coagulant for phosphorus precipitation.

A higher molar dose is required to achieve an effluent phosphorus concentration
of less than 1.0 mg/L. This higher chemical dose results in the formation of more
hydroxide solids and, consequently, more sludge. If iron or aluminum is added to
an activated sludge process (aeration basin or final clarifiers), the generated chemi-
cal solids will accumulate in the MLSS and reduce the effective mean cell residence
time of the process. Accumulation of chemical solids in the MLSS can be determined
by conducting batch tests to define the molar ratio of Fe:P required to reduce phos-
phorus to the desired level. Figures 11.31 and 11.32 also can be used to approximate
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the required Fe:P based on data collected at other municipal WWTPs. For example,
as indicated on Figure 11.33, a Fe:P molar ratio of approximately 1.5 is required to
achieve a residual phosphorus concentration of 0.5 mg/L. From this information, it is
possible to calculate the mass of the FePO, precipitate for a given plant influent flow
and phosphorus concentration, and the remaining iron will precipitate as Fe(OH),.
In this simplified example, 1.0 of the molar mass will precipitate as FePO,, and the
remaining 0.5 will precipitate as Fe(OH),. The total daily chemical solids production
is the sum of the two precipitates, and the total mass of metal salts in the mixed liquor
can be calculated by the product of the total daily chemical solids production and the
SRT of the process.

Precipitating of most of the soluble and some particulate phosphorus in the
primary clarifiers reduces the accumulation of inert chemical solids in the acti-
vated sludge process. The activated sludge process needs phosphorus as a nutrient.
Because some particulate phosphorus remains after chemical precipitation in the
primary tanks, however, there is little chance of removing so much of it that it can
interfere with the biological process. It is possible, however, to chemically remove
too much phosphorus in the primary clarifier if the downstream biological processes
are designed for high-level denitrification with carbon supplementation. In industrial
processes, removal of too much phosphorus may cause low nutrient conditions that
may lead to the proliferation of filaments. Tertiary processes, such as denitrifying
sand filters or BAF units for nitrification and denitrification, also will require some
phosphorus to support the growth of the denitrifying bacteria. It is fortuitous that
in denitrifying filters, the chemically bound phosphorus that is trapped in the media
can serve as a source of phosphorus for denitrification (deBarbadillo et al., 2006).

Mixed liquor recycle Alum. Ferric
Influent A —>
x B v | Effluent
A v 1

;g Aerobic

g Anoxic Lower DO Membranes

<
C

UCT recycle Waste Sludge

FiGURE 11.33 Membrane bioreactor (MBR) process for nitrogen and phosphorus
removal (DO = dissolved oxygen and UCT = University of Cape Town).
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Chemical precipitation of phosphorus will consume alkalinity and lower the
pH, which can reduce the nitrification efficiency in the activated sludge process by
lowering the growth rate of the nitrifying bacteria. Plants that have to achieve a low
effluent phosphorus concentration may have to add a significant amount of excess
iron or aluminum (beyond stoichiometric requirements) that will consume a large
amount of alkalinity. This loss of alkalinity must be taken into account, and supple-
mental alkalinity may be required to avoid pH depression. Ferrous iron (Fe**) does
not form a hydroxide precipitate at neutral pH. As a result, when ferrous is used
for phosphorus removal, it must be added directly to the activated sludge process
where it is oxidized to the ferric (Fe***) form. Excess ferrous iron added at the final
clarifier inlet will remain soluble and can interfere with disinfection by creating addi-
tional chlorine demand and by discoloring the effluent. The soluble ferrous iron also
absorbs UV energy, making less energy available for disinfection, which will result in
higher effluent bacterial counts. Ferrous iron will also foul the quartz sleeves of a UV
disinfection system.

Addition of chemicals to the activated sludge process can remove total phos-
phorus to between 0.1 and 0.15 mg/L after filtration. For lower effluent concentra-
tions, chemical phosphorus removal is provided in a tertiary process. The effluent
pH, however, must still be monitored to maintain compliance with the discharge per-
mit because alkalinity will be consumed by the added chemical. It is also easier to
monitor and control a tertiary process because nutrient analyzers are more accurate
and reliable and require less maintenance in this application. One potential concern
when using ferric chloride in a tertiary process is the small amount of ferrous iron in
the purchased product that will pass through to the plant effluent and interfere with
the disinfection process. The specification for the ferric iron product should limit the
acceptable amount of ferrous iron it contains as byproduct or contaminant. The use
of an industrial recycling product should be evaluated carefully before using it in a
tertiary system.

5.0 MEMBRANE BIOREACTORS

An increasing number of BNR plants use membranes for liquid/solids separation.
The advantage is that effluent solids virtually are all retained and will not contrib-
ute to nutrient concentrations in the effluent. MBR plants are designed for nitrogen
removal because of the need for higher SRTs to reduce membrane fouling. In addi-
tion, denitrification is desirable to recover energy and alkalinity, especially when
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chemicals are used for phosphorus removal. Typically, MBR plants are configured
for moderate levels of nitrogen removal but can also be optimized to meet stringent
nitrogen limits. In this sense, the MBR operates similar to the MLE process with
the final clarifiers being replaced by a membrane for solids/liquid separation. The
absence of final clarifiers allows operation at elevated mixed liquor concentrations
of between 8 and 10 g/L. Because of the high dissolved oxygen concentration in the
membrane reactor, which results from the scour air needed to reduce solids accumu-
lation on the membranes, the RAS (A-recycle in Figure 11.33) is recycled back to the
inlet end of the aeration basin where oxygen demand is high. The dissolved oxygen
is then reduced toward the end of the aeration basin at the point of the mixed liquor
(B-recycle) to the anoxic zone. The mixed liquor concentration is reduced with each
recycle from the highest concentration in the membrane reactor followed by the aera-
tion zone, then the anoxic zone. The recycle from the membrane to the aerobic reactor
typically is set at approximately four times the plant average flow. The recycle rate to
the anoxic zone will depend on the effluent total nitrogen requirements.

Biological phosphorus removal can be achieved by incorporating the UCT recy-
cle (C-recycle) from the end of the anoxic zones to an anaerobic zone where it is
mixed with the influent. In this case, the mixed liquor b-recycle should be controlled
to ensure that the nitrate concentration at the end of the anoxic zone is less than 1
mg/L to reduce recycling of nitrates to the anaerobic zone. The C-recycle also should
be variable for optimal phosphorus removal, but typically is operated at a flow rate
equal to the plant average flow. Just as for conventional BNR, VFA could be added
to the anaerobic zone for improved phosphorus removal. An upflow fermenter using
raw screened wastewater also can be used for generation of VFA. In this case, all the
sludge and liquid will be passed to the anaerobic zone.

Scum accumulation may be a problem in MBRs. Surface wasting of mixed liquor
and scum can be considered to help mitigate the problem. Surface wasting to a DAF
thickener can ensure trouble-free operation with the added advantage of volumetric
SRT control.

The MLE-type configuration can only reduce the nitrogen to approximately 8 to
10 mg/L, depending on influent concentration. For nitrogen reduction to less than
3 mg/L, a second anoxic zone as in the Bardenpho plant is required between the
aeration and membrane reactors. A carbon compound such as methanol could be
added to reduce the nitrates to less than 1 mg/L. Because of the long retention time
of the mixed liquor in the membrane basin, a slight increase in nitrates can be experi-
enced because of endogenous respiration. With the higher SRT, the effluent ammonia
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should be very low. If the nitrates in the second anoxic zone can be reduced to less
than 1 mg/L, then it will be possible to achieve high levels of nitrogen reduction.
Depending on the concentration of the residual rDON—which typically is less than 1
mg/L but can range from 0.5 to more than 2 mg/L—it would be possible consistently
to reduce total nitrogen to less than 3 mg/L. A TIN concentration of less than 2 mg/L
is achievable.

Because of the high RAS recycle rate, the actual retention time in the second
anoxic zone can be quite low (10 min). Short-circuiting should be avoided and good
mixing between the mixed liquor from the aeration zone and the carbon feed is essen-
tial. Some form of rapid mixing is required, preferably with a discharge to the bottom
of the anoxic zone. The second anoxic zone should preferably be plug flow or should
include partitions.

When using methanol, the anoxic retention time should be sufficient to avoid
washout of the slow growing, temperature-sensitive methylotrophes. An operational
option is to add some methanol to the first anoxic zone to increase the overall anoxic
retention time for the growth of methylotrophes. If there are nitrates in the mixed
liquor at the end of the first anoxic zone at a b-recycle of three times the plant average
flow, then it would be advantageous to add methanol to the first anoxic zone over
trying to remove all the nitrates in the second anoxic zone. This concern does not
apply to the use of other carbon sources containing two or more carbon atoms.

Phosphorus removal to very low levels is possible in an MBR process with the
addition of chemicals directly to the membrane zone, either as a polishing step
or as the main means of phosphorus removal. Good filtration of the colloidal and
particulate phosphorus can produce effluent total phosphorus concentrations of
less than 0.05 mg/L. The lower the required effluent phosphorus, the higher the
required chemical dose and the greater the competition between the mechanisms
of biological and chemical phosphorus removal. This occurs because more of the
metal hydroxide will be returned to the aeration basin where it will bind with the
free phosphorus. This will deprive the PAOs of phosphorus to store for release
and uptake of VFA in the anaerobic zone, which will slowly lead to washout of
the PAOs.

6.0 DENITRIFICATION FILTERS

This section summarizes potential performance challenges and corrective actions for
tertiary denitrification filters along with possible corrective actions.
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6.1 Excess Backwashing

Excess backwashing of filters is an issue in terms of both operating costs (power use)
and filter performance. In static-bed denitrification filters, nitrate removal perfor-
mance in a filter cell that has just been backwashed may be somewhat reduced as a
result of less biomass in that filter. If the filter is being backwashed too frequently,
then it may be difficult to maintain enough biomass for adequate denitrification.
Backwashing frequency can be reduced by increasing the time between backwashes.
If the filter is frequently backwashed because of too much headloss from TSS accu-
mulation, then final clarifier performance should be enhanced for TSS capture effi-
ciency. This can be accomplished by operating at optimum conditions with respect
to dissolved oxygen, F/M, and SRT to generate good sludge settling characteristics.
This will ensure accurate flow splits to all clarifiers and low final clarifier sludge blan-
kets. Numerous clarifier enhancements are possible if operational adjustments do not
improve performance. Coagulants such as ferric chloride and alum can be used to
enhance final clarifier solids capture efficiency. In the case of moving bed filters, it
may be necessary to reduce the bed turnover rate if denitrifying biomass is not being
maintained in the filters.

6.2 Gas (Nitrogen) Accumulation

In static-bed denitrification filters, nitrogen gas needs to escape in a direction counter
to the flow and accumulation of gas bubbles within the media increases the headloss
through the filters. This increase in headloss is controlled by periodic nitrogen release
cycles. The nitrogen release cycle typically is initiated based on the water level in
the filters. In moving bed filters, gas accumulation does not occur because the sand
(and nitrogen gas bubbles) is drawn continuously through the airlift. If the filter bed
turnover rate is lowered to reduce the wasting of biomass from the filter to enhance
denitrification, however, the additional headloss may be experienced from nitrogen
gas accumulation.

6.3 Solids Breakthrough

Solids breakthrough to the filter effluent may be an indication of filter overloading
or problems with the underdrain. For static bed filters, this may be an indication that
backwashing frequency should be increased. For moving bed filters, it may be neces-
sary to increase the bed turnover rate. The airlift pump also should be inspected for
plugging and to verify that it is pumping at the desired rate.
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6.4 Nitrate/Nitrite Breakthrough

There are three causes of excess nitrate and nitrite in the filter effluent:

(1) The filter is in a startup mode, where biomass is still being developed; or it
is being backwashed too frequently, which results in the loss of too much
biomass.

(2) Inadequate carbon is being added to support full denitrification.

(3) The filter influent wastewater may contain insufficient phosphorus to
support denitrification.

If the filter is in startup mode, or in a period of transition (e.g., if influent nitro-
gen loads to the plant increase, causing nitrate loading to the filters to increase),
then it is likely just a matter of time until the biomass develops and stable opera-
tion is achieved. During startup and transition periods, backwashing frequency may
be reduced to avoid overwasting of biomass, and carbon dosing should be checked
frequently.

If the filter is not receiving adequate carbon (methanol) for complete denitri-
fication, then elevated levels of nitrate and nitrite levels in the effluent may occur.
It may be necessary to increase the chemical dosing slightly to meet actual pro-
cess requirements. Elevated dissolved oxygen concentrations as high as 5 or 6
mg/L are not unusual in high-quality secondary effluent entering a denitrification
filter, which increases the chemical demands. In this situation, it may be possible
to avoid aeration by installing a device to allow for headloss without excessive
aeration. Denitrification filters should not be operated “halfway.” If denitrifica-
tion filters are operated to achieve partial denitrification, then nitrate is converted
preferentially to nitrite, and nitrite to nitrogen-gas conversion is limited based on
the remaining carbon. Other process upsets, such as significant changes in load
or temperature, also can lead to elevated effluent nitrite levels. Based on this, the
nitrite-to-nitrogen-gas step appears to be more sensitive than the nitrate-to-nitrite
step.

This results in failure to meet nitrogen limits and increases chlorine demand in
the downstream chlorine disinfection facilities. If it is not necessary for the filter to
completely remove the nitrate, then it is more reliable to denitrify fully a portion of
the flow that is then blended with the remaining secondary effluent flow to achieve
the desired effluent total nitrogen concentration.
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If the filter is not undergoing a startup or transition period and is receiving suf-
ficient chemical for denitrification but is still experiencing significant nitrate or nitrite
breakthrough, then the process may be phosphorus-limited. If the available phos-
phorus is insufficient for denitrification, phosphoric acid can be dosed carefully to
the filter influent.

6.5 Phosphorus Management

Plants that must meet stringent effluent total phosphorus limits in addition to oper-
ating a tertiary denitrification process should monitor closely phosphorus, nitrate,
and nitrite concentrations in the filter influent and effluent to ensure that sufficient
phosphorus is available for denitrification. When the available phosphorus is criti-
cally low, growth of slimy organisms that can block the filters may be encouraged.
Therefore, careful management of the phosphorus concentration is required, espe-
cially when treating to low phosphorus concentrations.

The denitrification process consists of biological oxidation of the influent COD
(in most cases methanol) using nitrate and nitrite as the electron acceptor. The
COD is used for cell growth and respiration, and a specific amount of phospho-
rus is required. The literature suggests that 0.022 g of total phosphorus is required
per gram biomass COD. For example, using a filter influent NO;-N concentration
of 6 mg/L, a methanol dosage ratio of 3 g per gram NO;-N and a corresponding
COD-to-methanol ratio of 1.5, the rbCOD would be 27 mg/L. The biological yield
coefficient for denitrification using methanol is estimated at 0.4 g biomass COD per
gram COD oxidized (Copp and Dold, 1998). Applying this yield coefficient, and the
biomass phosphorus requirement to the influent COD of 27 mg/L, results in a phos-
phorus requirement of 0.24 mg/L for denitrification. This can be expressed as 0.009
g of phosphorus per gram COD removed or 0.04 g of phosphorus per gram NO,-N
removed. Therefore, the level at which phosphorus becomes limiting depends on
the amount of nitrate to be denitrified in the filters.

Data from the H.L. Mooney WWTP, Occoquan, Virginia; Truckee Meadows
WREF, Reno Nevada; and the Hagerstown, Maryland, pilot suggests that the thresh-
old for phosphorus limitation on denitrification occurs at a filter influent OP/NO,-N
of approximately 0.01. At ratios of 0.02 and higher, denitrification does not appear to
be affected even though this is below the estimated requirement of 0.04 OP/NO,-N.
This difference may be made up in part by release of phosphorus from secondary
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effluent solids captured in the filters, phosphorus release from any PAOs, and decay
of denitrifying biomass.

Phosphorus release in the filters from PAOs may help denitrification but poten-
tially can negatively affect the ability of the plant to meet very low total phosphorus
limits without having an additional chemical precipitation step.

It is estimated that denitrification filters can be operated successfully to meet
effluent total nitrogen limits of 3 mg/L while meeting total phosphorus limits as low
as 0.15 to 0.2 mg/L. If necessary, chemical polishing of phosphorus can be performed
simultaneously by adding a metal salt to the filter influent wastewater. If there is a
need to reach lower effluent total phosphorus limits, the advantages and disadvan-
tages of this and other options such as postchemical treatment and membrane filtra-
tion merit serious consideration.

6.6 Carbon Breakthrough

Elevated BOD:; levels in the effluent may be the result of excess methanol. The efflu-
ent soluble BOD; (or COD) concentrations should be compared with the concentra-
tions in the secondary effluent to confirm that the upstream activated sludge process
is operating as intended. If the soluble BOD; is increasing across the filters, then the
methanol dose is too high and should be decreased to match the level of denitrifica-
tion occurring in the filter. The methanol dose should be mixed properly to minimize
potential for short-circuiting through the filter.

6.7 Operation during Peak Flow Events

Operation during peak flow events can be challenging because of the greater hydrau-
lic throughput and the resulting increases in headloss through the filters. Depending
on the operation of the secondary clarifiers upstream, the plant may also experience
high solids loadings to the filters during such peak flow, which will increase back-
washing frequency. Although it is possible to continue denitrification during peak
wet weather flow events, it can become difficult to manage denitrification while
handling additional loadings. If the effluent nitrogen limit is enforced on quarterly
or annual average basis, then it typically is not necessary to fully denitrify during
peak wet weather events. In this situation, peak flows greater than a certain level
can be bypassed around the filter complex to reduce load to the filter. Alternatively,
methanol dosing can be discontinued during peak wet weather events.
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1.0 AQUATIC NATURAL TREATMENT SYSTEM
DESCRIPTIONS

Aquatic natural treatment system describes engineered systems that look like aquatic
ecosystems found in nature, such as ponds and wetlands, but are used for achieving
a pollutant removal goal treating a municipal, industrial, or agricultural wastewa-
ter. Land-based or terrestrial systems, such as slow rate and rapid infiltration land
treatment, are not discussed but information on the nutrient removal capacities of
these systems can be found in several sources (WEF, 2010). Aquatic natural treatment
systems are characteristically low in operation and maintenance costs but relatively
high in land requirements, resulting in their greater use in rural environments. The
description and discussion of wetlands in this manual will focus on constructed wet-
lands and not on wetlands that created or restored for wildlife habitat.

Aquatic natural treatment systems have been used for treating a wide variety
of wastewaters. Treatment performance of these systems, however, can vary signifi-
cantly depending on wastewater characteristics and environmental conditions.

1.1 PONDS AND LAGOONS

The terms, “ponds” and “lagoons,” are often used interchangeably to describe nat-
ural systems typically dominated by free-floating algae and bacteria in relatively
deep basins lacking submerged or emergent aquatic plants. The manual does not dis-
tinguish between the two, although “pond” most often is used for systems treating
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stormwater and domestic wastewaters, and “lagoons” typically are associated with
agricultural or industrial wastewaters. There are several ways to classify ponds and
lagoons: by type of water or wastewater treated, degree of pretreatment, organic
loading rates, whether mechanical energy is used for mixing or aeration, and dura-
tion and frequency of discharge (Water Environment Federation [WEF], 2010). Ponds
and lagoons are used in all types of climates and for a variety of waters and waste-
waters with varying degrees of mechanical energy inputs and process control. At
one extreme, aerated ponds look and act like complex activated sludge systems with
sophisticated controls. Systems that look like activated sludge systems are not dis-
cussed in this section. At the other extreme, many pond systems function with only
gravity flow inputs and outputs without any process control, sometimes not even
flow measurement. The less the system is “engineered” and controlled, however, the
more complex the important removal mechanisms are and the more difficult it is to
predict treatment capacity. Table 12.1 summarizes the range of pond and lagoon sys-
tems. Ponds and lagoons typically are not associated with high degrees of nitrogen
and phosphorus removal but are capable of achieving high nutrient removal levels
under certain circumstances.

1.2 Floating and Submerged Aquatic Plant Systems

Floating aquatic plant (FAP) treatment systems are engineered systems that treat
domestic and industrial wastewater and stormwater. They are designed to achieve
specific treatment and water quality objectives. The primary plant species used
include duckweed (Lemna minor) and water hyacinth (Eicchornia crassipes). Submerged
aquatic plants such as waterweed, water milfoil, and water cress, often present in

TaBLE 12.1 Typical pond and lagoon system loadings (adapted from Metcalf and
Eddy, 2003, and Water Environment Federation, 2010).

Surface organic loading rate Hydraulic detention

System kg/ha-d (Ib BOD,/d/ac) time (days)
Nonaerated facultative pond 28-56 (25-50) >45
Partial-mix aerated facultative lagoon 224-560 (200-500) 4-10
Partial-mix aerobic lagoon 336-728 (300-650) 3-6
Complete-mix aerobic lagoon with 1120-8970 (1000-8000) 0.25-2.0

solids recycling

BOD; = five-day biochemical oxygen demand.
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aquatic systems, typically are not used; for this reason, discussion of them is limited
in this chapter.

Duckweed systems typically are used for algae removal from oxidation pond
effluents, enhanced settling, or nutrient removal following secondary treatment.
Duckweed systems have been used across a wider geographic area than water hya-
cinths because of their greater temperature tolerance. Duckweed occurs naturally
in open areas within some treatment wetlands and can be factored into a treatment
process.

Although water hyacinths have been used in various experimental and full-
scale systems for treating wastewater, their historic use for secondary treatment has
expanded to include polishing of secondary effluent and treatment of stormwater.
The use of water hyacinths has been limited to warm-weather regions because of
their sensitivity to freezing conditions. They can also be used in greenhouses in cold
climates.

Periphyton is a complex assemblage of algae, fungi, bacteria, protozoa, zooplank-
ton, and other invertebrates attached to submerged substrates in a wide range of
aquatic ecosystems. Periphyton treatment systems sometimes are grouped with sub-
merged aquatic vegetation (SAV) and categorized as nonemergent wetland systems
(Kadlec and Wallace, 2009). Periphyton systems rely on the intrinsic rapid growth
of algal and bacteria ubiquitous in the aquatic environment to assimilate nutrients,
metals, or other pollutants into biomass for subsequent harvest (Bays et al., 2001;
Vymazal, 1988). Engineered systems containing attached algae, or periphyton, or SAV
are a new category of natural treatment system, sometimes called “non-emergent
treatment systems” that can be configured as either active or passive systems. Similar
to floating aquatic macrophytes in their development, engineered periphyton or SAV
systems are growing in use as a natural polishing system.

1.3 Free Water Surface Constructed Wetland Systems

Free water surface (FWS) wetland treatment systems are shallow constructed basins,
typically marshes, that are densely vegetated by a variety of rooted emergent plant
species such as bulrush and cattails. The FWS wetland substrates are composed of
flooded organic or mineral soils. Although individual sites may vary considerably in
response to the type of effluent treated, FWS wetlands designed for effluent treatment
have average water depths that are typically less than 0.50 m (1.5 ft) with hydraulic
loading rates averaging 0.60 cm/d (1.5 in./d). In FWS wetlands, the emergent plants
take up nutrients in the effluent and provide a substrate for the growth of microbial
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FIGURE 12.1 Free water surface constructed wetlands (Water Environment
Federation, 2010).

populations that assimilate constituents in the wastewater through uptake, transfor-
mation, and sedimentation processes. Above the sediment—water interface, aerobic
conditions predominate, while below the interface, anaerobic processes occur. This
creates environments suitable for growth of microbes specializing in the transforma-
tion and assimilation of pollutants and long-term accumulation of elements in plant
biomass and wetland soil.

Among all types of wetland treatment systems, FWS wetlands offer the most
potential for creating the ancillary benefits of wildlife habitat and public recreational
uses such as birdwatching and nature study. Alternating zones of deep water and
shallow, emergent marsh interspersed with habitat islands, can create optimal habi-
tat for waterfowl, wading birds, and other species valued for their ecological and
recreational value.

Treatment cells are designed for site-specific conditions allowing easy and
efficient management of the system. Constructed wetlands may be used in all cli-
mates, but potential limitations such as reduced microbial activity and ice formation
in colder climates need to be considered in the design. FWS wetlands typically are
used for tertiary treatment applications (Water Environment Research Foundation
[WERF], 2006). A typical wastewater treatment train including an FWS wetland is
shown in Figure 12.1.

Subsurface flow constructed wetlands (SSF) are a type of constructed wetland
that contain a bed of media, such as crushed rock, small stones, gravel, sand, or soil,
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FIGURE 12.2 Schematic of subsurface flow constructed wetlands (Water
Environment Federation, 2010).

that has been planted with aquatic plants (see Figure 12.2). These systems also are
known as vegetated submerged bed systems and sometimes as rock-reed or reed-
bed systems. It is appropriate to think of SSF systems as attached growth systems
because bacteria attached to media and roots provide the vast majority of the biologi-
cal activity. They typically are used for relatively small systems with flows less than
200 m®/d because of the cost of the media. In most SSF systems, wastewater flows
horizontally through the media, although there are also vertical flow SSF systems.
When properly designed and operated, wastewater stays beneath the surface of the
media. The primary advantages of SSF systems over other types of aquatic natural
treatment systems are the greater surface area for attached bacteria to grow and the
lack of standing water, which prevents mosquito breeding and human contact with
wastewater. These systems, however, have reduced habitant value compared with
other aquatic natural treatment systems. In addition, because of oxygen transfer limi-
tations in the system, they can generate odor when loaded too heavily.

Pollutant removal in SSF systems is significantly limited by low oxygen input
and lack of oxygen for aerobic biological conversion. Several researchers have inves-
tigated ways to improve the treatment performance of SSF systems (Behrends et al.,
1996; George et al., 2000; Young et al., 2000). Typical modifications involve either
unsaturated vertical flow or some type of cyclic filling and draining of the system to
improve the oxygen input to wastewater. These systems have been defined as alter-
native SSF systems (U.S. Environmental Protection Agency [U.S. EPA], 2000). The
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potential improvement in performance with alternative SSF systems is offset to some
degree by a more complex and expensive operating system.

The SSF wetland also can be classified by the type of influent wastewater and
the treatment goal. There are four categories of influent wastewater: (1) septic tank
and primary sedimentation effluents, (2) pond and lagoon effluents, (3) second-
ary effluents such as trickling filter and activated sludge effluents, and (4) all oth-
ers, including stormwater and landfill leachates. Typical treatment goals for SSF
systems are: (1) biochemical oxygen demand (BOD) and total suspended solids
(TSS) removal to secondary standards (30 mg/L BOD/30 mg/L TSS); (2) ammonia
removal; (3) total nitrogen removal (nitrification/denitrification); and (4) denitri-
fication of a nitrified wastewater. Another method to classify SSF systems is by
the wetland plant species used, but there is insufficient data to support such a
classification. The most common SSF systems in the United States treat septic tank
and lagoon effluents primarily for BOD and TSS removal. In Europe, SSF systems
typically are used to treat septic tank effluents, although they have also been used
extensively in England for polishing activated sludge, trickling filter, and RBC
effluents and treating combined sewer bypass flows (Cooper, 1990; Green and
Upton, 1994).

1.4 Combination Systems

There are numerous examples of using aquatic natural treatment systems in combi-
nation to achieve a treatment goal more efficiently and economically than using a sin-
gle system. One of the more common combinations is the use of a pond followed by a
constructed wetland. The pond allows algae growth to provide oxygen for the bacte-
rial oxidation of organic matter and ammonia nitrogen, and the wetland systems can
remove algae and nitrate. Another option is to design FWS wetlands to incorporate
the advantages of the pond, known as a wetland combination.

2.0 MAIN COMPONENTS OF AQUATIC NATURAL
TREATMENT SYSTEMS

2.1 Hydrology and Hydraulics

The hydrology and hydraulics of aquatic natural treatment systems are very impor-
tant factors in system design and treatment performance. Typically, models for
predicting the performance of aquatic natural treatment systems are based on the
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hydraulic retention time and a reactor-based model of the movement of water within
the system. The hydrology of these systems can vary significantly depending on the
climate of a specific geographic location and time of year. Hydrology significantly
can affect hydraulic retention time of a system. For example, retention ponds, which
are designed to store and evaporate all of the influent flow with no effluent discharge,
may be practical in certain areas of the United States. Even moderate rainfall inputs
and evapotranspiration losses, however, significantly can change the effluent qual-
ity and the actual hydraulic retention times in wetland systems compared to their
design values. Models of hydraulic movement can vary between an ideal plug flow
and a single complete-mix reactor. The pollutant removal performance of plug-flow
and complete-mix reactors will vary significantly for many reactions modeled in
these systems; therefore, it is important to use the reactor model that best describes
the water movement.

The hydrology of an aquatic natural treatment system is defined mathematically
using a water balance:

av,

d_r/:Qi_Qe+PXAC+IXAI+ETXAW (12.1)

Where,
V. = water volume or storage in the pond or wetland, m?,
t = time, days;

Q, = influent wastewater flow rate, m®/d;

Q. = effluent wastewater flow rate, m®/d;

P = precipitation including snow and ice melt, m/d;

Ac = catchment surface area, m?

I = infiltration to groundwater, m/d;

A; = infiltration area, m?

ET = evapotranspiration, sum of evaporation and transpiration, m/d; and
Ay, = water surface area, m>.

The theoretical hydraulic retention is defined as the total water volume of the
system divided by the flow into the system. When the effluent flow is significantly
different than the influent flow, an average of the in and out flows is used to esti-
mate the theoretical hydraulic retention time (HRT). The total water volume is
determined by multiplying the total system volume at a specified water level by
the porosity (or void fraction) of the system. The void fraction can be as low as 0.35
for SSF systems and as high as 0.95 for FWS wetlands. It is impossible to generalize
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the hydrology of aquatic natural treatment systems without making simplifying
assumptions. Often, a worst-case scenario for treatment performance is assumed.
For some aquatic natural treatment systems with large water depths, such as sys-
tems with relatively small surface area to volume ratios, the effects of areal hydro-
logic parameters (precipitation, infiltration, and evapotranspiration) on treatment
performance can be relatively small because of minor effects on total water volume.
In most systems, infiltration to groundwater is low and assumed to be zero. For
shallow systems, the effects of areal hydrologic parameters on treatment perfor-
mance can be difficult to quantify and predict. For example, precipitation in con-
structed wetlands will dilute pollutants in the system, which seemingly improves
performance, but it also decreases the hydraulic retention time hurting pollutant
removal performance.

Water conveyance in aquatic natural treatment systems is typically hydraulically
complex and often varies in both space and time. Most mechanically mixed ponds
are modeled as complete mix reactors even when the mixing energy is not sufficient
to fully mix the pond. Most wetlands are considered and often modeled as plug-
flow reactors even though there is considerable evidence that there is often signifi-
cant dispersion and short-circuiting in wetlands (see Figure 12.3) (U.S. EPA, 2000).
This is an important factor because plug-flow reactors theoretically perform better
than complete-mix reactors for many reactions. However, assuming ideal plug-flow
conditions in the design process is not conservative and can lead to gross under-
design. It is more conservative to model the system as a series of two to four
complete-mix reactors in most cases. Some systems, such as SSFs, are prone to high
levels of short-circuiting, which results in a significant reduction in the theoretical
hydraulic retention time (40-80% less for SSFs) (U.S. EPA, 2000). Tracer studies can
help in defining the hydraulics of a system after it is constructed. Unless the study
is repeated after steady state is reached, however, it may not be representative of
the system. The simplest model that can provide a reasonable fit to the tracer curves
typically is a series of equal-volume, complete-mix reactors. A more realistic model is
probably a plug-flow reactor with dispersion, but it is difficult to couple reactions to
this type of model (U.S. EPA, 2000).

2.2 Vegetation

One of the main distinguishing factors of aquatic natural treatment systems is the
vegetation of the system. There are several good references describing the vegetation
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Ficure 12.3 Lithium chloride tracer studies in a VSB system (George et al., 2000).

of aquatic natural treatment systems (Kadlec and Knight, 1996; U.S. EPA, 2000).
The vegetation of these systems varies. The function of vegetation also varies and
includes removing pollutants, providing habitat for microorganisms and higher life
forms, and creating aesthetics. The importance of vegetation in aquatic natural treat-
ment systems in pollutant removal performance varies depending on the system.
FAP systems rely heavily on the vegetation for pollutant removal, whereas ponds
and lagoons typically do not have any significant aquatic vegetation.

Aquatic vegetation can be classified in many ways. One of the simpler and
more useful classification methods is by the location of the roots, shoots, and leaves
in the substrate or soil and water column. Submerged aquatic plants, such as hyd-
rilla, are rooted in the soil or substrate, and their shoots and leaves are submerged
in the water column. FAPs, such as water hyacinths and duckweed, have leaves that
emerge out of the water column, shoots that extend both in and out of the water,
and roots that grow only in the water. Emergent aquatic plants, such as bulrush and
cattails, have leaves that are in the atmosphere above the water, shoots that extend
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through the water column, and roots in the soil or substrate. Table 12.2 provides a
summary of the plants typically used in aquatic natural treatment systems.
Aquatic plants facilitate nutrient pollutant removal in three major ways:

(1) They can be both a sink and a source of nutrients via plant uptake, storage,
and release.

(2) Plant surfaces in the water are substrate for attached microorganisms that
convert nitrogen from one form to another.

(3) They can serve as both a source and a sink of oxygen.

TABLE 12.2 Plant types, characteristics, and functions in ponds, lagoons, floating
aquatic plant systems, and free water surface constructed wetlands (adapted from
U.S. Environmental Protection Agency, 2000).

General characteristics ~ Function in treatment Function or impor-

Plant type  and examples process tance for habitat

Free-floating Roots or root-like
aquatic structures suspended

Primary purposes are nutrient Limit oxygen
uptake and shading to retard  supply for fish,
from floating leaves. algal growth. Some provide = some species
Will move with water structure for microbial provide food and
currents if not restricted  attachment and releasing shelter for some
by barriers. Water
hyacinth (Eichhornia
crassipes), common
duckweed (Lemna)

oxygen to the water column  animals
during daylight hours. Dense

floating mats limit oxygen

diffusion from the atmosphere

Rooted Typically have floating ~ Primary purposes are

floated leaves, but may have

aquatic submerged leaves.
Rooted in bottom

Limit oxygen
supply for fish.
Some species
releasing oxygen to the water provide food and

providing structure for
microbial attachment and

stratum. Water lily column during daylight shelter for some
(Nymphea), Pennywort hours. Dense floating mats animals
(Hydrocotyle) limit oxygen diffusion from
the atmosphere
Submerged Typically totally Primary purposes are Provide food and
aquatic submerged; may have providing structure for shelter for some

floating leaves. Rooted
in bottom stratum.
Pondweed (Potamogeton),
water weed (Elodea)

microbial attachment and

animals, especially

releasing oxygen to the water fish

column during daylight
hours

(continued)

593



594

Nutrient Removal

TABLE 12.2

Continued

Plant type

General characteristics
and examples

Function in treatment
process

Function or impor-
tance for habitat

Emergent
herbaceous
aquatic

Emergent
woody
shrubs and
trees

Rooted in bottom
stratum. Tolerate
flooded or saturated
soil conditions. Cattail
(Typha), bulrush
(Scirpus), common reed
(Phragmites)

Rooted in bottom
stratum. Tolerate
flooded or saturated soil
conditions. Dogwood
(Cornus), holly (Ilex),
maple (Acer), willow
(Salix)

Primary purposes are
providing structure to
induce flocculation and

sedimentation for microbial

attachment. Secondary
purposes are shading
to retard algal growth,
windbreak to promote
quiescent conditions for

settling. Most common plants

in vegetated submerged
bed systems where plant

roots provide structure for
microbial attachment and
release oxygen to the water

column

Treatment function is not

defined

Provide food and
shelter for some
animals. Plants
provide aesthetic
beauty for humans

Provide food and
shelter for some
animals, especially
birds. Plants
provide aesthetic
beauty for humans

Submerged aquatic plants provide oxygen to the water column during photo-

synthesis; and in some cases, plant roots can provide oxygen to organisms growing

on the roots in the water column. Plants also can represent an oxygen sink because of

plant respiration, periodic release of organic matter from roots, and microbial break-

down of dead plant material.

One of the main differences between FWS and SSF systems is the location of the

emergent aquatic plant roots relative to the water or wastewater. In SSFs, the roots

are in contact with at least some of the water or wastewater being treated; in FWS, it

is assumed that virtually none of the water or wastewater being treated is in direct

contact with the roots. Oxygen input via root oxygenation can be important for low-

load systems, but the amount of oxygen input will vary with season in most cases.
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2.3 Soil and Substrate

Soil is the biologically active upper zones of the earth’s surface and has significant
levels of organic matter and inorganic matter from parent rocks. The term, sub-
strate, has multiple meanings in the context of waste treatment. It is most often used
to describe the limiting nutrient for microbial growth. It is also used, however, to
describe relatively inert materials onto which bacteria attach themselves in fixed-film
processes. In FAP and FWS wetland systems, plant shoots and roots are an organic-
based substrate for fixed-film bacteria and other microorganisms. Substrate can also
be used to describe the support material (media) into which rooted plants grow in
vegetated submerged bed systems. In SSF systems, the media (typically rock) is both
a substrate for emergent aquatic plants and attached microorganisms. Furthermore,
the plant roots in SSF systems also provide a substrate for attached microorganisms.
Although plant materials are important substrate surfaces on which microorganisms
grow, the subsequent use of “substrate” in this chapter will be reserved for the min-
eral substrates, mostly the media in SSF systems.

Both soil and substrates vary significantly in their chemical and physical prop-
erties. The physical properties of soil and substrate, such as water and air conduc-
tivities, are dominated by the sizes of the materials that compose it. The chemical
characteristics of soil, such as cation exchange capacity and phosphorus adsorption
capacity, are dominated by the presence of clay minerals and organic matter. Natural
wetland soils are relatively high in organic matter from accumulation of dead plant
material because of the reduced aerobic microbial activity in the flooded conditions
of wetlands compared with nonflooded soils.

The basins of most aquatic natural treatment systems typically are constructed
of soils having low hydraulic conductivities or impermeable liners to protect against
groundwater pollution. If a liner is used for a wetland system, then soil or substrate
must be placed on top to allow the aquatic plants to root. Soil typically is used for
FWS systems with liners. A much coarser media, typically rock, is used as the sub-
strate in vegetated submerged beds.

The role of soil and substrate in pollutant removal in aquatic natural treatment
systems is fairly limited. In ponds and lagoons, FAP systems, and FWS wetland sys-
tems with soil bottoms, the ratio of the surface area of soil to the volume of water
is low, and the organic matter in the wastewater or dead plant material and algae
quickly overlies the soil, reducing its importance. In vegetated submerged bed sys-
tems, the media surface area to water volume ratio is much higher, and the media
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can be a significant sink for phosphorus for at least a short time. Eventually, the
phosphorus adsorption capacity of the media will be saturated, and phosphorus will
no longer be absorbed. The size of the media in SSF systems is important because of
the potential for hydraulic clogging and subsequent surface flow caused by the accu-
mulation of organic matter in the pores of the media. Larger media is desirable, but
the media size must be small enough to allow for the planting and establishment of
the plants.

3.0 NUTRIENT ENTRAPMENT, CONVERSION,
STORAGE, AND REMOVAL MECHANISMS

Because of the complexity of the systems and processes, it is useful to discuss the
different removal mechanisms separately when describing nutrient removal in nat-
ural aquatic treatment systems. A distinction must also be made between short-term
nutrient removal from the water flowing into and out of the systems versus long-term
net nutrient removal from the system that occurs either by transport of nitrogen to
the atmosphere or plant harvesting and by removal of sludge, sediment, or detritus.
Nutrient entrapment is used here to describe the physical removal of particulate and
dissolved organic matter and the initial removal of dissolved mineral nutrients from
the water by several mechanisms. Natural aquatic treatment systems often have large
sinks of stored nutrients, and nutrient removal from the water can vary greatly with
the seasons. It is even possible in some systems that effluent total nitrogen or phos-
phorus, or both, exceed influent levels for short periods. Finally, nutrient removal
capacity of a system is highly dependent on influent water quality. For example, sys-
tems treating a primary or septic tank effluent will need to be larger than systems
treating secondary effluent for significant nitrification to occur.

3.1 Nutrient Entrapment

An important first step for nutrient removal in aquatic natural treatment systems is
entrapment (physical separation from the water) of nitrogen and phosphorus in the
forms of dissolved and particulate organic matter and dissolved mineral nutrients.
Particulate matter entrapment mechanisms include discrete and flocculant settling, fil-
tration and interception, and resuspension (Kadlec and Knight, 1996; U.S. EPA, 2000).
Mechanisms for the entrapment of dissolved organic and mineral nutrients include
adsorption onto organic and inorganic matter, and plant and microbial uptake and
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release (Kadlec and Knight, 1996; U.S. EPA, 2000). Many of these mechanisms are
mass transport limited to some degree.

3.2 Nutrient Species Conversions

Nitrogen and phosphorus species conversions are described in detail in earlier sections
of this manual. Nitrification, denitrification, combined nitrification—denitrification,
and anaerobic ammonium oxidation (anammox) are all possible in the proper circum-
stances in natural aquatic treatment systems. Phosphorus conversions are also impor-
tant in the removal of phosphorus in these systems.

The primary difference between most engineered systems and natural aquatic
treatment systems is the relative importance of both short- and long-term storage of
nitrogen and phosphorus in the biomass of the system. Natural aquatic treatment
systems often have large sinks for the storage of nitrogen and phosphorus in the
forms of rapidly decaying and slowly decaying biomass compared to the nutrient
inputs. Nutrient conversions associated with biomass changes and the buildup of
slowly decaying biomass are important.

Natural aquatic treatment systems typically have a significant amount of the sys-
tem’s active biomass in the form of plants and algae, which are relatively high in
cellulose content. Cellulose is the primary parent component of the slowly decaying
biomass that accumulates in these systems. Another important factor in the accumu-
lation of slowly decaying biomass is the oxygen status in the storage zone; aerobic
conditions greatly speed up the decay of biomass. Most of the slowly decaying bio-
mass is stored in the anaerobic benthic zones of ponds, lagoons, and FWS wetlands.
There are several sources describing the conversion processes associated with the
buildup of slowly decaying biomass (Kadlec and Knight, 1996; U.S. EPA, 2000).

3.3 Nutrient Storage

Nutrients can be stored for relatively short periods (months) in the active biomass of
natural aquatic treatment systems. This short-term storage can be significant in terms
of the nutrient loading to the system and seasonal removal from the water, but unless
the active biomass is harvested before it dies and begins decomposing, it cannot be
considered an important mechanism in net nutrient removal.

3.3.1 Long-Term Storage in Slowly Decaying Biomass

Accumulation of slowly decaying biomass is the major mechanism for the long-term
storage of nitrogen and phosphorus in natural aquatic treatment systems. The rate of
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accumulation will vary significantly depending on the systems. Unfortunately, there
are not good estimates of the accumulation rates of slowly decaying biomass in most
systems. The accumulation of slowly decaying biomass in SSF systems is expected to
be significantly less than in other wetland systems because the plant shoot and leaf
matter above the media are aerobically decomposed.

3.3.2 Storage on Soil and Substrate

The soil bottoms and side slopes in most aquatic natural treatment systems have
some capacity for adsorbing both ammonium and phosphates. This capacity typically
is small compared with nutrient loading, however, and within a relatively short time
after the system begins operation, the capacity is either saturated or the soil is iso-
lated by an accumulation of biomass. The media typically used in SSF systems often
have significant adsorption capacity that can remove and store nutrients for a much
longer period. Even in SSF systems, however, the capacity is eventually exhausted.
Small-scale and relatively short-term tests have been conducted in SSF systems with
media chosen for its capacity to store phosphorus.

3.4 Nutrient Removal by Plant Harvesting and Removal
of Slowly Decaying Biomass

It is possible to estimate the potential for nutrient removal by plant harvesting in
many systems. Several researchers have documented the rates of nutrient uptake by
plants in natural aquatic treatment systems (Kadlec and Knight, 1996; Reed et al.,
1995). Plant harvesting is seldom practiced in most systems, however, most likely
because of the difficulties associated with harvesting, processing, and disposing of
the biomass. Plant harvesting is practiced most frequently in FAP and SSF systems,
most likely because of the relative ease of harvesting compared with other systems.
Whole-plant harvesting is practiced in FAP systems; harvesting in SSF systems is
limited to the shoot and leaf plant matter above the media.

The removal of slowly decaying biomass from natural aquatic treatment systems
is also a problem for many systems, especially wetland systems. This is most eas-
ily accomplished in pond and lagoon systems by one of two methods: (1) the pond
or lagoon is dredged, the biomass is dewatered on land nearby, and the dewatered
solids are hauled away for disposal or beneficial reuse; or (2) the pond or lagoon is
drained and the solids are dewatered in situ and hauled away. These operations are
relatively expensive and take place infrequently. Removal of slowly decaying bio-
mass in FWS wetlands is more easily accomplished than in vegetated submerged
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bed systems, where it is virtually impossible to accomplish without removing and
replacing all the media. Removal of slowly decaying biomass is not documented in
the literature, but in FWS systems the process would most likely be accomplished by
draining, in situ dewatering, and hauling off of the biomass. The removal of plant
roots during the process likely would require replanting of wetland plants.

3.5 Nutrient Removal by Gaseous Transport

Several forms of aqueous nitrogen are relatively volatile and potentially can be
removed or added to aquatic natural treatment systems by gaseous transport. The
nitrogen species that are most likely to be lost, however, are nitrogen gas (N,), nitrous
oxide (N,O), and unionized ammonia (NH,). It is also possible that small amounts
of oxidized nitrogen (primarily NO, in the form of HNO;) and ammonia from the
atmosphere can be added to an aquatic natural treatment system with precipitation
as opposed to direct gaseous transport to the water in the system. These inputs are so
small, however, that they typically are ignored in aquatic natural treatment systems.
Two of the nitrogen species, N, and N,O, are potential products of biological denitri-
fication of oxidized nitrogen present in aquatic natural treatment systems. The loss of
aqueous unionized ammonia from a system by gaseous transport to the atmosphere
is called ammonia volatilization. Phosphorus typically does not exist in volatile forms
in aquatic natural treatment systems, so it cannot be lost or gained by gaseous trans-
port mechanisms.

In considering the gaseous transport of nitrogen species out of an aquatic natural
treatment system, it is necessary to consider the role of mixing. Apparent gas transfer
coefficients are likely to be dependent on several factors, including air temperature
and wind speed directly over the water surface and degree of mixing in the water.

3.5.1 Gaseous Loss of Nitrogen Gas Following Denitrification

Microbial conversion of nitrate and nitrite to aqueous nitrogen gas is covered in detail
in other sections of this manual. It is typically assumed that once aqueous nitrogen
gas is formed, it is stable and will not further react to form other nitrogen species.
So the rate at which aqueous nitrogen gas is transported to the atmosphere is not an
issue. For N,0, it is often assumed that only an insignificant amount is generated in
the denitrification process and is lost as a gas. No one has measured the potential for
N,O release from aquatic natural treatment systems. Mass transport does not appear
to limit the removal of nitrogen once oxidized nitrogen has been converted to either
nitrogen or nitrous oxide gases via biological denitrification.
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3.5.2 Ammonia Volatilization

Ammonia (in the forms of unionized ammonia and ammonium ion) is often a major
fraction of the nitrogen present in aquatic natural treatment systems and of its loss
via gaseous transport can be significant in an overall nitrogen balance for some sys-
tems. There are several factors that control the rate of ammonia volatilization, includ-
ing pH, temperature, and degree of mixing in the water and the atmosphere above
the water surface. The governing equation, which is based on two-film theory, for
ammonia volatilization is:

]NHs =K (C*NHs_ CNHg) = Kg (P*NH3 - PNH3) (12.2)

Where,
]NH3 = flux of ammonia out of the water, g NH;-N/m?*h;
K; = liquid mass transfer coefficient, m/h;
C*NH3 = mass concentration of aqueous unionized ammonia in equilibrium with
the bulk atmospheric concentration of gaseous ammonia, g NH;-N/m?;
CNH3 = mass concentration of aqueous unionized ammonia, g NH;-N/m?
K¢ = gas mass transfer coefficient, g NH;-N/m?atm/h;
P\, = partial pressure of ammonia in equilibrium with the bulk liquid concen-
tration of aqueous unionized ammonia, atm; and
Py, = partial pressure of ammonia in the atmosphere, atm.

The governing equation must be properly applied in a mass balance to an appro-
priate control volume to get a working model for ammonia volatilization from a sys-
tem. It typically is assumed that the bulk atmospheric concentration of ammonia is zero.
The assumptions made on the size of the control volume and the other conditions are
important in generating a representative model. The overall rate of ammonia volatiliza-
tion from a system that is based on the relative loss of ammonia from the water will be
highly dependent on the gas/water interfacial area. Shallow systems should have larger
rates of ammonia loss per unit volume of water than deeper systems, and diffused aera-
tion should significantly increase ammonia volatilization per unit volume of water.

The pH of the water controls the equilibrium between unionized ammonia and
ammonium. Higher pH results in more ammonia in the unionized form and higher
rates of ammonia volatilization. At 25°C and pH 9.3, 50% of the total ammonia is in
the unionized form. At pH 7.3, only 0.5% is in the volatile, unionized form.

The mass transfer coefficients, K; or K, are dependent on the values of the lig-
uid and gas diffusivity and the thickness of either the air stagnant boundary layer,
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the water stagnant boundary layer, or both, depending on the relative solubility of
the gas, which is defined by Henry’s law. Ammonia is a highly soluble gas, and the
thickness of the gas boundary layer is the controlling factor for the mass transfer coef-
ficient. Therefore, the mixing conditions in the air column directly above the water
column control ammonia volatilization if no mechanical energy is added to increase
the water surface area in contact with the atmosphere. One group of researchers has
found that the mass transfer coefficient is linearly related to wind speed for systems
having a relatively quiescent water surface (Freney et al., 1985).

Temperature has a direct effect on both the air and water diffusivities of ammo-
nia. The mass transfer coefficient will increase with increasing water and air tempera-
ture. Although air temperature should be more important than water temperature
for ammonia volatilization because of the greater dependence on air diffusivity as a
controlling factor, the air temperature in the mass transfer zone may be controlled by
the water temperature.

The relative importance of ammonia volatilization on the overall nitrogen removal
from a system will depend on several factors including rates of ammonia conversion
in the system, relative gas transfer conditions in the system, pH, air temperature, and
overall hydraulic retention time. Despite the relatively high gas transfer conditions
in an activated sludge system, ammonia volatilization is not recognized as a signifi-
cant factor.

4.0 NUTRIENT REMOVAL CAPACITY AND DESIGN
CONSIDERATIONS

From the previous discussion, it should be clear that nutrient removal capacity will
vary significantly in aquatic natural treatment systems. Most of these systems are
not designed or operated specifically for nutrient removal. Also, nutrient removal
in these systems is often highly seasonal. The database for defining nitrogen and
phosphorus removal rates in systems operating at steady state is much smaller than
that for new systems, which may provide unsustainable removal during startup.
In addition, removal capacity of one system treating one type of wastewater does
not predict removal capacity of that same system treating a different wastewater.
Pollutant loading and pollutant entrapment, conversion, storage, and removal
mechanisms operating in the system must be considered. Designers are advised to
visit several similar systems to their planned system if nutrient removal is an impor-
tant requirement.
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4.1 Ponds and Lagoons

Sufficient information does not exist on the nutrient removal capacity of ponds and
lagoons, except for those treating domestic wastewaters. The main mechanisms for total
nitrogen removal in ponds and lagoons treating domestic wastewaters are storage in
slowly decaying biomass (dead algae) accumulated in benthic zones and ammonia vol-
atilization, although nitrification and nitrification—denitrification also have been identi-
fied as potentially important, especially in mechanically aerated systems. One recent
study using '"N-labeled ammonia found that storage in benthic sludge was the major
removal mechanism for unaerated ponds (Camargo Valero and Mara, 2007). Two simi-
lar models (developed using the same database) for estimating nitrogen removal from
unaerated ponds are the only models found that used more than one system in model
development (Reed et al., 1995; WEF, 2010). The key values in the models are water
temperature, pH, and hydraulic retention time. The lowest hydraulic retention time
of the systems used to generate the models was 42 days, and the ammonia removal in
that system was 46%. There are ponds and lagoons achieving as great as 95% ammo-
nia nitrogen removal. Typical removal is significantly less, however, and long reten-
tion times (months) are required for unaerated ponds to achieve significant ammonia
removal. Aerated ponds can achieve significant ammonia removal with lower hydrau-
lic retention times, depending on the level of oxygen input.

The main mechanism for total phosphorus removal (without chemical addition
for precipitation) for ponds treating domestic wastewater is limited to storage in
slowly decaying biomass (dead algae) accumulated in benthic zones, although phos-
phorus precipitation at algae-induced high pH also has been identified. No mod-
els exist for predicting phosphorus removal from ponds and lagoons. Phosphorus
removal is typically less than 50% in most ponds and lagoons.

The design practices for maximizing nutrient removal in ponds and lagoons
include using multiple basins in series to better capture algal biomass and using a
relatively deep first basin in a series for the storage of influent solids.

4.2 Floating and Submerged Aquatic Plant Systems
Nitrogen and phosphorus removal capacity considerations are discussed separately

for duckweed, water hyacinth, and periphyton systems in the following sections.

4.2.1 Duckweed Systems

Nitrogen can be removed by plant uptake and harvesting, by denitrification, or by a
combination of these. Optimum growth and frequent harvest are required to remove



Aquatic Natural Treatment Systems

nitrogen by plant harvest. The density of plants at the water surface depends on tem-
perature, availability of nutrients, and frequency of harvest. The typical density on
a wastewater pond might range from 1.2 to 3.6 kg/m? (0.25 to 0.75 Ib/sq ft) (Reed
et al., 1995). The optimum growth rate is approximately 0.49 kg/m?-d (0.1 Ib/sq ft-d).
Annual harvest amounts range from 13 to 38 t/ha (5.9 to 17.3 ton/ac), with 22 t/ha (10
ton/ac) dry weight being typical. Assuming that the nitrogen content is 5.9% of dry
matter, 108 kg/ha-mo (96 Ib/ac-mo) of nitrogen can be removed (Hyde et al., 1984).

Plant harvest can result in some limited phosphorus removal. Typically, less than
1 mg/L of phosphorus can be removed from the waste stream. If wastewater phos-
phorus concentrations are small and removal requirements minimal, then harvesting
may be suitable. If significant phosphorus removal is required, however, chemical
precipitation with alum, ferric chloride, or other chemicals used in a separate treat-
ment step may be more cost-effective (Reed et al., 1995). Phosphorus concentrations
in the dry biomass of duckweed grown in wastewater may be approximately 0.6% of
dry weight (Hyde et al., 1984). Using the same growth rates assumed above, approxi-
mately 11.2 kb/ha-mo (10 Ib P/ac-mo) can be removed.

The design of duckweed systems is similar to that of aerated or facultative ponds.
Rectangular ponds with earthen dikes typically are used. Lemna Technologies,
Minneapolis, Minnesota, systems use propriety floating plastic barriers to keep the
duckweed in place. The retention time for the system design depends on influent
quality and effluent requirements. Pond depth can range from 1.5 to 4.5 m (5-15 ft),
and retention times are typically 20 to 30 days. Korner et al. (2003) recommend depths
less than 50 cm (1.6 ft). Table 12.3 summarizes typical design criteria.

Because duckweed effectively can cover and seal the pond surface, reaeration
from the atmosphere is limited, and the pond water column can become anoxic. If
effluent dissolved oxygen levels are specified in the discharge permit, then reaeration
may be necessary.

4.2.2 Water Hyacinth Systems

Biological nitrification—denitrification is the primary mechanism for removing nitro-
gen. Sedimentation removes a portion of the organic nitrogen. Plant uptake and subse-
quent harvest is also a sink for nitrogen, but this is not an effective means of treatment.
Some nitrogen is lost to ammonia volatilization. Nitrification—denitrification occurs
primarily in the root zone. Thus, it is important for wastewater containing various
forms of nitrogen to flow past the water hyacinth roots, where bacteria responsible
for the transformation and removal of nitrogen are located. Nutrient removal data
from the water hyacinth system at San Diego is shown in Table 12.4.
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TaBLE12.3 Typical design criteria and expected effluent quality for duckweed systems.
(Crites and Tchobanoglous, 1998; Water Environment Federation, 2010).

Parameter Unit Value

Design criteria

Facultative or aerated pond effluent
Influent wastewater

BODs loading rate® kg/ha-d 20-30

Detention time d 20-30

Water depth m 1.5-4.5

Harvest schedule Monthly for secondary treatment,

weekly for nutrient removal

Expected secondary effluent quality

BOD; mg/L <30
TSS mg/L <30
N mg/L <15
TP mg/L <6

2kg/ha-d x0.892 =1b/d/ac.

BOD; = five-day biochemical oxygen demand; TN = total nitrogen; TP = total phosphorus;
and TSS = total suspended solids.

TABLE12.4 Nutrient removal performance summary for water hyacinth wastewater
treatment ponds at San Diego, California (Aqua III), from October 1994 through
September 1995 (Western Consortium for Public Health, 1996).

Constituent Pond influent (mg/L) Pond effluent (mg/L) Reduction (%)
NH,-N 21 9.5 55
NO;-N 0.05 1.4 0
TKN 31 13.9 46
Phosphate 5.1 3.4 33

TKN = total Kjeldahl nitrogen.

Adsorption to wastewater solids and plant material, adsorption to organic
matter in the sludge layer, and plant uptake temporally remove phosphorus from
wastewater. In time, most of the adsorbed phosphorus is released back to the water
column. Limited amounts of phosphorus also are removed when routine harvesting
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of water hyacinth plants is practiced. Adsorption to the organic matter in the sludge
layer is the other primary fate of phosphorus remaining in the system. When efflu-
ent limitations on phosphorus exist, phosphorus should be removed in a preap-
plication or posttreatment step because phosphorus removal in water hyacinth and
other constructed wetland treatment systems is limited and often erratic.

Several factors need to be considered to optimize the performance of water hya-
cinth systems for nutrient removal:

¢ Climate—Because water hyacinths are sensitive to cold temperatures, their
use is restricted to Arizona, Texas, Mississippi, Louisiana, Alabama, Georgia,
Florida, and southern portions of California. Combined systems using several
aquatic plants (e.g., duckweed, pennywort, and water hyacinth) may be suit-
able for locations with greater climatic variations.

* Pretreatment—The minimum level of pretreatment should be primary treat-
ment, short retention time aerated ponds with settling, or the equivalent. When
effluent limitations on phosphorus exist, phosphorus should be removed in a
pre- or postapplication treatment step because phosphorus removal in aquatic
treatment systems is limited and inconsistent. Nitrogen removal is limited
similarly unless special design approaches are used, either through pretreat-
ment or within the facility itself.

* Water depth—In nonaerated water hyacinth systems, water depth is impor-
tant for controlling vertical mixing in the pond so that the wastewater being
treated contacts the plant roots, which offer ideal settling conditions and
contain most of the bacteria that accomplish biological treatment. In aerated
water hyacinth systems, greater liquid depths can be used because the aer-
ation devices also serve as airlift pumps that create a circulation flow in the
pond. The added oxygen in aerated systems allows organic loading rates four
times greater than those in nonaerated systems. Typical operating depths
for nonaerated and aerated water hyacinth systems vary from 0.45 to 0.75 m
(1.5-2.5 ft) and 0.1.2 to 1.4 m (4-4.5 ft), respectively.

¢ Growth rate—water hyacinth can grow rapidly and ranks eighth among the
world’s top 10 weeds for growth rate. The growth of water hyacinth is influ-
enced by: (1) efficiency of the plant to use solar energy, (2) nutrient compo-
sition of the water, (3) cultivation methods, and (4) environmental factors
(Stephenson et al., 1980).
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* Harvest—The need to harvest plants depends on water quality objectives,
growth rates of the plants, and the effects of predators such as weevils.
Harvesting aquatic plants maintains a rapidly growing crop with a higher
metabolic uptake of nutrients. For example, frequently harvesting water
hyacinths (e.g., every week) is necessary to achieve enhanced nutrient
removals. Significant phosphorus removal is achieved only with frequent
harvesting.

¢ Step-feed and effluent recycle—Step-feed and effluent recycle may be impor-
tant to optimize the performance of water hyacinth treatment systems.

4.2.3 Periphyton Systems
Most of the nitrogen removal (31-52%) in periphyton systems is through assimila-
tion into algal biomass and subsequent harvesting (Kebede-Westhead et al., 2003).
Measurable reductions in total nitrogen have been observed for a wide range of
wastewater strengths. In municipal wastewater (Table 12.5), an average inflow total
nitrogen of 18.7 mg/L was reduced by 42% to 10.8 mg/L (Craggs et al., 1995). For
treatment of water from a eutrophic lake in Florida, periphyton raceways reduced
labile inorganic nitrogen (NO, + NH,-N) from 0.122 to 0.029 mg/L, but total nitro-
gen showed little difference in inflow and outflow concentrations (influent total
nitrogen = 1.12 mg/L, effluent total nitrogen = 1.08-1.15 mg/L) (DB Environmental
Laboratories, 2000). For dairy wastewater treated by algal systems under different
light and loading conditions, total nitrogen was reduced from 3.77 to 3.10 mg/L at
the low end and 14.79 to 17.43 mg/L at the high end (Kebede-Westhead et al., 2003).
Periphyton can remove phosphorus from water by a combination of filtra-
tion, adsorption, assimilation, and precipitation. Most of the phosphorus removal
is by assimilation into algal biomass or precipitation of inorganic phosphorus.
Precipitation of soluble reactive phosphorus with inorganic elements Ca, Mg, and
Al are known to occur at pH 8.9 to 9.5, depending upon water alkalinity. Several
passive and active periphytic algae-based systems have reported significant phos-
phorus removal rates. A periphyton stormwater treatment area reduced inflow
phosphorus from 0.024 to 0.015 mg/L, which corresponds to a 37% removal (CH2M
HILL, 2003). The S-154 Floway reduced concentrations from 0.333 to 0.258 mg/L
and achieved phosphorus removal rates of 92 g/m?a from an average phosphorus
loading rate of 397 g/m?a (Hydromentia, 2005). The Patterson system achieved an
average reduction of 3.1 to 1.5 mg/L (Craggs, 2001).
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TABLE 12.5 Mean annual influent and effluent concentrations of water quality vari-
ables measured over three years at the Patterson, California, Algal Turf Scrubber
(periphyton system). (Craggs, 2001).

Parameter Influent (mg/L) Effluent (mg/L)
TON 10 6.2
NH,-N 5.8 29
NO;-N 3.9 1.7
TP 3.1 1.5
SRP 22 0.9

SRP = soluble reactive phosphorus; TON = total organic nitrogen; and TP = total phosphorus.

The details of engineering the installation of a periphyton treatment system vary
depending on whether the system can be characterized as active or passive. Active
systems are engineered periphyton treatment floways that require a high level of
operations and maintenance including byproduct harvesting and processing, distri-
bution systems, and pulsed or surged inflow mechanisms. Active systems also have
greater energy requirements. In contrast, passive periphyton treatment systems are
built to require minimal operations and maintenance and are constructed to look rel-
atively natural. They do not require pulsed or surged flows and typically are not
harvested. Several factors need to be considered when using periphyton treatment
systems for nutrient removal:

¢ Climate—Periphyton has a universal distribution and can be found in any nat-
ural aquatic water body throughout the world. Available data, however, indi-
cate that engineered applications may be limited in cold temperate climates.

* Water depth—Pepth is an important consideration in periphyton systems
because shallower depth provides more opportunity for contact between the
algal mat and the water column.

e Harvest (active systems)—The largest mass of nutrients removed from the
water column in a periphyton treatment system is stored in algal biomass.
Harvesting in an active periphyton treatment system is important to max-
imize the exponential growth phase of the algae and nutrient removal.
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Performed manually in pilot-scale systems, harvesting is most efficiently
performed mechanically in full-scale systems. Disposal of algal biomass
remains a key obstacle to greater acceptance of this technology. Algal biosol-
ids can be mixed with hay to add carbon and reduce moisture content and
then composted.

® Proprietary systems—Two companies market proprietary applications of
the engineered periphyton treatment system concept. Hydromentia Inc.,
Ocala, Florida, and Aquafiber, Orlando, Florida. The former holds an indus-
trial license for Algal Turf Scrubbing (ATF) and has developed expanded
ATS systems that have been demonstrated at various locations in Florida
(Hydromentia, 2008).

4.2.4 Free Water Surface Systems

Nutrient removal, especially removal of nitrogen and phosphorus, has always been
and continues to be a major focus of research and development for FWS and other
types of treatment wetlands. Efforts are underway to assess the effectiveness of
treatment wetlands and to summarize information from diverse data sources into
coherent and predictive descriptions of performance. One of the most comprehen-
sive efforts to date to assess the effectiveness of treatment wetlands was the devel-
opment of the North American Treatment Wetland Database (NADB) funded by the
U.S. Environmental Protection Agency (U.S. EPA) (Knight et al., 1993a, 1993b). The
NADB was updated in 1998 (NADB v. 2.0). Kadlec and Knight (1996) have used data
from NADB v. 2.0 to calibrate wetland performance assessment models. The Water
Environment Research Foundation (2006) provides summaries of small-scale wet-
land performance from a database representing 1640 FWS systems from across North
America, all less than or equal to 6 ha in size and with less than or equal to 2000
m?/d flow. These datasets and the models calibrated based on them provide the most
current and robust techniques for estimating nutrient removal capacity and sizing
wetlands.

Numerous biological-mediated transformations of nitrogen occur in FWS wet-
lands, including mineralization/ammonification, nitrification, and plant and micro-
bial uptake, and denitrification (Vymazal, 2007). The low rate of oxygen transfer into
water and sediment and the oxygen demand exerted by microbial and animal respi-
ration maintain anaerobic conditions in wetland sediments. Although deeper layers
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are anoxic in wetland sediments, a thin layer of oxidized soil at the soil-water inter-
face permits oxidized forms of prevailing ions to exist.

The nitrogen removal capacity of FWS wetlands is a function of several factors,
including the forms of nitrogen in the influent, areal mass loading rates, temperature,
and organic loading. Degradation of organic and ammonia forms of nitrogen is typically
oxygen-limited in FWS wetlands. Nitrogen removal from nitrified wastewaters is more
efficient because of the prevalence of anaerobic conditions in wetlands. Denitrification
is the most likely pathway for nitrate loss from wetlands. Rates of nitrate-nitrogen
removal as great as 2.8 gN/m?*d have been reported from southern California wetlands
(Bachand and Horne, 1999). Approximately 18 t (20 tons) of NO;-N per month, mainly
through denitrification, is removed through the 182-m? (450-ac) Prado Basin wetlands
in Southern California (Lund et al., 2000; Reilly et al., 2000). For demonstration wet-
lands treating advanced secondary wastewater in Arizona, Kadlec (2008) determined
that total nitrogen was reduced by approximately 60% from an inflow concentration
between 6 and 8 mg/L. Speciation of the inflow was approximately 25% organic nitro-
gen, 25% ammonium nitrogen, and 50% nitrate nitrogen. Typical outflow concentra-
tions were approximately 1.2 mg/L organic, 0.5 mg/L ammonium, and 0.0 to 2.5 mg/L
nitrate. Other studies indicate that more than 80% of influent nitrate nitrogen maybe
lost to denitrification (Crumpton et al., 1994; Moraghan, 1993).

There are seasonal and diurnal changes in an FWS wetland that affect nitrogen
removal, including temperature fluctuations, daily cycles in photosynthesis, and ice
formation (WEREF, 2006). Table 12.6 summarizes mean removal values of total nitro-
gen in FWS wetlands.

TABLE 12.6 Mean values for total nitrogen removal in free water surface treatment
wetlands.

C;, (mg/L) Cout (mg/L) Efficiency (%) N Source

14.3 8.4 41.2 85 Vymazal, 2007, 2001

16.9 11.0 34 NA® Crites et al., 2006 (secondary
effluent source)

19.1 8.9 53 NA Crites et al., 2006 (primary effluent
source)

9.7 4.5 53 44 Knight et al.,1993; Kadlec and

Knight, 1996

2 NA = not available.
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The ultimate sink for phosphorus removed in an FWS wetland is the sediments,
primarily through the accumulation of recalcitrant fractions of wetland plants (Craft
and Richardson, 1993; Kadlec, 1994). Sorption, plant uptake, and precipitation are
saturable sinks, whereas peat and soil accumulation of phosphorus is not saturable
(Vymazal, 2007). Short-lived organisms with a rapid turnover take up and accumu-
late phosphorus in a short-term, partly reversible cycle, returning a fraction of the
phosphorus to the sediment with a period of days to weeks (International Water
Association [IWA], 2000). The annual cycle of growth and renewal in larger plants
such as cattail and bulrush occurs over a longer period of months to years. Detrital
accumulations from both processes contribute to the long-term storage in wetland
sediments. Phosphorus in particulate matter is trapped by physical sedimentation
in the wetland environment. Biological influence on water column chemistry can
increase phosphorus accumulation, such as algae-driven precipitation of phosphorus
with calcium.

The net accumulation of organic and inorganic sediment is approximately 1 to 10
mm/a (Kadlec and Knight, 1996; Reddy et al., 1991). Removal rates of phosphorus by
sediment accretion are a function of phosphorus loading, wetland size, climate, and
vegetation type (WERF, 2006). Surface flow wetlands provide sustainable removal
of phosphorus but at relatively low rates IWA, 2000). Based on a review of the lit-
erature, Vymazal (2001) suggested a mean removal rate of approximately 1 g/m?a
(Reddy et al., 2005; WERF, 2006). Crites et al. (2006) suggest that phosphorus con-
centrations seldom will be reduced by more than 1 to 3 mg/L in SFW systems with
hydraulic retention times of 5 to 10 days. Very low loading rates may result in dis-
charge of background concentrations, and very high loadings result in essentially no
net removal (Kadlec, 1999; WERF, 2006).

As a first approximation of phosphorus removal performance in wetlands, a
best-fit regression of inflow-outflow phosphorus reduction in marshes is provided
by IWA (2000):

C, = 0.1957 053C, 091 (12.3)

Where,
C, = outflow concentration, mg/L;
C; = inflow concentration, mg/L;
g = hydraulic application rate, cm/d;
r?=0.77;
N =373;



Aquatic Natural Treatment Systems 611

TABLE 12.7 Mean values for total phosphorus removal in free water surface
treatment wetlands.

C,, (mg/L) Coue (mg/L) Efficiency (%) N Source

4.2 2.15 48.8 85 Vymazal, 2007, 2001
5.0 24 46 10 Crites et al., 2006
3.8 1.6 57 44 Knight et al., 1993; Kadlec and

Knight, 1996

0.02 < C;<20mg/L;
0.009 < C, <20 mg/L; and
0.1 <q,,<33cm/d.

Background levels of phosphorus are an important but variable quantity consid-
ered to range between 10 and 50 ug/L (IWA, 2000). The importance of this quantity
on wetland phosphorus performance is evident only when outlet concentrations are
within this range. The first-order rate constant for nonforested wetlands averages 10
m/a, and 3 m/a for forested wetlands (IWA, 2000; Kadlec and Knight, 1996).

Seasonal and temperature effects have not been shown to be significant fac-
tors in projections of annual performance. Start-up effects of sorption and biomass
growth enhance phosphorus assimilation, and leaching from accumulated materials
can decrease apparent assimilation (IWA, 2000). These short-term startup effects may
take one to four years to disappear (Kadlec and Knight, 1996). Table 12.7 provides a
summary of mean removal rates for phosphorus in FWS treatment wetlands.

Most wetlands are more autotrophic than heterotrophic, resulting in a net sur-
plus of fixed carbonaceous material that is buried as peat or is exported downstream
to the next system (Mitsch and Gosselink, 1993). This net production results in an
internal release of particulate and dissolved biomass to the wetland water column,
which is measured as nonzero levels of BOD, TSS, total nitrogen, and total phospho-
rus. Enriched wetland ecosystems such as wetlands used to treat wastewater are
likely to produce higher background concentrations than oligotrophic wetlands. This
is because of the larger biogeochemical cycles that result from the addition of nutri-
ents and organic carbon. Wetland systems typically have background concentrations
within the following ranges (Kadlec and Knight, 1996):

* Organic and total nitrogen: 1 to 3 mg/L;

* Ammonium-nitrogen: less than 0.1 mg/L;



612

Nutrient Removal

TABLE 12.8 Background concentrations in small-scale free water surface wetlands.
(Water Environment Research Foundation, 2006).

Background Background Background
Parameter concentration, C*, concentration, C*, concentration, C*,
50th percentile 75th percentile 90th percentile
TKN 1mg/L 2mg/L 5mg/L
TP 0 mg/L (nondetect) 1 mg/L 3mg/L

(TKN = total Kjeldahl nitrogen and TP = total phosphorus.)

e Nitrate-nitrogen: less than 0.1 mg/L; and

e Total phosphorus: less than 0.1 mg/L.

These background concentrations of pollutants leaving lightly loaded constructed

treatment wetlands are generated from internal processes and are not the residual

pollutants contained in the treated effluent that was put into the wetland. Table 12.8

shows the range in background concentrations observed in small-scale treatment

wetlands.

Several fundamentals are critical to meeting design discharge criteria for nutri-
ents in wetland systems (Kadlec and Knight, 1996; WERF, 2006):

6Y)

2

3)

4)

%)

(6)

Accurately estimating the influent flows and loads to the treatment
wetland.

Estimating wetland performance and the area and volume required to meet
the most limiting treatment goal.

Estimating the overall system water balance, including effects of evapotrans-
piration, infiltration, and precipitation.

Controlling water flows and hydraulic efficiencies to attain levels of per-
formance at least as high as the performance of the systems used to derive
empirical rate constants.

Creating and maintaining physical, chemical, and biological wetland system
components necessary to achieve normal pollutant processing rates.

Not removing wetland vegetation to maximize nutrient removal, which
typically is not recommended because the mass removed is not significant
compared with mass loading (Brix, 1994; Vymazal, 2001; WERF, 2006).
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Many other issues are also important in design and operation of treatment wet-
lands. These include conventional civil engineering design criteria for dikes and
levees, water control structures, and soil compaction and grading; mechanical design
details for flow measurement devices; and architectural /landscape design details for
operator and public access. There are also many construction and operation issues
that are of importance in treatment wetlands. These related issues include clearing
and grubbing requirements, plant selection and plant maintenance techniques, water
level control, avoidance of nuisance conditions from mosquitoes, operator and pub-
lic safety, and wildlife management. Several sources provide more detailed infor-
mation on these aspects of treatment wetland technology (Arizona Department of
Environmental Quality, 1995; IWA, 2000; Kadlec and Knight, 1996; Reed et al., 1995;
U.S. EPA, 2000; WEF, 2010).

“Nutrient farming,” or the use of large-scale riparian wetlands for treatment, has
been proposed as a means of providing nutrient treatment for very large cities such
as Chicago (WERF, 2005). Annual costs per ton of total nitrogen or total phosphorus
treated would be approximately 51% to 63% less for the wetland alternative, and 76%
to 78% less if surplus nutrient credits can be sold.

An important initial consideration that drives design is the extent of nitrification
in the influent water. Wastewaters that are high in organic and ammonia nitrogen
will be difficult to treat unless systems are lightly loaded, as these systems are typi-
cally dissolved oxygen-limited (WERF, 2006). The most important factors affecting
TKN removal (organic and ammonia nitrogen) are mass loading rates, temperature,
and oxygen transfer (WERF, 2006).

When dealing with fully nitrified effluents, denitrification becomes the focus,
and temperature and the availability of organic carbon are the key factors (WERF,
2006). Denitrification rates are affected by the availability and quality of the carbon
source, which is primarily decaying wetland vegetation. To avoid carbon limitations
on denitrification rates, C:N ratios should be at least 5:1 (Baker, 1998). The availabil-
ity of carbon varies by type of wetland plant. Floating plants typically have lower
lignin content than emergent plants (Hume et al., 2002). Oxygen will be used pref-
erentially by microorganisms to degrade organic matter. Therefore, the total organic
load (wastewater plus internal cycling within the wetland) determines how much
dissolved oxygen remains for oxidation of nitrogen (WERF, 2006).

All biological processes are slow in response to colder temperatures. Wetland
plants become dormant in the fall, and production of new plant biomass stops
when temperatures fall below freezing. Removal of the BOD;, TSS, metals, and total
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phosphorus is not significantly affected by the cold temperatures that exist in treat-
ment wetlands covered by ice and snow. The vegetative cover of treatment wetlands
helps to trap an insulating layer of snow that is typically deeper than actual snow-
fall because of retention and capture of blowing snow (Kadlec and Knight, 1996).
Successful operation of an SFW has been documented under 2 m of snow in the Alps
(Kadlec and Knight, 1996; Navarra, 1992). Water flowing under the ice will have tem-
peratures a few degrees above freezing because of the insulating quality of the snow
and the air gap below the ice surface and from latent heat from the earth. Although
most of the microbial nitrogen transformation processes are slowed, some nitrogen
reduction continues.

The potential for phosphorus removal in FWS wetlands is limited, and con-
servative design is imperative. To achieve low effluent concentrations, loading
rates should be less than 1 kg/ha-d (WERF, 2006). There are several specific design
considerations:

(1) If phosphorus levels are elevated in sediments used to construct wetlands,
there may be net release of phosphorus rather than removal.

(2) Physical disturbance of accumulated sediments or draining and reflooding
wetland areas may lead to phosphorus release.

(3)  Because the retention of phosphorus relies on accretion of sediments, long-
term system performance depends on having sufficient freeboard.

(4) Lower limits of phosphorus removal are defined by local geology.

4.2.5 Subsurface Flow Constructed Wetlands

As described in Section 1.3.1, SSF systems behave as attached-growth (or fixed-film)
biological reactors. Organic nitrogen trapped within the bed will undergo ammonifi-
cation. The released ammonia may be available for plant uptake depending upon the
location of the plant roots. Flow below the plant roots will carry ammonium down-
stream. Plant uptake of nitrogen is low compared to typical nitrogen loading to SSF
systems (uptake = 0.03 to 0.3 gN/m?d). Nitrogen and phosphorus removal by plant
uptake will vary with time. This is because most of the removal occurs during rapid
plant growth and a release or no removal is likely during senescence. Therefore,
unless nutrient removal standards for an SSF system also are variable and synchro-
nous with plant uptake and release, the presence of plants may be more harmful than
helpful. Finally, it is unlikely that the nutrient removal obtained by harvesting is
worth the considerable time and labor required.
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Several conventional SSF systems have been designed, built, and operated to
remove ammonia from wastewaters. Although some degree of ammonia removal
has been achieved in several systems, removal rates have been less than predicted
(George et al., 2000; WERF, 2000; Young et al., 2000). The primary mechanism of
ammonia removal is nitrification, but plant uptake may also be important during
the startup of an SSF system or in harvested systems. Nitrification rates slow down
significantly as water temperatures approach freezing. An offsetting factor, how-
ever, is that dissolved oxygen levels increase as water temperatures drop. Ammonia
removal appears to be severely oxygen-limited in conventional SSF systems because
removal at colder water temperatures is often as good as or better than removal at
higher temperatures. The U.S. EPA (2000) summarized an analysis of the capacity
of conventional SSF systems to remove TKN from septic tank and primary efflu-
ent. The TKN removal performance was found to be poor and highly variable
(Figure 12.4). The conclusion was that conventional SSF systems should not be used
alone to treat septic tank and primary effluents if significant ammonia removal is

45.00 -
40.00 .
*
35.00 - . .
= " ¢ : ¢
_, 30.00 . - ., . MRS
> o8 o . s TTU1
S 25.00 4 s a3 . . = TTU2
S . B, UNL
Z'* * . P x CU
< 20.00 4 LN x NADB
i
15.00 - -
o s
1000 848 x
:‘SQ x
5004 ¢ *
*e *
X X
000 T T T T T T 1
0.00 2.00 4.00 6.00 8.00 10.00 12.00 14.00

TKN Areal Loading Rate, g/m2-d
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consistently required. Significantly less data is available on the TKN removal of SSFs
treating a pond or lagoon effluent. Two studies, however, found the TKN removal
to be negligible in both systems (Batchelor and Loots, 1997; U.S. EPA, 2000). In con-
ventional SSF systems, significant and reliable ammonia removal is achieved only at
very low loading rates, often rendering the process too costly compared with other
alternatives.

Alternative SSF systems likely will be more effective in ammonia removal via
nitrification because of better oxygen transfer. Several alternative SSF systems already
have demonstrated a higher capacity for ammonia removal than conventional SSF
systems (Behrends et al., 1996; George et al., 2000; May et al., 1990). Also, unsaturated
vertical flow wetlands have demonstrated significant ammonia removal capacity
(Vymazal, 2007).

Although conventional SSF systems seem well suited for denitrification of a
nitrified effluent, there are relatively few studies of their potential for this purpose
(Gersberg et al., 1983; WERF, 2000; Stengel and Schultz-Hock, 1989). The conclusion
from these studies is that conventional SSF systems treating well-oxidized second-
ary effluents or other carbon-limited wastewaters have inadequate carbon for rapid
and complete denitrification. Conventional SSF systems, which achieve some level
of nitrification treating a higher strength wastewater, such as septic tank or primary
effluent, also typically achieve a high degree of denitrification of the nitrate (George
et al., 2000; Young et al., 2000).

The net removal of phosphorus from SSF systems typically relies on accumula-
tion of slowly decaying biomass and on chemical precipitation and adsorption on
the media. Phosphorus loading to these systems is typically large relative to plant
uptake. Reliable, sustained removal by harvesting of plants before senescence does
not provide significant removal. The long-term capacity of the media for phosphorus
adsorption typically is limited.

Although phosphorus is partially removed, SSF systems treating septic tank and
primary effluents are not very effective or reliable for long-term phosphorus removal
(Figure 12.5) (U.S. EPA, 2000). Phosphorus data shown in Figure 12.5 are from SSF
systems that are relatively new, when phosphorus precipitation and absorption
capacity of the media typically would be at its greatest. As is the case for nitrogen,
there is considerably less available data on the phosphorus removal of SSFs treating
a pond or lagoon effluent; however, one study found the phosphorus removal to be
negligible (U.S. EPA, 2000).
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Design practices for maximizing nitrogen removal in SSFs include better aeration
by the use of either unsaturated vertical flow wetlands or alternating draining and
filling operation.

4.2.6 Combination Systems

A sequence of treatment systems creates stages of chemical reactions and condi-
tioning of pollutant content suitable for processing by different systems. A common
design approach is to have FWS wetlands downstream from pond- or lagoon-based
systems. Treatment-train approaches have been used effectively to exploit the
strengths of different systems to achieve greater levels of total nitrogen removal. For
example, pulsed vertical flow treatment wetlands followed by FWS wetlands achieve
good nitrification and denitrification (Vymazal, 2007). For nutrient removal systems
designed to achieve very low levels to protect the Everglades, treatment trains may
include FWS to SAV to periphyton systems or floating aquatic vegetation to periph-
yton systems.
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